
Sorption and Biodegradation of Organic Solutes
Undergoing Transport in Laboratory-scale

and Field-scale Heterogeneous Porous Media.

Item Type Dissertation-Reproduction (electronic); text

Authors Piatt, Joseph John,1966-

Publisher The University of Arizona.

Rights Copyright © is held by the author. Digital access to this material
is made possible by the University Libraries, University of Arizona.
Further transmission, reproduction or presentation (such as
public display or performance) of protected items is prohibited
except with permission of the author.

Download date 24/05/2023 21:22:06

Link to Item http://hdl.handle.net/10150/191215

http://hdl.handle.net/10150/191215


SORPTION AND BIODEGRADATION OF ORGANIC SOLUTES

UNDERGOING TRANSPORT IN LABORATORY-SCALE AND FIELD-SCALE

HETEROGENEOUS POROUS MEDIA

by

Joseph John Piatt

A Dissertation Submitted to the Faculty of the

DEPARTMENT OF SOIL, WATER AND ENVIRONMENTAL SCIENCE

In Partial Fulfillment of the Requirements
For the Degree of

DOCTOR OF PHILOSOPHY
WITH A MAJOR IN SOIL AND WATER SCIENCE

In the Graduate College

THE UNIVERSITY OF ARIZONA

1997



2

THE UNIVERSITY OF ARIZONA &
GRADUATE COLLEGE

As members of the Final Examination Committee, we certify that we have

read the dissertation prepared by  Joseph John Piatt 

entitled  Sorption and biodegradation of organic solutes 

undergoing transport in laboratory-scale and field-scale 

heterogeneous porous media

and recommend that it be accepted as fulfilling the dissertation

requirement for the Degree of Doctor of Philosophy 

,

t3,4_tivIA_LAA, 
Date

Date            

Final approval and acceptance of this dissertation is contingent upon
the candidate's submission of the final copy of the dissertation to the
Graduate College.

I hereby certify that I have read this dissertation prepared under my
direction and recommend that it be accepted as fulfilling the dissertation
requirement.

	0	 (14/7	„.., 	 71,2 IS 12/1) 	f
	Dissertation Director	 Date

Mark L. Brusseau



STATEMENT BY AUTHOR

This dissertation has been submitted in partial fulfillment of requirements for an
advanced degree at The University of Arizona and is deposited in the University Library
to be made available to borrowers under the rules of the Library.

Brief quotations from this dissertation are allowable without special permission,
provided that accurate acknowledgement of source is made. Requests for permission for
extended quotation from or reproduction of this manuscript in whole or in part may be
granted by the head of the major department or the Dean of the Graduate College when
in his or her judgement the proposed use of the material is in the interests of scholarship.
In all other instances, however, permission must be obtained from the author.

3

SIGNED:



4

ACKNOWLEDGEMENTS

The completion of this dissertation would not have been possible without the
guidance and support of many people. I would especially like to thank my committee for
their time, their insights and their encouragement: Mark L. Brusseau, Raina M. Miller,
Janick F. Artiola, Jeanne E. Pemberton, and S. Scott Saavedra. It was a pleasure to be
among Mark's first students and see the group grow, and grow, and grow! Mark provided
excellent guidance in experimental setup and data interpretation as well as technical
writing. His breadth of knowledge of the literature always astounded me. I appreciate
your support over the years (and years) it took to finish this work. Raina opened my eyes
to the wonderful, and complex, world of environmental microbiology. She gave excellent
scientific and personal guidance. Her candor was welcome. Janick offered great insights
into some of the more practical problems and solutions regarding environmental sample
collection, preparation, and analysis as well as needed expertise in keeping
instrumentation running properly. Jeanne Pemberton and Scott Saavedra of the Chemistry
Department helped deepen my understanding of basic, and not so basic, chemical
principles and analysis. They generously provided advice regarding the application of
analytical chemistry techniques to the field of environmental chemistry.

Special thanks to Candida West of the USEPA, Robert S. Kerr Environmental
Labs in Ada, OK for providing the Sleeping Bear soils used in the first study of this
dissertation.

Many thanks to the staff and faculty of the Department of Soil, Water and
Environmental Science. You are a quality collection of people which made my stay in the
department enjoyable.

The graduate experience would not be bearable without the support and friendship
of my fellow graduate students, both within and outside of my research group and
department. The long hours and frustrations inherent in doing research were made more
enjoyable with your presence. I would especially like to remember those with whom I
started out my studies, Mike Milczarek, Qinhong Hu, Jarka Popovicova, Xiaojiang Wang,
and those with whom I had a chance to work with, Bill Blanford, Ken Bryan, Brent Cain,
Kalpana Gupta, Gwynn Johnson, John McCray, Nicole Nelson, Denise Putz, John Rohr,
Jiann-Ming Wang and Wei Zi Wang. Thank you for your friendship.

Most importantly, I thank my wife Traci for her support and patience during this,
often arduous, process. The long hours and preoccupation with my studies made home
life unpredictable and difficult at times. I also thank, Kelli, my daughter, who at the age
of two already knows the words "Daddy's going to lab" all too well. The world is good
when I am with them. I am also indebted to my family for their constant love and support
(Mom, Dad, Mary&Jim, Jim&Ann, Barb, Bobby, Joan, Jill, Johnny, Heidi, Alie, Sadie,
Dottie, Bob, Suzanne&Nikhil, and Nathan). Thanks again to Mom and Dad H. for
spoiling Kelli during a critical time. Special thanks to Mark and Jessica and Gary and
Marie for being there for us when we were in over our heads. You are true friends.



dedicated to my parents...

John and Dorothy Piatt

...my first teachers

5



TABLE OF CONTENTS

ABSTRACT 	  7

CHAPTER 1: INTRODUCTION

Explanation of Dissertation Format 	  9

Research Problem 	  11

CHAPTER 2: LITERATURE REVIEWS

Rate-Limited Sorption of Hydrophobic Organic Compounds
by Well-Characterized Soil Organic Matter 	  13

Introduction 	  13
Structure and composition of soil organic matter 	  16
Modeling the sorption of organics by soil organic matter .   18
Summary 	  29

The Effect of Residence Time and Scale on the Transport
of a Biodegradable Organic Solute 	  30

Introduction 	  30
Basic science 	  31
Verifying in-situ biodegradation 	  35
Laboratory-scale studies 	  37
Field and in-situ microcosm studies 	  39
Modeling biodegradation 	  45
Technology transfer 	  50
Biodegradation pathways of aromatic organic compounds   53

CHAPTER 3: PRESENT STUDY

Summary 	 56

APPENDIX A 	 60

APPENDIX B 	 99

REFERENCES 	  147

6



7

ABSTRACT

The first study focused on the magnitude and rate of sorption of hydrophobic organic

compounds by two, well-characterized soils. The composition of organic matter had a

small effect on the magnitude of the organic carbon normalized equilibrium distribution

coefficients. The sorbates sorbed more strongly to the humic-coated soil, most likely due

to the organic matter's less polar nature as compared to the fulvic material. The molecular

solute descriptor, 'X", performed slightly better than the empirical solute descriptor, K.,

in evaluating equilibrium sorption coefficients. Thus, sorbate structure may have a

secondary influence on the overall magnitude of equilibrium sorption.

Sorbate structure exhibited a greater influence on sorption kinetics than on sorption

equilibrium. Distinct differences in the magnitudes of mass transfer coefficients for the

humic and fulvic soils were observed when relating them to the molecular solute

descriptor, IX". The differences in mass transfer coefficients were attributed to both

sorbate structure and the quantity and morphology of soil organic matter. The intrasorbent

diffusion coefficients were believed to be the same for both the humic and fulvic material.

The second study focused on using a biodegradable solute to measure processes

that affect in-situ biodegradation during well-controlled field and laboratory experiments.

Specifically, this study investigated how residence time and scale influence the extent and

rate of in-situ biodegradation of an organic solute undergoing transport. The transport of

the biodegradable solute was compared to that of bromide and/or pentafluorobenzoic acid,

which are conservative, non-degradable tracers. Laboratory experiments were conducted

to simulate both the flow velocity and residence time conditions existent in the field.
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Mass recovery the biodegradable solute decreased as the residence time increased, ranging

from 14 to 95 percent for the field sites. Mass recoveries in the laboratory experiments

were approximately 30% to 40 % less than in the field experiments. The first-order

biodegradation rate constants did not vary with residence time for either field site. In

addition, the average rate constant value for both field sites was very similar (0.21 d-').
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CHAPTER I: INTRODUCTION

Explanation of Dissertation Format

This dissertation consists of two manuscripts, added as appendices A and B, that

will be submitted to peer-reviewed journals for publication. Detailed literature reviews for

the two studies are provided in Chapter 2.

I was responsible for designing and performing all the experiments for the study

in Appendix A, including data analysis and write-ups.

The study in Appendix B was a combination of field work conducted at two

different Superfund sites (TIAA and Hill AFB) and complimentary laboratory

experiments. I was present during the field biotracer experiments, as well as other field

tracer experiments, to help with sampling and associated field tasks. I performed all the

sample analysis. The pumping systems and groundwater sampling networks were set up

by other students in our research group. I planned and conducted all the laboratory

experiments for the study in Appendix B.

Jiann-Ming Wang, a Ph.D. candidate in Brusseau's research group, performed

batch biodegradation studies using benzoate and the TIAA Superfund site soil. Dr. M.Q.

Hu, a post-doc in Brusseau's research group, performed miscible displacement

biodegradation experiments using organic solutes and the Hill AFB Superfund site soil.

This work, along with other field data I have analyzed, will be presented in a third

manuscript not included in this dissertation.
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It should also be noted that my advisor, Dr. Mark L. Brusseau, provided much

guidance in the conceptual design of the experiments and critical review of the

manuscripts.
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Research Problem

Remediation of ground water and soil contaminated with organic contaminants

continues to be a national priority. Knowledge of the processes that affect the fate and

transport of these contaminants is essential in assessing exposure risks and engineering

safe and effective clean-ups. Sorption and biodegradation are two such processes which

play major roles in the transport behavior of organic contaminants. Sorption of

contaminants to aquifer material retards their movement through subsurface systems. This

retardation is exacerbated by slow sorption/desorption kinetics which is manifested in

extended tailing of break-through-curves. This results in increased times and costs for

aquifer clean-up standards to be met. In the first study, the role of solute molecular

structure is studied in reference to how it affects sorption kinetics in well-characterized

soil organic matter. Knowing the mechanism of slow sorption/desorption kinetics is key

to formulating options to minimize its effects on transport behavior.

Biodegradation of contaminants results in transformation of the compounds to

intermediate metabolites or mineralization to carbon dioxide or methane and water. In situ

biodegradation relies on the ability of indigenous microflora to produce the necessary

enzymes to transform or mineralize anthropogenic chemicals. From a transport

perspective, this results in an overall mass loss in the system. In the second study, well-

controlled field and laboratory experiments using biodegradable solutes were used to

assess processes which effect biodegradation of organic solutes in the swept zone of an

aquifer. The effect of scale and residence time on the extent and rates of biodegradation
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was studied. Field experiments were conducted at two different sites. Complimentary

laboratory column studies were conducted using aquifer material cored from the field.
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CHAPTER 2: LITERATUREERATURE REVIEW

Rate-Limited Sorption of Hydrophobic Organic Compounds

by Well-Characterized Soil Organic Matter

Introduction

Rate-limited sorption and desorption of low-polarity, nonionic, hydrophobic

organic contaminants to natural sorbents has been the focus of many recent studies

(Karickhoff and Morris 1985; Coats and Elzerman 1986; Wu and Gschwend 1986; Lee

et al. 1988; Brusseau and Rao 1989a; Pignatello 1989; Ball and Roberts 1991b; Young

and Ball 1994). The rate at which sorbates are transported through porous media has

direct implications for the remediation of contaminated groundwater and soil. Surfaces

mediate the fate and transport of organic chemicals in the environment. These surfaces

include riverine, esturarine, and lake sediments, terrestrial surface and subsurface soils,

aerosols and airborne particulates, and submicron sized particles called colloids which

exist in surface water and ground water systems. In subsurface systems, the transport,

fate, and subsequent remediation of contaminated soils are controlled by many coupled

physical, biological, and chemical processes (Mackay et al. 1985; Mackay and Cherry

1989; Brusseau and Rao 1989a). These processes occur simultaneously, which makes it

difficult to isolate the importance of any given process at the field scale. Aquifer

heterogeneities, such as aggregates, macropores, fractures, and clay lenses, affect the
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physical processes of advection and dispersion. This results in spatially variable hydraulic

conductivities and dispersivities. Biological processes affecting solute transport involve

the transformation or mineralization of chemicals to metabolites which can be more or

less toxic than the parent compound. Chemical processes affecting solute transport are

spatially variable sorption coefficients imposed by changes in mineralogy and changes in

both the composition and amount of soil organic matter (SOM). This review focuses on

the sorption of organic chemicals to soils and, specifically, what role SOM plays in this

process. Several proposed models for organic matter/solute interactions are reviewed to

define this interfacial solid/aqueous surface system in an effort to determine what, if any,

surface science techniques may be applicable to studying these systems on a molecular

scale.

Predicting the rate and extent of sorption of organic chemicals to soil and SOM

has received much attention over the past few decades. Sorption behavior is characterized

by experimental determination of sorption isotherms. Sorption isotherms give information

regarding the interaction forces between the sorbent and sorbate. These interactions have

been categorized into two general sorptive mechanisms: adsorption and partitioning.

Adsorption is characterized by large heats of sorption, competitive binding, and non-linear

Freundlich or Langmuir shaped isotherms (Zielke et al. 1989). The bonding forces

involved are believed to be H-bonding and acid/base-type electrostatic interactions.

Adsorptive interactions occur for metals or ionic organic compounds to mineral/oxide

surfaces or surfaces with low organic matter contents. Partitioning is characterized by low

heats of sorption, non-competitive binding, small temperature effects, and linear sorption
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over large aqueous concentration ranges, even up to the solutes aqueous solubility (Chiou

et al. 1979). The bonding forces involved are weak, low-energy, dispersive and van der

Waal's forces; generally called hydrophobic forces. Partitioning phenomena predominate

for nonionic organic chemicals sorbed to soils with appreciable amounts of organic matter

(foc> 0.1%) (Schwarzenbach and Westall 1981), but have also been observed for aquifer

solids with foo< 0.1% (Ball and Roberts 199 1a; Piatt et al. 1996).
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Structure and Composition of Soil Organic Matter

A major fraction of soil organic matter is composed of humic substances which

are a class of biogenic, high molecular weight, polydisperse, acidic, refractory, yellow to

black organic substances resulting from the decay of plant, animal, and biological material

(Aiken et al. 1985). As such, humic substances are ubiquitous throughout the environment

and are classified operationally on the basis of their solubilities in aqueous acids and

bases. Humic acids are that fraction of humic substances which precipitate out at pH <

2. Fulvic acids are that fraction of humic substances that are soluble under all pH

conditions. Humin is that fraction of humic material which is not soluble in water at any

pH value. Humic acids contain about 54-59% C, 33-38% 0, 3-6% H, 1-4% N, 0.1-2%

S. Fulvic acids contain about 41-51% C, 40-50% 0, 4-7% H, 1-3% N, 0.1-4% S

(Choudhry 1984). The greater oxygen content of fulvic acid makes it a more polar and

water soluble substance as compared to humic acid.

The sizes and shapes of humic acids have been investigated using several

techniques. Using ultracentrifugation, humic substances were measured to have weights

ranging from 2000 to over 100,000 daltons and radii ranging from 40 to over 100 A

(Swift, 1989). Using viscometry, humic substances were measured to have weights

ranging from 700 to 200,000 daltons (Clapp et al., 1989). Scattering techniques have been

used to measure radii of gyration for fulvic acids (4-8 A) and humic acids (8-15 A)

(Wershaw, 1989). More recently, multi-angle laser light scattering was used to measure

the molar mass (20,000 g/mol) and radii (30 nm) of unfractionated Suwannee River
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organic matter (Wagoner and Christman, 1997). Fluorescence depolarization was used to

measure the molar volume of a fulvic acid in a non-hydrated (2900 cm') and hydrated

(4100 cm') environments, indicating that fulvic acid can bind significant amounts of water

(Senesi, 1990). Thus, the values of mass and size for humic substances will vary

depending on the measurement technique used. In general, fulvic acids have a smaller

molecular masses and radii than humic acids.

Humic substances are aromatic and aliphatic in nature and contain many different

types of functional groups including carboxyls (4-6 meq/g), ketonic carbonyls (2-4

meq/g), alcoholic (7 to 9 meq/g), phenolic OH groups (1 to 3 meq/g), and ester groups

(1 to 3 meq/g) (Malcolm, 1990). The total acidity of fulvic acids (6-14 meq/g) is

approximately twice that of humic acids (5-9 meq/g). Recent studies using IR-FT and "C-

NMR have shown fulvic acid to contain more aliphatic than aromatic moieties and

contain more carboxylic acid groups than humic acid (Ricca and Severini, 1993).

Structural units similar to polymaleic acid may be present in the fulvic acid. Atomic ratios

and functional group content have been used to propose structures of humic acids as

large, branched, polyelectrolytic, aromatic, saturated and unsaturated macromolecules

(Schnitzer, 1990). Precursors to humic substances are believed to be lignin and tannin

(aromatic component) and cellulose and hemi-cellulose (aliphatic component) (Sposito,

1989). However, there is no way to definitively determine a structure for humic materials

because they are source and climate dependent.
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Modeling the Sorption of Organics by Soil Organic Matter

Several equilibrium models of how soil organic matter interacts with organic

chemicals have been developed. The octanol/water analogue was the first and most

common model developed. This model assumes that the partitioning of organic chemicals

between water and SOM is like partitioning of organic chemicals between water and

octanol. Thus, SOM is likened to an "oil" phase and, as such, it is assumed that all SOM

has equivalent properties regardless of the source (Chiou 1989). Octanol/water partitioning

is quantified using solution theory for a two phase mixture:

log 'Co, = -logSw - log *V0 - log *yo - log(ywryw)

where K„„, (Co/Cw) is the octanol/water partition coefficient, S w is the molar water

solubility of the solute as a supercooled liquid (mole/L),
 *\J

 the molar volume of the

water-saturated organic phase (L/mole), *yo is the solute activity coefficient in the water-

saturated organic phase, yw is the solute activity coefficient in water, and *yw is the solute

activity coefficient in the solvent-saturated water phase. The ratio ywryw corrects for

enhanced solubility of the solute in water due to the presence of the organic solvent.

However, this correction is only important for extremely insoluble chemicals (-logS w >

5). The aqueous solubility (S w) and yw have a greater effect on Kow than *yo for sparingly

soluble nonionic organic chemicals because they prefer to be in an "organic" phase. Thus,

the above two-phase solution equation simplifies to

log Kow = -logSw - log *Vo

Note that the log Kow is inversely proportional to log S.
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Because sorption is highly correlated to organic matter content (f.,) the sorption

coefficient (Kd) was normalized to organic carbon content (K..): K  Kd/f0,. Thus, the

sorption coefficient of hydrophobic organic chemicals (HOC) to soils was correlated to

S„, and K.,,, (Hassett and Banwart 1989). As a result of the K0 /K0  correlation, linear free

energy relationships (LFER) were developed of the form: logKo, = mlogK. + b and

logKo, = mlogS, + b. These relationships allowed the determination of K., to within a

factor of 2 to 10 at best, probably due to the fact that K., and S bulk descriptors of

a solute/solvent mixture, and not of the solute itself.

The most commonly accepted thermodynamic description of solute/SOM

interactions came in the form of the Flory-Huggins theory (Chiou et al. 1983; Chin et al.

1991; Chin and Weber 1989). This theory was developed to model dilute solute

interactions in amorphous synthetic polymers. The model equations describe the solution

thermodynamics:

ln(a) = ln(x ty.) = ln() + 4) p *(1 V/Vp) + x(4) p)2

where x is the mole fraction of solute in water-saturated polymer, a is the activity of the

solute in the polymer, 4) is the volume fraction of solute, 4) p is the volume fraction of the

polymer, V is the molar volume of the solute, Vp is the average molar volume of the

polymer, and x is the Flory-Huggins interaction parameter. The Flory-Huggins interaction

parameter is defined as X= Xs ± XH = XS + (VaT)(13 - 8p) 2 where 5 is the solute solubility

parameter as in the gel partition model. The Flory-Huggins interaction parameter is the

sum of the excess enthalpic (H) and entropie (S) contributions of the solute/polymer

interaction. The enthalpic term accounts for compatibility of the solute with the polymer.
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Note that

x = n/(n + n p) — n/n p

(I) = nV/(nV + n pVp) .-- nV/n pV p

Therefore, substitution of these simplifying equations into the Flory-Huggins equation

yields:

ln(*yo) = mV - In*V p + Op* ( l Vi*Vp) ± X(C4)2

You can also assume that *Vp = *V0 (polymeric phase equivalent to organic phase), (0 p ..'.

1 (humic macromolecules are much larger than solutes), ywry,,,, .-,-; 1 (very little polymer

can dissolve in water), and V/V p << 1 (humic macromolecules much larger than solutes).

Thus,

ln(*yo) = mV - 1nVp + x

Substituting this equation into the two phase mixture equation from the octanol/water

theory yields:

logKom = -logSV - logp - (111)/2.303

where p is the density of organic matter. Note that x = Xs for nonionic chemicals with

negligible heats of interaction. This model worked well at predicting the sorption of

HOCs to natural soils. This model also revealed that SOM was not as good a partitioning

phase as octanol because it was more polar than octanol. In addition, correcting for the

solubility of the solute in a polymer and correcting for the heat of fusion of solids were

key factors in improving prediction of solute/SOM sorption parameters.

In recent years a polarity index model has been developed which accounts for the

solubility properties of the solute and the polarity of the sorbent (Rutherford et al., 1992;
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Xing et al., 1994). As stated in the octanol/water model, a linear free energy relationship

(LEER) commonly used to describe sorption of HOC to soils is logKo, = mlogKow + b or

logKo, = mlogS w + b. This assumes that all soil organic matter is equivalent regardless

of origin or extent of transformation. Thus, any chemical will have the same K

matter what sorbent is used. The polarity index model assumes non-uniformity of sorbent

organic matter, quantified by a polarity index: PI = ((0 + N)/C). However, it ignores

polarity contributions from configuration and structure of SOM. The effective polarity

must be measured on unaltered soil samples, not from humic material extracted from the

soil. This method involves the cross-correlation of the K ow and PI. First, Koc-PI

relationships are measured on model solid biopolymers such as lignin, humic acid, chitin,

and cellulose. This yields a relationship of the form:

logKo, = a + b*logl(„„ - c*PI

Second, batch solute/soil experiments are performed to determine Ko, for the soil samples.

Third, the chemical with largest K.c for each soil is used as a reference to calculate PI

values for each soil using the K,-PI relationship for the biopolymers (ie. solve above

equation for PI using Koc/Kow for largest K for that soil). Fourth, solve above

equation for Koc for all the other chemicals since you know the PI, Kow values for each

soil/chemical pair. Thus, individual Ko, values are calculated for each soil rather than just

one K  per chemical for all the soils. The predicted K were much closer

to the measured K 	 than for the Koc/Kow relationship. The only drawback is that

a polarity curve must be measured for each chemical.



22

Reverse-phase liquid chromatography (RPLC) coatings have been used as

analogues of soil organic matter to try to better understand the role of sorbent organic

matter, and not just the role of the solute. Reverse-phase coatings, such as C-1, C-2, C-8,

C-18, and C-phenyl, of different polarities were used as analogues for soil organic matter

(Jinno and Kawasaki, 1984; Jacobson et al., 1984; Szecsody and Bales, 1989; Pussemier

et al., 1990; Szabo et al., 1990a). Results of studies of the sorption of HOC to RPLC

coatings yielded linear isotherms over large concentration ranges. However, the Koc,RpLc

values were not close to the Koc values for natural soils, but the relative order of strength

of sorption was the same as for natural soils. RPLC studies were also done using humic

acids immobilized onto silica and alumina substrates (Garbarini and Lion 1985; Burris et

al. 1991; Szabo et al. 1990b, 1990c, 1992). These studies more closely approximated the

sorption values for natural soils. However, the properties of the humic substances were

believed to be greatly altered during the process of chemically immobilizing the humic

substances to the substrate mineral. Although the effects of sorbent properties were not

quantitatively modelled, it was believed that as the sorbent polarity increased HOC

sorption decreased.

The models discussed above have provided a means by which to interpret and

predict sorption of HOCs by SOM. While they have been used with relative success to

characterize the thermodynamics of sorption, the models are not capable of describing

rate-limited sorption phenomena. For this, attention has focused on models that are based

on permeation/diffusion in polymers. Much work has been done in the field of polymer

science to study the properties of polymers and how organic chemicals diffuse through
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them (Vieth 1991). Hradil et al. (1991) noted several important properties of polymers

which affect solute transport: sorbent polarity, degree of crosslinking, and morphology.

Polar sorbents sorb chemicals more strongly if the chemicals have a low electron

polarizability and apolar sorbents sorb aromatic chemicals the best because they are apolar

as well. In other words, like dissolves like. The degree of crosslinking affects the stiffness

and pore sizes of polymers. Solutes diffuse more quickly through less crosslinked

polymers than through very stiff, highly crosslinked polymers. Polymer morphology

describes the porosity and pore size of polymers, which usually have polydisperse

structures. Micropores form from agglomerates of spherical particles. This inner porosity

is termed primary porosity. Macropores are formed as a result of the space between

agglomerates, called transport channels, and this volume is termed secondary porosity.

Thus, adsorption in polymers takes place in two steps: first in the macropores which then

continues in the micropores. In addition to polymer properties, the solvent also affects

diffusion characteristics in polymers. Less sorption of the analyte will occur from water

as polarity of sorbent increases.

In 1981, Freeman and Cheung introduced the concept of the gel partition model.

Humic substances were assumed to be highly branched polymer chains that formed a 3-

dimensional, randomly oriented network - a polymeric "gel." The model predicted that

maximum desorption coincides with maximum extent of gel swelling and that rates of

solute diffusion are limited if the gel is only partially swollen. The following equation
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quantifies the theory:

lnK, = A - BL, + (V /RT)*f(8)

where K. the partition coefficient, A and B are coefficients related to the pore structure

of the gel (A,B > 0), L is the size of the solute, V is the molar volume of the solute, and

f(6) is the solubility parameter function. The solubility parameter function is defined as:

f(8) = (8, - 8m)2 - (8 ; - 8g )2 where i=solute, m=liquid phase, g=gel phase. The solubility

parameter function describes the competition between the solvent and the gel for the

solute. If the solute is more compatible with the gel then solute sorption increases, and

vice versa. This model qualitatively agreed with observed desorption rates of chemicals

from sediments, but also predicted that increasing solute size lowers the partition

coefficient because the solute cannot fit into the polymer pores. However, sorption of

organic chemicals to soils increased as solute size increased. Thus, pore-scale exclusion

solutes in soil organic matter may force solutes to accumulate at the solid/water interface.

Following the gel partition model, the intraorganic matter diffusion model (IOMD)

was proposed by Brusseau et al. (1991a), based on the assumption that SOM was a

flexible, cross-linked, branched, amorphous, polyelectrolytic, polymeric, organic

macromolecule within which sorbates could diffuse. The desorptive rate constant (k2) was

related to a mass transfer constant (a) as:

k2 = a/(1-F)

a = cDpy/1 2

where c is the shape factor for the diffusion domain, Dpy is the diffusion coefficient for

the sorbate/polymer pair, and 1 is the characteristic diffusion length. Thus, the rate of
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desorption increases as the polymer diffusion coefficient increases and as the length of

diffusion decreases. This model was successful in predicting trends in desorption,

however, values for Dpy are difficult to predict a priori.

The permeant/polymer diffusion model was recently proposed as a way to predict

the desorption diffusion coefficients of solutes in SOM (Carroll et al. 1994). The SOM

was assumed to have both swollen and condensed phases which control diffusion rates

of solutes. Dissolved humic polymers are believed to have no resistant component to

sorption/desorption because they are completely swollen. The parameters which control

solute diffusion are defined as:

D = Doe T

Do = A*X2 * eBE

E = ox12 + VTC

where D is the solute diffusion coefficient in the polymer (cm2/s), Do is a preexponential

term (cm2/s), E is the activation energy of the interaction (J/mole), T is the temperature

(°K), R is the gas constant (J/K/mole), A,B, and co are constants (s - ', mole/J, J/cm2/mole),

X is the diffusion jump step (cm), V is the volume needed for permeant diffusion

(cm3/mole), d is the solute diameter from Lennard-Jones force constants (cm), and TC is

the polymer permachor value (J/cm 3). The polymer permachor value (it) varies with

polymer solubility and is a measure of how tightly the polymer chains are joined together.

The polymer permachor value increases as solubility parameter increases because more

polar polymers have stronger interpolymer interactions and higher resistance to diffusion

than apolar polymers. They reported that the diffusion coefficient of PCB's from swollen
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SOM was greater than for condensed SOM (D 350 * Dcnd)' The SOM was not able

to accommodate water without swelling and, therefore, PCB's diffused more easily.

Diffusional distances were on the order of 10 nm. The diffusion was controlled by solute

size, forces holding polymer chains together (permachor value), and swollen verses

condensed state of the polymer.

Holmen and Gschwend (1997) reported retarded diffusion of PAH by aggregated,

organic-coated, aquifer material. Rates of sorption were directly proportional to the

solute's aqueous diffusion coefficient and an empirical factor related to system and

sorbent characteristics. Rates of sorption were inversely proportional to the square of the

diffusion path length and an effective retardation factor accounting for sorption of solute

to available domains of SOM. Thus, the retarded radial diffusion model is very similar

to the IOMD model, with the exception that the retarded diffusion model incorporates an

effective retardation factor in the rate equation to account for solute diffusion into SOM

interbedded with mineral oxide particles.

Most recently, the rate dependence of sorption has been conceptually viewed to

result from SOM existing in two states: amorphous and condensed. In time-lapse, batch

experiments with phenanthrene sorbed to four different soils at different concentrations,

Weber and Huang (1996) reported sorption to be both non-linear and rate-limited. Their

data, plotted as phase distribution relationships, showed that the Freundlich n values

remained close to 1 initially and then decreased logarithmically with time before leveling

off (apparent equilibrium). The Freundlich sorption constant (KF) exhibited the opposite

behavior, remaining small initially and then increasing with logarithmic time before
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leveling off. They attribute the changes in slope of the PDRs to the solute accessing a

new domain of sorption sites on or within the solid phase. The PDRs are divided into

three distinct regions. The initial stage of sorption accesses exposed mineral surfaces, the

logarithmic stage of sorption accesses amorphous SOM, and the apparent equilibrium

stage accesses condensed soil organic matter.

Sorption to SOM has also been described as dual-mode sorption, with SOM

existing in rubbery and glassy states (Xing and Pignatello, 1997). Dual-mode sorption is

used to explain observed sorption behavior to SOM, such as non-linear and competitive

sorption, as well as sorption kinetics. The SOM is conceived as a 3-dimensional, complex,

macromolecular, organic matrix with two domains. The exterior of the SOM is rubbery;

being highly solvated and flexible. The interior of the SOM is more glass-like; being

condensed, rigid, and less solvated. Sorption of HOCs occurs by concurrent dissolution

and hole-filling mechanisms. Dissolution occurs within the rubbery domain and both

dissolution and hole-filling can occur within the glassy domain. Thus, total sorption is the

sum of sorption due to both dissolution and hole filling mechanisms.

Evidence for the amorphous, yet cross-linked nature of SOM was reported by

Lyon and Rhodes (1993). This also provided evidence that organic solutes do indeed

diffuse within the organic matter matrix. Molecular size exclusion of solvents by natural

organic materials was estimated by swelling peat, cellulose, pollen, and chitin with several

solvents, including water. As the molar volume of the solvents increased, the degree of

swelling of the organic materials decreased due to size exclusion. In addition, differences

in the degree of swelling for a given solvent between the four different types of organic
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material yielded information about the solvent/sorbent interactions. For example, the polar

solvents induced greater swelling than the less polar solvents due to site-specific chemical

interactions such as Lewis acid-base interactions and H-bonding.
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Summary

The major limitation with previous methods of modeling sorption of HOCs to

SOM is that the effect of the molecular properties of the solute are not considered.

Sorbate structure has been reported to have a significant influence on the degree of rate-

limited sorption a compound exhibits (Brusseau and Rao 1989b; Brusseau et al. 1991;

Brusseau and Rao 1991). However, empirical linear free energy relationships (LFERs)

have conventionally been used to describe sorption phenomenology, such as the log Koc-

log K logKoc logSw relationships (Karickhoff 1984 and Chiou 1989). The Kow and

Sw descriptors characterize the behavior of the solute in a solvated environment, which

masks the effect of the solute itself on its sorption behavior. Quantitative structure-activity

relationships (QSARs), which utilize molecular solute descriptors, have been used to

examine the effect of solute size and shape on sorption equilibria (Sabljic 1987; Bahnick

and Doucette 1988; Sabljic and Ernst 1989; Meylan et al. 1992; Mackay et al. 1993) and

sorption kinetics (Brusseau 1993; Hu et al. 1995). These studies successfully correlated

molecular topological properties, such as molecular connectivity, to the sorption of a

broad range of hydrophobic and hydrophilic organic compounds to natural soils and

sediments. In fact, the QSAR approach outperformed the conventional, empirically-

derived LFER equations.
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The Effect of Residence Time and Scale

on the Transport of a Biodegradable Organic Solute

Introduction

In-situ remediation technologies have become preferred methods for cleaning up

contaminated sites (Macdonald and Kavanaugh, 1994). Government regulations and

policies that favor "green" technologies are key incentives for research. In particular, in

situ bioremediation has received much attention because of its potential for practical and

cost-effective cleanups with minimal perturbation of the environment at the contaminated

site (NRC, 1993; Atlas, 1995; Hart, 1996). However, there are still questions about its

effectiveness and applicability. The EPA and military agencies now actively support

research related to assessing the feasibility of using in-situ bioremediation to clean up

contaminated superfund sites (Renner 1995; EST Special issue, 1996; Atlas, 1995; EST

staff, 1996). The following literature review will summarize the basic science of in situ

biodegradation, present current laboratory-scale and field-scale studies of in situ

biodegradation, discuss the parameters used to model the biodegradation of solutes

undergoing transport, and consider the problems associated with transfer of basic science

to workable technologies. The review will conclude with an examination of the

degradation pathways of aromatic compounds as a prelude to understanding the choice

of biodegradable organic compounds used in the following studies.
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Basic Science

In situ biodegradation occurs when a compound in the subsurface is actively

utilized by a microorganism in its respiratory/metabolic processes. As a result, the

contaminant is partially or completely transformed into biomass and harmless byproducts

of metabolism such as CO2 , CH4 and inorganic salts. Indigenous subsurface microflora

degrade a wide range of organic contaminants (Thomas and Ward, 1989). These

microorganisms are mainly heterotrophs, which utilize organic compounds as their

primary carbon source, such as Pseudomonas, Flavobacterium, Arthrobacter, and

Acinetobacter (Rainwater and Scholze, Jr., 1991). In-situ biodegradation reflects a

"delicate and intricate balance of nutritional, physical, and biological relationships that can

change rapidly in response to environmental factors (Madsen, 1991)." These factors can

be categorized into site characteristics, environmental characteristics, contaminant

characteristics, and microbial characteristics (Rainwater and Scholze, Jr., 1991; Sims et

al., 1993; Rao et al., 1993; Atlas, 1995).

Site characteristics that affect the extent and rate of in situ biodegradation include

aquifer physical heterogeneities (macropores, layering, lenses, aggregates, fractures),

groundwater quality, location of obstructive surface physical structures, groundwater

pumpage controls (capabilities of well-field system), and potential exposure risks to the

public and environment (what happens if in situ bioremediation fails).

Environmental characteristics which affect in situ biodegradation include dissolved

oxygen concentrations and concentrations of other electron acceptors (N0-3 , SO4-2 , Fe+3,
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oxidized metals), nutrients , temperature, pH, Eh, and moisture content. Oxygen serves

as the terminal electron acceptor for aerobic metabolism. Oxygen depletion forces

microorganisms to use alternate electron acceptors. As such, it is important to recognize

the dynamic nature of contaminated aquifer systems. In response to contaminant

perturbations and subsequent microbial responses, sequential environments will be formed

(Zitomer and Speece, 1993). Environments may change from aerobic (dissolved oxygen

present) to anaerobic (dissolved ions present- NO3 -, NO2-, SO4-2). These different

environments will significantly affect the extent and rates of biodegradation.

Understanding how these environmental characteristics affect the rates of biodegradation

is key to enhancing in situ biodegradation.

Contaminant characteristics include the type, concentration, and location of the

contaminant. Mixed wastes, aged wastes, and non-aqueous phase liquids will also affect

the degree of biodegradability. Contaminants have a threshold concentration, above which

they are toxic to microorganisms. Conversely, low solute/substrate concentrations provide

too little energy flux to sustain microbial populations and may be insufficient to induce

production of enzymes. Because biodegradation of chemicals occurs intracellularly for the

majority of anthropogenic contaminants (molecular mass < 600 g/mole), the

bioavailability of a contaminant will also determine the extent to which it is degraded

(Rao et al., 1993). Bioavailability is affected by a contaminant's sorption and solubility

properties. Contaminants which sorb extensively and have low aqueous solubilities can

remain unavailable to microorganisms for many years.
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Microbial characteristics that affect the extent and rate of biodegradation include

the type, number and activity of microbial populations, acclimation to contaminants,

intrinsic extent and rate of biodegradation possible for a given microorganism and

contaminant, cell membrane permeation, available enzyme systems and the presence or

expression of genes which encode for degradation. Bacteria, actinomycetes, and fungi

have all shown the potential to degrade priority organic pollutants, especially when

environmental conditions were optimized to increase their metabolism. In situ

bioremediation has also been demonstrated to occur in the rhizosphere, the soil zone of

greatest microbial numbers and activity (Anderson et al., 1993). Sometimes

biodegradation only occurs through cometabolism. For cometabolism, a primary substance

acts as the carbon and energy source for the microflora, while the contaminant is

degraded by gratuitous metabolism due to lack of enzyme specificity. Adding cosubstrates

can enhance the cometabolic degradation of contaminants. Understanding which enzymes

are active in biodegrading compounds, and how to enhance and redesign the catalytic

mechanism of these enzymes, is also very important in determining the success of in situ

bioremediation. Anthropogenic compounds are more difficult to degrade because

microorganisms lack the genes to produce the enzymes necessary to transform the

contaminant. Both aerobic and anaerobic pathways should be considered (Kobayashi and

Rittmann, 1982).

Degradation pathways are categorized by the electron acceptor used in the

oxidation of the organic compound (Rainwater and Scholze, Jr., 1991). Aerobic respiration

occurs when oxygen serves as the terminal electron acceptor, with carbon dioxide and
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water produced as the end products of the respiration process. Sufficient oxygen to

support aerobic respiration is usually present in shallow aquifers or near recharge areas.

Anaerobic respiration occurs when no oxygen is present to serve as the terminal electron

acceptor. In this case, the terminal electron acceptor is nitrate, nitrite, iron (III), sulfate,

or carbon dioxide, among others. Fermentation, which occurs under anaerobic conditions,

is a special case of anaerobic respiration which may also contribute to in situ

biodegradation. In this case, organic compounds serve as both the carbon source and as

the terminal electron acceptors. The end products of fermentation are reduced organic

compounds (alcohols) and carbon dioxide. In addition to terminal electron acceptors, all

microbial metabolic processes require nutrients. The macronutrients include nitrogen

(amino acids, nucleotides, and vitamins), sulfur (amino acids and coenzymes), and

phosphorus (nucleic acids and coenzymes). Micronutrients, such as Co, K, Mb, Mg, Mn,

Ca, and Fe, are also needed.
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Verifying In-Situ Biodegradation

It is difficult to prove that in-situ biodegradation is the process responsible for the

mass loss at contaminated sites. Lack of control of on-site mass balances and the inability

to distinguish between in situ abiotic and biotic processes are the two major obstacles

preventing verification of in situ biodegradation. Mass balance is critical to understanding

site characteristics and biodegradation rates. Field research in this area is very limited, but

needed in order to estimate the feasibility of bioremediation of subsurface contamination

(Sims et al., 1993). Verification of in situ biodegradation should include evidence of these

factors: isolate metabolically active microorganisms from the field, perform '4CO2 batch

flask experiments, produce measured profiles of contaminant concentrations including

losses by both abiotic and biotic processes, show abiotic losses are negligible as compared

to biotic loss, measure numbers of microorganisms within and outside of the contaminated

zone, measure concentration changes in metabolic reactants (electron acceptors, nutrients,

02 , NO3- `, SO4-2 , oxidized metals) or metabolic products (CO 2 , CH4 , inorganic carbon,

substrate metabolites) (Madsen, 1991). Evidence of any one factor does not prove in situ

biodegradation is occurring. Evidence of several of these factors, however, gives strong

credence that in situ biodegradation is the mechanism responsible for mass loss at a given

site.

McAllister and Chiang (1994) presented a more modest approach to evaluate in

situ natural attenuation potential. The primary factors of concern were the plume

characteristics (concentrations and flow paths) and dissolved oxygen (DO) levels. They
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contend that contaminant plumes affected by natural attenuation will migrate more slowly

than expected, reach a steady state, and then decrease in both size and concentration. As

such, the size and shape of the plume itself should give an indication if in situ

biodegradation is occurring to a significant extent, assuming there is a baseline plume

measurement. They also state that aerobic biodegradation is likely to occur if DO levels

remain above I to 2 mg/L and if DO levels increase as contaminant concentrations

decrease. Anaerobic biodegradation will occur if DO levels fall below 1 mg/L. They add

that geochemical data, controlled mass balance studies, laboratory microcosm studies, and

ground water modeling can also demonstrate the presence of natural attenuation.
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Laboratory-Scale Studies

Much laboratory research has been reported in areas related to in-situ

biodegradation and enhanced in situ biodegradation. These areas include bioavailability,

microbial transport, and biodegradation measurements under different environmental

conditions. Bioavailability limits degradation due the processes of sorption (Ogram et al.,

1985; Robinson et al., 1990; Smith et al., 1992; Guerin and Boyd, 1992; Scribner et al.,

1992; Mihelcic et al., 1993; Fu et al.; 1994; Adriaens et al., 1995; Crocker et al., 1997;

Kelsey et al., 1997), solubility and dissolution (Wodzinski and Bertolini, 1972; Scott et

al., 1983; McCarthy, 1985; Stucki and Alexander, 1987; Miller and Bartha, 1989), and

mass transfer (Skow and Alexander, 1992; Bosma et al., 1997). It is generally accepted

that contaminants must be in the dissolved state to be biodegraded. As such, any process

which limits dissolved concentrations will limit the extent and rate of biodegradation.

Microbial transport in aquifers is of concern when considering the spatial

variability of microorganisms and the potential to augment the subsurface with foreign

biomass (Devare and Alexander, 1995; Grasso et al., 1996; Harvey et al., 1997)

Measuring rates of biodegradation under different environmental conditions is also

of great concern. Bedard et al. (1996) stimulated the activity of indigenous microflora to

degrade existing PCB contamination in river sediments by adding a homologous

contaminant to "prime" the bacteria to degrade other PCBs. Batch microcosm experiments

were used to measure the rates of degradation of substituted aromatic hydrocarbons under

methanogenic, denitrifying, and oxygen limited conditions (Wilson et al., 1985; Hutchins
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et al., 1991; Fu and Alexander, 1992). Column studies have been used to measure the

extent and rate of biodegradation of contaminants undergoing transport. Some examples

include the transport of aromatic organics under aerobic (Angley et al., 1992) or

anaerobic, denitrifying conditions (Zeyer et al., 1986; Kuhn et al., 1988) and transport of

a herbicide under saturated and unsaturated conditions (Estrella et al., 1993).

A new technique used to monitor the occurrence, pathways, and rates of in situ

degradation rates involves the analysis of stable oxygen and carbon isotope ratios for the

contaminants, electron acceptors, and products of degradation (Aggarwal et al., 1997).

Ratios of anthropogenic versus natural isotopes allows for discrimination between abiotic

and biotic sources of carbon and oxygen. Stable oxygen (5' 8-02) and carbon (5' 3-CO2)

isotopes were measured during batch laboratory studies using diesel fuel degraded in

mixed microbial cultures. The first-order degradation rate constant calculated using the

decrease in total petroleum hydrocarbon concentrations (0.04 d-l ) compared favorably to

the rates obtained using the oxygen isotope results (0.04 to 0.05 d - ').

Although laboratory-scale experiments play an integral role in understanding the

processes that affect biodegradation, scale effects must be considered when predicting

field-scale behavior using lab-derived data. For example, laboratory verses field

degradation kinetics are often very different. The variability of important processes and

parameters, with both time and scale, must be considered. For example, variations in

degradation rates may be due to variations in inherent degradative capacity of soil

microflora or they may be due to variations in soil environmental factors.
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Field and In-Situ Microcosm Studies

Field monitoring sites. Several investigators have reported evidence of in-situ

biodegradation at field sites. Mass balances could not be determined at these sites, but

verification of in-situ biodegradation was evidenced by measuring concentration profiles

of contaminants, electron acceptors, and biodegradation products. At the Cliffs-Dow

Superfund Site near Marquette, Michigan, ground water was contaminated from a 1.5 acre

area used for the disposal of charcoal manufacturing wastes (Klecka et al., 1990). The

disposal pit was in contact with a shallow, sandy, unconfined aquifer (Khyd=0.025 cm s -I ).

The major contaminants were sub mg/L levels of phenolic and polycyclic aromatic

compounds. Site characterization and sampling was conducted using 5 soil borings and

20 ground water monitoring wells. Ground water samples were analyzed for pH,

temperature, DO, total carbon, total inorganic carbon, conductivity, phosphate, sulfate,

nitrate, chloride, total PAR, and total phenolics. Batch ' 4CO2 experiments using soils from

the bore holes proved the existence of indigenous, active, microbial populations capable

of mineralizing phenol, o-cresol, and naphthalene. Contaminant concentrations were

highest near the source zone and decreased to non-detect levels within 100 meters of the

disposal pit. Oxygen concentrations were lowest and inorganic carbon concentrations the

highest near the source zone. The aquifer was assumed to be aerobic, except in the

immediate vicinity of the source zone. The combination of all this evidence gave the

investigators confidence to state that in-situ biodegradation was, in fact, occurring.
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At a second site, near Rocky Point, North Carolina, an aquifer was contaminated

with gasoline from an underground storage tank (Borden et al., 1995). The aquifer

consists mostly of fine sands and silts and is overlain with 12 to 15 feet of interbedded

silts and clays (Khyd=0.0035 cm s'). The major contaminants were mg/L levels of BTEX

compounds. Ground water sampling was conducted using 7 monitoring wells. Ground

water samples were analyzed for pH, temperature, DO, COD, alkalinity, total inorganic

carbon, redox potential, sulfate, nitrate, dissolved iron, methane, total BTEX, and

individual BTEX components. No batch ' 4CO2 experiments were conducted. Oxygen,

nitrate, and ferric iron were the terminal electron acceptors (TEA) at the upgradient end

of the plume and sulfate and ferric iron were the TEAs at the downgradient end of the

plume. Evidence for in-situ biodegradation included depletion of electron acceptors within

the BTEX plume, production of Fe+ 2 and CO 2 , and preferential removal of specific BTEX

components.

A third example of a site which was extensively monitored for evidence of in situ

biodegradation, is a petroleum-contaminated aquifer near Hanahan, South Carolina

(Chapelle et al., 1996). This site contained a petroleum tank farm where an underground

pipe ruptured and released about 83,000 gallons of JP-4 jet fuel into a semi-confined

sandy aquifer (Khyd=0.0053 cm s-I ). The major contaminants were sub mg/L levels of

BTEX compounds. Ground water sampling was conducted using 8 monitoring wells.

Ground water samples were analyzed for pH, DO, total inorganic carbon, sulfate, nitrate,

hydrogen, benzene and toluene. Batch 14CO2 experiments under anaerobic sulfate reducing

conditions proved the existence of indigenous, active, microbial populations capable of
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mineralizing benzene and toluene. Evidence for in-situ biodegradation included decreased

BTEX concentrations with distance from source zone, depletion of electron acceptors

within the BTEX plume, and production of inorganic carbon. First order biodegradation

rate constants for toluene were 0.0075 to 0.03 day for the field data and 0.01 day -I for

the laboratory data.

Controlled field microcosm studies. These studies are classified differently from

the field monitoring sites because controls were conducted to determine chemical mass

balances using in situ microcosm (ISM) devices. In-situ microcosms are useful because

there is minimal disturbance of the environmental samples used for reaction experiments.

Gillham and coworkers (1990) developed a device which isolates a 1.9 liter portion of an

aquifer from its natural advective and dispersive processes. Experiments are performed

by pumping ground water to the surface, spiking it with the compounds of interest

(contaminants and electron acceptors), reinjecting the spiked ground water back into the

microcosm, and withdrawing samples from the microcosm over time. The ISM was

successfully used to measure anaerobic denitrification rates and aerobic and anaerobic

benzene biodegradation rates.

Nielsen and coworkers (1996) used the ISM device developed by Gillham et al.

(1990) to measure the first-order biodegradation rate constants of 19 common, organic

groundwater contaminants. These rates were compared to laboratory-derived

biodegradation rates for the same chemicals. The ground water was aerated to maintain

aerobic conditions, spiked with 3H20 and the contaminant of interest, and reinjected into

the ISM. Samples were taken once a week for about 3 months and analyzed for oxygen,
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nitrate, Ph, and the contaminant. Laboratory batch ' 4CO2 studies were conducted using the

soil from the ISM. Biodegradation rates were determined using a bicontinuum sorption,

first-order degradation model. Rates for the batch and ISM experiments were within an

order of 5. The first-order degradation rates for the aromatic and phenolic compounds

ranged from 0.01 to 0.9 day - '.

Controlled field studies. These studies are classified differently from the controlled

field in-situ microcosm studies because, in addition to performing chemical mass

balances, these field sites represent a much larger scale than the microcosm studies. Mass

loss rates were measured for the natural attenuation of BTEX compounds during a

controlled release study in a shallow, unconfined, sandy aquifer at Borden, Ontario

(Barker et al., 1987). A single-well injection pulse (1800 1) consisted of benzene (2.36

mg/L), toluene (1.75 mg/L), p-xylene (1.08 mg/L), m-xylene (1.09 mg/L), o-xylene (1.29

mg/L). Chloride (1280 mg/L) was used as the conservative tracer. The aquifer had a

hydraulic conductivity of 10-4 cm s - ' and a DO of 1 mg/L. The batch ' 4CO2 experiments

provided evidence that indigenous microflora could degrade the BTEX compounds under

aerobic conditions. The mass loss (mg d- ') measured in the field was 30 for benzene, 37

for toluene, 33 for o-xylene, 47 for m-xylene, and 55 for p-xylene. The mass loss of

BTEX in the laboratory experiments was 6 to 90 percent greater than the field-measured

mass loss.

An enhanced in situ biodegradation study was performed at Moffett Naval Air

Station near Mountain View, California in a shallow, highly permeable, semi-confined

aquifer (Roberts et al., 1990). The contaminant plume contains 1,1,1-trichloroethane
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(TCA) and trichloroethene (TCE) at concentrations up to 100 mg/L at distances of 700

to 1000 m from the source zone. Induced gradient biostimulation tests were performed

by injected pulses of water with dissolved methane and oxygen (biostimulants), and with

or without TCE (Semprini et al., 1990). Bromide was used as the conservative tracer.

Measurable losses of oxygen and methane were not observed until 200 hours into the

experiment when only the biostimulants were added. Following biostimulation, a pulse

of TCE was injected over a 3 month period at a concentration of 97 ug/L.

Biotransformation was only observed under methane utilizing conditions. Ten to 90 % of

the injected pulse was transformed in residence time of 2 to 7 days.

At Columbus Air Force Base in Columbus, Mississippi, in situ degradation kinetics

of benzene (68.1 mg/L), unlabeled (51.5 mg/L) and carbon 14-labelled (2.77 nCi ml - `) p-

xylene, naphthalene (7.23 mg/L), and o-dichlorobenzene (32.8 mg/L) were measured

during a pulsed injection experiment in a heterogeneous, unconfined aquifer (MacIntyre

et al., 1993). The injection pulse (9600 1 over 47.5 h) also contained tritiated water (55.6

nCi ml") as the conservative tracer. The physical heterogeneity of the aquifer was

evidenced by variable hydraulic conductivities ranging from 10 4 to 1 cm s'. The well

system consisted of 5 injection wells and 328 multi-level sampling wells. Ground water

samples were taken after 27, 132, 224, 328, and 440 days. Degradation kinetics were

approximately first order. The calculated rate constants (d") were 0.0070 for benzene,

0.0107 for p-xylene, 0.0064 for naphthalene, and 0.0046 for o-dichlorobenzene. Rate

constants were somewhat larger for compounds retained in a low K zone near the
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injection wells. These near field rates (e) were 0.079 for benzene, 0.0106 for p-xylene,

0.0072 for naphthalene, and 0.0060 for o-dichlorobenzene.

A final example of a well-controlled, field demonstration of in situ biodegradation

concerns the transformation of BTEX under nitrate- and sulfate-reducing conditions in an

anaerobic aquifer at Seal Beach, California (Reinhard et al., 1997). Slugs (470 to 1700

1) of BTEX laden groundwater amended with nitrate or sulfate were injected into the

aquifer and recovered over a 2 to 3 months period. The addition of nitrate and sulfate

increased mass loss of the BTEX compounds. No rate constants were calculated.
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Modeling Biodegradation

Coupling biodegradation of contaminants to sorption and transport in aquifers is

essential for predicting their fate and transport (Rao et al., 1993). Accurate modeling will

allow for effective water quality management strategies and remediation designs. Aquifer

systems are complex, with many processes acting together to effect the rates and

magnitudes of reaction and transport. Models must include physical, chemical, and

biological processes which control their behavior in aquifer systems.

Transport models should be based on the advection/dispersion equation (ADE) to

account for advection and hydrodynamic dispersion. Simple terms for sorption (linear,

reversible, equilibrium), and transformations (first order, non-growing biomass) must be

coupled to the ADE. These models assume steady state conditions and homogeneous

porous media. More complex models include advective/nonadvective flow zones, mass

transfer limitations, sorption kinetics, nonlinear sorption, Monod growth kinetics,

degradation in dissolved and sorbed phases, concentration of electron acceptors, and

effects of cometabolism. However, the more complex models require more parameters

which are difficult to determine independently. Therefore, it can be difficult to validate

coupled process models. In addition, the specific scale modeled may not apply to sites

with different scales.

Van Genuchten and Wagenet (1989) presented an analytical solution for a two-site/

two-region model coupling nonideal contaminant sorption/transport and degradation.

Degradation could occur in both dissolved and sorbed phases, and in immobile and
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mobile zones. The equations contain up to six parameters (P, R, B, w, u d,„, u sd ,ted )

describing the hydrodynamics, sorption, and biodegradation. This model was used to

simulate the transport of a series of pesticides in miscible displacement experiments with

reasonable success (Gamerdinger et al., 1990; Gamerdinger et al., 1991). A form of this

model was used with reasonable success to predict the transport and aerobic

biodegradation of alkylbenzenes (Angley et al., 1992). The model incorporated

nonequilibrium sorption and first order degradation, assuming steady-state biomass and

low concentration substrate conditions. This two-site/two region model was used, again,

with first-order degradation to model transport experiments in saturated and unsaturated

conditions (Estrella et al., 1993). The model performed well for the saturated experiments,

but first order degradation was replaced with Monod-type kinetics to successfully model

the unsaturated experiments.

Brusseau and colleagues (1992) developed a steady state advective/dispersive

solute transport model incorporating multiple sources of nonequilibrium: transport related

mobile/immobile zones, and sorption equilibrium/nonequilibrium zones. Degradation can

occur in either the mobile or immobile flow domains, and in either the dissolved or

sorbed phase (19 total parameters). The model successfully predicted the transport of 2,4-

D in a miscible displacement experiment after independently calculating all of the model

parameters.

Chen et al. (1992) developed a model incorporating the processes of mass

exchange between system phases (solid, liquid, gas, biomass), advective and dispersive

transport, biotransformation (Monod-type kinetics), and biomass growth. The performance
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of the model was tested with data from unsaturated laboratory miscible displacement

experiments using hydrogen peroxide and nitrate as electron acceptors. Benzene and

toluene were aerobically degraded as primary substrates. The maximum specific utilization

rate, the half-saturation constant, the yield, and initial biomass concentration were

determined using batch experiments. The models performed well if electron acceptor

concentrations were not limiting.

Das and Kluitenberg (1996) used moment analysis to estimate degradation rate

constants from leaching experiments. This method avoids problems of uniqueness if curve

fitting routines are used to fit break-through curves. They found that when degradation

follows first order kinetics and linear sorption, the degradation rate can be replaced with

an adjusted advection time.

The following models did not incorporate transport into their equations, but are

important because they develop equations specifically related to microbial kinetics.

Simkins and Alexander (1984) presented a series of six models for mineralization kinetics

with the variables of substrate concentration and cell density. The biodegradation of

benzoate by a Pseudomonas sp. was used to test the models. Initial substrate

concentration and cell densities were the only variables changed in the set of experiments.

All six models were derived from the Monod kinetic equation: la= p.,„ a„ * (S/(K, + S))

where is the specific growth rate, S is substrate concentration, and Ks is 1/2 saturation

constant (concentration at which the growth rate is at 0.5 j.tmax). The yield varies with

nutrient concentrations, but is much less variable when C is the limiting source. A mass

balance equation is needed: So + qBo = S + qB where q is the inverse yield and B is the
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population density. Coupling the Monod equation and the mass balance equation yields

a general equation for substrate disappearance in systems where only substrate

concentrations and cell densities affect degradation kinetics: -dS/dt = j.tmax S(S o + X0 -

S)/(K, + S). The six models and their assumptions are 1) zero order, -dS/dt = k; 2) monod

no growth, -dS/dt = k S/(K, + S); 3) first order, -dS/dt = kS; 4) logistic, -dS/dt = kS(S o

+ X. -S); 5) monod with growth -dS/dt = gmax5(50 + X0 -S)/(K, + S); and 6) logarithmic, -

dS/dt = 1.tmax (S 0 + X. -S). The monod with growth shows substrate loss is only affected

by substrate concentration and population density. All models assume constant yield and

do not account for acclimation time.

Priesack (1991) developed an analytical solution for solute diffusion and

biodegradation in spherical aggregates assuming linear sorption and unlimited microbial

growth. The model incorporates spherical diffusion of the solute to the surface of the

aggregate, sorption to the aggregate, and substrate utilization for microbial growth,

metabolism, maintenance of initial biomass density. The parameters needed in the model

are initial substrate and cell mass concentration, diffusion coefficients for solutes, growth

rates for microorganisms, and sorption coefficients.

Skow and Hutson (1992) also presented a model accounting for spherical diffusion

into and out of porous aggregates, sorption, substrate consumption for microbial growth,

maintenance of metabolism, and maintenance of indigenous microbial population. The

model assumes degradation of dissolved phase solute only in solution exterior to the

aggregate, microorganisms cannot move into the aggregate intrapore space, and

biodegradation follows Monod kinetics with growth: -dS/dt = ixmaxS(S 0 + X0 -S)/(1C, + S).
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The Monod equation simplifies to first order kinetics when there is no net grow of

microbes and when the initial chemical concentration is much less than K.

Chang and Cohen (1995) developed a model to account for the cometabolic

biodegradation of chlorinated organics using a modified Michaelis-Menton/Monod kinetic

equation. The model incorporated the effects of toxicity, reduced energy limitations, and

competitive inhibition with cell growth and decay. The model successfully predicted the

kinetics of chloroform, 1,2-dichloroethane, TCE. Thus, models that need to incorporate

processes which affect both the transport and biodegradation of chemicals are very

complex.
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Technology Transfer

In order for in situ bioremediation to be ultimately useful, basic research must be

focused towards application for scaled-up field remediation systems (Sturman et al.,

1995). "Problems of extrapolating from laboratory data to the field have never been

solved despite decades of debate (Madsen, 1991)." In addition, progression from pure

science, to applied science, to full-scale engineering has rarely been completed for in-situ

biodegradation. Processes which control rates of biodegradation are scale dependent: mass

transport, porous media heterogeneities, competing populations of microorganisms. Scales

range in sizes from microbial cells (1 urn) to geological sites (10 to 1000 meters). Factors

which may cause failure to reach regulatory concentrations include: presence of co-

toxicants, competing microorganisms, mass transfer limitations, slow reaction kinetics,

low bioavailability of contaminants, conversion of parent contaminant to toxic

metabolites, multiple phases and complex mixtures, lack of microorganisms with the

necessary metabolic machinery to produce the appropriate enzymes for degradation,

environmental factors

(pH, nutrients, redox status), and heterogeneous nature of subsurface (Fredrickson et al.,

1993).

In situ bioremediation is important for remediating both the saturated and

unsaturated zones in aquifers. When done in conjunction with chemical and physical

treatment processes, it is an effective means for comprehensive site specific remediation

(Sims et al., 1993). Several factors must be considered for successful implementation of
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in situ or enhanced in situ biodegradation. The subsurface must be permeable enough to

allow transport of oxygen, nutrients, and amendments into contaminated zones, and

contaminant degrading microorganisms must be present and viable. Success may be site

specific and even microsite specific (Thomas and Ward, 1989). The following

technologies are being evaluated for their performance.

Bioaugmentation. The most successful bioremediation efforts rely on indigenous

microflora with alteration of the environmental conditions at the site, such as nutrient

addition, aeration, etc. (Atlas, 1995). Indigenous microflora usually outcompete foreign

microorganisms because they are better adapted to the environmental and nutrient

conditions at the site. Bioaugmentation (inoculation) may not work if low substrate

concentrations exist because microbial growth will not be supported. Bacteria may be

inactivated, physically filtered, and adsorbed. The presence of microbial toxins or

predators, the presence of more readily utilizable C source, and problems with microbial

transport to contaminated zones are more factors confounding the success of

bioaugmentation.

Bioenhancement. Indigenous microflora are already present throughout

contaminated sites and are adapted and competitive to the local environment. The most

successful biodegradation occurs when the environment is modified to stimulate microbial

activity (Atlas, 1995). Biodegradation rates limited by environmental factors such as low

substrate concentrations, lack of electron acceptors, or lack of degrading enzymes can be

remedied through addition of cosubstrates and oxygen sources. Biosparging is the process

of delivering oxygen to the saturated zone and extracting air from unsaturated zone. This
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yields DO concentrations around 8 to 12 mg/L. Sparging with pure oxygen yields

concentrations of 40 to 50 mg/L, and addition of H202 yields 0.5 moles oxygen gas per

mole peroxide for DO concentrations of over 200 mg/L. Bioventing uses soil vacuum

extraction techniques to deliver oxygen to the unsaturated zone with or without extraction

of air from the unsaturated zone. Addition of cosubstrates has been used to enhance

anaerobic degradative processes as well as cometabolic processes. Soil flushing with

synthetic or microbial surfactants can mobilize or solubilize chemicals which were

previously not bioavailable (Sims et al., 1993).
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Biodegradation Pathways of Aromatic Organic Compounds

Aerobic pathways of aromatic degradation are initiated by mono-(eucaryotes) and

di-(prokaryotes) oxygenase attack to form aromatic dihydroxy alcohols (Cerniglia and

Heitkamp, 1989). The final aromatic diol formed before cleavage of the aromatic ring by

either the meta or ortho pathway, is catechol (1,2-dihydroxybenzene). The products of

ring cleavage are aliphatic acids. For example, under aerobic conditions, suspensions of

Pseudomonas putida, a bacterium commonly found in soil systems, degraded benzene and

BTEX compounds via the formation of catechol (Gibson et al., 1968). Salicylic acid (2-

hydroxybenzoic acid) is the precursor to catechol in many aromatic degradation pathways.

Salicylate is very similar in structure to catechol, except instead of two hydroxyl groups

substituted in ortho positions on the benzene ring, there is one hydroxyl and one

carboxylic acid group substituted in ortho positions.

The bacterial catabolism of aromatic compounds under anaerobic conditions was

reviewed by Evans (1977). The benzene nucleus is first reduced by carboxylation to

benzoate, and then cleaved by hydrolysis to form aliphatic acids. The anaerobic

degradation pathway for toluene includes benzoic acid and salicylic acid intermediates

(Grbic-Galic, 1990). Benzoic acid is similar in structure to salicylic acid, minus the

hydroxyl substituent. The anaerobic degradation pathways for other alkylated benzenes,

naphthalene, and acenaphthene include benzoic acid as an intermediate, with

hydroxylation being the initial step. In addition, pesticide degradation includes

halogenated benzoates as intermediates. Thus, benzoate (anaerobic) and salicylate (aerobic
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and anaerobic) are the final aromatic intermediates in the degradation of aromatic

compounds.

In addition to being intermediates in the degradation pathways of PAH, benzoate

and salicylate are readily degradable under both aerobic and anaerobic conditions. Under

aerobic conditions, benzoate and salicylate degrade rapidly in crude municipal waste water

at concentrations less than or equal to 200 mg/L (Montgomery, 1996). Altenschmidt and

coworkers (1993) reported that benzoate was degraded aerobically by a denitrifying

Pseudomonas sp. using a benzoyl coenzyme A and 3-hydroxybenzoyl-coenzyme A

pathway. This is significant because the Pseudomonas genus is regarded as ubiquitous and

successful because its species utilize an extraordinarily large suite of organic compounds

as carbon and energy sources. In fact, much of the knowledge of degradation pathways

for the breakdown of aromatic compounds was gathered using Pseudomonas species

(Grund et al., 1990). Benzoate was also rapidly degraded with zero order kinetics by

aerobic bioslimes engineered to act as trickling filters (Holder and Vaughan, 1987). Both

benzoate and salicylate were aerobically mineralized by actinomycetes of the genera

Amycolatopsis and Streptomyces after first being converted to catechol (Grund et al.,

1990).

Battersby and Wilson (1989) conducted a survey of the degradation of 77 organic

chemicals (phenols, benzoates, pesticides, phthalic acid esters, ringed compounds, glycols

and benzenes) under methanogenic conditions with an anaerobic digesting sludge. Chloro

and nitro groups inhibited degradation while carboxyl and hydroxyl groups facilitated

degradation. Sodium benzoate (50 mg C*1.;`) was found to be completely degraded within
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1 week with a lag time of 2 days, the shortest of all compounds but the glycols. Aromatic

ringed structures such as benzene and naphthalene had lag times of over 70 days and were

found not to degrade. Halobenzoates were found to degrade rapidly in lake sediments

under methanogenic conditions (Horowitz et al., 1983). The halogens were removed first,

before benzoate was mineralized to methane and carbon dioxide. Phenol and benzoate

were degraded anaerobically in methanogenic sludges (Kobayashi et al., 1989). Benzoate

(3000 mg/L) was degraded in 5 to 7 days with a lag time of less than one day (C7H60 2

+ 4.5 H20 == 3.75 CH4 + 3.25 CO2). Phenol was converted to benzoate, then benzoate

converted to cyclohexane carboxylate followed by formation of fatty acids and carbon

dioxide and methane. Thus, both benzoate and salicylate are degraded by commonly

occurring soil microflora under both aerobic and anaerobic conditions.
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CHAPTER 3: PRESENT STUDY

The methods, results, and conclusions of this study are presented in the

manuscripts appended to this dissertation. The following is a summary of the most

important findings in the dissertation, which contribute to the present understanding of

solute diffusion within soil organic matter and the processes which effect solute

biodegradation during transport in aquifer systems.

Summary

The first study of this dissertation seeks to further understand the sorption of

hydrophobic organic compounds (HOCs) by soils in which the organic matter has been

well characterized. The soil organic matter (SOM) was analyzed for organic carbon

content, morphology, percent fulvic acid and humic acid content, and elemental content.

Several homologous series of HOCs, including polycyclic aromatic hydrocarbons,

alkylated benzenes, chlorinated benzenes, and chlorinated alkenes were chosen as sorbates

for this study. Continuous-flow, single-solute, miscible-displacement experiments were

performed at room temperature under water-saturated conditions. Equilibrium distribution

coefficients (Kd) and desorption rate constants (k2) were calculated by analyzing the

breakthrough curves using moment analysis and an advection-dispersion solute transport

model incorporating two-domain, rate-limited sorption. Using a polymer diffusion model,
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the rate data were used to calculate intrasorbent diffusion coefficients and effective

diffusion path lengths. The magnitudes and rates of sorption were correlated to specific

properties of the SOM and solutes using linear free energy relationships (LFERs) and

quantitative structure/activity relationships (QSARs).

The composition of organic matter had a small effect on the magnitude of the

organic carbon normalized equilibrium distribution coefficients as evidenced by the K.,

ratios (Table 4). The sorbates sorbed more strongly to the humic-coated soil, most likely

due to the organic matter's less polar nature as compared to the fulvic material. The

molecular solute descriptor, 'X'', performed slightly better than the empirical solute

descriptor, 1(0 „ in evaluating equilibrium sorption coefficients. Thus, sorbate structure

may have a secondary influence on the overall magnitude of equilibrium sorption.

Sorbate structure exhibited a greater influence on sorption kinetics than on sorption

equilibrium. Distinct differences in the magnitudes of mass transfer coefficients for the

humic and fulvic soils were observed when relating them to the molecular solute

descriptor, `X". These differences were not observed when relating the rate coefficients

to Kd , an empirical descriptor integrating the response of the solute, solvent, and sorbent

system. The differences in mass transfer coefficients was attributed to both sorbate

structure and the quantity (path length) and morphology of soil organic matter. The

intrasorbent diffusion coefficients were believed to be the same for both the humic and

fulvic material.

For the second study of this dissertation, a biodegradable solute was used to

measure processes that affect in-situ biodegradation during well-controlled field and



58

laboratory experiments. Specifically, this study investigated how residence time and scale

influence the extent and rate of in-situ biodegradation of a nontoxic, organic solute during

transport in a contaminated aquifer. The field experiments were conducted at two

contaminated field sites: Tucson International Airport Area (TIAA), Arizona and Hill Air

Force Base (AH:3), Utah. At both sites, injection and extraction wells were used to induce

steady flow during and after solute injection. Ground water samples were collected using

a series of piezometer wells, monitoring wells, and multi-level samplers. The transport

of the biodegradable solute was referenced to that of bromide and/or pentafluorobenzoic

acid, conservative, non-degradable tracers. Laboratory experiments were conducted to

simulate both the flow velocity and residence time conditions existent in the field. The

extent and rate of biodegradation measured at the laboratory-scale were compared to those

rates measured at the field-scale. This allowed for assessment of the viability of using

laboratory-scale rate data to simulate solute transport and biodegradation in the field.

Mass recovery the biodegradable solute decreased as the residence time increased,

ranging from 14 to 95 percent for the field sites. Mass recoveries in the laboratory

experiments were approximately 30% to 40 % less than in the field experiments. The

first-order biodegradation rate constants did not vary with residence time for either field

site. In addition, the average rate constant value for both field sites was very similar (0.21

d-1 ).

This second study is closely related to the "biotracer" approach proposed by

Brusseau et al. (ES&T, in review). The "biotracer" approach is a novel field tracer-test

intended to examine the biodegradation potential of the swept zone of an aquifer. This
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biotracer test will aid in assessing the probability of whether or not in-situ biodegradation

is a feasible cleanup alternative for a given site. This method entails conducting a tracer

experiment with one or more non-toxic biotracers that are representative of the

biodegradability of the target contaminants. The biodegradable solute used in this study

was not representative of the existing contamination at the TIAA site. The transport of

the biotracers is compared to that of a nonreactive tracer to evaluate the biodegradation

potential for the target zone. The biotracer test measures the magnitude and rate of

biodegradation, which also allows for the examination of the influence of factors

controlling biodegradation, such as residence time. The rate of biotracer degradation must

correlate to the rates of degradation of the target contaminants at a given site. The

biotracer test promises to be a useful technique to characterize the in situ biodegradation

potential of contaminated field sites.
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Abstract

This study is focused on the magnitude and rate of sorption of homologous series

of polycyclic aromatic hydrocarbons, alkylated benzenes, chlorinated benzenes, and

chlorinated alkenes by two, well-characterized soils. The composition of organic matter

had a small effect on the magnitude of the organic carbon normalized equilibrium

distribution coefficients as evidenced by the Ko, ratios (Table 4). The sorbates sorbed

more strongly to the humic-coated soil, most likely due to the organic matter's less polar

nature as compared to the fulvic material. The molecular solute descriptor, I X", performed

slightly better than the empirical solute descriptor, Kow , in evaluating equilibrium sorption

coefficients. Thus, sorbate structure may have a secondary influence on the overall

magnitude of equilibrium sorption.

Sorbate structure exhibited a greater influence on sorption kinetics than on sorption

equilibrium. Distinct differences in the magnitudes of mass transfer coefficients for the

humic and fulvic soils were observed when relating them to the molecular solute

descriptor, I X". These differences were not observed when relating the rate coefficients

to Kd , an empirical descriptor integrating the response of the solute, solvent, and sorbent

system. The differences in mass transfer coefficients was attributed to both sorbate

structure and the quantity (path length) and morphology of soil organic matter. The

intrasorbent diffusion coefficients were believed to be the same for both the humic and

fulvic material.



62

Introduction

Sorption plays an important role in the fate, transport, and remediation of organic

pollutants in the subsurface. Modeling the movement of chemicals in the subsurface

requires reliable estimates of transport parameters such as equilibrium distribution

coefficients (Kid) and desorption rate coefficients (k2). As documented by numerous

studies, the sorption of organic chemicals by soil and aquifer materials is often, to a large

degree, controlled by soil organic matter (SOM). This appears to be true even for natural

sorbents with f0c<0.1% (Ball and Roberts, 1991; Ong and Lion, 1991; Piatt et al., 1996).

The interaction between HOCs and SOM has been studied extensively (e.g., Chiou et al.,

1979; Karickhoff et al., 1979; Chiou et al., 1983; Mingelgrin and Gerstl, 1983;

Karickhoff, 1984; Karickhoff and Morris, 1985; Chiou et al., 1985; Chiou, 1989; Hassett

and Banwart, 1989; Weber et al., 1992; McGinley et al., 1993; Young and Weber, 1995;

Weber and Huang, 1996). Soil organic matter also plays an important role in sorption

kinetics (Hamaker et al., 1966; Freeman and Cheung, 1981; Brusseau and Rao, 1989a;

Pignatello, 1989; Brusseau et al., 1991; Ball and Roberts, 1991; Piatt et al., 1996;

Pignatello and Xing, 1996; Weber and Huang, 1996).

Several conceptual models have been developed to describe how organic chemicals

interact with SOM. The octanol/water model was the first analogue developed for SOM

and has been used most frequently. This model assumes that the same

processes/mechanisms that affect the partitioning of HOC between octanol and water are

also the same factors controlling the partitioning of HOC between SOM and water

(Chiou, 1979). The most commonly accepted thermodynamic description of solute/SOM
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interactions is the Flory-Huggins theory (Chiou et al., 1983; Chin and Weber, 1989: Chin

et al., 1991). This theory was developed to model dilute solute interactions in amorphous,

synthetic polymers. The polarity of the polymer, the solubility of the solute in the

polymer, and the solute melting point correction were key factors in coming to a better

understanding of solute/SUM interactions. The polarity index model, which assumes non-

uniformity of SUM, accounts for the solubility properties of the solute and the polarity

of the sorbent (Rutherford et al., 1992; Xing et al., 1994). As SUM becomes more polar

in nature, less sorption of HOCs was observed. All of the above organic polymer-based

models assume SOM to be a 3-dimensional organic matrix into which solutes are

instantaneously mixed.

Reverse-phase liquid chromatography (RPLC) coatings, such as C-1, C-2, C-8, C-

18, and phenyl groups, have also been used as analogues of SUM (Jacobson et al., 1984;

Jinno and Kawasaki, 1984; Szecsody and Bales, 1989; Pussemier et al., 1990; Szabo et

al., 1990a). Reverse-phase liquid chromatography studies have also been done using

humic acids immobilized onto silica and alumina substrates (Garbarini and Lion, 1985;

Szabo et al., 1990b, 1990c, 1992; Burris et al., 1991). For RPLC coatings, the relative

order of the extent of sorption for HOCs was the same as for natural porous media,

increasing sorption with increasing solute hydrophobicity. However, the absolute

magnitudes of sorption for HOCs were much different than natural materials of similar

organic carbon content.

The models discussed above have provided a means by which to interpret and

predict sorption of HOCs by SOM. While they have been used with relative success to
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characterize the thermodynamics of sorption, the models are not capable of describing

rate-limited sorption phenomena. For this, attention has focused on models that are based

on permeation/diffusion in polymers. The gel partition model assumes that humic

substances are highly branched polymer chains that form a 3-dimensional, randomly

oriented network - a polymeric gel (Freeman and Cheung, 1981). This model predicts that

maximum desorption coincides with maximum extent of gel swelling and that rates of

solute diffusion are limited if the gel is only partially swollen. The intraorganic matter

diffusion (IOMD) model proposed by Brusseau et al. (1991a) was based on the

assumption that SOM was a flexible, cross-linked, branched, amorphous, polyelectrolytic,

polymeric, organic substance within which sorbates could diffuse. The influence of

sorbate, sorbent, and solvent properties on the rate-limited sorption of HOCs by soils and

aquifer materials was successfully interpreted using the "IOMD" model (Brusseau et al.,

1991a; Brusseau et al., 199 lb; Brusseau and Rao, 1991; Brusseau, 1993). Recently, rate-

limited sorption models based on diffusion of HOCs in SOM have been proposed by

additional investigators (Carroll et al., 1994; Weber and Huang, 1996; Holmen and

Gschwend, 1997; Xing and Pignatello, 1997). The influence of SOM heterogeneity has

been discussed, with the lowest diffusion rates assumed to correspond with condensed

phase organic matter.

The major limitation with most previous methods of modeling sorption of HOCs

by SOM is that the effect of structural properties of the solute are not considered. For

example, empirical linear free energy relationships (LFERs) are generally used to describe

sorption phenomenology, such as the log Koclog K., and logKoc-logS„ relationships
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(Karickhoff, 1985; Chiou, 1989). The K,,,, and S characterize the behavior of

the solute in a solvated environment, which masks the effect of the solute itself on its

sorption behavior. However, sorbate structure has been reported to have a significant

influence on the degree of rate-limited sorption a compound exhibits (Brusseau and Rao

1989b; Brusseau et al. 1991; Brusseau and Rao 1991). Quantitative structure-activity

relationships (QSARs), based on molecular solute descriptors, have been used to examine

the effect of solute size and shape on sorption equilibria (Sabljic 1987; Bahnick and

Doucette 1988; Sabljic and Ernst 1989; Meylan et al. 1992; Mackay et al. 1993) and

sorption kinetics (Brusseau 1993; Hu et al. 1995). These studies successfully correlated

molecular topological properties, such as molecular connectivity, to the sorption of a

broad range of hydrophobic and hydrophilic organic compounds to natural soils and

sediments. In fact, the QSAR approach outperformed the conventional, empirically-

derived LFER equations.

Using polymers as an analogue for SOM presupposes that structural and

compositional properties of SOM are known. A major fraction of SOM is composed of

humic substances which are a class of biogenic, high molecular weight, polydisperse,

acidic, refractory, yellow to black organic substances resulting from the decay of plant,

animal, and biological material (Aiken et al. 1985). Humic acids contain about 54-59%

C, 33-38% 0, 3-6% H, 1-4% N, and 0.1-2% S. Fulvic acids contain about 41-51% C, 40-

50% 0, 4-7% H, 1-3% N, and 0.1-4% S (Choudhry, 1984). Precursors to humic

substances are believed to be lignin, tannin, cellulose, and hemi-cellulose (Sposito, 1989).

However, it is very difficult to definitively determine a structure for humic materials
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because their diagenesis is source and climate dependent.

The sizes and shapes of humic acids have been investigated using several

techniques. Using ultracentrifugation, humic substances were measured to have weights

ranging from 2000 to over 100,000 daltons and radii ranging from 40 to over 100 A

(Swift, 1989). Using viscometry, humic substances were measured to have weights

ranging from 700 to 200,000 daltons (Clapp et al., 1989). Scattering techniques have been

used to measure radii of gyration for fulvic acids (4-8 A) and humic acids (8-15 A)

(Wershaw, 1989). More recently, multi-angle laser light scattering was used to measure

the molar mass (20,000 g/mol) and radii (30 nm) of unfractionated Suwannee River

organic matter (Wagoner and Christman, 1997). However, it is difficult to compare results

of unfractioned humic materials to humic materials which have be isolated into fulvic and

humic acid fractions.

Lyon and Rhodes (1993) provided evidence for the amorphous, yet cross-linked

nature of SOM by measuring the dissolution of pure, liquid phase HOCs within organic

materials. The degree of swelling of the organic materials (peat, cellulose, pollen, and

chitin) decreased due as solute size increased to size exclusion. In addition, differences

in the degree of swelling for a given solvent between the four different types of organic

material yielded information about the solvent/sorbent interactions. For example, the polar

solvents induced greater swelling than the less polar solvents due to site-specific chemical

interactions such as Lewis acid-base interactions and H-bonding.

In this study, we investigated the effect of SOM properties and sorbate structure

on the sorption of HOCs by natural soils. The extent (Kd) and rate (k2) of sorption were
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determined for four homologous series of chlorinated alkenes, chlorobenzenes,

alkylbenzenes and polycyclic aromatic hydrocarbons using two soils. Both soil samples

were collected from the same borehole, but at different depth intervals. These soils are

distinct in that the upper interval contained a particulated humic material and the lower

interval contained a layered or coated fulvic material. The differences in magnitudes of

sorption and rates of desorption for the solutes between the two types of SOM can be

evaluated to examine the importance of the chemical and structural characteristics of the

SOM when measuring micro-scale sorption parameters.

Materials and Methods

Sorbates and Electrolytes. The highest grade benzene (BNZ), naphthalene (NAP),

phenanthrene (PHN), pyrene (PYR), toluene (TOL), ethylbenzene (eBNZ), m-xylene

(mXYL), chlorobenzene (CB), 1,4-dichlorobenzene (DCB), 1,2,3-trichlorobenzene (TCB),

trichloroethene (ICE), and tetrachloroethene (PCE) were purchased from Aldrich

Chemical Company, Milwaukee, WI. The physical/chemical properties of these chemicals

are summarized in Table 1. The aqueous solubility varies over three orders of magnitude,

as do the K.,„ values. Values of the first-order valence molecular connectivity ('X"), which

is a measure of the solute's topological size, shape, and degree of branching, ranged from

2 to 6. The connectivity values are calculated by starting with a carbon/hydrogen skeleton

and adding weighted values for substituents added onto the skeleton (Kier and Hall,

1986).
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Stock solutions of the solutes were made in methanol. Small volumes of stock

solution were added to synthetic groundwater solutions to make final aqueous solutions

of approximately 5 to 50 percent of the solute's aqueous solubility. The fraction of

methanol in the aqueous solutions was always less than 0.05%, which does not affect the

solubility or sorption of the solutes. The artificial groundwater solution was composed

of 588 mg/L CaC1 2 .2H20, 669 mg/L MgC1 2 .6H20, 127 mg/L NaC1 and 19 mg/L KC1,

which matched the major cation content of the ground water.

Sorbent. The two sandy aquifer sediment samples, SB 13-5 and SB 13-9, used in these

experiments were cored from an uncontaminated zone at a fuel spill site in Michigan.

They were collected from the same borehole, but at different depth intervals. The soil

properties were characterized for organic carbon content, carbonate carbon content, soil

pH, organic matter type, and organic matter morphology (Table 2). The chemical

character of the SOM was determined by elemental analysis (Table 3). The morphology

of the SOM was examined using white light and fluorescence microscopy and by

scanning electron microscopy (West et al., 1994). The samples were distinct in that the

upper interval, SB 13-5, contained a particulated humic material and the lower interval,

SB 13-9, contained a layered or coated fulvic material. The soil containing the

particulated humic material had 3.4 times more organic carbon than the soil containing

the layered fulvic material. The layered organic matter coating for the fulvic soil was

estimated to be —20 gm thick (West et al., 1994).

Column Methodology. Single-solute, miscible-displacement experiments were performed

at room temperature at pore water velocities of approximately 37 cm hr- '. The column,
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fittings, and tubing were all made of stainless steel. The columns were wet-packed with

the soil of interest and flushed with artificial groundwater solution until completely

saturated. The properties of the packed columns are listed in Table 2.

The solution containing the compound of interest was pumped into the column

until complete breakthrough occurred, except for phenanthrene and pyrene, and then the

column was flushed with artificial groundwater solution until there was no measurable

concentration of compound detected in the effluent. The phenanthrene and pyrene

experiments were not continued until complete breakthrough because of extremely large

retardation. Influent concentrations remained constant over the course of the solute pulse.

The effluent solution pH remained constant at approximately 5.5. For most of the solutes,

the column effluent was measured using a flow through UV detector (Gilson).

Phenanthrene and pyrene were fraction collected in glass screw cap centrifuge tubes

(Kimax). The aqueous fractions were analyzed within one to five hours of collection using

a fluorescence spectrophotometer (Hitachi F-2000).

Data Analysis

The measured breakthrough curves were analyzed using a two-domain sorption

model formulated in conjunction with the one-dimensional advective-dispersive transport

equation assuming steady-state water flow, homogeneous porous medium, and rate-limited



sorption (Selim et al., 1976; Cameron and Klute, 1977):

p b as2 	ac	 a2C
- 

aC+ (1+
Pb FK )	 - D

0 at	 d at
ax2	 ax

as2
at k2 [ (1-F) KdC - S2 ]

where Pb (M L-3) is the bulk density, O the volumetric water content, F is the fraction

of instantaneous sorption, Kd (L3 M - ') is the equilibrium distribution coefficient, C (M L -3 )

is the aqueous solute concentration, t (T) is time, D (L2 T- ') is the dispersion coefficient,

x (L) is distance, y (L T- ') is pore water velocity, S2 (M M -1 ) is the sorbed-phase

concentration for the rate-limited domain, and k 2 (T- ') is the desorption rate coefficient.

Equations for the dimensionless form of the model have been previously published

(Brusseau et al., 1991).

The nonlinear, least-squares optimization program, CFITIM (van Genuchten,

1981), has five parameters, three of which were determined independently: D values were

determined from non-sorbing tracer experiments, Kd values were calculated using

retardation factor values determined by moment analysis (van Genuchten and Parker,

1984; Valocchi, 1985; Nkedi-Kizza et al., 1987), and the volume of the input pulse was

measured gravimetrically. The two nonequilibrium parameters, which contain F and k2 ,

were optimized.
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Results and Discussion

Equilibrium Sorption. Pentafluorobenzoic acid (PFBA) was used as a non-sorbing tracer

to define the hydrodynamic characteristics of the column systems. Duplicate experiments

with PFBA yielded virtually identical breakthrough curves, which were sharp and

symmetrical and had retardation factors equal to one. The breakthrough curves for the

sorbing solutes exhibited varying degrees of asymmetry and tailing, which indicated that

the nonideality was caused by a sorption-related rather than transport-related mechanism.

Representative breakthrough curves for the sorbing solutes are shown in Figure 1 along

with the optimized simulations.

For each homologous series of compounds, as the solubility of the chemical

decreased the extent of sorption increased, as expected, with Kd values ranging over three

orders of magnitude. Log/log plots of Kd versus Kow and log/normal plots of Kd versus

I X", for both soils, illustrate this behavior (Figure 2). For both soils, the molecular

descriptor, 'V, provided a slightly better correlation coefficient than did Kow. This

indicates that, in general, molecular structure had a small, second-order effect on

equilibrium sorption. However, the impact of polarity is evidenced when considering

subsets of the data.

For example, eBNZ, mXYL, PCE and DCB all have similar aqueous solubilities,

150 to 160 mg/L. Tetrachloroethene and DCB had very similar Kd values, which were 1.5

to 2.4 times greater than those of eBNZ and mXYL for the two soils. This may be partly

due to the fact that when the aqueous solubilities are compared on a molar basis, which
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gives a thermodynamic measure of solute size, the aqueous activity coefficients for PCE

(6.14e4) and DCB (5.20e4) are 1.3 to 1.6 times larger than for eBNZ (3.88e4) and mXYL

(3.69e4). It is also possible that PCE and DCB have greater sorption because their

chlorinated character imposes a degree of polarity that may energetically favor interacting

with the polar components of the soil organic matter.

To facilitate comparisons between the two soils, the Kd values for the solutes were

normalized by the organic carbon content of their respective soils: Koc. = Kd/foc . This

normalization is valid assuming that the vast majority of sorption was to SOM, and only

minimal sorption to exposed mineral surfaces or mineral oxides embedded in the SOM.

The Ko, values and their corresponding error estimates are listed in Table 4. A comparison

of K obtained for the two soils shows that, with the exception of BNZ, TOL and

TCE, K„,c values were 20 to 80 percent greater for the humic material. The compounds

that had K0c ,5/K0c ,9 ratios less than one or not significantly different from one were the

most soluble, (e.g., most polar) compounds in their respective homologous series.

Humic substances are aromatic and aliphatic in nature and contain many different

types of functional groups including carboxyls (4-6 meq/g), ketonic carbonyls (2-4

meq/g), alcoholic (7 to 9 meq/g), phenolic OH groups (1 to 3 meq/g), and ester groups

(1 to 3 meq/g) (Malcolm, 1990). The total acidity of fulvic acids (6-14 meq/g) is

approximately twice that of humic acids (5-9 meq/g). Recent studies using JR-FT and ` 3C-

NMR have shown fulvic acid to contain more aliphatic than aromatic moieties and

contain more carboxylic acid groups than humic acid (Ricca and Severini, 1993). The

elemental analysis of the two types of organic matter revealed that the humic material
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contains more carbon and hydrogen, and less oxygen than the fulvic material. Thus, the

differences in Kœ values could be attributed to the fact that the humic material is less

polar in composition than the fulvic material, which serves as a more compatible

environment for the HOCs.

Rate-Limited Sorption. The desorption rate coefficients (k 2) decreased as the equilibrium

sorption coefficients (Kd) increased. The k2 values are summarized in Table 5 with their

corresponding error estimates. A plot of log k 2 versus log Kd (Figure 3) for both soils

exhibits curvi-linear behavior of the rate coefficients. The smaller, more soluble solutes

did not sorb very strongly (K d< 0.1), and had similar rate coefficients as a function of log

Kd. This rate behavior is discussed in a following section. These compounds included

BNZ, eBNZ, mXYL, TOL, CB, and TCE. However, the solutes that sorbed more strongly

(Kd>0.1) showed a linear inverse trend with log Kd (slope= -1.01; intercept= 0.39; 12=

0.96). The slope and intercept of the log k2/log Kd plot are consistent with other reported

sorption kinetic studies of HOCs (Brusseau and Rao, 1989; Brusseau et al., 1990;

Brusseau and Rao, 1991; Lee et al., 1991; Brusseau et al., 1991a; Brusseau et al., 1991b;

Hu et al., 1995). The rate coefficients for both soils are similar when plotted against Kd

values. This is expected because both k 2 and Kd are empirical solute/solvent/sorbent

descriptors which mask the behavior of the molecular properties of the solute.

If rate-limited sorption is controlled by intrasorbent diffusion, then the solute's

size, structure, and degree of branching will all be important parameters describing the

movement of a chemical in a polymeric-like organic mesh. Quantitative structure-activity

relationships (QSARs) can be used to relate sorption kinetics properties, such as mass
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transfer coefficients, directly to the molecular properties of a solute. The first-order,

reverse-sorption rate constant (k 2) can be related to a mass transfer coefficient (a, s -I ) and

an intrasorbent diffusion coefficient (D, cm2s -1 ) by:

aDa - k2 (1-F) - (2)
Q 2

where a is the shape factor for the diffusion domain and V (cm) is the characteristic

diffusion length (Brusseau, 1993). This expression is similar to the mass transfer

expression proposed by Holmen and Gschwend (1997), except the retarded diffusion

model incorporates an effective retardation factor, which accounts for sorption of the

diffusing solute by SOM.

A plot of log a (Table 5) versus Ix" for both soils is shown in Figure 4. As with

the log k2/log Kd relationship, the solutes exhibited curvi-linear behavior. The solutes with

'X'<2 had mass transfer coefficients which were relatively similar in magnitude. Again,

this flat portion of the curve corresponded to the small, more soluble HOCs. One possible

explanation for this behavior is that these solutes, which are not much larger than water

(2 to 5 A), may have unhindered movement within the SOM matrix. It might also be

possible to make inferences about the mean pore size of the organic matrix, based on the

transition between the flat and angled portions of the curve.

The a values for the solutes with 1 X">2 were linearly correlated to the solute

molecular descriptor, as observed previously (Brusseau, 1993; Hu et al., 1995). The log

a/ l X" relationships for both types of SOM had essentially equivalent slopes, but different
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intercepts. The ct values for the fulvic soil averaged 3.3 times greater than the a values

for the humic soil, based on the difference in intercept values for the two regressions. The

observation that a values were greater for diffusion in fulvic material than humic material

could be consistent with recent conceptual models of SOM existing in two states:

amorphous and condensed, or rubbery and glassy.

Weber and Huang (1996) proposed that sorption of HOCs to natural sorbents takes

place in three distinct stages: initial, rapid access to exposed mineral surfaces, followed

by rate-limited access to amorphous SOM (logarithmic stage) and to condensed soil

organic matter (apparent equilibrium stage). Xing and Pignatello (1997) proposed a dual-

mode sorption model where the exterior of the SOM is rubbery (highly solvated, flexible,

amorphous) and the interior of the SOM is more glass-like (less solvated, rigid,

condensed). Sorption of HOCs is hypothesized to occur by concurrent dissolution and

hole-filling mechanisms. Dissolution occurs within the rubbery domain and both

dissolution and hole-filling can occur within the glassy domain. From the properties listed

above, the fulvic material should be more hydrated, water soluble, and flexible in nature

than the humic material. If this hypothesis is true, then sorption of HOCs to fulvic acid

should result in less observed rate-limited sorption because solutes would have less

restricted diffusion within the organic matrix. However, mass transfer coefficients between

amorphous and condensed SOM would be different by orders of magnitude (see following

discussion on polymer diffusion coefficient), which is much larger than the differences

observed in this study.
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The regressions in Figure 4 were similar to the regression reported by Hu and

coworkers (1995) for sorption of HOCs to a low organic carbon aquifer material (log a

= -1.02 1X" + 4.31; r2= 0.88; n= 15). The slopes are nearly identical between the two

studies, with differences seen only in the intercept values. In both cases, the mass transfer

coefficients vary over 300 times, while the aqueous diffusion coefficients for the solutes

vary only 5 to 6 times. This may indicate that the SOM is slowing the diffusion of the

solutes by pore restriction. For diffusion in polymers, restrictive pores will stretch,

allowing solutes to diffuse through, and then relax to their former state.

The measured difference in a values (3.3 times) between the two types of SOM

could be attributed to differences in one or more of the following factors: intrasorbent

diffusion coefficient, diffusion path length, or shape factor (see equation 2). Equivalent

slope values for the log a/ 1 X" relationship may indicate that the intrasorbent diffusion

coefficients (D) for a given solute are the same for both soils. Differences in D values are

expected to be very small between humic and fulvic materials compared to differences

between the broad range of SOM components (e.g., lipids versus shale). Thus, the

following analysis will be based on the assumption that D values are equivalent for both

soils.

The potential contribution of diffusion path length differences to the differences

in a values can be evaluated by assuming that a 1 =a2 and D I =D2. In this case, cx 1/a2 =

(p2/2 1 )2 . The measured a SB-7 -JOE SB-5 ratio of 3.3 corresponds to a Q5/Q9 ratio of 1.8. Thus,

the diffusion path length for the particulated humic soil was 1.8 times longer than that for

the layered fulvic soil, assuming all associated assumptions are valid. Since the thickness
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(i.e., 2 times the diffusion path length) for the layered fulvic material was observed to be

20 Jim, then the average diffusion path length for the particulated humic soil is estimated

to be 18 11m, for an average total thickness of 36 gm.

Hu et al. (1995) calculated effective diffusion path lengths of 1 j_tm for Borden

aquifer material and II .Lm for Mt. Lemmon surface soil. Holmen and Gschwend (1997)

reported organic coating thicknesses ranging from 10 to 100 j..tm for aquifer materials. The

path lengths reported in this study were consistent with the findings of both these studies.

Alternatively, the thickness of the SOM coatings and the corresponding asB -9/OESB -5

ratio can be estimated by assuming the organic carbon occurs as a continuous shell

around the sand grains. Using a mean particle diameter of 100 p.m, a SOM density of 1.4

g cm', and converting f organic matter content (0M=2.13*foc), yields a path length

ratio (V5/Q9) of 3.4 and a mass transfer coefficient ratio (a Jot )SB-7- - SB-5 ,

overestimates the measured difference in a values by over three times. Thus, the shape

factor must play a role in the magnitude of mass transfer coefficients.

The SEM analysis showed that the fulvic material occurred as- a relatively

continuous coating, whereas the humic material existed as discrete chunks and patches on

the grain surfaces. The shape factor represents the morphology of the SOM, which is

influenced by sorbent properties such as polarity and degree of crosslinking, both shown

to be important factors in controlling diffusion of organic solutes in polymers (Hradil et

al., 1991). Salame developed a method to estimate the energy density of polymer

crosslinking chains to estimate the resulting effect on rates of diffusion due to the

physical shape of the polymer (1986). DeJonge and Hazeleger (1996) found that gas

of 12. This analysis
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diffusion coefficients were controlled by the crosslinking density of the microporous soil

organic matrix. Thus, the shape of the diffusion domain is known to be important in

polymer systems and is believed to be important in natural SOM systems.

Shape factor (c) values for solutes diffusing into porous soil aggregates of different

geometries have been determined (van Genuchten, 1985). The fulvic soil, with the layered

organic coating, is assumed to have a plane-sheet geometry. At a molecular scale, the soil

surface is viewed as a flat plane coated with a sheet of organic matter through which

solutes diffuse. The shape-factor value for a plane sheet is 1.876. The particulated chunks

or patches of organic matter associated with the humic soil are assumed to have a solid

cylinder geometry with the cylinder length equal to its diameter. The shape-factor value

for a solid cylinder with these dimensions is 4.630. Using these c values, and the path

length ratio from the organic carbon analysis (Q5/i9 = 3.4), the ratio ocsB _9/ CtSB-5 = 23 1

which is close to the measured difference in a values between the humic and fulvic soils.

The calculated shape factors can be used with the measured asB _9IasB _ 5 ratio to estimate

the path length ratio, which was 8.14. This equates to a path length of 28 gm for the

humic soil, given the measured value for the fulvic soil.

Diffusion coefficients were calculated for the solutes using the path lengths

(humic- 28 gm, fulvic- 10 gm) and shape factors (humic- 4.630, fulvic- 1.876) given

above (Table 6). The D values spanned a range of over three orders of magnitude. Note

that the D values are very similar between the two soils for most of the solutes, as

previously assumed. The values in this study were 10 to 20 times larger than those

reported for sorption of similar HOCs to Borden aquifer material (Hu et al., 1995). The
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diffusion coefficents in SOM for the most soluble HOCs (benzene, toluene, CB, DCB and

TCE) were on the order of 1x10-9 cm2 s -I . Diffusion coefficients for the same compounds

in synthetic-polymer systems were on the order of 2x10 -8 cm2 s - ' (styrene-butadiene

rubber), lx10 -7 cm2s - ' (polyurethane), and 2x10 -6 cm2 s - ' (silicone rubber) (Brusseau, 1993).

Thus, the SOM appears to have a more condensed nature than the synthetic polymers.

Conclusions

The composition of organic matter had a small effect on the magnitude of the

organic carbon normalized equilibrium distribution coefficients as evidenced by the K.,

ratios (Table 4). The sorbates sorbed more strongly to the humic-coated soil, most likely

due to the organic matter's less polar nature as compared to the fulvic material. The

molecular solute descriptor, I X", performed slightly better than the empirical solute

descriptor, K., in evaluating equilibrium sorption coefficients. Thus, sorbate structure

may have a secondary influence on the overall magnitude of equilibrium sorption.

Sorbate structure exhibited a greater influence on sorption kinetics than on sorption

equilibrium. Distinct differences in the magnitudes of mass transfer coefficients for the

humic and fulvic soils were observed when relating them to the molecular solute

descriptor, I X". These differences were not observed when relating the rate coefficients

to Kd, an empirical descriptor integrating the response of the solute, solvent, and sorbent

system. The differences in mass transfer coefficients was attributed to both sorbate

structure and the quantity (path length) and morphology of soil organic matter. The
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intrasorbent diffusion coefficients were believed to be the same for both the humic and

fulvic material.
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Table 1. Physical/Chemical Properties of the Sorbates

Compound' Mass
(g/mole)

Solubility2
(mg/L)

logKov, x3

Benzene 78.1 1780 2.13 2.000

Naphthalene 128.2 31 3.37 3.405

Phenanthrene 178.2 1.1 4.57 4.815

Pyrene 202.3 0.132 5.18 5.559

Toluene 92.1 515 2.69 2.411

Ethylbenzene 106.2 152 3.13 2.971

m-Xylene 106.2 160 3.20 2.824

Chlorobenzene 112.6 484 2.80 2.476

1,4-Dichlorobenzene 147.0 157 3.40 3.025

1,2,3-TCB 181.4 21 4.10 3.544

Trichloroethene 131.4 1100 2.53 2.075

TetrachLoroethene 165.8 150 2.88 2.514

I See abbreviations for compounds in Materials and Methods section.

2 Sub-cooled liquid.

3 First-order Valence Molecular Connectivity ('x").



Table 2. Soil and Column Properties

Soil Properties	 SB13-5	 SB13-9 

Depth Interval (m)	 1.22-1.34	 1.77-1.92

Organic Carbon (g/g)	 0.00472	 0.00140

Inorganic Carbon (g/g) 	 0.0	 0.00021

Solution pH * 	5.50	 5.49

Organic Matter	 humic acid	 fulvic acid

Morphology	 particulated	 layered

*(1 g-soil/10 ml-CaC12)

Column Properties	 SB13-5	 SB13-9

Length (cm)	 7.00	 7.00

Bulk Density (g/cm 3 )	 1.70	 1.77

Vol. Water Content	 0.36	 0.34

Peclet Number	 110	 40
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Table 3. Elemental Analysis of Soil Organic Matter

Element Normalized Humic (SB 13-5) Fulvic (SB 13-9)

C 53.18 50.88

H 5.20 4.37

0 38.15 42.73

N 2.47 1.36

S 0.52 0.45

P 0.48 0.21
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Table 4. Ratios of Mean K., Values'

Solute K0c,5 K0c,9 Sign'

Benzene 6 7.77 (0.82) 8.98 (4.18) 0.865 (0.413) NSD

Naphthalene 6 84.2 (4.26) 64.6 (1.7) 1.30 (0.07)

Phenanthrene 2 2980 (620) 1680 (150) 1.77 (0.40)

Pyrene 1 11600 (500) 9370 (80) 1.24 (0.05)

Toluene 2 14.4 (0.3) 14.1	 (0.5) 1.02 (0.04) NSD

Ethylbenzene 1 24.3 (1.5) 20.5 (2.0) 1.18 (0.14)

m-Xylene 1 33.2 (0.8) 18.0 (0.9) 1.84 (0.10)

Chlorobenzene 2 19.6 (0.3) 16.4 (1.3) 1.20 (0.10)

Dichlorobenzene 2 58.1 (10.2) 36.3 (10.2) 1.60 (0.53)

Trichlorobenzene 2 204 (2) 181 (3) 1.13 (0.02)

Trichloroethene 1 15.6 (0.1) 18.5 (1.3) 0.843 (0.060)

Tetrachloroethene 1 48.1 (0.2) 35.7 (0.8) 1.35 (0.03)

Values in parenthesis are error estimates (±1s). Error estimates were calculated
based on the standard deviations calculated by the optimization program (CFITIM)
and propagating them through subsequent calculations.

2	 Positive means ratio is significantly greater than one.

Negative means ratio is significantly less than one.

NSD means ratio is not significantly different from one.
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Table 5. Rate Coefficients and Mass Transfer Coefficients.'

Interval SB 13-5
	

Interval SB13-9

Solute

BNZ

NAP

PHN

PYR

TOL

eBNZ

mXYL

CB

DCB

TCB

TCE

PCE

n	 k2 (hr-1 )

5	 20.1 (18.1)

7	 7.67 (1.72)

2	 0.185

(0.038)

1	 0.0403

(0.0021)

2	 23.9 (3.8)

1	 10.6 (0.9)

1	 16.5 (2.8)

2	 20.8 (7.5)

2	 11.4 (2.3)

2	 3.44 (0.34)

1	 19.2 (0.1)

1	 11.7 (0.8)

OC (hr-1 )

5.51 (6.98)

5.09 (1.19)

0.0888

(0.0330)

0.0236

(0.0016)

8.17 (1.38)

6.07 (0.61)

7.43 (1.29)

9.33 (3.37)

9.30 (2.09)

1.93 (0.21)

5.64 (0.56)

4.32 (0.8)

n	 k2 (h')	 a (hr-1 )

3	 17.7 (8.6)	 11.0 (52)

3	 17.2 (8.8)	 7.87(436)

2	 0.769	 0.334

(0.103)	 (0.075)

1	 0.114	 0.0487

(0.005)	 (0.0024)

1	 9.91 (1.16)	 5.75(0.67)

1	 17.6 (2.06)	 691(105)

2	 13.8 (2.3)	 82X141)

i	 Values in parenthesis are error estimates (±1s). Error estimates were calculated
based on the standard deviations calculated by the optimization program (CFITIM)
and propagating them through subsequent calculations.
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Table 6. Organic Matter Diffusion Coefficients (low cm?

Solute SB 13-5 SB 13-9 Lemmon1 Borden2

BNZ 26.9 16.3 1.84 1.88

NAP 24.9 9.54 0.016 0.11

PHN 0.430 0.495

PYR 0.115 0.0721 0.00044

TOL 39.9 8.51 1.70 1.06

eBNZ 29.7 1.37

mXYL 36.3 0.456

CB 45.6 10.2 0.842 1.63

DCB 45.4

TCB 9.43 12.1 0.125

TCE 27.6 0.724 1.01

PCE 21.1 0.215 0.118

Hu et al., 1995 (Q=11.5 urn, c=1.876).

2
	

Hu et al., 1995 (2=1.0 urn, c=I.876).
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Figure 1. a) Observed BTC for naphthalene for interval SB 13-5 and the simulation from

its modelled fit. b) Observed BTC for naphthalene for interval SB 13-9 and the simulation

from its modelled fit. The BTC for SB 13-5 is more highly retarded, shifted to the right,

and exhibits a greater degree of tailing.

Figure 2. The log lo of the equilibrium distribution coefficients(log Kd) are regressed

against both an empirical solute/solvent descriptor, log K and a molecular solute

descriptor, 1 X", for both the humic-coated soil (a) and the fulvic-coated soil (b). The

molecular descriptor performed slightly than the empirical descriptor as evidenced by the

goodness of fit values.

Figure 3. The log io of the desorption rate coefficients (log k 2) are regressed against an

empirical solute/solvent/sorbent descriptor, log Kd, for both soils. The regressed data is

for solutes with log Kd values greater than negative one (exclusive of the dashed box).

Figure 4. The log io of the mass transfer coefficients (log a) were regressed against the

first order valence molecular connectivity ( I X") index for both soils. The regressions are

for solutes with 1 X" >2 only (exclusive of the dashed box).
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Abstract

A biodegradable solute was used to measure processes that affect in-situ

biodegradation during well-controlled field and laboratory experiments. Specifically, this

study investigated how residence time and scale influence the extent and rate of in-situ

biodegradation of a nontoxic, organic solute during transport in a contaminated aquifer.

The field experiments were conducted at two sites: TIAA, Arizona and Hill AFB, Utah.

At both sites, injection and extraction wells were used to induce steady flow during and

after solute injection. Ground water samples were collected using a series of piezometer

wells, monitoring wells, and multi-level samplers.

The transport of the biodegradable solute was compared to that of bromide and/or

pentafluorobenzoic acid, which are conservative, non-degradable tracers. Laboratory

experiments were conducted to simulate both the flow velocity and residence time

conditions existent in the field. Mass recovery the biodegradable solute decreased as the

residence time increased, ranging from 14 to 95 percent for the field sites. Mass

recoveries in the laboratory experiments were approximately 30% to 40 % less than in

the field experiments. The first-order biodegradation rate constants did not vary with

residence time for either field site. In addition, the average rate constant value for both

field sites was very similar (0.21 d-1).
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Introduction

In-situ remediation technologies have become preferred methods for cleaning up

contaminated sites (Macdonald and Kavanaugh, 1994). In particular, in-situ

bioremediation has received much attention because of its potential for practical and cost-

effective cleanups with minimal perturbation of the environment at the contaminated site

(NRC, 1993; Atlas, 1995; Hart, 1996). However, questions about the effectiveness and

applicability of in-situ bioremediation still remain. Many site, environmental, contaminant,

and microbial characteristics will affect the degree and rate of in-situ biodegradation

(Rainwater and Scholze, Jr., 1991; Sims et al., 1993; Rao et al., 1993; Atlas, 1995).

Evaluating the feasibility of using in-situ bioremediation requires a determination of the

in-situ biodegradation potential for the target contaminants.

Verification of field-scale, in-situ biodegradation is not a trivial task (Madsen,

1991; Sims et al., 1993; McAllister and Chiang, 1994). Currently, such information is

obtained by monitoring parameters associated with biodegradation, such as contaminant

concentration profiles, electron acceptor concentrations (02, NO3 - , SO42 , Fe 3-',...),

contaminant metabolite concentration profiles, and degradation products (CO2. CH4)

(Klecka et al., 1990; Borden et al., 1995; Chapelle et al., 1996). However, the complexity

of real field sites makes it difficult to conclusively correlate changes in these parameters

to biodegradation. Furthermore, the initial mass of contaminant released into the

subsurface is not known at most sites. Thus, it is not possible to quantify the magnitude

and rate of biodegradation. Mass balances, which allowed determination of in-situ
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biodegradation rates, have been obtained for controlled experiments conducted at a few

field sites (Barker et al., 1987; Roberts et al., 1990; MacIntyre et al., 1993; Reinhard et

al., 1997).

Another approach often used to evaluate biodegradation potential is to conduct

laboratory biodegradation studies using soil samples collected from the field. In-situ

microcosms (ISM), which isolate a small volume of the aquifer, have also been used to

measure rates of biodegradation (Gillham et al., 1990; Nielsen et al., 1996). Again, the

complexity of field sites often precludes scaling from batch and ISM experiments to the

large field scale. Despite the problems of verifying magnitudes and rates of

biodegradation, this information is critical to the planning and implementation of

biodegradation-based remediation systems.

In this study, a biodegradable solute was used to measure processes that affect the

in-situ biodegradation of organic compounds undergoing transport in aquifers.

Specifically, this study investigated how residence time and scale influence the extent and

rate of in-situ biodegradation of a nontoxic, organic solute. Well-controlled field

experiments were conducted at two sites: TIAA, Arizona and Hill AFB, Utah. The

transport of the biodegradable solute was compared to that of bromide and/or

pentafluorobenzoic acid, which are conservative, non-degradable tracers. In addition,

laboratory experiments were conducted to simulate both the flow velocity and residence

time conditions existent in the field. This allowed for assessment of the viability of using

laboratory scale rate data to simulate solute transport and biodegradation in the field.
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Materials and Methods

Choice of Biodegradable Solute. The choice of biodegradable solutes involved

several criteria. First, the solutes had to be nontoxic to ensure approval from regulatory

agencies for injection into the subsurface. In addition, the compounds needed to be easy

to analyze, non-volatile and non-sorptive (minimize problems with mass balance and mass

transport), and, preferably, inexpensive. Sodium benzoate and sodium salicylate met all

these requirements. They are both used as food preservatives, both are easily detectable

using HPLC/UV methods down to 500 ug/L, both have negligible vapor pressures and

very large aqueous solubilities compared to the mg/L solubility levels of many organic

contaminants (Table 1).

Another criterion was that the solutes had to be degradable under both aerobic and

anaerobic conditions by commonly occurring soil microorganisms because the field sites

contain both types of environments. Benzoate and salicylate are both readily mineralized

under aerobic conditions, being first converted to catechol (Budavari, 1989; Altenschmidt

et al., 1993; Grund et al., 1990; Holder and Vaughan, 1987). They are also readily

biodegraded under anaerobic conditions (Battersby and Wilson, 1989; Horowitz et al.,

1983; Kobayashi et al., 1989).

Field Site 1: Tucson International Airport Area, AZ. This TCE-contaminated

field site is part of the Tucson International Airport Area (TIAA) Superfund site. The

tracer experiment was conducted in a semi-confined, 6 meter thick aquifer located 36

meters below ground surface. Soil cores showed the aquifer material to be mostly sand

with some clay lenses and cobble with an organic carbon content of 0.03%. The solutes
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were injected into the subsurface at 170 lpm for 56 hours for a total pulse of 620.000

liters. Sodium benzoate and bromide were injected together at concentrations of

approximately 45 mg/L. Sampling was conducted using an array of ten fully screened

piezometer wells and one monitoring well equipped with a 4-port, multi-level sampler

(MLS). The MLS allowed ground water samples to be collected from depth-specific

locations within the same well. The distance from the injection well to the MLS was

approximately 12 meters. Additional details regarding the field experiment are available

(Brusseau et al., 1997).

Approximately 5 to 15 ml of groundwater was sampled into 20 ml polyethylene

vials with screw caps (Research Products International, #121043). The samples were

stored under chilled conditions until analysis. Within 1 to 16 days of sampling, the

samples were autoclaved at 121°C and 17 psi for 17 minutes to prevent degradation of

benzoate in the vials. Laboratory studies showed that autoclaving does not affect the

concentration of benzoate in the samples (i.e., no occurrence of thermal degradation,

volatilization, or concentration due to evaporation of water).

Laboratory studies were conducted to examine the magnitude of benzoate

degradation during storage. Ground water was bailed from wells M72 (close to the

injection well and on the centerline flow path) and P10 (distant from the injection well

and off the centerline flow path) at the TIAA site. A fraction of this ground water was

autoclaved to provide a sterile control for the experiments. High (40 mg/L) and low (4

mg/L) benzoate concentration sets were prepared by spiking 100 ul of a concentrated

stock solution into 10 ml of non-steriled and steriled ground water using 20 ml
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polyethylene vials. The samples were stored at room temperature and analyzed after 7,

14, and 21 days for benzoate. Recall that the field samples were refrigerated, which

means that the laboratory-prepared samples are under more optimal conditions for

biodegradation. The results indicated that negligible loss of benzoate occurred for the high

concentration samples, even after 21 days. The low concentration samples showed

negligible loss of benzoate at 14 days, but measurable losses (>5%) by 21 days. Thus,

because all samples were refrigerated and sterilized within 16 days, the biodegradation

of benzoate during storage was negligible.

Field Site 2: Hill Air Force Base, Utah. This field site, located at Hill AFB in

Layton, Utah, is contaminated with a complex mixture of water-immiscible organic

compounds. The zone in which the biotracer test was conducted is part of an unconfined

aquifer that consists of fine to coarse sand, interbedded with gravel and silt layers. An

experimental cell was created by driving sheet-piles into a clay unit located approximately

10 meters below ground surface. The cell was approximately 3x5 meters and contained

4 fully screened injection wells and 3 fully screened extraction wells. A 60-point, three-

dimensional, multi-level sampling array (3x4 locations, 5 depths) connected to a vacuum

system was used to collect depth-specific water samples. The solutes were injected into

the subsurface at 7 lpm for approximately 5 hours for a total pulse of 2,000 liters. The

initial concentrations of the biotracers injected into the cell were 430 mg/L for benzoate

and 350 mg/L for salicylate.

Benzoate and salicylate were injected into the subsurface along with CaBr 2 (300

mg/L) and pentafluorobenzoic acid (260 mg/L), the nonreactive tracers. Approximately
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15 ml of groundwater was sampled into 20 ml polyethylene vials and immediately

sterilized by addition of HgC1 2 . Samples were then refrigerated at 4°C until analysis.

Sample Analysis. Prior to analysis, the samples were filtered through 0.2 um

syringe filters (Gelman, #4602) to remove particulate matter. The filtered samples were

transferred directly to 1 ml glass autosampler vials (Alltech #98210) and capped with

starburst snap plugs (Alltech #98264). Samples were analyzed with an automated HPLC

system using a mobile phase of 40% acetonitrile and 60% pH 3.6 phosphate buffer (0.01

M) and detected using an ultra-violet spectrophotometer at 235 nm. An Adsorbosphere

UHS C18 column (Alltech #288118) was outfitted with a prefilter and guard cartridge

(Alltech #96080). The detection limits for benzoate and salicylate were <500 ug/L.

Bromide was analyzed using a proprietary colorimetric technique (Alpkem).

Benzoate and salicylate calibration standards were prepared from a concentrated

stock solution. The working calibrant standards were prepared at concentrations of 100,

40, 12, 3.6, 1.08, 0.324, and 0 (blank) percent of the initial input concentration for a

given experiment. Standards were made daily for each new set of samples. All calibrant

standards were run once at the beginning of each set of samples. Subsequently, 3 to 4

calibrant standards were run after every 15 samples. A complete set of calibrant standards

was also run at the end of each set of samples. In addition, 10% of all unknown samples

were run in duplicate. Duplicate samples had relative peak area differences of < 2%.

Laboratory Scale Biodegradation Studies. Miscible displacement experiments

were performed using soil cored (well M72, 145-150 feet bgs) from the TIAA site. A 10

cm long and 5.08 cm diameter, stainless steel column was used for the experiments
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(ModCol, St. Louis). The solutions, solution reservoirs, and tubing were autoclaved prior

to the experiments. After connecting the tubing to the pump heads, the system was

flushed with 10% bleach for 1 hour, followed by a sterile Na2S 20 1 solution (0.01% by

mass) to neutralize residual bleach. This procedure prevented the introduction of

microorganisms into the column, allowing any biodegradation observed during the

experiments to be related soley to the activity of indigenous soil bacteria.

The column was flame sterilized, dry packed, and wetted for 3 days with sterile,

synthetic groundwater solution to ensure fully saturated conditions. The packed column

had a bulk density of 1.75 g cm-3 and a volumetric water content of 0.32. Sodium

benzoate (56 mg/L) and pentafluorobenzoic acid (81 mg/L) were injected at different flow

rates to simulate a range of pore water velocities and residence times (Table 2). The range

of residence times spanned the range of residence times observed at the field sites.

Data Analysis

Mass recoveries and travel times for the nonreactive tracers and for the

biodegradable solutes were calculated by analyzing the breakthrough curves using moment

analysis. The zeroth moment is a measure of the mass recovered for a given tracer:

Mo f Cs dt
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The first moment measures the mean arrival of the solute pulse:

M1 — f C*t dt

The mean travel time (MTT) of the tracers is the time required for the mean position of

the tracer pulse to move from the injection well to a given monitoring location:

MTT — Mi,no„ — 0 . 5 To

where MI,norm is MI divided by Mo . The retardation factors for the nonreactive tracers are

equal to the first normalized moment. The percent recovery of the biodegradable solutes

was referenced to the recovery of the nonreactive tracers and is defined as follows:

MO bt Recovery (%) 	 *100
.1% ,

The input pulse of the tracers was an experimental measurement, but can be normalized

by dividing the input pulse in real time by the mean travel time of the nonreactive tracers:

To, norm MIT t
tIP
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The breakthrough curves for the nonreactive tracers were used to determine Peclet

numbers, which are a measure of the hydrodynamic dispersion in the systems. This was

done using a nonlinear, least-squares optimization program (CFITIM; van Genuchten,

1981). First-order biodegradation constants were calculated by fitting the breakthrough

curves using a model incorporating rate-limited sorption and 3-phase degradation (van

Genuchten and Wagenet, 1989). This was done using a nonlinear, least-squares

optimization program (FITNLNED; Jessup et al., 1987). The program contained four

fitting parameters (P, R, T o , Xe), for which only xe (the nondimensional degradation

constant) was optimized. The Peclet number, retardation factor, and input pulse were all

determined independently. The nondimensional degradation constant is defined as follows:

Ira

where la (t- ') is the first-order biodegradation constant, L the length of the system, and v

(LC') the pore water velocity.

Results

Site 1: TIAA. Bromide, the nonreactive tracer, was not retarded by the aquifer

material (Table 3). The Peclet number values ranged from approximately 3 to 15. The
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normalized input pulses ranged from 0.3 to 1.3. This is a result of the heterogeneous

nature of the aquifer system. Not all portions of the aquifer will have equal volumes of

flow due to hydraulic conductivity variations. The breakthrough curves for wells with

larger normalized input pulses reached larger maximum relative concentrations.

Representative breakthrough curves of the nonreactive tracers and biotracers are shown

for wells M73-B, M73-D, P8, and P10 (Figure 1).

For all monitoring locations, the recovery of bromide was greater than the

recovery of benzoate. In addition, the concentrations of benzoate return to zero much

earlier than do those of bromide. The mass recoveries for benzoate ranged from 14 to 81

percent (Table 4) and decreased as the residence time (MTTbr) to a given well increased

(Figure 4). The residence time for a given monitoring location was a function of its

distance from the injection well and the permeability of its flow domain.

The mass loss of benzoate was due to biodegradation. Batch biodegradation

experiments using ' 4C-benzoate and soil cored from the site confirmed that the indigenous

microflora were capable of degrading benzoate. Other mass loss processes such as

volatilization, sorption, and hydrolysis were not operable for these experiments. The

biodegradation rate constants remained relatively constant, ranging from 0.20 to 0.48 d -1

(Table 4). The first-order biodegradation model fit the breakthrough curves well. A wider

range of rate constants might have been expected, considering the heterogeneous nature

of the subsurface.

Site 2: Hill AFB. Pentafluorobenzoic acid, the nonreactive tracer, was not retarded

by the aquifer material (Table 5). The Peclet number values ranged from approximately
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3 to 15. The CH 1 IM optimization program for the advective/dispersive transport equation

did not fit the data accurately, indicating the presence of nonideal flow domains. The

Peclet values were then estimated by fixing the normalized input pulse and fitting the

breakthrough curves manually by varying the values for P and R. This resulted in

reasonable fits to the observed data.

The normalized input pulses ranged from 0.11 to 0.83, with the largest value

obtained at the monitoring location closest to the injection wells (R-21). Monitoring points

located further from the injection wells had lower injection pulses due to larger flow

domains. Representative breakthrough curves of the nonreactive tracers and biotracers are

shown for wells R-21, R-23, which are multi-level samplers located along the center line

of flow, and E-52, which is an extraction well (Figure 2).

The recoveries of benzoate and salicylate were less than the recoveries of

pentafluorobenzoic acid for all monitoring locations. As before, batch biodegradation

experiments using ' 4C-benzoate and soil cored from the site confirmed that indigenous

microflora were capable of degrading benzoate and other mass loss processes such as

volatilization, sorption, and hydrolysis were not operable at this site. Similar to the

previous site, benzoate and salicylate concentrations returned to zero much earlier than

did those of pentafluorobenzoic acid.

The mass recoveries ranged from 74 to 97 percent for benzoate and 58 to 91

percent for salicylate, with recoveries being consistently lower for salicylate than for

benzoate (Table 6). As with the TIAA site, the recoveries decreased as the residence
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times (M'FTbr) to a given well increased. In addition, the first-order biodegradation rate

constants remained relatively constant (Table 6).

Laboratory experiments. Both pentafluorobenzoic acid and bromide were not

retarded by the aquifer material (Table 7). Pentafluorobenzoic acid was used as the

nonreactive tracer in most of the experiments because it is easier to analyze. However,

because bromide was used at the TIAA field site, its transport behavior was compared to

that of pentafluorobenzoic acid. Both bromide and pentafluorobenzoic acid yielded

virtually identical breakthrough curves and Peclet number values (Figure 3a). The Peclet

numbers for all the experiments remained relatively constant, at approximately 21. This

was true even for the experiment with the lowest pore water velocity (0.20 cm hr-1 ),

which indicates that longitudinal diffusion was negligible. All the experiments received

an input pulse equivalent to approximately one pore volume, which was within the input

pulse range injected at Site 1.

Breakthrough curves for benzoate are shown for all the residence times, 0.6 h

(fast-velocity), 4.8 h (medium-velocity), and 50 h (slow-velocity) (Figure 3b). The

breakthrough curve of pentafluorobenzoic acid is shown as a reference for the mass loss

of benzoate. A fast-velocity experiment (17.8 cm h - '; fast-1) was conducted initially to

acclimate the column to the presence of benzoate. A slow-velocity experiment (0.196 cm

W I ) was then conducted, followed by another fast-velocity experiment (fast-2) to test for

changes in system conditions. The medium-velocity (2.10 cm 11 - ') experiment was then

conducted, followed by the third fast-velocity experiment (fast-1), the purpose of which,

again, was to test for changes in system conditions.
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Benzoate exhibited minimal mass loss for all the fast-velocity experiments

(MTT.,--0.6 hr), with mass recoveries between 93 to 100 percent (Table 8). The slight

increase in mass loss, from experiments 1 to 3, was due, perhaps, to acclimation or

increased biomass. However, the differences were small, indicating that all the

experiments were conducted under similar conditions. The recoveries decreased as the

residence times increased, consistent with the results of the field experiments. Mass

recoveries dropped to 62% for a residence time of 4.8 hours and to 29% for a residence

time of 50 hours (Table 8). The mass loss for the laboratory experiments was 30% to

40% greater than the corresponding mass losses in the field experiments for similar

residence times.

The first-order biodegradation rate constants (p) ranged from 0.6 to 4.6 cl-t (Table

8). The g values for subsequent fast-velocity experiments increased (0.6 to 0.8 to 2.8 S I ),

indicating that there may have been increased microbial activity in the column as the

experiments progressed. The rate constants for the fast-velocity experiments increased 4.6

times even though mass loss differences decreased only 1.08 times. The first-order model

fit the fast-velocity data well (Figure 3b).

Discussion

Recoveries. The results of the field and laboratory transport experiments indicate that

the biodegradable solutes were, in fact, degraded and that the extent of mass loss was
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highly correlated to residence time. The correlation of mass recovery with residence time

may make sense intuitively, however, many factors could have confounded this trend. It

would be expected that the two field sites would have different microbial populations that

may vary spatially, and that environmental factors (i.e., dissolved oxygen levels, toxicity

from contaminants) affecting those populations would be different, as well. The swept

zone (35 meters bgs) of the TIAA site is lightly contaminated as compared to the swept

zone (5 meters bgs) of the Hill site. The TIAA site contains low (sub mg/L)

concentrations of TCE, while the Hill site contains high (mg/L) concentrations of mixed

organic contaminants (jet fuel, degreasing solvents), as well as NAPL phases.

For benzoate, the field data for both sites fall on the same line. This was

unexpected due to the differences between the sites noted above. In addition, the benzoate

solution injected at the Hill AFB site (430 mg/L) was 9.6 times more concentrated than

at the TIAA site (45 mg/L). However, benzoate is likely degraded by a wide variety of

bacteria common to many soil types, which would lessen the differences between sites.

The recoveries for salicylate at Hill AFB did not fall in line with the recoveries

for benzoate at either field site (Figure 4). The salicylate data had a slightly steeper slope

as a result of greater mass loss, which also resulted in larger biodegradation rate

constants. The slightly faster degradation of salicylate is reasonable given that salicylate

is more degradable than benzoate. Salicylate has a greater aqueous solubility than

benzoate and it is an intermediate in the aerobic and, to a lesser extent, anaerobic

degradation pathways of aromatic hydrocarbons.
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The laboratory data for benzoate showed greater mass loss than the corresponding

field data. Exclusive of the fast-velocity experiments, which showed very little mass loss,

the laboratory experiments exhibited approximately 30% greater mass loss than the field

data for the 4.76 hour residence time, and 40% greater mass loss than the field data for

the 50.0 hour residence time. Greater mass loss for experiments conducted under

laboratory conditions as compared to field conditions has been previously reported

(Chapelle et al., 1996). Although no definitive explanations exist for the scale-dependent

behavior of biodegradation, it is probably due to several factors. These factors may

include the homogeneity imposed when packing a column with cored aquifer material, the

differences in temperatures between aquifers and temperature-controlled laboratories, and

the greater dissolved oxygen content in laboratory solutions versus ground water.

Biodegradation Rate Constants. The rate constants remained relatively constant as a

function of residence time at each field site (Figure 5). The rate constants varied from

0.20 to 0.48 d -1 for the TIAA site and 0.11 to 0.49 (I- ' (exclusive of R-22) for the Hill

site. These rate constants are 20 to 50 times larger than the rate constants reported for

benzene (0.007 d - '), p-xylene (0.011 d -1 ), naphthalene (0.0064 d - '), and o-dichlorobenzene

(0.0046 d - ') for a field experiment conducted at Columbus Air Force Base (MacIntyre et

al., 1993). They are also 20 times larger than the rate constant reported for toluene

(0.0075 to 0.03 d - ') for a field experiment conducted at Hanahan, South Carolina

(Chapelle et al., 1996). The rate constants from this study are similar in magnitude to

those measured for alkylbenzenes, PAH, and chlorinated benzenes using in-situ

microcosms (0.2 to 0.9 d- ') (Nielsen et al., 1996). Finally, the field-measured rate
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constants were 30 to 800 times smaller than rate constants measured from laboratory

column experiments for BTEX and alkylbenzenes (6 to 170 (1 -1 ), with their rate constants

being larger for the short residence time (0.12 h) experiments than the longer (4.2 h)

residence time experiments (Angley et al., 1992).

As with the extents of mass loss, it was not expected that all monitoring locations

would have the similar rates constants 40. The small range of rate constants might be the

result of populations of microflora present only in the more permeable regions of the

aquifer. It is also possible that dissolved oxygen concentrations limited the rate of

biodegradation. However, dissolved oxygen concentrations at the TIAA site were in the

range of 1 to 3 mgL-1 and in the range of 2 to 4 mgl. - ` at the Hill site, which are similar

to DO levels for aerobic sludge digestion. Thus, it may not be likely that low dissolved

oxygen levels limited rates of biodegradation for these studies.

Not only were the biodegradation rate constants similar for a given site, the rate

constants were similar in magnitude between the two field sites. In addition, the recovery

versus residence time correlations were similar between the two field sites. The fact that

the rates constants remained constant could explain the uniform correlation between mass

recovery and residence time. To simulate biodegradation conditions without oxygen

limitations, a series of mass recoveries was calculated as a function of residence time

(Xe), using FITNLNED, for a fixed rate constant (0.24 d - '). The results are very similar

to the observed field data, again indicating that dissolved oxygen levels probably did not

limit the extent of observed biodegradation (Figure 4).
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The laboratory experiments reported for this study had influent DO concentrations

of approximately 4 mgL -1 and column effluent DO concentrations of 1 to 2 mgL - '. Further

laboratory experiments were conducted using influent solutions sparged with oxygen

(Table 2). The influent reservoirs maintained DO levels _�.12 mg1 -1 (limit for CHEMets

colorimetric analysis) and the column effluent maintained DO levels of .�8 mg1 -1 . These

experiments have been finished and the samples analyzed, however, the data has yet to

be analyzed. It is expected that greater mass loss and larger rate constants will be

observed. A series of experiments will also be conducted to observed the influence of

substrate concentration on mass recovery and biodegradation rate constants., Laboratory

experiments will also be conducted to test the effect of substrate concentration on rates

of biodegradation. This data will not be included in this dissertation.
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Table 1. Physical/Chemical Properties of the Biotracers.

Property	 Sodium Benzoate	 Sodium Salicylate

Molecular Mass (g mole)	 144.11 	160.11

Vapor Pressure' (Pa)	 1.47	 0.44

Aqueous Solubility' (mole 1. - ')	 3.82	 6.87

pKa 	4.20	 2.97, 13.7

Toxicity	 non-toxic	 non-toxic

1 Vapor pressures are for the acid forms of the compounds (Mackay et al., 1995).

2 Budavari (1989).
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Table 2. Laboratory Benzoate Biodegradation Experiments.

Experiment	 Velocity Residence Time 	 02 Sparge

(cm hi	 (h)

fast-1	 17.8	 0.563	 no

slow	 0.196	 50.0	 no

fast-2	 17.5	 0.573	 no

medium	 2.10	 4.76	 no

fast-3 * 	17.2	 0.582	 no

fast-a	 17.8	 0.561	 no

intermediate	 1.00	 10.0	 no

medium fast	 4.00	 2.50	 no

fast-ox	 20.0	 0.5	 yes

mfst-ox	 4.00	 2.50	 yes

it-ox 	1.00	 10.0	 yes

* Bromide was used as conservative tracer.
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Table 3. Tracer Transport Characteristics: Site 1, TIAA.

Well Input Pulse

(hr)

Norm. Pulse Rnrt Peclet'

M73-A 56 0.80 1.0 2.9 (2.4, 3.5)

M73-B 56 0.70 1.0 6.5 (6.2, 6.8)

M73-C 56 0.90 1.0 3.7 (3.4, 4.0)

M73-D 56 0.98 1.0 3.1	 (2.9, 3.3)

M72 56 0.79 1.1 13	 (11,	 15)

P8 56 1.34 1.1 3.4 (2.2, 4.7)

P10 56 0.31 1.0 15	 (13,	 16)

Values in parenthesis are 95% confidence intervals.
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Table 4. Recoveries and Rate Constants: Site 1, TIAA.

Well MTT,b, MTT,bzt Othbt. Recovery II

(hr) (hr) (hr) (%) (c1-')

M73-A 71 56 56.5 57 0.24

M73-B 78 69 54.0 55 0.20

M73-C 64 58 57.7 63 0.21

M73-D 61 50 59.0 66 0.21

M72 60 34 47.5 32 0.48

P8 34 30 45.0 81 0.21

P10 150 120 46.6 14 0.33
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Table 5. Tracer Transport Characteristics: Site 2, Hill AFB.

Well Input Pulse

(hr)

Norm. Pulse Rut Pecletl

R-21 4.8 0.83 1.0 34

R-22 4.8 0.39 1.0 18

R-23 4.8 0.11 1.0 5.7

R-24 4.8 0.29 1.0 7.2

E-52 4.8 0.14 1.0 4.7

1 Peclet values are estimates. The Brenner solution did not fit these data accurately.



131

Table 6. Recoveries and Rate Constants: Site 2, Hill AFB.

Well MTT,

(hr)

MTT,b,1

(hr)

othnrt

(hr)

Recovery'

(%)

P-3

(d-')

R-21 5.87 5.42 /5.33 4.90 93.0 / 90.7 049 / 3.8

R-22 12.6 9.69 / --- 4.92 96.9 / --- 2.4 / -

R-23 44.5 39.9 / 34.2 4.92 74.0 / 58.2 0.17 ,025

R-24 16.8 13.7 / 14.4 4.93 87.8 / 83.2 Q17 /059

E-52 34.4 26.0 / 24.3 4.87 87.2 / 74.3 all 1Q21

I Mean travel times listed for benzoate / salicylate.

2 Recoveries listed for benzoate / salicylate.

3 First-order rate constants listed for benzoate / salicylate; estimates only.
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Table 7. Tracer Transport Characteristics: Lab-scale.

Expt. Input Pulse

(hr)

Norm. Pulse R Peclet1

fast-1 0.648 1.15 1.0 18.8 (16.7, 20.9)

slow 58.4 1.17 1.0 23.4 (21.7, 25.2)

fast-2 0.648 1.13 1.0 19.1 (17.4, 20.8)

medium 5.42 1.14 1.0 21.8 (19.4, 24.3)

fast-3 2 0.657 1.15 1.0 31.1 (14.8, 47.5)

1 Values in parenthesis are 95% confidence intervals.

2 Bromide was used as the nonreactive tracer for this experiment.
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Table 8. Recoveries and Rate Constants: Lab Scale.

Well 1\417,1-t

(hr)

MTT,b,

(hr)

O ffi nn

(hr)

Recovery

(%)

11

(d- I)

fast-1 0.563 0.558 0.657 100 0.597

slow 50.0 54.4 60.0 28.6

fast-2 0.573 0.569 0.655 97.9 0.838

medium 4.76 4.01 5.39 62.1

fast-3 0.582 0.568 0.671 92.5 2.80



134

Figure 1. a) Break-through curves for sodium benzoate and bromide (location M73-B) at

site 1: TIAA. The residence time was 78 hours and the recovery of benzoate was 55

percent. Solid lines are model simulations. b) Break-through curves for sodium benzoate

and bromide (location M73-D) at site 1: TIAA. The residence time was 61 hours and the

recovery of benzoate was 66 percent. Solid lines are model simulations. c) Break-through

curves for sodium benzoate and bromide (location P-8) at site 1: TIAA. The residence

time was 34 hours and the recovery of benzoate was 81 percent. Solid lines are model

simulations. d) Break-through curves for sodium benzoate and bromide (location P-10)

at site 1: TIAA. The residence time was 150 hours and the recovery of benzoate was 14

percent. Solid lines are model simulations.

Figure 2. a) Break-through curves for sodium benzoate, sodium salicylate, and bromide

(location 21-red) at site 2: Hill AFB. The residence time was 5.9 hours and the recoveries

were 93 percent for benzoate and 91 percent for salicylate. b) Break-through curves for

sodium benzoate, sodium salicylate, and bromide (location 23-red) at site 2: Hill AFB.

The residence time was 45 hours and the recoveries were 74 percent for benzoate and 58

percent for salicylate. c) Break-through curves for sodium benzoate, sodium salicylate,

and bromide (location 52-extraction) at site 2: Hill AFB. The residence time was 34 hours

and the recoveries were 87 percent for benzoate and 74 percent for salicylate.
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Figure 3. a) Breakthrough curves of pentafluorobenzoic acid and bromide for all the

laboratory-scale experiments. Values of the Peclet numbers were independent of pore

water velocity and tracer type. b) Break-through curves of sodium benzoate for all the

laboratory-scale experiments. The residence times for the nonreactive tracers were 0.56

(fast-1), 0.57 (fast-2), 0.58 (fast-3), 4.8 (medium), and 50 (slow) hours. The percent

recoveries of benzoate were 100 (fast-1), 98 (fast-2), 93 (fast-3), 62 (medium), and 29

(slow). Model simulations for the medium and slow experiments were not accurate.

Figure 4. A plot of percent recoveries for the biotracers as a function of residence time

for the field sites and the laboratory experiments. The laboratory-scale experiments

showed more mass loss than the field-scale experiments.

Figure 5. A plot of first-order biodegradation rate constants (day') as a function of

residence time for the field sites and laboratory experiments. The rate constants were

relatively constant.



co
d

U01.1.1D-14UGOU00 GAR.Dia

136



137

.

cn
U)

E
D

0
>

CDL._
0

0_

oo	 to	 NI-	 cv	 o
o	 6	 6	 6

	
6

U011.11.11UGOU00 anpiDia



138

U 0 14 ID -11 UGO U00 @Al I. D i 9



139

LC)
	

ro	 CV
	

'I
	 o

 ci
	

ci
	

ci
	

0
•	 d

U014D-11.U90U00 GAIlIDIGèi



140

co
cL)
E
0
-6
>
0
L...

oa_

1 1 1 i

co CD Ni- N o

uopli..queouoo 9/\11.1Die?j



n ••n 10,

•

cn

0

••• • •••••

141

1	 I	 I	 0

0	 LO	 0	 LO	 0
C\1	 .—	 N•-•	 0	 o
6	 6	 6	 6	 6

UOI1.DJ1.UOUOD 9 A1.1.1D



1

- 'T--

i

0
N

Lf")
1-"-

Lo
o

o
o
do

co

•0

I

0
T"""

142

U 0 I 1. D -1 ; G O UO3 GAI 1. D I a è=1



143

NI	 0	 00	 CD	 't	 NI	 0

4--	 s--	 6	 6	 6	 6	 6

U014D-11.U93U00 GAI4D191



144

0
	

c0
	

CD
	 .4-	 cN

	
0

T"-

	 6
	

6
	

6	 6	 6

U011.1DJI.UGOU00 GAI4DIG



145

0

71"
CI)

/DJ)
• •-4
4-i

CD
CN1

0

•
-

-

-

i



-

-

-

146

• • 0 *

•

•
0	 •

1 * 	,	 1	 1 * * , 
Cr) 	N	 ,---,

	

0

(Jçrpft) lumsuoD mull

0



147

REFERENCES

Adriaens, P.; Fu, Q.; Grbic-Galic, D. 1995. Bioavailability and transformation of highly
chlorinated dibenzo-p-dioxins and dibenzofurans in anaerobic soils and sediments.
Environ. Sci. Technol., 29, 2252-2260.

Aggarwal, P.K.; Fuller, M.E.; Gurgas, M.M.; Manning, J.F.; Dillon, M.A. 1997. Use of
stable oxygen and carbon isotope analyses for monitoring the pathways and rates of
intrinsic and enhanced in situ biodegradation. Environ. Sci. Technol., 31, 590-596.

Aiken, G.R.; McKnight, D.M.; Wershaw, R.L.; MacCarthy, P. In, Humic Substances in
Soil, Sediment, and Water; Aiken, McKnight, Wershaw, and MacCarthy (Eds.); John
Wiley & Sons, 1985, pp. 1-9, 457-476.

Altenschmidt, U.; Oswald, B.; Steiner, E.; Herrmann, H.; Fuchs, G. 1993. New aerobic
benzoate degradation pathway via benzoyl-coenzyme A and 3-hydroxybenzoyl-coenzyme
A in a denitrifying Pseudomonas sp. J. Bacteriol., 175, 4851-4858.

Anderson, T.A.; Guthrie, E.A.; Walton, B.T. 1993. Bioremediation in the rhizosphere.
Environ. Sci. Technol., 27, 2630-2636.

Angley, J.T.; Brusseau, M.L.; Miller, W.L.; Delfino, J.J. 1992. Nonequilibrium sorption
and aerobic biodegradation of dissolved alkylbenzenes during transport in aquifer
material: column experiments and evaluation of a coupled-process model. Environ. Sci.
Technol., 26, 1404-1410.

Atlas, R.M. 1995. Bioremediation. Chem. Engineer. News, 73(14), 32-42.

Bahnick, D.A. and Doucette, W.J. 1988. Use of molecular connectivity indices to estimate
soil sorption coefficients for organic chemicals. Chemosphere, 17, 1703-1715.

Ball, W.P. and Roberts, P.V. 1991a. Environ. Sci. Technol., 25, 1223-1236.

Ball, W.P. and Roberts, P.V. 1991b. Environ. Sci. Technol., 25, 1237-1249.

Barker, J.F.; Patrick, G.C.; Major, D. 1987. Natural attenuation of aromatic hydrocarbons
in a shallow sand aquifer. Ground Water Monit. Rev., winter, 64-71.

Battersby, N.S.; Wilson, V. 1989. Survey of the anaerobic biodegradation potential of
organic chemicals in digesting sludge. Appl. Environ. Microbiol., 55, 433-439.

Bedard, D.L. and May, R.J. 1996. Characterization of the polychlorinated biphenyls in the



148

sediments of Wood Pond: evidence for microbial dechlorination of Aroclor 1260 in situ.
Environ. Sci. Technol., 30, 237-245.

Bedard, D.L.; Bunnell, S.C.; Smullen, L.A. 1996. Stimulation of microbial para-
dechlorination of polychlorinated biphenyls that have persisted in Housatonic River
sediment for decades. Environ. Sci. Technol., 30, 687-694.

Borden, R.C.; Gomez, C.A.; Becker, M.T. 1995. Geochemical indicators of intrinsic
bioremediation. Ground Water, 33, 180-189.

Bosma, T.N.P.; Middeldorp, P.J.M.; Schraa, G.; Zehnder, A.J.B. 1997. Mass transfer
limitation of biotransformation: quantifying bioavailability. Environ. Sci. Technol., 31,
248-252.

Brusseau, M.L. and Rao, P.S.C. 1989a. CRC Crit. Rev. Environ. Control., 19, 33-99.

Brusseau, M.L. and Rao, P.S.C. 1989b. The influence of sorbate-organic matter
interactions on sorption nonequilibrium. Chemosphere, 18, 1691-1706.

Brusseau, M.L. and Rao, P.S.C. 1991. Influence of sorbate structure on nonequilibrium
sorption of organic compounds. Environ. Sci. Technol., 25, 1501-1506.

Brusseau, M.L.; Jessup, R.E.; Rao, P.S.C. Environ. Sci. Technol. 1991, 25, 134-142.

Brusseau, M.L.; Jessup, R.E.; Rao, P.S.C. 1992. Modeling solute transport influenced by
multiprocess nonequilibrium and transformation reactions. Water Resour. Res., 28, 175-
182.

Brusseau, M.L. 1993. Using QSAR to evaluate phenomenological models for sorption of
organic compounds by soil. Environ. Toxicol. Chem., 12, 1835-1846.

Burris, D.R.; Antworth, C.P.; Stauffer, T.B.; MacIntyre. Environ. Toxicol. Chem. 1991,
10, 433-440.

Carroll, K.M.; Harkness, M.R.; Bracco, A.A.; Balcarcel, R.R. Environ. Sci. Technol. 1994,
28, 253-258.

Cerniglia, C.E.; Heitkamp, M.A. 1989. Microbial degradation of polycyclic aromatic
hydrocarbons (PAH) in the aquatic environment. In, Metabolism of Polycyclic Aromatic
Hydrocarbons in the Aquatic Environment, U. Varanasi (ed), CRC Press, pp. 41-68.

Chang, H-L.; Alvarez-Cohen, L. 1995. Model for the cometabolic biodegradation of
chlorinated organics. Environ. Sci. Technol., 29, 2357-2367.



149

Chapelle, F.H.; Bradley, P.M.; Lov ley, D.R.; and Vroblesky. D.A. 1996. Measuring rates
of biodegradation in a contaminated aquifer using field and laboratory methods. Ground
Water, 34, 691-698.

Chen, Y.; Schnitzer, M. 1989. Sizes and shapes of humic substances by electron
microscopy. In, Humic Substances II: In search of structure; M.H.B. Hayes, P.
MacCarthy, R.L. Malcolm, R.S. Swift (eds); John Wiley & Sons, pp. 621-638.

Chen, Y-M.; Abriola, L.M.; Alvarez, P.J.J.; Anid, P.J.; Vogel, T.M. 1992. Modeling
transport and biodegradation of benzene and toluene in sandy aquifer material:
comparisons with experimental measurements. Water Resour. Res., 28, 175-182.

Chin, Y-P. and Weber,Jr., W .J . Environ. Sci. Technol. 1989, 23, 978-984.

Chin, Y-P.; Weber,Jr., W.J.; Chiou, C.T. In, Organic Substances and Sediments in Water.
Humics and Soils; R.A. Baker, Ed.; 1991, 1, 251-273.

Chiou, C.T. 1989. Theoretical Considerations of the Partition Uptake of Nonionic Organic
Compounds by Soil Organic Matter. In: B.L. Sawhney and K. Brown, eds.; Reactions and
Movements of Organic Chemicals in Soils. SSSA Special Publication #22, Madison, WI,
pgs. 1-29.

Chiou, C.T.; Peters, L.J.; Freed, V.H. Science. 1979, 206, 831-832.

Chiou, C.T.; Porter, P.E.; Schmedding, D.W. Environ. Sci. Technol. 1983, 17, 227-231.

Choudhry, G.G. Humic Substances. Structural, Photophysical, Photochemical, and Free
Radical Aspects and Interactions with Environmental Chemicals. Gordon and Breach
Publishers, 1984, p.3-10.

Clapp, C.E.; Emerson, W.W.; Olness, A.E. 1989. Sizes and shapes of humic substances
by viscosity measurements. In, Humic Substances II: In search of structure; M.H.B.
Hayes, P. MacCarthy, R.L. Malcolm, R.S. Swift (eds); John Wiley & Sons, pp. 498-514.

Coats, J.T. and Elzerman, A.W. 1986. Desorption kinetics for selected PCB congeners
from river sediments. J. Contam. Hydrol., 1, 191-210.

Crocker, F.H.; Guerin, W.F.; Boyd, S.A. 1997. Bioavailability of naphthalene sorbed to
cationic surfactant-modified smectite clay. Environ. Sci. Technol., 29: 2953-2958.

Das, B.S.; Kluitenberg, G.J. 1996. Moment analysis to estimate degradation rate constants
from leaching experiments. Soil Sci. Soc. Am. J., 60, 1724-1731.



150

Devare; Alexander, M. 1995. Soi/ Sci. Soc. Am. J., 59, 1316-1320.

Estrella, M.R.; Brusseau, M.L.; Maier, R.S.; Pepper, I.L.; Wierenga, P.J.; Miller, R.M.
1997. Biodegradation, sorption, and transport of 2,4-dichlorophenoxyacetic acid in
saturated and unsaturated soils. Appl. Environ. Microbiol., 59: 4266-4273.

EST staff. 1996. First U.S. controlled-release site opens to test technologies at Dover Air
Force Base. Environ. Sci. Technol., 30; 334a.

EST special issue. 1996. Trends and challenges: the new environmental landscape.
Environ. Sci. Technol., 30, 24a-44a.

Evans, W.C. 1977. Biochemistry of the bacterial catabolism of aromatic compounds in
anaerobic environments. Nature, 270, 17-22.

Fredrickson, I.K.; Bolton, Jr., H.; Brockman, F.J. 1993. In situ and on-site bioreclamation.
Environ. Sci. Technol., 27, 1711-1716.

Freeman, D.H.; Cheung, L.S. Science. 1981, 214, 790-792.

Fu, M.H.; Alexander, M. 1992. Biodegradation of styrene in samples of natural
environments. Environ. Sci. Technol., 26, 1540-1544.

Fu, M.H.; Mayton, H.; Alexander, M. 1994. Desorption and biodegradation of sorbed
styrene in soil and aquifer solids. Environ. Toxicol. Chem., 13, 749-753.

Gamerdinger, A.P.; Wagenet, R.J.; van Genuchten, M.Th. 1990. Application of two-
site/two-region models for studying simultaneous nonequilibrium transport and
degradation of pesticides. Soil Sci. Soc. Am. J., 54, 957-963.

Gamerdinger, A.P.; Lemley, A.T.; Wagenet, R.J. 1991. Nonequilibrium sorption and
degradation of three 2-chloro-s-triazine herbicides in soil-water systems. J. Environ. Quai.,
20, 815-822.

Garbarini, D.R. and Lion, L.W. Environ. Sci. Technol. 1985, 19, 1122-1128.

Gibson, D.T.; Koch, J.R.; Kallio, R.E. 1968. Oxidative degradation of aromatic
hyrdocarbons by microorganisms: I. enzymatic formation of catechol from benzene.
Biochemistry, 7, 2653-2662.

Gillham, R.W.; Starr, R.C.; Miller, D.J. 1990. A device for in situ determination of
geochemical transport parameters 2. biochemical reactions. Ground Water, 28, 858-862.



151

Grasso, D.; Smets, B.F.; Strevett, K.A.: Machinist, B.D.; Van Oss, C.J.; Giese, R.F.; Wu,
W. 1996. Impact of physiological state on surface thermodynamics and adhesion of
Pseudomonas aeruginosa. Environ. Sci. Technol., 30, 3604-3608.

Grbic-Galic, D. 1990. Anaerobic microbial transformation of nonoxygenated aromatic and
alicyclic compounds in soil, subsurface, and freshwater sediments. In. Soil Biochemistry,
vol. 6, Bollag, J-M.; Stotzky, G. (eds), Marcel Dekker, New York, 117-189.

Grund, E.; Knorr, C.; Eichenlaub, R. 1990. Catabolism of benzoate and monohydroxylated
benzoates by Amycolatopsis and Streptomyces. Appl. Environ. Microbiol., 56, 1459-1464.

Guerin, W.F.; Boyd, S.A. 1992. Differential bioavailability of soil-sorbed naphthalene to
two bacterial species. Appl. Environ. Microbiol., 58, 1142-1152.

Hart, Stephen. 1996. In situ bioremediation: defining the limits. Environ. Sci. Technol.,
30, 398a-401a.

Harvey, R.W.; Metge, D.W.; Kinner, N.; Mayberry, N. 1997. Physiological considerations
in applying laboratory-determined buoyant densities to predictions of bacterial and
protozoan transport in groundwater: results of in-situ and laboratory tests. Environ. Sci.
Technol., 31, 289-295.

Hassett, J.J.; Banwart, W.L. In, Reactions and Movements of Organic Chemicals in Soils;
B.L. Sawhney and K. Brown (Eds.); 1989, SSSA Special Publication #22, 31-44.

Ho, S.V; Sheridan, P.W.; Athmer, C.J.; Heitkamp, M.A.; Brackin, J.M.; Weber, D.; and
Brodsky, P.H. 1995. Integrated in situ soil remediation technology: the lasagna process.
Environ. Sci. Technol., 29; 452a, 2528-2534.

Holder, G.A.; Vaughan, G.M. 1987. Benzoate removal by aerobic bioslimes. Wat. Res.,
11 . 1355-1362.

Horowitz, A.; Suflita, J.M.; Tiedje, J.M. 1983. Reductive dehalogenations of
halobenzoates by anaerobic lake sediment microorganisms. Appl. Environ. Microbiol., 45;
1459-1465.

Hradil, J.; Svec, F.; Podlesnyuk, V.V.; Marutovskij, R.M.; Friedman, L.E.; Klimenko,
N.A. Ind. Eng. Chem. Res. 1991, 30, 1926-1931.

Hu, Q.; Wang, X.; and Brusseau, M.L. 1995. Quantitative structure-activity relationships
for evaluating the influence of sorbate structure on sorption of organic compounds by soil.
Environ. Toxicol. Chem., 14, 1133-1140.



152

Hutchins, S.R.; Sewell, G.W.; Kovacs, D.A.; Smith, G.A. 1991. Biodegradation of
aromatic hydrocarbons by aquifer microorganisms under denitrifying conditions. Environ.
Sci. Technol., 25, 68-76.

Jacobson, J.; Frenz, J.; Horvath, C. J. Chromatog. 1984, 316, 53-68.

Jinno, K. and Kawasaki, K. J. Chromatog. 1984, 316, 1-23.

Jury, W.A.; Winer, A.M.; Spencer, W.F.; Focht, D.D. 1987. Transport and transformations
of organic chemicals in the soil-air-water ecosystem. Rev. Environ. Contam. Toxicol., 99,
119-162.

Karickhoff, S.W. 1984. Organic Pollutant Sorption in Aquatic Systems. J. Hydraulic
Engineer., 110, 707-735.

Karickhoff, S.W. and Morris, K.R. 1985. Sorption dynamics of hydrophobic pollutants
in sediment suspensions. Environ. Toxicol. Chem., 4, 469-479.

Kelsey, J.W.; Kottler, B.D.; Alexander, M. 1997. Selective chemical extractants to predict
bioavailability of soil-aged organic chemicals. Environ. Sci. Technol., 31, 214-217.

Klecka, G.M.; Davis, J.W.; Gray, D.R.; and Madsen, S.S. 1990. Natural bioremediation
of organic contaminants in ground water: Cliffs-Dow superfund site. Ground Water, 28,
534-543.

Kobayashi, H. and Rittmann, B.E. 1982. Microbial removal of hazardous organic
compounds. Environ. Sci. Technol., 16, 170a-18 la.

Kobayashi, T.; Hashinaga, T.; Mikami, E.; Suzuki, T. 1989. Methanogenic degradation
of phenol and benzoate in acclimated sludges. Wat. Sci. Tech., 21, 55-65.

Kuhn, E.P.; Zeyer, J.; Eicher, P.; Schwarzenbach, R.P. 1988. Anaerobic degradation of
alkylated benzenes in denitrifying laboratory aquifer columns. Appl. Environ. Microbiol.,
54, 490-496.

Lee, L.S.; Rao, P.S.C.; Brusseau, M.L.; and Ogwada, R.A. 1988. Nonequilibrium sorption
of organic contaminants during flow through columns of aquifer materials. Environ.
Toxicol. Chem., 7, 779-793.

Macdonald, J.A. and Kavanaugh, M.C. 1994. Restoring contaminated groundwater: an
achievable goal? Environ. Sci. Technol., 28, 362a-368a.



153

MacIntyre, W.G.; Boggs, M.; Antworth, C.P.; Stauffer, T.B. 1993. Degradation kinetics
of aromatic organic solutes introduced into a heterogeneous aquifer. Water Resour. Res.,
29, 4045-4051.

Mackay, D.M. and Cherry, J.A. Environ. Sci. Technol. 1989, 23, 630-636.

Mackay, D.M.; Roberts, P.V.; Cherry, J.A. Environ. Sci. Technol. 1985, 19, 384-392.

Mackay, D.; Shiu, W.Y.; and Ma, K.C. 1993. Illustrated Handbook of Physical-Chemical
Properties and Environmental Fate for Organic Chemicals: Volume III. Lewis Publishers,
Chelsea, MI, pp. 11-17.

Madsen, E.L. 1991. Determining in situ biodegradation: facts and challenges. Environ.
Sci. Technol., 25, 1663-1673.

Malcolm, R.L. 1990. Variations between humic substances isolated from soils, stream
waters, and groundwaters as revealed by 13C-NMR spectroscopy. In, Humic substances
in soil and crop sciences: selected readings; P. McCarthy, C.E. Clapp, R.L. Malcolm,
P.R. Bloom (eds); ASAJSSSA, Madison, WI, pp. 13-35.

McAllister, P.M.; Chiang, C.Y. 1994. A practical approach to evaluating natural
attenuation of contaminants in ground water. Ground Water Monitor. Remed., 14, 161-
173.

McCarthy, J.F. 1989. Bioavailability and toxicity of metals and hydrophobic organic
contaminants. In, Aquatic Humic Substances, American Chemical Society, Washington,
D.C., pp. 263-277.

Meylan, W.; Howard, P.H.; Boethling, R.S. 1992. Molecular topology/fragment
contribution method for predicting soil sorption coefficients. Environ. Sci. Technol., 26,
1560-1567.

Mihelcic, J.R.; Lueking, D.R.; Mitzell, R.J.; Stapleton, J.M. 1993. Bioavailability of
sorbed- and separate-phase chemicals. Biodegradation, 4, 141-153.

Miller, R.M.; Bartha, R. 1989. Evidence of liposome encapsulation for transport-limited
microbial metabolism of solid alkanes. Appl. Environ. Microbiol., 55, 269-274.

Montgomery, J.H. 1996. In, Groundwater Chemicals Desk Reference, Second Edition,
CRC Press, Inc., Boca Raton, pp. 85-86.

National Research Council. 1993. In situ bioremediation: when does it work? National
Academy Press, Washington, D.C.



154

Nelson, M.J.K.; Cioffi, J.A.; and Borow, H.S. 1990. In situ bioremediation of TCE and
other solvents. In, Superfund '90. Proceedings of the 1 I th National Conference, Nov. 26-
28, pp. 800-806.

Nielsen, P.H.; Bjerg, P.L.; Nielsen, P.; Smith, P.; Christensen, T.H. 1996. In situ and
laboratory determined first-order degradation rate constants of specific organic compounds
in an aerobic aquifer. Environ. Sci. Technol., 30, 31-37.

Ogram, A.V.; Jessup, R.E.; Ou, L.T.; Rao, P.S.C. 1985. Effects of sorption on biological
degradation rates of 2,4-dichlorophenoxyacetic acid in soils. Appl. Environ. Microbiol.,
49, 582-587.

Piatt, J.J.; Backhus, D.A.; Capel, P.D.; and Eisenreich, S.J. 1996. Temperature-dependent
sorption of naphthalene, phenanthrene, and pyrene to low organic carbon aquifer
sediments. Environ. Sci. Technol., 30, 751-760.

Pignatello, J.J. 1989. Sorption dynamics of organic compounds in soils. In, Reactions and
Movement of Organic Chemicals in Soils, B.L. Sawhney and K. Brown (eds.). Soil
Science Society of America, Madison, WI, pp. 45-80.

Priesack, E. 1991. Analytical solution of solute diffusion and biodegradation in spherical
aggregates. Soil Sci. Soc. Am. J., 55, 1227-1230.

Pussemier, L.; Szabo, G.; Bulman, R.A. Chemosphere 1990, 21, 1199-1212.

Rainwater, K. and Scholze, Jr., R.J. 1991. In situ biodegradation for treatment of
contaminated soil and groundwater. In, Biological Processes, P.R. Sferra (ed.), Lancaster-
Technomic Publishing, pp. 107-121.

Rao, P.S.C.; Bellin, C.A.; Brusseau, M.L. 1993. Coupling biodegradation of organic
chemicals to sorption and transport in soils and aquifers: paradigms and paradoxes. In,
Sorption and degradation of pesticides and organic chemicals in soil, SSSA special
publication no. 32, Madison, WI, pp. 1-26.

Renner, R. 1995. Superfund research program threatened by Congress, EPA. Environ. Sci.
Technol., 29, 542a.

Reinhard, M.; Shang, S.; Kitanidis, P.K.; Orwin, E.; Hopkins, G.D.; Lebron, C.A. 1997.
In situ BTEX biotransformation under enhanced nitrate- and sulfate-reducing conditions.
Environ. Sci. Technol., 31, 28-36.



155

Ricca, G.; Severini, F. 1993. Structural investigations of humic substances by IR-FT, I3C-
NMR spectroscopy and comparison with a maleic oligomer of known structure.
Geoderma, 58, 233-244.

Roberts, P.V.; Hopkins, G.D.; Mackay, D.M.; Semprini, L. 1990. A field evaluation of
in-situ biodegradation of chlorinated ethenes: Part 1. methodology and field site
characterization. Ground Water, 28, 59 I -604.

Robinson, K.G.; Farmer, W.S.; Novak, J.T. 1990. Availability of sorbed toluene in soils
for biodegradation by acclimated bacteria. Wat. Res., 24, 345-350.

Rutherford, D.W.; Chiou, C.T.; Kile, D.E. Environ. Sci. Technol. 1992, 26, 336-340.

Sabljic, A. 1987. On the prediction of soil sorption coefficients of organic pollutants from
molecular structure: application of molecular topology model. Environ. Sci. Technol., 21,
358-366.

Sabljic, A; Lara, R.; and Ernst, W. 1989. Modelling association of highly chlorinated
biphenyls with marine humic substances. Chemosphere, 19, 1665-1676.

Schnitzer, M. 1990. Selected methods for the characterization of soil humic substances.
In, Humic substances in soil and crop sciences: selected readings; P. McCarthy, C.E.
Clapp, R.L. Malcolm, P.R. Bloom (eds); ASA/SSSA, Madison, WI, pp. 65-89.

Schroth, M.H.; Conner, G.T.; Istok, J.D.; Hyman, M.R.; and O'Reilly, K.T. 1996.
Assessing spatial variability of in-situ microbial metabolic activities at a petroleum-
contaminated site using single-well push-pull test. In, 1996 GSA Annual Meeting
Abstracts, Denver, Colorado.

Schwarzenbach, R.P. and Westall, J. Environ. Sci. Technol. 1981, 15, 1360-1367.

Scott, H.D.; Wolf, D.C.; Lavy, T.L. 1983. Adsorption and degradation of phenol at low
concentrations in soil. J. Environ. Quai., 12, 91-95.

Scribner, S.L.; Benzing, T.R.; Sun, S.; Boyd, S.A. 1992. Desorption and bioavailability
of aged simazine residues in soil from a continuous corn field. J. Environ. Quai., 21, 115-
120.

Semprini, L.; Roberts, P.V.; Hopkins, G.D.; and McCarty, P.L. 1990. A field evaluation
of in-situ biodegradation of chlorinated ethenes: Part 2, results of biostimulation and
biotransformation experiments. Ground Water, 28, 715-727.



156

Senesi, N. 1992. Application of electron spin resonance and fluorescence spectroscopies
to the study of soil humic substances. In, Humus, its structure and role in agriculture and
environment; J. Kubat (ed); Elsevier, Amsterdam, pp. 11-26.

Simkins, S.; Alexander, M. 1984. Models for mineralization kinetics with the variables
of substrate concentration and population density. Appl. Environ. Microbiol., 47, 1299-
1306.

Sims, J.L.; Sims, R.C.; Dupont, R.R.; Matthews, J.E.; and Russell, H.H. 1993. In situ
bioremediation of contaminated unsaturated subsurface soils. EPAJ540/S-93/501, Robert
S. Kerr Environmental Research Laboratory, Ada, OK.

Skow, K.M.; Hutson, J. 1992. Effect of diffusion and sorption on the kinetics of
biodegradation: theoretical considerations. Soil Sci. Soc. Am. J., 56, 128-134.

Skow, K.M.; Alexander, M. 1992. Effect of diffusion on the kinetics of biodegradation:
experimental results with synthetic aggregates. Soil Sci. Soc. Am. J., 56, 128-134.

Smith, S.C.; Ainsworth, C.C.; Traina, S.J.; Hicks, R.J. 1992. Effect of sorption on the
biodegradation of quinoline. Soil Sci. Soc. Am. J., 56, 737-746.

Stucki, G.; Alexander, M. 1987. Role of dissolution rate and solubility in biodegradation
of aromatic compounds. Appl. Environ. Microbiol., 53, 292-297.

Sturman, P.J.; Stewart, P.S.; Cunningham, A.B.; Bouwer, E.J.; and Wolfram, J.H. 1995.
Engineering scale-up of in situ bioremediation processes: a review. J. Contam. Hydrol.,
19, 171-203.

Swift, R.S. 1989. Molecular weight, shape and size of humic substances by
ultracentrifugation. In, Humic Substances II: In search of structure; M.H.B. Hayes, P.
MacCarthy, R.L. Malcolm, R.S. Swift (eds); John Wiley & Sons, pp. 468-495.

Szabo, G.; Prosser, S.L.; Bulman, R.A. Chemosphere 1990a, 21, 495-505.

Szabo, G.; Prosser, S.L.; Bulman, R.A. Chemosphere 1990b, 21, 729-739.

Szabo, G.; Prosser, S.L.; Bulman, R.A. Chemosphere 1990c, 21, 777-788.

Szabo, G.; Farkas, G.; Bulman, R.A. Chemosphere 1992, 24, 403-412.

Szecsody, J.E. and Bales, R.C. J. Contaminant Hydrol. 1989, 4, 181-203.



157

Thomas, J.M. and Ward, C.H. 1989. In situ biorestoration of organic contaminants in the
subsurface. Environ. Sci. Technol., 23, 760-765.

van Genuchten, M.Th.; Wagenet, R.J. 1989. Two-site/two-region models for pesticide
transport and degradation: theoretical development and analytical solutions. Soil Sci. Soc.
Am. J., 53, 1303-1310.

Vieth, W.R. Diffusion In and Through Polymers. Principles and Applications. Hanser
Publishers, 1991, pp. 15-44, 165-197.
Wu, S. and Gschwend, P.M. 1986. Sorption kinetics of hydrophobic organic compounds
to natural sediments and soils. Environ. Sci. Technol., 20, 717-725.

Wagoner, D.B; Christman, R.F.; Cauchon, G.; Paulson, R. 1997. Molar mass and size of
Suwannee River organic matter using multi-angle laser light scattering. Environ. Sci.
Technol., 31, 937-941.

Wershaw, R.L. 1989. Sizes and shapes of humic substances by scattering techniques. In,
Humic Substances II: In search of structure; M.H.B. Hayes, P. MacCarthy, R.L. Malcolm,
R.S. Swift (eds); John Wiley & Sons, pp. 545-559.

Wilson, B.H.; Smith, G.B.; Rees, J.F. 1986. Biotransformations of selected alkylbenzenes
and halogenated aliphatic hydrocarbons in methanogenic aquifer materials: a microcosm
study. Environ. Sci. Technol., 20, 997-1002.

Wodzinski, R.S.; Bertolini, D. 1972. Physical state in which naphthalene and bibenzyl are
utilized by bacteria. Appl. Microbiol., 23, 1077-1081.

Xing, B.; McGill, W.B.; Dudas, M.J. Environ. Sci. Technol. 1994, 28, 1929-1933.

Young, D.F. and Ball, W.P. 1994. A priori simulation of tetrachloroethene transport
through aquifer material using an intraparticle diffusion model. Environ. Progress,13, 9-
20.

Zeyer, J.; Kuhn, E.P.; Schwarzenbach, R.P. 1986. Rapid microbial mineralization of
toluene and 1,3-dimethylbenzene in the absence of molecular oxygen. Appl. Environ.
Microbiol., 52, 944-947.

Zielke, R.C.; Pinnavaia, T.J.; Mortland, M.M. In, Reactions and Movements of Organic
Chemicals in Soils; B.L. Sawhney and K. Brown (Eds.); 1989, SSSA Special Publication
#22, 81-97.

Zitomer, D.H. and Speece, R.E. 1993. Sequential environments for enhanced
biotransformation of aqueous contaminants. Environ. Sci. Technol., 27, 226-244.


	Page 1
	Page 2
	Page 3
	Page 4
	Page 5
	Page 6
	Page 7
	Page 8
	Page 9
	Page 10
	Page 11
	Page 12
	Page 13
	Page 14
	Page 15
	Page 16
	Page 17
	Page 18
	Page 19
	Page 20
	Page 21
	Page 22
	Page 23
	Page 24
	Page 25
	Page 26
	Page 27
	Page 28
	Page 29
	Page 30
	Page 31
	Page 32
	Page 33
	Page 34
	Page 35
	Page 36
	Page 37
	Page 38
	Page 39
	Page 40
	Page 41
	Page 42
	Page 43
	Page 44
	Page 45
	Page 46
	Page 47
	Page 48
	Page 49
	Page 50
	Page 51
	Page 52
	Page 53
	Page 54
	Page 55
	Page 56
	Page 57
	Page 58
	Page 59
	Page 60
	Page 61
	Page 62
	Page 63
	Page 64
	Page 65
	Page 66
	Page 67
	Page 68
	Page 69
	Page 70
	Page 71
	Page 72
	Page 73
	Page 74
	Page 75
	Page 76
	Page 77
	Page 78
	Page 79
	Page 80
	Page 81
	Page 82
	Page 83
	Page 84
	Page 85
	Page 86
	Page 87
	Page 88
	Page 89
	Page 90
	Page 91
	Page 92
	Page 93
	Page 94
	Page 95
	Page 96
	Page 97
	Page 98
	Page 99
	Page 100
	Page 101
	Page 102
	Page 103
	Page 104
	Page 105
	Page 106
	Page 107
	Page 108
	Page 109
	Page 110
	Page 111
	Page 112
	Page 113
	Page 114
	Page 115
	Page 116
	Page 117
	Page 118
	Page 119
	Page 120
	Page 121
	Page 122
	Page 123
	Page 124
	Page 125
	Page 126
	Page 127
	Page 128
	Page 129
	Page 130
	Page 131
	Page 132
	Page 133
	Page 134
	Page 135
	Page 136
	Page 137
	Page 138
	Page 139
	Page 140
	Page 141
	Page 142
	Page 143
	Page 144
	Page 145
	Page 146
	Page 147
	Page 148
	Page 149
	Page 150
	Page 151
	Page 152
	Page 153
	Page 154
	Page 155
	Page 156
	Page 157
	Page 158



