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ABSTRACT

The assumption of perfect stratification in an aquifer has been widely used in

solute-transport modeling studies. This assumption is especially useful for applied

studies where limited site characterization data are available, but geologic well logs

indicate significant layering. Chapter 3 investigates the issue of vertical sampling density

via a sensitivity analysis of the number of aquifer layers used in a model of tracer

transport through a heterogeneous synthetic aquifer. Tracer breakthrough in the synthetic

aquifer is predicted by layered models. Given a variance of ln K of 2 and an exponential

covariance function, sampling the synthetic aquifer at more than 12 elevations did not

produce any significant improvement in the predictions. Even six sampling points,

however, produced more accurate predictions of transport compared to a full-aquifer,

homogeneous approach employing a local-scale dispersivity.

Chapter 4 presents and interprets data from a dual-well, forced-gradient tracer

experiment conducted in a confined aquifer underlying a contaminant source zone of a

Superfund site. Tracer breakthrough was monitored at an extraction well and at four

levels of a centerline monitoring well. A perfectly stratified numerical transport model

based on multi-level data successfully predicted tracer breakthrough at the extraction

well. Given the added vertical resolution associated with the layered model, it was

possible to use dispersivity values more than an order of magnitude lower than the value
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used in a vertically integrated model. It is expected that the multi-layer model would

allow for more robust analyses of solute transport at the site.

In Chapter 5, TCE elution during the same dual-well experiment is predicted with

a stratified numerical model incorporating rate-limited desorption, rate-limited diffusion,

and rate-limited dissolution of nonaqueous phase liquid (NAPL). Based on model

results, initial mass calculations, and other indirect lines of evidence, it is concluded that

NAPL is the primary cause of rate limitations for TCE transport at the site. NAPL

presence is the primary reason a large pump-and-treat system at the site has failed to

reduce contaminant concentrations to federal drinking water standards. Alternative

remediation technologies are thus necessary for restoring the aquifer, especially in the

contaminant source zone.
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CHAPTER 1: INTRODUCTION

Hydraulic conductivity is generally the primary hydrogeologic parameter

affecting the fate and transport of groundwater contaminants and can vary by more than

six orders of magnitude at a given contaminated site. Pumping tests are often used to

obtain field-scale measurements of hydraulic conductivity. These data represent values

that are integrated over relatively large volumes. It is generally recognized, however, that

more detailed information regarding the three-dimensional spatial distribution of

hydraulic conductivity is necessary for predicting contaminant transport in heterogeneous

settings.

Variations in hydraulic conductivity can affect the efficiency and ultimate success

of groundwater remediation efforts. Thus, knowledge of such variations is useful to those

responsible for developing, selecting, and implementing remedial technologies. The costs

of obtaining hydraulic conductivity information depend on the complexity and size of the

contaminated site. Clearly, however, the cost required to obtain a detailed

three-dimensional characterization of the subsurface will generally be prohibitive. Given

that most sedimentary aquifers are layered, it may in some cases be sufficient to

deteimine the vertical variability of horizontal hydraulic conductivity for site

characterization purposes. Methods for determining vertical variations in horizontal

hydraulic conductivity include borehole flow meter tests, natural or forced gradient tracer
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tests with multi-level sampling at observation wells, or natural gradient point-dilution

tests (Ronen et al., 1991).

The perfectly stratified aquifer approach, an idealization of geologic conditions,

assumes that hydraulic conductivity varies vertically but not horizontally in the vicinity

of test wells. In a stochastic sense, a perfectly stratified aquifer is defined as having an

infinite horizontal correlation length. The perfect stratification assumption has been used

to simplify the conceptual and mathematical modeling of field sites, and the attendant

characterization demands. In this way, a balance can be achieved between sufficient

resolution of hydraulic conductivity to predict contaminant transport accurately and the

costs of data collection.

Hydraulic conductivity heterogeneity is only one factor among many, however,

influencing the transport and fate of reactive groundwater contaminants such as

trichloroethene (TCE). TCE is a volatile organic contaminant used as an industrial

solvent, and is one of the most prevalent groundwater contaminants in the United States.

The difficulties associated with remediating TCE-contaminated aquifers are generally due

to a number of rate-limiting processes, including rate-limited desorption from aquifer

sediments, rate-limited dissolution of immiscible phase liquid TCE, in addition to

rate-limited diffusion from low conductivity zones.

The modeling studies in this dissertation are presented in chapters 3, 4, and 5.

Chapters 3 and 4 deal solely with the effects of physical heterogeneity on solute transport.
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Chapter 5 focuses on the various rate-limiting processes which affect reactive

contaminant transport at a specific field site, the Tucson International Airport Area

(TIAA) Superfund Site in Arizona.

In chapter 3, I investigate the issue of vertical sampling density in stratified

aquifers. The sampling density necessary to provide adequate resolution of aquifer

heterogeneity is unknown at most field sites. The theoretical model presented here

investigates the improvements in solute transport prediction as the vertical sampling

density is increased in a synthetic aquifer with given heterogeneity. Tracer breakthrough

at an observation well is used to determine hydraulic conductivities in each layer, as is

often done in the field. Tracer transport is then predicted at a second well farther

downgradient.

Chapter 4 presents a specific site example of the perfect stratification approach,

examining how this approach affects predictive simulation results for tracer transport in

an aquifer subject to forced-gradient dual-well conditions. One of the goals of this study

is predictive accuracy in terms of reproducing observed extraction well data. Another

goal is to improve the robustness of the stratified numerical model in terms of predictive

capability, compared to a full-aquifer approach, by achieving a sufficiently detailed

description of the vertical distribution of hydraulic conductivity and resultant spreading.

Greater knowledge of the hydraulic conductivity distribution allows for the use of smaller

values of dispersivity. The tracer test and numerical modeling results indicate the degree
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to which aquifer characterization can be improved by the use of vertically discrete

sampling, even when relatively sparse.

In Chapter 5, TCE elution during the same dual-well test at this site is predicted

with a perfectly stratified numerical model incorporating the rate-limiting processes

described above. The goal of this project is to determine the physical and chemical

processes responsible for the inability of the pump-and-treat system at the site to reduce

contaminant concentrations to federal drinking water standards. Parameters for this

model were obtained from laboratory studies and from the tracer modeling discussed in

Chapter 4. The impact of each relevant transport process on observed TCE tailing is

assessed. The likelihood of nonaqueous phase liquid (NAPL) contamination in the

aquifer is also evaluated.
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CHAPTER 2: LITERATURE REVIEW

2.1 The Stratified Aquifer Approach

The perfect stratification assumption has been widely used in subsurface

hydrology to investigate a number of theoretical issues. Black and Freyberg (1987)

discussed the necessity of knowing the ensemble variance when quantifying predictive

uncertainty in stochastic modeling of solute transport in a perfectly stratified aquifer.

Cvetkovic and Shapiro (1989) assumed perfect stratification while using a Lagrangian

approach to solute advection and investigating the issue of flux-averaged versus resident

solute concentrations. Sposito and Weeks (1998) used the perfect stratification

assumption to investigate ergodicity, concluding that tracer advection by steady

groundwater flow is never ergodic in any isotropic, heterogeneous aquifer. Dagan and

Zeithoun (1998) studied freshwater-seawater interfaces with a perfect stratification

model. Berglund (1995) investigated the coupled effects of nonlinear sorption and

conductivity heterogeneity with a perfectly stratified model.

Stratified-aquifer models are particularly useful for studying the phenomenon of

dispersion, due both to the mathematical tractability of the equations describing flow and

transport in such aquifers, and to the effect of stratification on dispersion processes

themselves. Mercado (1967) assumed a perfectly stratified aquifer to derive an

expression for the length of a tracer plume in the direction of flow as a function of the
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mean and variance of the hydraulic conductivity distribution, as well as the mean distance

traveled. Gelhar et al. (1979) described the entire dispersive process in a stratified aquifer

with a stochastic conductivity distribution, from initial transport to the constant

dispersivity generally associated with large time. Matheron and De Marsily (1980)

demonstrated that in perfectly stratified media transport is not Fickian. That is, the use of

the advection-dispersion equation with a constant dispersivity to model transport in

stratified media is incorrect. Pickens and Grisak (1981) note, however, that this equation

must continue to be used until a practical alternative for solute transport modeling arises.

Molz et al. (1983) stress that different advection rates at different elevations in an aquifer

is the primary mechanism of dispersion, and that detailed characterization of vertical

variations in horizontal hydraulic conductivity in the field are a practical alternative to

incorporating large arbitrary dispersion coefficients in vertically averaged mathematical

models.

It has long been recognized that dispersivities measured in the lab are several

orders of magnitude smaller than field-scale dispersivities (e.g. Mercado, 1967; Gelhar et

al., 1979; Pickens and Grisak, 1981). Furthermore, in field applications where the

distance between the tracer injection well and various observation locations is varied, it

has been found that the magnitude of the dispersion coefficient increases with the scale of

the experiment (Gelhar et al., 1979). This severely limits the ability of models using

scale-dependent dispersion coefficients obtained at a smaller scale to predict tracer arrival
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at a location downgradient. It is thus necessary either to conduct tracer experiments over

large distances or to find a modeling technique which will improve a model's predictive

capabilities. As Gelhar et al. (1979) pointed out, conducting large-scale tracer

experiments to estimate dispersion coefficients is impractical even in applications

involving long-term predictions for regional flow systems. The use of smaller

dispersivities, however, improves a model's predictive capabilities. The stratified

aquifer approach allows for the calibration of dispersivities that are smaller than those

used in a full-aquifer approach, even when it is not possible to use lab-scale dispersivities

(due to insufficient characterization of vertical and/or areal variations in hydraulic

conductivity).

The studies discussed below show how the stratified aquifer approach has been

used in the attempt to predict solute transport using simplified conceptualizations of

complex aquifers, with varying degrees of success. One advantage of this approach is

that it is generally cost-effective. Field experiment locations include Mobile, Alabama

(Molz et al., 1986 and 1988; Huyakom et al., 1986; Giiven et al., 1986); Chalk River

Nuclear Laboratories in Canada (Gilven et al., 1986); the Georgetown Site in South

Carolina (Mas-Pla et al., 1992); the Rocky Mountain Arsenal in Colorado

(Thorbjarnarson and Mackay, 1997); and a site near Herzlia, Israel (Ronen et al., 1993).

The minimal amount of field data at these sites, collected at relatively low cost (compared

to collecting more detailed three-dimensional data), was used in numerical models to
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obtain significant insights into physical factors affecting the transport and fate of

contaminants.

The field studies listed above have incorporated data from varying numbers of

multi-level sampling (MLS) ports to create models with varying numbers of layers.

Depending on the degree of site heterogeneity and the particular spatial distribution of

hydraulic conductivity, a certain number of MLS ports has proved to be adequate or

inadequate for accurately predicting solute transport behavior. Molz et al. (1986)

simulated transport through a stratified aquifer subject to forced-gradient, dual-well

conditions. The aquifer was sampled at 12 different elevations of a multi-level

observation well in a 21 m thick aquifer. This study included two types of simulations.

The first used arbitrary small finite values for local hydrodynamic dispersion, whereas

the second model had zero local dispersion and included only spreading resulting from

the stratified velocity field. The two simulation results agreed very well, demonstrating

that local hydrodynamic dispersion was negligible. Furthermore, for this aquifer, 0.6

sampling locations per meter were sufficient to obtain a representative conductivity

distribution that successfully described the observed solute breakthrough and spreading

behavior at the extraction well. Additional two-well tests at the same site confirmed that

the flow field is stratified and that models considering advection only can predict solute

transport in such aquifers (Molz et al., 1988).

Modeling of a field tracer test in a stratified aquifer at the Rocky Mountain
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Arsenal in Denver, Colorado (Thorbjarnarson and Mackay, 1997) demonstrated that four

sampling points in a 9 m thick aquifer (0.4 sampling locations per meter) could reduce

dispersivity estimates compared to a homogeneous aquifer approach. A full-aquifer

dispersivity of 1.2 m was fitted to the field data in this study, compared to values from 5

to 21 cm for the dispersivities of the four individual layers sampled by the multi-level

observation well. Mas-Pla et al. (1993), however, reported that eleven sampling ports in

a 3 m thick aquifer (3.7 ports per meter) were insufficient for adequate characterization of

the flow field and the resultant prediction of solute transport for a site in South Carolina.

Ronen et al. (1993) used measurements from seven distinct elevations in a 16m

thick aquifer in Herzlia, Israel (0.4 sampling locations per meter), concluding as the

above studies did, that vertical variability in the specific discharge can greatly affect

solute transport. The measurements for this study were obtained with the modified point

dilution technique developed by Ronen (1986). This technique determines flux at a given

elevation based on a much smaller horizontal area than is swept by traditional tracer tests.

The method was tested at the Mobile, Alabama site, with results comparing favorably to

earlier forced gradient tracer test results (Ronen et al., 1991). The general agreement

between the two methods showed that vertical variations in conductivity are the most

significant ones at this site, and that these variations remained fairly consistent areally.

Furthermore, the 31 data points used to determine the flux profile in this Mobile,

Alabama study (1.5 points per meter of aquifer thickness) provided an excellent
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delineation of the fine-scale vertical variations in aquifer properties. Without such detail

very narrow horizons with high conductivity values may be overlooked. At the Mobile

site, 40% of the horizontal flow through the aquifer took place through two very thin

sedimentary layers with a combined thickness of only 15% of the total aquifer thickness.

Water flow was 2 to 3 times faster through these units than through the aquifer as a

whole. This example highlights the importance of sampling at small intervals in order to

delineate small scale vertical variations in horizontal hydraulic conductivity.

The results discussed above illustrate that stratified aquifer models can be used

successfully to describe the influence of hydraulic conductivity heterogeneity on solute

transport. The varying degrees to which such models can be considered successful,

however, depend on the degree of heterogeneity at the site, the sampling interval in the

multi-level observation wells, and the goal of the project. One possible goal is to model

with small lab-scale or zero dispersivity in order to obtain the highest degree of predictive

capability for the model. This is the approach taken in Chapter 3 of this study. Another

possible goal is merely to calibrate a layered model with smaller dispersivities (compared

to the full-aquifer dispersivity) to improve a model's predictive capabilities to the highest

degree possible given the available field data. This is the approach used in Chapter 4.

Although Molz et al. (1986) obtained reasonable predictions of solute transport

without the use of dispersion coefficients, they recognize that in real-world applications

"the stratified aquifer approach will [sometimes] require calibration along with some type
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of macrodispersivity as opposed to full-aquifer dispersion coefficients." It is to be

expected, however, that by using multi-level observation wells and the stratified aquifer

approach, large full-aquifer dispersivities of tens or hundreds of meters can usually be

avoided (Molz et al., 1986). Molz et al. (1986) further stress that "much additional

research, particularly field tracer and similar tests, is needed" and that "progress is limited

by a lack of fundamental information concerning conductivity distributions and flow

fields in a variety of natural aquifers." The research presented in Chapter 4 contributes to

a small but growing number of studies using the stratified aquifer approach to obtain such

fundamental information.

2. 2 Nonideal Transport and NAPL dissolution

The interacting chemical and physical processes that cause nonideal transport at

the field scale include rate-limited diffusion from low conductivity zones or structured

porous media, rate-limited and/or nonlinear sorption, rate-limited dissolution of

immiscible liquid, and spatially variable sorption. For such processes to be accurately

predicted, a numerical model that sufficiently accounts for system complexity must be

used. Previous studies have investigated the impact of two or three nonideal processes on

solute transport (e.g. Brusseau et al.,1989; Rabideau and Miller, 1994; Cvetkovic and

Dagan, 1994; Selroos and Cvetkovic, 1992; Quinodoz and Valocchi, 1993). Yet few
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field-scale experiments have been conducted to investigate the nonideal transport of

reactive contaminants.

The natural gradient experiment conducted at the Borden site in Ontario, Canada

is considered a landmark study of the transport of reactive, organic compounds. This

experiment involved the injection of a pulse of solute into the aquifer (Mackay et al.,

1986). Making use of the enormous data set that resulted from this experiment, Brusseau

and Srivastava (1997) were able to predict the observed behavior with a numerical model

that accounts for five individual and coupled nonideal transport processes without any

calibration to the data being simulated.

The greatest difficulty at most contaminated sites, however, is that uncertainties

exist regarding quantities of resident contaminant present in the system. This contrasts

with the relatively well-controlled conditions of the Borden experiment wherein known

quantities of solute were injected into the aquifer. At sites contaminated with organics

such as trichloroethene, resident contamination is frequently in the immiscible liquid or

nonaqueous phase liquid (NAPL) form. A small volume of aquifer contaminated with a

NAPL source can contaminate tremendous volumes of water that flow through the area

(Borden and Kao, 1992; Mackay et al., 1985). In addition, dissolution of NAPL may be

rate-limited, and this behavior contributes to the difficulty of remediating aquifers with

traditional pump-and-treat technologies. Thus, understanding NAPL dissolution is

critical.
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In laboratory studies of NAPL dissolution, equilibrium has sometimes been

achieved rapidly between NAPL and water (e.g. van der Waarden et al., 1971; Fried et

al., 1979; Miller et al., 1990). Such studies have been limited in their applicability to

field situations because they have largely been one-dimensional, in homogeneous porous

media, and conducted over a very limited range of residual saturations (Mayer and Miller,

1996).

There are several factors affecting even laboratory scale systems that can promote

disequilibrium. These factors include large NAPL ganglia (although these are more

frequently found in the field than in laboratory columns), high aqueous velocities, and

low NAPL saturations. Several researchers have observed disequilibrium in the

laboratory in the presence of high velocities (Powers et al., 1991; Hatfield, 1993). Due to

the impact of large-scale pumping activities, the importance of high velocities may be

even more significant in the field than in the laboratory. Disequilibrium has also been

observed when NAPL saturations reach a threshold low value (Powers et al., 1991;

Borden and Kao, 1992). Geller and Hunt (1993) have observed nonequilibrium NAPL

dissolution behavior in the lab due to flow bypassing. Imhoff et al. (1990) observed

nonequilibrium dissolution behavior in column experiments and developed a technique

for determining mass transfer coefficients for residual NAPL. Imhoff et al. (1996) point

out that dissolution fingering, or the increase in aqueous permeability that occurs as some

NAPL-contamination zones are preferentially dissolved and fingered patterns of flow
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develop, can occur even in laboratory-scale studies. This may affect the accuracy of mass

transfer correlations developed in the laboratory, as well as their applicability to field

situations.

In field situations where the presence of residual NAPL is expected, many

researchers have observed aqueous phase concentrations to be out of equilibrium with

NAPL (Mackay et al., 1985; Feenstra, 1986; Hunt et al., 1988; Mercer and Cohen, 1990).

Furthermore, although rate-limited dissolution of NAPL can have a major impact on the

ability to remediate a contaminated site, it is not always possible to know whether or not

NAPL is present at a given site. At many contaminated sites NAPL can be observed in

wells or soil cores, eliminating the need for detailed studies to evaluate the possibility of

its presence (Bedient, et. al., 1994). At other sites, however, there is no direct evidence of

subsurface NAPL contamination. NAPL may not flow into the monitoring wells, either

because the wells do not happen to intersect the areas where NAPL is present in the

greatest quantities, or because the NAPL that is present is trapped in pores at residual

saturation levels and is thus immobile. Even when NAPL is not observed directly in soil

cores, some less direct lines of evidence such as extremely high aqueous concentrations

of contaminant, elution tailing, and rebound, may suggest NAPL presence.

Modeling studies such as that presented in Chapter 5 can help evaluate the

possibility of NAPL presence. Of the few NAPL-aqueous models that have considered

mass transfer mechanisms, even fewer have included porous media heterogeneity. Most
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of these models of homogeneous systems make the additional assumptions of either

one-dimensional flow or local equilibrium (Mayer and Miller, 1996). The study

presented in Chapter 5 incorporates rate-limited NAPL dissolution in a

three-dimensional, perfectly stratified numerical model, in an evaluation of the possibility

of NAPL presence at the TIAA site.
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CHAPTER 3: THE EFFECT OF VERTICAL SAMPLING DENSITY ON

PREDICTION OF CONTAMINANT TRANSPORT IN HETEROGENEOUS

AQUIFERS

3.1 Introduction

A natural aquifer is represented in this study by a numerical simulation conducted

using a stochastically generated hydraulic conductivity field (hereafter referred to as a

"synthetic aquifer"). From this simulation we obtained a breakthrough curve for tracer

transport to an observation well 34 m downgradient of the original tracer plume, which

we compared with the results of simulations obtained using the layered models described

below.

To determine how much sampling at different elevations might be necessary in a

field situation, several simulations with varying numbers of aquifer layers were

conducted. The dimensions of the domain for the layered models were equivalent to

those used for the stochastic simulation. The boundary conditions, dispersivities, and

diffusion coefficients were also identical for each model. The general model setup is

depicted in Figure 1 and described in detail below.
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3.2 Numerical Approach

The model used in this study is based on one presented by Srivastava and

Brusseau (1996). When possible, analytical solutions were used to verify the numerical

model. The flow equation is solved with the Galerkin finite-element technique. In the

stochastic model, saturated hydraulic conductivity is assumed to be piecewise constant

over an element. The conductivity in this model is assumed to be log-normal and is

generated from the mean, variance, and the covariance function with the Turning Bands

Method (Matheron, 1973; Mantoglou and Wilson, 1982). The covariance function, R,

was exponential and thus of the following form:

(

R= 2 e

(	 2 (	 \ 2
X	 Y 	 +

\ X x i	 X\ y ) i
(1)

where G2 is the variance of ln K, x and y are the horizontal and vertical coordinates,

respectively, X, is the horizontal correlation length, and ky is the vertical correlation

length. The set of linear simultaneous equations is solved using the Jacobi Conjugate

Gradient iterative solver (Young and Kincaid, 1981; Ortega, 1988). The modified

method of characteristics (MMOC) is used to solve the advective portion of the transport
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equation, and the regular Galerkin technique is used for dispersion. Transport of a

conservative tracer was modeled in this study, assuming no sorption to aquifer sediments.

Many of the most detailed studies of aquifer heterogeneity have been conducted in

fairly homogeneous aquifers. Some of the most well-known examples include the

Borden, Cape Cod, and Twin Lakes sites, which have variances of the natural logarithm

of hydraulic conductivity of 0.29, 0.26, and 0.031, respectively (Boggs et al., 1992). In

contrast, the variance of ln K at the Horkheimer Insel field site in Germany is 2.9 (Ptak

and Teutsch, 1992). A heterogeneous aquifer at Columbus Air Force Base in Mississippi

has a variance of ln K of 4.4 (Eggleston and Rojstaczer, 1998). Such degrees of

heterogeneity are not uncommon. We chose to use an intermediate value (a2 1ia 2) for

our synthetic aquifer.

The two-dimensional model domain was 300 m in the horizontal direction and 2m

in the vertical direction. The individual cells were 0.5 m (horizontal) by 0.025 m

(vertical). Thus, there were 600 x 80 or 48,000 finite elements in the model. For the

stochastic simulation, the mean value of the natural log of the hydraulic conductivity (in

m/day) was set at 1.8. The horizontal and vertical correlation lengths were 10 m and

0.025 m, respectively. The porosity was 0.3. The boundary conditions for flow were

constant head at the upgradient and downgradient sides, and no flow at the top and

bottom. The boundary conditions for transport were zero concentration gradient normal

to each of the four boundaries. The head gradient was 0.08 in the horizontal direction,
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resulting in an average Darcian velocity of 0.5 m/day across the domain.

The initial solute plume was located between 5 and 7.5 m from the upgradient

boundary, and over the center 1.2 m of the domain in the vertical direction (i.e. 0.4 to 1.6

m from the bottom boundary). Its dimensions were thus 2.5 m x 1.2 m. The initial

concentration of the tracer was 60 mg/L in the plume, and zero everywhere else. The

longitudinal dispersivity was 0.0005 m, the vertical transverse dispersivity was 0.00005

m, and the diffusion coefficient was 0.000086 m 2 / day. These parameters are

summarized in Table 1, below.
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Table 1: Summary of input parameters for synthetic aquifer simulation.

Model domain 300 m (horizontal) x 2 m (vertical)

Cell size 0.5 m (hor.) x 0.025 m (vert.)

Total number of cells 600 x 80 = 48,000

mean ln K (m/day) 1.8

variance of ln K a2 ha = 2

correlation lengths (horizontal and vertical) kh = 10; Xv = 0.025

porosity n = 0.3

head gradient (in horizontal direction) 0.08

initial tracer plume dimensions 2.5 m x 1.2 m

initial concentration of tracer in plume 60 mg/L

longitudinal dispersivity 0.0005 m

vertical transverse dispersivity 0.00005 m

diffusion coefficient 0.000086 m2 / day

distance to first observation well 14 m (from initial solute plume)

distance to second observation well 34 m (from initial solute plume)

Hydraulic conductivities for the layered models were determined as follows.

Tracer breakthrough curves were obtained at individual nodes at different elevations in

the stochastic model, approximately 14 m downgradient of the initial solute plume.

Solute travel times were calculated from these data as follows:



ft Ci(t)dt
ti =

where t, is the average travel time for bromide reaching the observation well at elevation

C•(t) is the concentration of bromide at elevation i and time t, normalized by the initial

concentration of bromide in the plume, and the integrals are over all times. The travel

time, porosity (n) and the distance traveled (L = 14 m) were then used to determine the

Darcian velocity (q,) at each elevation in the aquifer (q, = Ln / t,). Given the overall

hydraulic gradient (0.08), it was then possible to calculate a hydraulic conductivity for

each level of the aquifer using Darcy's Law. For example, we chose six elevations,

spaced evenly across the vertical extent of the aquifer (excluding the top and bottom

0.4m), to obtain the six conductivities used in our six layer model. Each layer is of

constant thickness, and extends across the horizontal extent of our domain. The top 0.4

m of the aquifer was assigned the same conductivity as that calculated for the first

(highest) level sampled (i.e. K for model layer 1). Similarly, the bottom 0.4 m of the

aquifer was assigned the same conductivity as that calculated from the lowest elevation

sampled (i.e. K for model layer 6). This same procedure was used to determine

conductivities for the models using different numbers of layers.
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(2)
f Ci(t) dt
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The laboratory-scale dispersivities cited above were also used in the layered

models, following the approach of Molz et al. (1986). An alternative approach would be

to calculate dispersivities for each layer based upon tracer breakthrough at the

observation well. We chose not to use such macro-dispersivities due to the

scale-dependence brought on by larger values of this parameter. Furthermore, the goal of

determining hydrogeologic parameters at many remedial sites is to provide a basis for

further modeling of reactive solutes. Understanding reactive transport mechanisms at a

specific site may be crucial to selecting appropriate remedial technologies and achieving

site clean-up goals. If a model utilizes macrodispersivities, it is more difficult to

distinguish between the various reactive transport mechanisms which cause spreading of

contaminant plumes.

Simulations were conducted for each layered model to obtain a tracer

breakthrough curve at the well located 34 m downgradient of the initial plume. This

breakthrough curve was obtained by calculating a weighted average of the tracer

concentrations at each of the nodes within the "screened interval" of this well (i.e. the

center 1.2m of the vertical extent of the aquifer). The concentrations at each node were

weighted by the conductivities of each corresponding node in order to obtain a flux

averaged concentration.
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3.3 Results and Discussion

Table 2 shows the hydraulic conductivities that were calculated based on

breakthrough at the observation well located 14 m from the initial tracer plume. These

conductivities were then used in each of the layered models as described above.

Table 2. Hydraulic conductivities used in layered models.

1-layer Six-layer Model 12-layer Model 24-layer Model 48-layer Model
Model K (m/day) K (m/day) K (m/day) K (m/day)
K (m/day)

11.55 8.55 7.81 7.63 7.63

10.90 9.29 8.16 7.81

9.42 10.81 8.97 8.16

14.06 9.91 9.55 8.55

14.11 9.12 10.33 8.97

12.43 10.53 11.16 9.29

1207. 10.26 9.55

nil liMA NI ft

12.70 9.68 9.92

13.23 9.07 10.33

16.54 9.21 10.81

11.18 11.52 10.90

yL.i.f.o»NYKIK V V *IA4444444001 \\ \W V\ 

12.53

13.36

10.26

9.91

13.40 9.68

..........„
12.19 9.29

13.33 9.07
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1-layer Six-layer Model 12-layer Model 24-layer Model 48-layer Model
Model K (m/day) K (m/day) K (m/day) K (m/day)
K (m/day)

t‘ Y WV W V V W

13.64 9.12

15.17 9.21

16.47 9.41

: 15.22 9.80

13.28 10.90

11.74 10.53

10.91 11.52

9.91

12.51

12.53

9.29

1207.

13.36

9.12

14.06

13.40

.aN wm, ,	 Namia:	 v .wn, 9.41
WI
	ww‘‘‘y,y,	
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12.70

12.19

10.53

12.65
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1-layer
Model
K (m/day)

24-layer Model
K (m/day)

Six-layer Model 12-layer Model

K (m/day)	 K (m/day)
48-layer Model
K (m/day)

\V =MM.' V v v v %:tv.,;MM" mmum

12.51

13.23

13.64

12.07

14.11

15.17

14.06

16.54
MaVOA	 vumtweiwAii("TWIWKAW 'V V

16.47

12.70

12.43

11.74

11.18

16.02

15.22

12.65

14.20

13.28

13.23

10.91

10.82
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Figure 2 shows the results of the simulations for the stochastic synthetic aquifer,

and for the one-layer homogeneous model, the six-layer model, and the twelve-layer

model. These results represent breakthrough in each model at the observation well

located 34 m from the initial solute plume. The simulation for the stochastic aquifer

produced a smooth, fairly dispersed breakthrough curve. In contrast, the breakthrough

curve for the one-layer, homogeneous model is much more narrow, reflecting the use of a

small dispersivity. The lack of any heterogeneity in this one-layer model results in very

little spreading, although diffusion still serves to dampen the solute peak slightly. The

sampling method, which involves calculating mean tracer travel times from breakthrough

data at given elevations, results in lower variances of ln K for the layered models

compared to the synthetic aquifer. This artifact of the sampling method prevents the

layered models from completely reproducing the spreading associated with the synthetic

aquifer. There is a very good match to the mean arrival time, however.

The curve resulting from the six-layer model exhibits two distinct peaks as a
-

result of the particular observation well nodes that were sampled to obtain the hydraulic

conductivities for the model's six layers. The higher conductivity layers resulted in the

first peak in the curve, while the other layers produced the more dispersed second peak.

The twelve-layer model produced a fairly dispersed curve with three distinct peaks,

although the curves are much less distinct than those in the six-layer model. The twelve-

layer model produces a much better match to the synthetic aquifer's curve than the six-



38

layer model, and an even more significant improvement over the homogeneous, one-layer

model. Clearly, aquifer layering is significant in determining the transport behavior of

solute in our synthetic system, and our ability to predict transport is dependent on the

degree to which we can delineate vertical variations in horizontal hydraulic conductivity.

Figure 3 shows that increasing the number of model layers to 24 or 48 does little

to improve the match to the stochastic breakthrough curve compared to twelve layers.

Thus, the additional costs associated with sampling 24 or more layers do not appear to be

justified by the minimal gain in information. The minimum number of sampling points

to obtain acceptable resolution will vary with the correlation structure and the variance of

ln K of the aquifer. For example, it is to be expected that if the vertical correlation length

is significantly larger, the number of sampled elevations which would be necessary for

characterizing the aquifer's heterogeneity would be significantly smaller.

The 48 sampling points used for one of the models in Figure 3 is the maximum

number we could sample given the vertical discretization of our model domain. It would

not be desirable to sample with any further discretization however, given the similarity of

the breakthrough curves shown in Figure 3. Furthermore, in the field it is often not

possible to sample at extremely short vertical intervals, given current limitations of field

sampling instruments.
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CHAPTER 4: SIMULATION OF TRACER TRANSPORT DURING A DUAL-WELL

TEST IN A STRATIFIED AQUIFER

4.1 Introduction

The utility of the stratified aquifer approach is best illustrated through its

application to specific field studies. The study presented below uses data from four

sampling points in a 6m-thick aquifer to obtain hydrogeologic parameters for a six-layer

model of the aquifer (i.e. one model layer per meter of aquifer thickness). The site

investigated with this study is part of the Tucson International Airport Area Superfund

site in Arizona. It was placed on the National Priorities list in August 1983 in response to

detection of trichloroethene (TCE) in several wells (U.S. EPA, 1995). The area of the

tracer test described below is considered the source zone for a large TCE plume in the

regional aquifer. Hydraulic conductivity characterization in this area is necessary for

modeling TCE transport in Chapter 5.

4.2 Geology And Hydrogeology

The site is located in the Tucson Basin, which is underlain by more than one

thousand meters of alluvial sediments interbedded locally with volcanic flows,

agglomerates, and tuffaceous sediments. The major hydrogeologic units in the area of the

site are designated (in descending order with depth): the unsaturated zone, the upper
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aquifer, an aquitard unit and the lower aquifer (Groundwater Resource Consultants, 1991,

after Hargis and Montgomery, 1982). The unsaturated zone extends from the land

surface, which is relatively flat, to the regional groundwater surface, generally located 30

to 40 m below ground surface (BGS).

The upper aquifer extends from the regional groundwater surface to a depth of

approximately 54 to 66 m BGS, where it is underlain by the aquitard unit. The upper

aquifer is composed of sand and gravel layers separated in some areas by clayey sediment

ranging from one meter to greater than seven meters in thickness. In the vicinity of the

source zone in which the tracer experiments were conducted, this aquifer is divided in

two by a relatively continuous low permeability layer. The field tracer experiments were

conducted in the coarser grained layer located at 43-49 m BGS in the upper portion of the

upper aquifer (i.e. the uppermost aquifer). The aquifer in this area consists of an

approximately 6 m thick zone of higher permeability clayey sands and gravels bounded

above and below by lower permeability units. The higher permeability unit appears

laterally extensive at the experiment site, as evidenced by the presence of a coarser

grained sequence at approximately 43-49 m BGS in all local wells.

The aquifer fines upwards from a clayey gravel to a clayey medium sand and is

indicative of a typical sequence of arid valley alluvial deposits. Above the aquifer is a

clay to sandy clay layer, ranging from 1.5 to 7.5 m in thickness, that acts as a

semi-confining unit. Below the aquifer is a high plasticity clay. The results of a sieve
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analysis of cuttings recovered from 43-45 m BGS (during the drilling of the centerline

monitoring well of our experiment) showed a composition of 26.4% gravel, 65.9% sand,

3.0% silt, and 4.7% clay. An analysis of the less than 2-mm fraction produced values of

0.06% total carbon and 0.03% organic carbon.

The potentiometric surface in the study area is approximately 37 m BGS. The

natural hydraulic gradient in the area prior to the influence of remedial activities was

towards the northwest (U.S. Geological Survey, 1987; U.S. EPA, 1988). Several months

prior to the start of our tracer test, the gradient imposed by the remediation system was

approximately 0.01 towards the west in the vicinity of the experiment. As part of the

initial site characterization, several aquifer pumping tests were conducted to better define

the site-scale hydrogeology (Rohrer, 1996). The pumping well in these tests was the

extraction well later used for our tracer test, and the peripheral observation wells (Figure

4) were monitored for changes in head. Analysis of this work produced a transmissivity

for the uppermost aquifer of 55.9 m2/d, a storativity of 0.0018 and, given a 6 m thick

section, an average hydraulic conductivity of about 9 m/day (University of Arizona,

1995). An earlier aquifer pumping test used a nearby pumping well and some of the

same observation wells (Groundwater Resource Consultants, 1993). This test resulted in

an estimated transmissivity for the uppermost aquifer of 100.6 led, which would

correspond to an average hydraulic conductivity of about 16 m/d for the 6 m section

(Rohrer, 1996).
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4.3 Materials and Methods

4.3.1 Field Tracer Test

A dual-well, forced-gradient tracer experiment was conducted at the site in the fall

of 1995. The injection and extraction wells were 7.5 m apart (Figure 4). Bromide was

used as a nonreactive tracer to examine flow variability and travel times. An initial tracer

experiment had been conducted in the spring of 1995 to test the components of the

experimental system.

Two days before experiment startup, the tracer solution mixing tank was filled

with about 3800 liters of water. Calcium bromide (CaBr2) was then added to the tank.

Calcium was the predominant cation present in the groundwater. Tracer-free water was

used during the injection to dilute the stock solution at a ratio of about 100:1. The source

of the tracer-free water was groundwater from the city potable water supply. A pressure

regulator was installed in parallel with a valved pipe to aid in stabilizing flow of

tracer-free water. Concentrated tracer solution was injected into the tracer-free water line

with a peristaltic pump.

The diluted tracer solution was injected into the aquifer at 136.3 Lpm. The

extraction rate was also 136.3 Lpm. The tracer solution was introduced into the injection

well at 43.5 m BUS. A packer was set 1.5 m above the end of the PVC pipe used to

introduce the tracer.
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Sampling for bromide was conducted at a centerline monitoring well located 4.2

m from the injection well, at the extraction well, and at several monitoring wells located

around the couplet (Figure 4). Samples were collected prior to initiation of the

experiment to establish background bromide concentrations. Samples at the centerline

monitoring well were collected using a multi-level gas drive sampler, described below.

Extraction well samples were collected from a port on the discharge line, and samples for

the peripheral monitoring wells were collected by bailing.

A custom multi-level sampling device (Burge Environmental Inc., Tempe, AZ)

was used to collect small, representative samples from vertically discrete zones. The

device has four sampling ports, with each port segregated within the screened well casing

by a packer assembly above and below (Rohrer, 1996). The length of separation is

adjustable from a minimum of 0.3 m. The packers are of a novel design, wherein gas

pressure is used to decrease their cross-sectional area to allow emplacement of the

sampling device. Once emplaced, the pressure is removed and the packers expand to full

contact with the well casing. This design eliminates the potential for gas leaks associated

with positive pressure gas-filled packers.

The device contains a single, glass sample-collection chamber (100 mL). A series

of solenoid valves allows switching access to this chamber from one sample port to

another. When a valve is activated, the chamber fills by hydrostatic pressure. The valve

is closed automatically by operation of a water sensor located near the top of the
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chamber. The size of the sample is dictated by the position of the water-level sensor.

Once the chamber is filled, an exit valve is switched open and a stream of nitrogen gas

pushes the water sample to the surface. Samples were collected in 20-mL polyethylene

vials, and were taken to the University of Arizona where they were analyzed for bromide

by use of a colorimetric method (ALPKEM Corporation, Clackmas, Oregon).

The tracer experiment was conducted for approximately 10 weeks between

August and October of 1995. The tracer solution was injected into well SVE-6 for 49.5

hours, and tracer-free water was injected for an additional 58 days. The total injected

volumes were 405 m3 of tracer solution and 11,862 m3 of tracer-free water. The results of

the field tracer experiment were used to determine the physical flow parameters of the

uppermost aquifer.

4.3.2 Mathematical Analysis: Homogeneous models

The U.S. Geological Survey modular three-dimensional finite-difference

groundwater flow model, MODFLOW (MacDonald and Harbaugh, 1988) was used to

obtain a vertically averaged value of horizontal hydraulic conductivity. We assumed

horizontal flow conditions due to the clay units present above and below the uppermost

aquifer and the fact that the tracer experiment was conducted under forced gradient

conditions. We also assumed steady-state conditions.

The two-dimensional numerical model domain was 61 m by 61 m areally,

centered about the injection-extraction well couplet. The model grid was composed of
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1.2 m by 1.2 m cells. A grid convergence study was conducted by running a simulation

with 0.6 m by 0.6 m cells. The volumetric flux into the injection well and out of the

extraction well was 136.3 Lpm. Specified head values at the four side boundaries of the

model domain were calculated based on the Thiem equation modified for a two-well

system:

H = Href+ (QI2nT) ln(r i Ir	 (3)

where H is head at a location on the boundary, H„f is a reference head, Q is volumetric

flux into the injection well and out of the extraction well, T can be replaced by Ka, B

where Kay is an average hydraulic conductivity and B is the aquifer thickness, r, is the

distance from the injection well, and rw is the distance from the extraction well. The

regional gradient was negligible compared to the gradients induced by and measured

during the forced gradient experiment. Furthermore, the nearest pumping well from the

large-scale pump-and-treat remediation system at the site was turned off during the

experiment to further reduce any significant effects on the flow field in the immediate

vicinity of our experiment.

Hydraulic conductivity was calibrated based on water levels measured during the

tracer experiment after steady state conditions were achieved. This calibrated value was

compared to values obtained from pumping tests. The heads and conductivity obtained

from the flow model were used in a transport model to calibrate a vertically averaged
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value of dispersivity based on bromide breakthrough at the extraction well. The transport

code used was MT3D, a modular three-dimensional transport model (Zheng, 1990) with

the Hybrid Method of Characteristics (HMOC) option employed to solve the advection

term in the governing equation. In this application the model was only two-dimensional,

areally.

4.3.3 Mathematical Analysis: Multi-layer models

A vertically averaged, full-aquifer dispersivity is highly dependent on experiment

scale, and tends to reduce the predictive capabilities of solute transport models. We

constructed a multi-layer model to investigate the degree to which dispersivity values in

each layer could be reduced compared to the single layer system. We began with a

four-layer model, based on the four ports of our multi-level sampling device at the

centerline monitoring well. Hydraulic conductivity for each of the four layers was

obtained by two methods. For both methods the normalized first moment, corrected for

the duration of the input pulse, was used to obtain the travel time in each layer, as

described in Section 3.2 above. In the first method the distance traveled, an average

hydraulic gradient obtained using the hydraulic conductivity obtained from the one-layer

model and the volumetric flux, and porosity values consistent with laboratory tests on site

cores are then used to obtain a conductivity value for each layer with Darcy's Law.

The second method used the following analytical solution to obtain flux per unit

thickness based on the travel time to the well, porosity, injection/withdrawal well
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2and 2 
( f (x,d))

t.
(4)

where Q, is total flux through layer i, B, is the thickness of layer i, n is porosity, t, is the

travel time obtained from moment analysis of the measured data, and f (x,d) is a function

of both d (half the distance between the injection and withdrawal wells) and x (the

distance from the injection well to the observation well). When x=d, f(x,d) = 1/3. In

other cases, it can be determined by integration of a more general equation developed by

Hoopes and Harleman (1967). For the multi-level sampling well at the Tucson site, x =

4.2 m, d =3.75 m, and f(x,d) was determined to be 0.393.

Hydraulic conductivity for each layer (K,) can be calculated from the flux per unit

thickness (Q, / B 1 ) as follows:

Qi Keff BT)

B 0—T
(5)

where Keff is the effective hydraulic conductivity of the entire thickness of aquifer, BT is
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the total aquifer thickness, and QT is the total flux through the aquifer. Keff is determined

from pumping tests or homogeneous flow modeling, as discussed above.

The primary difference between these two methods is that the analytical solution

for Q/B, does not rely upon an assumption of a uniform hydraulic gradient distribution

and thus a constant velocity between the injection and monitoring wells. This becomes

important when the observation well is far from the midpoint between the injection and

extraction wells. Due to symmetry, Darcy's law may be adequate, however, when the

observation well is near this midpoint.

The conductivities obtained with this analytical solution were then used in the

numerical flow and transport model. Each layer was modeled separately, with no mixing

between layers. Dispersivities and porosities (within a range consistent with laboratory

tests on site cores) were obtained for each layer through calibration to the breakthrough

curves measured at the four ports of the centerline monitoring well. The thickness of

each layer was determined based on geological well logs, the vertical location of the ports

at the centerline monitoring well, and the constraint that the total flux through the four

layers equaled the known total flux into the injection well. The thickness of each layer

was assumed to be areally uniform.

Simplified geologic well logs for the injection, extraction, and centerline

monitoring wells are shown in Figure 5, along with the layer distribution used for the

four-layer model. A detailed geologic well log for the centerline monitoring well is given
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by Rohrer (1996). The four-layer model is based on breakthrough data at the centerline

monitoring well (CMW). The layer distribution of this model thus represents the

composition and structure of the section of aquifer between the injection well and the

CMW. The similarity of the composition and thicknesses of the layers used in the model

to the well log data provides further evidence that the stratified conceptualization of the

aquifer is appropriate.

Injection and withdrawal wells can create a quasi-stratified flow field even when

the hydraulic conductivity distribution in the vicinity of the wells varies areally (Molz et

al., 1986). Indeed, the well logs shown in Figure 5 do provide evidence of some areal

heterogeneity. The sediments in the vicinity of the extraction well appear to be smaller

grained and thus have a generally lower conductivity than those closer to the injection

well and the CMW. Nevertheless, our ultimate goal is to understand the behavior of

resident contaminant during a forced-gradient, dual-well test. Under a forced gradient it

is more likely that flow will be stratified in a confined aquifer compared to a natural

gradient experiment. Thus, the assumption of perfect stratification is likely a good one

for our purposes. The perfectly stratified model, calibrated to breakthrough data at the

centerline monitoring well, was then used to predict tracer breakthrough at the extraction

well.
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4.4 Results and Discussion

4.4.1 Field Tracer Test

The injection and extraction flow rates exhibited very little variability during the

experiments (±3%). Water levels stabilized relatively rapidly. The average bromide

injection concentration was 55.6 mg/L (±6%). The injection concentration was relatively

constant during the experiment. The total mass of injected bromide was 22.6 Kg.

The observed breakthrough curve for bromide at the extraction well is shown in

Figure 6, along with simulation results discussed below. Its general shape is typical of

breakthrough curves observed for a fully screened pumping well. The mass recovery for

bromide was 73%. Bromide mass associated with long travel-time flow paths may not

have arrived during the course of the experiment. In addition, some of the bromide mass

would probably never reach the extraction well, even if pumping were to continue

indefinitely. This is because in the field there is some variability of hydraulic

conductivity in the horizontal plane (in contrast to our model, in which conductivity is

areally uniform). Thus, higher conductivity pathways may have diverted some flowlines

out of the extraction well's capture zone. Any bromide mass traveling along such

flowlines will never reach the extraction well, and must be considered mass lost from the

system. The regional hydraulic gradient may also have played a role in diverting some

bromide mass away from the extraction well's capture zone.

Breakthrough curves for bromide measured at levels 2 and 3 of the centerline
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monitor well (Figures 8 and 9) were sharp and symmetrical, indicating a relatively small

degree of spreading. Conversely, breakthrough curves for levels 1 and 4 (Figures 7 and

10) exhibited extended tailing and lower peak concentrations. In addition, the observed

breakthrough curves at levels 1 and 4 exhibit double or triple peaked behavior, indicating

that travel times for bromide vary within the aquifer layers contributing to breakthrough

at these levels. The presence of additional ports in the multi-level sampling device might

have captured this additional heterogeneity.

Moment analysis of these data was performed to evaluate travel time for each of

the four monitoring points (see Table 3). The zeroth moments for levels 2 and 3 are very

similar to the true injection pulse of 2.1 days, which indicates ideal behavior with respect

to mass recovery and one-dimensional flow between the injection well and the centerline

monitoring well. The mean travel times to the centerline monitoring well vary between

0.4 and 13.7 days. This variation arises from the effect of heterogeneity on flow and

advective transport.

4.4.2 Mathematical Modeling: Homogeneous Approach

The hydraulic conductivity obtained by calibrating the one-layer model to the

water level data was 12 m/day. This value compares well to the values (9 m/day and 16

m/day) determined by pumping tests. The porosity value obtained was 15%. The

conductivities obtained from Darcy's Law and from the analytical model for the four

levels of the centerline monitoring well are given in Table 3. The two methods produced
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consistent results. This indicates that the assumption of a uniform hydraulic gradient was

sufficient for this system.

Table 3: Moment analysis of bromide breakthrough data at the four monitoring points of
the multi-level sampling well, and calculated hydraulic conductivities.

Layer Zeroth
Moment

(mo)

First
Moment

(m1)

Travel time
(days)

K (mid):
Darcy's Law

K (mid):
Analytical

solution

1 1.7 9.0 4.4 1.3 1.4

2 2.2 3.3 0.5 11.6 12.3

3 2.1 3.0 0.4 14.5 15.5

4 1.8 25.9 13.7 0.4 0.4

The bromide breakthrough at the extraction well simulated by calibration of the

one-layer model is compared to measured data in Figure 6. The simulation provides a

good representation of tracer arrival. However, after approximately two and a half days

the simulation exhibits higher concentrations than the measured data. This discrepancy is

attributed to mass loss in the field due to areal heterogeneity not accounted for in our

simplified flow and transport model, as discussed above. Relatively high conductivity

pathways most likely diverted some flow and bromide mass away from the extraction

well's capture zone. This mass loss results in lower measured bromide concentrations at

the extraction well during the elution portion of the field experiment.

The scale-dependent, full-aquifer dispersivity obtained from calibration of the

homogeneous transport model was 7.6 m, approximately the same as the scale of the
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experiment. Figure 7 shows the results of a sensitivity analysis on dispersivity as it

affects predictions of breakthrough at the extraction well. Although a dispersivity value

of 0.76 m also produces a reasonable fit to the data, the simulation where a = 7.6 m

produces a much better fit of the curve between 2 and 3 days. The grid convergence

study with smaller cell sizes produced little change in either flow or transport simulation

results. Our numerical model was further validated by comparison of numerical results

with the analytical model described below (equation 6) and used to obtain layer-scale

dispersivities from breakthrough at the centerline monitoring well.

A large vertically averaged longitudinal dispersivity (such as the value of 7.6 m

obtained here) is necessary in a model when insufficient information is available for

detailed characterization of spatial heterogeneity. However, the use of vertically

averaged longitudinal dispersivity values calibrated to match peak tracer breakthrough

has several disadvantages. One disadvantage is that such an approach may result in

artificially small first arrival times of tracer in a numerical model (Huyakom et al., 1986).

Another disadvantage is that a homogeneous model cannot simulate the multi-peaked

behavior, caused by vertical variations in conductivity, often observed at monitoring

wells. Finally, when transport is simulated with a large, scale-dependent dispersivity

value, the model is less robust in terms of predictive capabilities than a more detailed

model using dispersivities that are less scale-dependent.
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4.4.3 Mathematical Modeling: Stratified Approach

The simulated and measured breakthrough curves for the four levels of the

centerline monitoring well are shown in Figures 8 through 11. The porosities and

dispersivities calibrated for this four-layer model are given in Table 4.

Table 4: Flow and transport parameters calibrated for a four-layer numerical model.

Layer thickness (m) porosity (%) dispersivity (m)

1 0.30 15 2.43

2 1.37 30 0.3

3 3.65 30 0.15

4 0.76 25 1.52

The high conductivity layers (2 and 3) at the center of the aquifer were calibrated

using dispersivities more than an order of magnitude lower than the value obtained for the

homogeneous model. The dispersivities for layers 1 and 4, however, are still relatively

large, indicating that a high degree of heterogeneity still exists within each of these

conceptual layers. This is supported by the multi-peaked breakthrough curves observed

for these two locations, as discussed above. Layer four was divided into sublayers in an

attempt to characterize this additional heterogeneity, with the limitation that we did not

have specific breakthrough curves available to easily define each of these sublayers.

The porosity obtained for layer 4 was used in the following analytical model

(Wang and Anderson, 1982, after Ogata and Banks, 1961), which gives concentration as a
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function of time due to one-dimensional flow (a valid assumption along the centerline of

our well couplet) in each sublayer:

C(x,t) = —
C2o [exp( i'LLx ) erfc (

2,/DL

tt) + erfc(  2/DLtt)]
	

(6)

-

where C is concentration, Co is input concentration at the injection well, vx is the average

linear velocity, x is the distance from the injection to the observation well, D L is the

longitudinal dispersion coefficient, t is time, and erfc is the complementary error

function. The solution was modified to account for the two-day injection period and was

used to simulate breakthrough curves at the centerline monitoring well for each sublayer.

The total concentration expected at layer four's multi-level sampler port was found by

flux weighting the concentrations in each sublayer.

Theoretically, the flux averaged concentration would be a function of both the

velocities used in the equation and the thickness of each sublayer. In practice, because

these velocities and thicknesses are not known a priori, the weighting factors were

obtained by moment analyses of each of the peaks comprising the measured breakthrough

curve. The multi-peaked breakthrough curve for layer 4 (Figure 11) consists of three

distinguishable areas separated by two relative minima points located at 5.5 and 11 days.
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Each of these areas represents the relative mass of solute moving in the sublayer

associated with a particular peak on the breakthrough curve. These relative masses were

used to obtain the weighting factors, M i , used in the following equation:

3

Mi Ci(t)

CT (t) = i=1 
3	 (7)

where CT(t) is the concentration predicted at the sampling port at time t, M, is the area

under the ith peak shown in Figure 12, and C(t) is the concentration in the ith sublayer and

calculated using equation (6).

The velocities and dispersivities of each sublayer were then obtained by

calibrating the weighted analytical solution to the field data. The weighting factor

obtained from the moment analysis, in combination with the velocity obtained from the

calibration, can then be used to obtain the thickness of each sublayer (B, 1\4, / vx i). The

conductivities, thicknesses, and dispersivities obtained for the three sublayers of layer 4

are given in Table 5. The good fit obtained with this three-sublayer model to the

breakthrough data observed at the fourth port of the multi-level sampler is shown in
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Figure 12. With the added resolution in the fourth layer, we obtained dispersivity values

that are more than an order of magnitude lower than that obtained with the homogeneous

model.

Table 5: Flow and transport parameters obtained for three sublayers using an analytical

model.

Sublayer thickness (m) conductivity

(m/day)

dispersivity (m)

4a 0.03 1.84 0.18

4b 0.15 0.71 0.27

4c 0.59 0.31 0.27

The breakthrough curve measured for layer one exhibits two distinct peaks

(Figure 13). The first peak of approximately 25 mg/L occurs at 1 day, and concentrations

rapidly decrease by the second day of the experiment. Bromide was injected for a period

of about two days. The first peak of the breakthrough curve thus arrives and elutes before

injection has even ceased. This result is unexpected given our assumptions of steady

state, horizontal flow.

One explanation for this behavior is that the location of the sampling port in the

top layer was too close to the top boundary of the tracer-swept zone. This port would be

particularly susceptible to small, transient variations in the flow field during the

experiment. This represents a deviation from our assumption that flow conditions had
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attained steady state. Thus, the elution wave that began at one day could be a result of

tracer solution bypassing the top sampling port during part of the injection period.

Under these circumstances, we can hypothesize that the top sampling port was within the

tracer swept zone for one day, was bypassed for 1-2 subsequent days, and was once again

incorporated into the tracer swept zone for the remainder of the experiment.

Given that well logs indicate that fairly fine-grained sediments are present at the

elevation of this top sampling port, however, it is surprising that the initial tracer arrival

was so early (i.e. the first peak in the breakthrough curve was at one day). This is the

same time at which concentrations in the center, high-conductivity layers reached their

maximum, as shown in Figure 9. It is possible that the top sampling port in the MLS was

hydraulically connected to both the first and second layers of the aquifer. Thus, the first

peak measured at the top port may represent bromide transport through the high

conductivity second layer. The elution wave of this peak could be a result of a transient

flow condition, which caused tracer-free water traveling through the low-conductivity top

layer of the aquifer to reach the top sampling port. The second peak at the first MLS port

would thus represent tracer finally arriving after traveling through the lower conductivity

top layer of the aquifer. Given the above scenario, it is more appropriate to consider only

the last peak in this layer's breakthrough curve. The results of this simulation are shown

in Figure 13. A dispersivity of 0.6 m and a velocity of 0.98 m/day were used, resulting in

a conductivity of 0.5 m/day for layer 1.
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The six-layer model (including layers 1, 2, 3, 4a, 4b, 4c) was used to predict

bromide breakthrough at the extraction well using the parameter values obtained from

analysis of the centerline monitoring-well data. Total extraction well concentrations were

obtained by flux weighting the concentrations at the extraction well in each layer. The

dispersivity values used in each of the six layers are more than an order of magnitude

lower than the value used in the homogeneous model. The six-layer simulation results

are given in Figure 14 along with the observed bromide concentrations at the extraction

well and the results of the one-layer simulation discussed earlier. Small magnitude

artificial oscillations in the simulated curve for the six-layer model are the result of the

Method of Characteristics (MOC) solution being used at sharp concentration fronts. The

porosity used to match breakthrough at the centerline monitoring well was too high for

one layer, causing an over prediction of the arrival time of bromide. Thus, the porosity in

one layer (layer 3) was reduced to 15%, a value consistent with the range of porosities

measured on core samples, and the same value as was calibrated with the one-layer model

to the extraction well breakthrough. This slight inconsistency between the centerline

monitoring well calibrations and the extraction well simulations can again be explained

by areal heterogeneity. Figure 5 shows that the sediments between the injection and

centerline monitoring wells differ from those near the extraction well. Thus, changing one

parameter (porosity in layer 3) to predict extraction well breakthrough is qualitatively

supported by the well logs.
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The simulations of bromide breakthrough at the extraction well obtained with the

one-layer and six-layer models can be compared in Figure 14. Although the average error

of the one-layer simulation is slightly smaller than that of the six-layer simulation, the

one-layer model was calibrated to the extraction well data whereas the six-layer model

was calibrated to the multi-level sampling data. Thus, the simulation produced with the

six-layer model is essentially a prediction of the extraction well data. Furthermore, the

degree to which the two models accurately reproduce the measured data is not markedly

different, and thus other criteria can be used to choose between them. For example, the

six-layer simulation was obtained with dispersivity values generally more than an order

of magnitude lower than the value used for the one-layer simulation (7.6 m for the single-

layer model as opposed to 0.15 to 1.5 m for the six layers). The six-layer model would

thus be more likely to provide more accurate simulations of results obtained from an

experiment conducted under different conditions (e.g. different well spacing). The

six-layer model is thus deemed to be more robust in terms of predictive capability due to

the more detailed hydraulic conductivity information it incorporates and the dispersivities

used, which are closer to laboratory-scale values. If geologic conditions downgradient are

markedly different from those of the experiment site, however, neither model would

provide accurate predictions of long-term transport. Qualitative geologic data can be very

useful for determining if this is the case at a given site.
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Early studies of the scale-effect (i.e. the increase in calculated dispersivity as

measurement scale increases) showed that dispersivities increased by three to four orders

of magnitude from the laboratory-scale to the field-scale (Pickens and Grisak, 1981). We

expected the magnitude of the change in calibrated dispersivities as we moved from the

scale of an individual layer to the full-aquifer scale of our experiment to be significantly

less than three to four orders of magnitude for two reasons. First, the scale of an

individual layer is larger than a laboratory-scale measurement. The fact that some of our

individual layers' breakthrough curves exhibit multi-peaked behavior is further evidence

that our layers are not as discretized as they could be with more detailed field

measurements. Second, the scale of our tracer experiment is not as large as the scale of

the field contamination zones discussed by Pickens and Grisak (1981). Given the degree

of heterogeneity at our site, it is unlikely that constant-dispersivity behavior has been

attained by 7.5 m. Our study showed a little more than one order of magnitude difference

in dispersivities as the measurement scale increased from individual layers to the full

thickness of the aquifer. The degree to which we were able to decrease dispersivities

with the stratified aquifer approach is consistent with the results of Thorbjarnarson and

Mackay (1997), whose study was comparable to ours in terms of scale, sediment type,

aquifer thickness, and number of multi-level sampling ports. Further studies are

necessary, however, to see if such consistency will be maintained in similar aquifers and

how results might vary in others.
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CHAPTER 5: FACTORS CAUSING RATE-LIMITED TCE REMOVAL DURING

PUMP-AND-TREAT REMEDIATION OF A SUPERFUND SITE

5.1 Introduction

The limitations of traditional pump-and-treat systems designed to remediate

contaminated aquifers are evident in the tailing and rebound of contaminant

concentrations observed at many sites. Tailing is the persistence of relatively high

concentrations of a solute over time, despite continued pumping. Rebound occurs when

pumping is temporarily or permanently ceased. When samples are taken at a later time,

the observed concentration in the well is significantly higher than the last concentration

measured during pumping. This phenomenon is often attributed to the chemical and

physical disequilibrium during pumping between the aqueous phase and sorbed,

diffusing, and/or immiscible liquid phase contaminant. In the absence of pumping, the

aquifer system reapproaches equilibrium and aqueous concentrations rise.

Pump-and-treat systems often exhibit reduced efficiency after several years of

operation, hindering efforts to remediate to drinking water standards. Possible causes of

this reduced efficiency include rate-limited diffusion from low conductivity zones,

rate-limited desorption, and rate-limited dissolution from the immiscible liquid phase or

non-aqueous phase liquid (NAPL). All of these processes were included in a unique
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numerical model designed to investigate the shortcomings of a pump-and-treat system at

a Superfund site in Tucson, Arizona.

The regional aquifer in Tucson is currently the sole source of potable water for the

city. With a population of more than 750,000, Tucson is one of the largest metropolitan

areas in the nation to be solely dependent on its aquifer for drinking water. Twenty

separate facilities have operated at what is now the Tucson International Airport Area

(TIAA) Superfund Site since 1942. During the late 1950's to mid 1970's unlined ponds

were used to dispose of metals and organic solvents including trichloroethene (TCE),

which seeped into the groundwater at the TIAA site. TCE had been used as a metal

degreaser, and is the most abundant contaminant present. Prior to 1981, wells within the

24 square mile area of this site provided drinking water to over 47,000 people. A large

pump-and-treat groundwater remediation project was initiated in 1987. The current

tailing observed in this system consists of TCE concentrations which have leveled off at

approximately 100 ltg/L, a level 20 times higher than the current maximum contaminant

level (MCL) for TCE.

The goal of this study is to determine the physical and chemical processes

responsible for the inability of the pump-and-treat system at the TIAA site to reduce

contaminant concentrations to federal drinking water standards. This will be

accomplished using hydraulic and chemical parameters, determined both in the laboratory

and with the tracer modeling presented in Chapter 4, in a numerical model incorporating
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multiple rate-limiting transport processes. TCE tailing observed during a dual-well field

experiment will be predicted with the model and the impact of each relevant transport

process will be evaluated. The initial mass within the model domain for each simulation

will be compared with the mass extracted from the area during the field experiment. The

likelihood of NAPL presence in the subsurface will also be assessed.

5.2 Modeling Approach

Following the approach of Srivastava and Brusseau (1996), physical and chemical

parameters used as input for the model were determined independently of the elution data

being simulated when possible. The experiment at the TIAA site, however, differed in

several key aspects from the Borden experiment modeled by Srivastava and Brusseau.

First, the Borden experiment involved the injection of a pulse of solute into the aquifer,

whereas the greatest difficulty at TIAA and at most contaminated sites is that

uncertainties exist regarding unknown quantities of resident contaminant present in the

system before the experiment begins. Second, the transport modeled in this study takes

place under forced gradient conditions, whereas the Borden experiment was a natural

gradient one. A great deal of data was generated at the Borden site, allowing for a

stochastic analysis of hydraulic conductivity variability, a rough correlation between

hydraulic conductivity variability and spatial variability of the equilibrium sorption

coefficient, as well as a detailed analysis of plume migration through space and time.
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Such information is too costly to collect at most contaminated field sites. This analysis at

TIAA attempts to use a limited amount of information collected during one field

experiment, as well as subsequent analyses on a limited number of site cores, to match

observed contaminant elution data over a much shorter period of time (60 days)

compared to the Borden experiment (approximately two years). Finally, concentrations

of organic solutes at the Borden site were kept low enough that any non-sorbed

contaminant mass was likely to remain in the aqueous phase. At TIAA, however,

previous studies (Brusseau, et. al., 1997; Nelson and Brusseau, 1996) have suggested that

nonaqueous phase liquid (NAPL) may be present in the subsurface. This possibility is

evaluated in this study.

Trichloroethene concentrations have been measured at concentrations of 1,000 to

12,000 lig L - ' in the vicinity of the experiment location, even after almost 10 years of

pump-and-treat remediation. Such high aqueous concentrations, given the aqueous

solubility of TCE (1,100 mg L- '), are often considered to be indicative of the presence of

immiscible liquid (Cohen and Mercer, 1993; Pankow and Cherry, 1996). Furthermore, a

field experiment conducted at the site in 1996 revealed that the transport of a partitioning

tracer (SF6) was retarded compared to that of a conservative tracer, indicating the

probability that immiscible liquid is present (Nelson and Brusseau, 1996). Finally, the

elution tailing that was observed at all wells and at fairly high concentrations in some

wells during the tracer experiment may be due to NAPL dissolution. As suggested
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above, numerical modeling is necessary to distinguish between NAPL dissolution and

other rate-limiting processes which may be causing this tailing.

The inherent complexity of nonideal transport processes causes several problems

when constructing a field-scale numerical model. The details of spatial variability of

hydraulic conductivity must be simplified in a model, especially when insufficient data

has been collected for a stochastic approach. In this study we represented such variability

with a layered approach. The sorption capacity of the aquifer is also likely to vary

spatially. Spatial variability of sorption capacity is often correlated to spatial variability

of hydraulic conductivity. At this site insufficient data was available to obtain a good

understanding of the spatial variability of sorption capacity. Nevertheless, this is

probably not a major shortcoming of the model because the results of sensitivity analyses

on sorption parameters, as discussed below, demonstrate that sorption had a relatively

minor effect on TCE transport. The inclusion of NAPL dissolution in the transport model

necessitates that additional simplifying assumptions be made, however.

Given a field-scale mathematical model that can simulate NAPL dissolution under

nonequilibrium conditions and the transport of aqueous phase solute through

heterogeneous porous media, uncertainty remains regarding the quantification of NAPL

parameters such as dissolution rates and saturations. This uncertainty results from the

complex ways in which NAPL dissolution behavior may be related to heterogeneous

porous media characteristics.
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The difficulties inherent in describing macroscale NAPL behavior in

heterogeneous media include the following. First, it is difficult to quantify the interfacial

contact area between the groundwater and NAPL. Second, interfacial area changes with

time as the NAPL dissolves. This change in interfacial areas changes the rates of

dissolution. Third, individual NAPL blobs come in a wide distribution of shapes and

sizes. Fourth, the aqueous-NAPL interface is curved, and the extent of the curvature

(along with the associated surface area) depends on NAPL and water pressures and

saturations, interfacial tension, shapes of pore spaces, and the physical and chemical

properties of the solid surfaces.

All of the above properties may vary spatially at the field-scale. Finally, some

portions of the interfacial area are more accessible to flowing water than others, due to

the configuration of NAPL at residual saturation. Head minisci are in contact with

flowing water, whereas neck minisci are only in contact with an immobile aqueous film

between the NAPL neck and the solid surface. Thus, there is a need to define an

"effective" interfacial area. It is possible to relate interfacial area to surface tensions, but

most pressure-saturation relationships apply only to conditions where both fluids are

continuous. This is obviously not the case for NAPLs at residual saturation.

Heterogeneity and the associated rate-limited diffusion of aqueous phase

contaminant out of low conductivity zones probably control the dissolution rate for high

NAPL volumetric fractions. A combination of heterogeneity and low mass transfer rates
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control dissolution at low residual volumetric fractions. Furthermore, the presence of

heterogeneity implies that there will be high local velocities. High velocities, as

discussed above, promote nonequilibrium behavior. Both the saturation and the

distribution/configuration of residual NAPL are very important factors affecting rates of

NAPL dissolution.

5.3. Methods: Model Description

5.3.1. Model Overview

Steady state flow and the transport of trichloroethene (TCE), a reactive, volatile

organic groundwater contaminant, were modeled with the groundwater flow code,

UAFLOW3D and the solute transport code, UASOLUTE3D (Zhang, 1999; Zhang and

Brusseau, 1999). Several small modifications were made to the code for application to

this particular field site. Both codes are based on the Galerkin finite element method, and

use direct solver methods to solve the flow and transport equations, thereby reducing run

times and mass balance errors in comparison with iterative solver approaches.

UASOLUTE3D uses the hydraulic head distribution and resulting velocity field

calculated by UAFLOW3D. The modified method of characteristics (MMOC) is used by

UASOLUTE3D to solve the advection term in the advection-dispersion equation given

below. The advantages of MMOC over the method of characteristics (MO C) include

shorter run times and no artificial oscillation (Zheng, 1990).
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UASOLUTE3D was used for this study rather than a widely used package such as

MT3D because of its unique capabilities to simulate non-ideal transport processes such as

rate-limited sorption and rate-limited dissolution of immobile immiscible liquid phase, or

dense nonaqueous phase liquid (DNAPL). UASOLUTE3D also includes the ability to

simulate rate-limited diffusion from low-conductivity zones, both at the layer scale (as

used in this study) and the local scale, as well as the ability to simulate heterogeneity in

chemical parameters (a capability not used in this study).

5.3.2. Steady State Flow Model

In modeling three-dimensional flow in a porous medium, UAFLOW3D solves a

finite element approximation of the steady state groundwater flow equation:

a	 ah	 a	 ah	 a	 ah
—

ax
) + -

ay 
(K

Y-ay
) + -

az
(K

z
-
az

)=0 (8)

where K is hydraulic conductivity, h is hydraulic head, and x, y, and z are the spatial

coordinates. In this study, K, = Ky and K, = 0.1 K.

A. Model Grid

The model domain is 61 m by 61 m, with 1.2 m by 1.2 m cells on the outer edges

of the domain, and finer spatial discretization towards the center of the domain. The
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purpose of changing cell sizes in different portions of the domain is to have smaller cell

sizes where velocities are the highest, which in this case are in the areas surrounding the

injection and extraction wells. Smaller cell sizes in these areas helps to eliminate

potential problems with numerical dispersion. Nevertheless, in order to reduce run times,

it is preferable to have larger cell sizes towards the edges of the domain where velocities

are not as high. Cell size is varied gradually in order to reduce potential numerical

problems because abrupt changes in spatial discretization can affect numerical stability

(Spitz and Moreno, 1996).

B. Boundary Conditions

The boundary conditions used for the flow model are constant head at each side

boundary, based on the Thiem equation modified for a dual-well system, as described in

Chapter 4, and constant flux at both the injection well and the extraction well.

C. Layers

The conductivity of each of the four model layers was calculated based on the

travel times of injected bromide to the four multi-level sampler (MLS) ports. Four model

layers were used instead of the six used for modeling bromide transport in Chapter 4

because of the advantage of reduced run times. The four layers still represent a fairly

good approximation of the geologic layers present at the site, as evidenced by a

comparison of the model layers with the representations of qualitative geologic well log

data shown in Figure 5. Table 6 shows the conductivities and thicknesses that were
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calculated based on the bromide tracer test results as discussed in Chapter 4.

Table 6: Conductivities and layer thicknesses of four-layer model.

Layer K (m day) thickness (m)

1 1.4 0.30

2 12.3 1.37

3 15.5 3.65

4 0.4 0.76

5.3.3. Transport Model

UASOLUTE3D solves a finite element approximation of the three-dimensional

advection-dispersion equation, which is used in this model to find aqueous

trichloroethene (TCE) concentrations as they vary in space and time. Terms are included

for the variation of sorbed and NAPL phase TCE mass in time and space:
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where C is the aqueous concentration of contaminant (p.g/L); S i is the instantaneous

sorbed-phase concentration (p.g/ug); S2 is the rate-limited sorbed-phase concentration

(1.1.g/n); 0,„, and ON are the volumetric fluid contents of water and NAPL, respectively;

(9)
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Pb is the bulk density of the porous medium (ug/dm3); pN is the density of the

contaminant (mg/L); gm( is the injected/extracted water volume per unit aquifer volume

per unit time for well k (day - '); Cvd, (ug/L) is the contaminant concentration in the

injected/extracted water volume, qwk; x is the Cartesian coordinate (m); xwk is the location

of well k (m); ô is the Dirac delta function; q, is the specific discharge (m/day); D u is the

dispersion coefficient tensor (m2/day) defined by:

v.v.	 D
D = (a -aT)1 +aT M5 + 	

lvi
(10)

where at, and ar are the longitudinal and transverse dispersivities (m), respectively; v is

the average linear velocity (m/day); lvi = v is the magnitude of the velocity vector

(m/day); 6 u is the Kronecker delta; and r is the tortuosity of the porous medium.

Rate-limited sorption/desorption is described by:

= FKCP	 (11)

as
2 — k2 [(1 -FwcP -s2 ]

at
(12)

where F is the fraction of sorbent with instantaneous sorption; K is the equilibrium
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sorption constant (L/iug)p; k2 is the first-order desorption rate coefficient (day- '); and p is

the exponent of Freundlich isotherm.

Rate-limited dissolution from the NAPL phase is described by a first-order mass

transfer process:

aON
pN 	- ki, (C-C)
at - (13)

where kLa is a lumped mass transfer coefficient for dissolution (day -1 ) ; C is the bulk

aqueous phase concentration of the contaminant (pg/L); C s is the aqueous phase

concentration that would be in equilibrium with the immiscible-liquid phase (for

single-component immiscible liquid, C s is defined as the aqueous solubility of the

contaminant (p,g/L); ON is the fractional volumetric content of the immiscible liquid

phase; pN is density of the contaminant (j,1g/L); and t is time (days).

The decrease in interfacial area as immiscible-liquid mass is removed from the

system is accounted for by a relationship, referred to as the theta model, first presented by

Powers et al. [1994]:

(14)
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04 = 0.518 +0.114k+0.10U,	 (15)

where Sh[= kLa d502 / Dm lisis the modified Sherwood number; Re[= vpwd50/[tw] is the

Reynolds number defined in terms of pore-water velocity v (m/day) ; 2 = c/50/4 is a

normalized grain size; U, d60/d10 is the uniformity index of the aquifer material; 0A, is

the initial volumetric fraction of immiscible liquid in the system; d, is the diameter of the

aquifer particles, i% of which in weight are smaller than d, (cm) ; dM (= 0.05 cm) is taken

as the diameter of a medium sand grain; Dm is the aqueous-phase molecular diffusion

coefficient of the contaminant (m2/day); p i, and jç are density (jig/L) and dynamic

viscosity 0.1g/m/day) of water, respectively. The values of the coefficients aN, f3 [3 2 and

f3 3 and their 95% confidence intervals were obtained by Powers et al. [1992] from steady

state dissolution data.

The data used by Powers et al. [1994] for developing the theta model were

obtained from column experiments conducted using homogeneous sands. In

heterogeneous systems, however, the distribution of residual immiscible liquid and the

interfacial area available for dissolution is likely to differ compared to homogeneous sand

systems. Powers et al. [1994] suggest that the data obtained from heterogeneous systems

be used in conjunction with the theta model to obtain appropriate calibration parameters.

Changes in both the immiscible-liquid distribution and the interfacial area will affect the
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transient rates of dissolution, which are proportional to the value of aN according to

Eq.(11). In this study, as in that presented by Zhang and Brusseau (1999), the values of

the [3, parameters are assumed to be the same as those reported for homogeneous systems.

aN is thus the only parameter that will be calibrated with the model presented below.

The boundary conditions for transport at all side boundaries were zero

concentration gradient (i.e. zero dispersive flux). Dispersivity and porosity for each layer

were determined from the modeling of the bromide transport, as discussed in Chapter 4.

These results are summarized in Table 7:

Table 7: Dispersivity and porosities used in four-layer model.

Layer a (m) porosity (%)

1 2.43 15

2 0.3 30

3 0.15 30

4 1.52 25

5.4 Results and Discussion:

The simulations discussed below differ from each other not only in terms of the

various rate-limited processes contributing to nonideal transport, but also in terms of the

initial mass of TCE in the model domain for each run. Those simulations which included

NAPL had much larger quantities of contaminant present in the system at time = O. The

initial mass for each simulation was calculated using equation 16.
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4

MT =	 (Coi-Vali CoiKdpbVi ONAPLVipN)
	

(16)
i=1

where MT is the total mass in the model domain for a given simulation, C., is the initial

aqueous concentration for layer i, V, is the volume of layer i, n, is porosity for layer i, Kd

is the equilibrium sorption coefficient, Pb is the bulk density of the aquifer material, ONApL

is the saturation of NAPL, and pN is the density of NAPL. The third term on the right

side of the equation was only used for those simulations which included NAPL

dissolution (i.e. the simulations for Figures 17, 18, and 19). C., was set to 320 mg/L for all

layers for all simulations except the one with nonuniform initial concentrations. 320 j.ig/L

was the aqueous concentration measured at the extraction well at the beginning of the

field experiment. Kd and Pb were measured in the laboratory using core material from the

site (Putz, 1997). Thus, the calculated masses of aqueous phase TCE and sorbed phase

TCE can be considered fairly accurate. In contrast, those cases which included NAPL

dissolution include a great deal of uncertainty with regard to how much NAPL mass is

initially present in the system. The NAPL saturations used in this study were 0.3% for the

top layer and 0.5% for the bottom layer. The variable initial masses and the parameters

used in each simulation are summarized in Table 8:
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Table 8: Summary of rate-limiting parameters and initial mass in system for different
simulations.

Figure # Simulation Initial mass in system

15 equilibrium 2.1 kg

15 k2= 15.12 day -1

Kd = 0.04 mL/g
2.6 kg

15 k2 = 0.15 day-1

Kd = 0.08 mL/g
3.1 kg

16 equilibrium 2.1 kg

16 k2= 15.12 day -1

Kd = 0.04 mL/g
2.6 kg

16 k2 = 0.15 day -1

Kd = 0.04 mL/g
2.6 kg

17 NAPL in top and bottom
layers, Sh = 4 x 10 -9

2.6 x 104 kg

17 NAPL only in top layer,
Sh = 4 x 10'

4.9 x 10 3 kg

18 Sh =4 x 10 -9 , NAPL in
top and bottom layers

2.6 x 104 kg

18 Sh = 2 x 10 -9, NAPL in
top and bottom layers

2.6 x 104 kg

18 Sh = 4 x 104° , NAPL in
top and bottom layers

2.6 x 104 kg

19 Uniform initial aqueous
concentration

, 
NAPL in

top layer only

4.9 x 10 3 kg

19 Nonuniform initial
aqueous concentration,
NAPL in top layer only

4.9 x 103 kg
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The masses presented in Table 8 can be compared to the total mass removed from

the aquifer during the 60 days of the experiment, which is 2.2 kg. This value was

obtained by integrating under the curve shown in Figure 20 and multiplying by the

extraction rate (136 L/min). Inspection of Table 8 shows that the 2.2 kg of mass removed

is nearly equivalent to the mass estimated to reside in the aqueous and sorbed phases.

Clearly, however, the TCE concentration has not reached zero by the end of the

experiment, as shown in Figure 20. Similar long-term tailing behavior has been observed

at a nearby extraction well (Zhang and Brusseau, 1999). Thus, the concentration of the

tailing shown in Figure 20 is, in fact, expected to remain high for an extended period of

time. This discrepancy in masses suggests that the contaminant exists in an additional

phase, most likely as NAPL.

There is some uncertainty regarding the extent of the contaminant source zone

(i.e. perhaps it is somewhat larger than the 3700 m2 of the model domain), but we would

still expect to have removed most of the contaminant mass during the experiment

(assuming no NAPL were present). Even if we did not remove all of the aqueous and

sorbed mass from the system during the 60 days of the experiment, the pump-and-treat

system at the site has been in operation for over 12 years. This would certainly be

enough time to remove the quantities of source zone aqueous phase and sorbed phase

TCE estimated in Table 8. The estimated mass of NAPL is 3 to 4 orders of magnitude

greater than aqueous and sorbed phase TCE. Thus, these initial mass calculations
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indicate that NAPL is the cause of the extended tailing observed both during the

experiment, and at surrounding extraction wells over the past few years.

5.4.1 Case with Instantaneous Sorption and No NAPL

The effect of heterogeneity on TCE elution is shown in Figure 15 as the

"equilibrium" case, although rate-limitations are operating due to rate-limited diffusion of

TCE from low permeability zones. This simulation included only instantaneous sorption

and no NAPL. The tailing begins to level off at approximately 95 jig/L, a level well

below the observed tailing at approximately 160 jig/L. Thus, hydraulic conductivity

heterogeneity and the associated rate-limited diffusion processes that occur in such media

are not sufficient to account for the nonideal transport observed at this site.

5.4.2. Cases with rate-limited desorption and no NAPL

The coupled effects of heterogeneity and rate-limited desorption are also shown in

Figure 15. NAPL was not included in these simulations. A rate-coefficient of 0.63 hr -1

(15.12 days -1 ) was used initially (with Kd = 0.042 mL/g) based on the results of laboratory

experiments using core material from the site (Brusseau et al., 1997). These laboratory

experiments and larger-scale numerical modeling of the site (Zhang and Brusseau, 1999)

indicate that the sorption isotherm in nonlinear, although this nonlinearity does not have a

major impact on transport at the site. A Freundlich isotherm (C sorbed = Kf Cnvs) was used in

Zhang and Brusseau's study, with optimized coefficients of n = 0.85 and Kf = 0.0053

(mL/g)°85 . Additional laboratory tests on aquifer material that was in contact with known
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quantities of TCE for extended periods of time (i.e. aged contaminant) demonstrated that

the rate coefficient was reduced by an order of magnitude after about 2 years of contact

between the TCE and the sediment (Lamoreaux and Brusseau, 1998; Putz, 1997). The

equilibrium sorption coefficient, Kd, is also larger for the aged system (0.08 mL/g,

compared to 0.04 mL/g for the original system). TCE at the field site has been in contact

with the aquifer sediments for several decades, thus contaminant aging effects are likely

to be important.

A sensitivity analysis on the rate coefficient, k2, (see Eqn. (10)) revealed that even

an order of magnitude decrease in the rate coefficient (15.12 to 0.15 day-1 ) does not result

in the degree of tailing observed in the field. In fact, the differences in the elution curves

for the simulations with the different rate coefficients are fairly minor, neither case

differing much from the equilibrium case. The simulation with the lower rate coefficient

had an equilibrium sorption coefficient (Kd = 0.08 mL/g) twice the size of the original run

(Kd = 0.04 mL/g). Thus the initial masses for each simulation differ. Figure 16 shows

the difference an order of magnitude decrease in the rate coefficient makes when the

equilibrium sorption coefficient is kept constant for both runs. In this case the initial

masses for each simulation are equivalent, and both rate-limited desorption cases tend

toward asymptotic behavior at a level below that of the equilibrium run.



81

5.4.3 Cases with rate-limited desorption and NAPL dissolution

A. Effect of NAPL distribution

Figure 17 shows the effect of two different simplified NAPL distributions on TCE

elution at the extraction well. The first case simulated included NAPL in both the top and

bottom layers of the model. The NAPL was distributed evenly throughout each layer.

This distribution was chosen because both the top and bottom layers are composed of

fairly low permeability sediments which might be expected to retain residual NAPL even

after years of pump-and-treat remediation. This case results in an elution curve similar in

shape to that of the observed elution curve. The concentrations rise after approximately

five days in this simulation due to the fact that NAPL is not in equilibrium with the

aqueous phase, and the aqueous phase concentration is far below the solubility of TCE.

After about 5 days, the effect of rate-limited NAPL dissolution is predominant over the

effect of dilution from the sand layers because at this point an increasing proportion of

the flow lines reaching the extraction well are from the low conductivity clay layers

where NAPL is present. However, the initial dilution from this run does not bring the

concentration low enough (the observed data reaches a nadir at 100 1.1g/L), nor is the

tailing well-represented by this simulation. Rather, this elution curve shows very little

leveling off effect at all after 60 days.

The second case simulated included NAPL only in the top model layer. This is

probably a better representation of the system, because only in the top layer were initial



82

concentrations high enough to suggest NAPL presence. Measured initial concentrations

as they vary with depth are discussed in more detail below. This simulation resulted in

too much dilution, with concentrations reaching as low as 108 1.tg/L after 60 days, instead

of leveling off at 160 [tg/L as was observed.

Certainly NAPL distribution in the aquifer is more complex than has been

represented in either of the modeled cases. The extreme differences between the two

simulations demonstrate the great importance of NAPL distribution on TCE fate and

transport. If our goal were to match the observed level of tailing, a more complex NAPL

distribution would likely allow us to accomplish this. The current simplification keeps

each layer uniform with either no NAPL or a given NAPL saturation. However, given

the measured initial concentrations in each layer, an observation independent of the

elution data being simulated, it is possible that NAPL is present only in the top layer.

Thus, in keeping with our approach of avoiding model calibration where possible, we

assume there is no NAPL in the bottom model layer for our final simulations shown in

Figure 19. We do not attempt to calibrate the model to a more detailed, less simplified

distribution of NAPL in this layer, given the lack of any independent evidence to justify

any particular detailed distribution.

B. Effect of NAPL dissolution rate coefficient

Figure 18 shows the effect of the NAPL dissolution rate coefficient on TCE

elution at the extraction well. As discussed above, many laboratory studies have been
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conducted in the attempt to construct a correlation between this parameter and properties

of the porous medium and the contaminant. A laboratory-determined value of this

parameter was calculated for core material from the site. Nevertheless, the NAPL

dissolution rate coefficient depends on aquifer heterogeneity and is scale-dependent, and

the laboratory-determined value is orders of magnitude higher than values that would

give a reasonable fit to the observed field data. Thus, this parameter had to be calibrated

to the observed data. A significant amount of uncertainty is brought into the modeling

process through the use of this calibrated parameter.

As shown in Figure 18, the value of this parameter, which we allow to vary by

one order of magnitude, has a significant effect on the shape of the TCE elution curve.

As in Figure 17, it was possible here to partially mimic the shape of the observed data

which includes an initial dip followed by a rise in concentrations and an eventual leveling

off, but only by sacrificing the accuracy of how far the concentrations drop. This figure

clearly shows, however, that it is possible to reach the observed level of 160 lig/L by

varying the dissolution rate coefficient. From our previous simulations, it did not appear

possible to reach this value with rate-limited diffusion and rate-limited desorption alone.

Thus, these results indicate that NAPL is present in the aquifer.

C. Effect of initial concentration distribution

Figure 19 shows the effect of initial aqueous concentration distribution on TCE

elution at the extraction well. The first concentration measured at the extraction well at
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the start of the experiment was 320 ig/L, as shown in Figure 20. Concentrations

decreased with time, at first quite rapidly, as pumping proceeded. For the case where the

initial concentration is uniform, concentrations are set to 320 u.g/L everywhere in the

aquifer at the start of the simulation. The nonuniform initial concentration distribution

was derived from data provided by Decker (1996), which shows the vertical

concentration distribution of TCE before the experiment. The initial concentrations used

in this simulation were constrained only by the condition that the flux average of the

concentrations in individual layers had to equal 320 j.tg/L. The initial concentrations used

in each layer for each run are summarized in Table 9. Because initial aqueous

concentrations are assigned to nodes in the model rather than elements, the concentrations

in the 5 node-layers, corresponding to 4 element-layers, are given below.

Table 9: Initial aqueous concentrations used in four-layer model.

Node Layer C 	 (mg/L): Uniform C 	 (1.tg/L): Nonuniform

1 320 2700

2 320 1950

3 320 70

4 320 70

5 320 700

Given the NAPL distribution (NAPL only in the top layer) and NAPL dissolution

rate (Sh = 1.4 e') used in the simulations shown in Figure 19, it was possible to reach the



magnitude of TCE tailing (160 [tg/L) observed at 60 days, the end of the experiment.

Figure 19 further demonstrates that the difference between runs with a uniform and a

nonuniform initial aqueous concentration is minor compared to the effects of NAPL

dissolution processes shown in Figures 17 and 18.
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CHAPTER 6: SUMMARY, CONCLUSIONS AND IMPLICATIONS FOR

FUTURE RESEARCH

The limitations of pump-and-treat systems designed to remediate contaminated

aquifers are evident in the tailing and rebound of contaminant concentrations observed at

many sites. As a result, aquifers at such sites remain contaminated at concentrations far

above federal drinking water standards. In order to develop and select appropriate

alternative remedial technologies, it is necessary to characterize flow and transport at a

given site in a cost-effective manner. It is also necessary to understand the mechanisms

contributing to rate-limited behavior at the site.

In Chapter 3, I have demonstrated the improvement in prediction of conservative

solute transport possible as a synthetic aquifer is represented by models with increasing

numbers of layers. After a certain number of layers, however, we reach a point of

diminishing returns. This is important, as the costs of aquifer characterization can be

prohibitive, and one would not wish to obtain redundant sampling data. The optimum

number of sampling locations will depend on the heterogeneity present at a given site.

The type of simulations presented here could be repeated with three-dimensional models

to better represent real aquifer conditions and structures of heterogeneity. Variances of

conductivity and correlation lengths can be varied to represent the heterogeneity of a

given aquifer appropriately, based on any available data and comparisons to similar, more
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highly studied aquifers such as Borden, Cape Cod, Columbus Air Force Base, etc.

Highly heterogeneous aquifers will generally require more detailed vertical

sampling. Even the most detailed sampling at a centerline monitoring well, however, will

not result in a stratified model that can perfectly reproduce the observed breakthrough

curve at an extraction well. This is because our synthetic aquifer has a horizontal

correlation length which is large, but not infinite as would be the case with perfect

stratification. Perfectly stratified models will always be simplifications of real aquifers.

As in the field and modeling studies discussed in Chapter 2, however, such

simplifications can be quite useful in predicting solute transport given the limitations of

available field data and the costs of collecting such data.

In Chapter 4, the results of simulations of a forced-gradient dual-well tracer test

conducted in Tucson, Arizona are reported. Aquifer parameters were characterized as part

of a larger study aimed at improving the efficiency of a pump-and-treat remediation

system. A flow model incorporating a single average value of hydraulic conductivity was

calibrated to observed water level data, and the resulting conductivity was consistent with

pumping test results. The simulation which provided the best calibration to observed

bromide breakthrough at the extraction well used a fairly large, scale-dependent

longitudinal dispersivity. This parameter incorporates the effects of both local-scale

spreading mechanisms and larger scale variations in hydraulic conductivity.

A four-layer flow and transport model was constructed to simulate breakthrough
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at four levels of a centerline monitoring well. Calibrated dispersivities for this model

were more than an order of magnitude lower than the value used in the homogeneous

model, except in the top and bottom layers which demonstrated double- or triple-peaked

breakthrough. Breakthrough for the bottom sampling location was well matched by a

model incorporating three sublayers, and the resulting dispersivities were again more than

an order of magnitude lower than for the homogeneous model.

Better characterization of aquifer heterogeneities and the resultant ability to use

smaller calibrated dispersivities results in a model which is better able to predict transport

over larger distances. The degree to which the stratified aquifer approach improves a

model's predictive capabilities may be sufficient for applications in which one needs to

predict when a contaminant plume may reach a particular municipal supply well, for

example. It is important, however, that the conductivity distribution information inferred

from a tracer test near the contaminant source zone be supplemented by qualitative

geologic information between the source zone and the supply well. One would not wish

to use a stratified aquifer approach in areas where the strata are highly discontinuous.

In Chapter 5, the aquifer parameters determined in Chapter 4 were used in a more

complex model of reactive contaminant transport. Rate-limited desorption and diffusion

of aqueous phase contaminant from low conductivity zones were shown to affect TCE

elution at the TIAA site, although their contributions to the observed tailing were

relatively minor The layer distribution of initial aqueous phase TCE mass also had a
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minor effect on TCE elution. The addition of NAPL to the system made it possible to

reach observed levels of TCE tailing. Thus, based on these results, in addition to the

observed high aqueous TCE concentrations and a partitioning tracer test which suggested

NAPL presence, we conclude that the probability of NAPL presence is extremely high

and that NAPL is probably the primary cause of transport rate-limitations. This analysis

is supported by the initial mass calculations reported in Chapter 5, which indicate that the

quantities of TCE associated with the aqueous and sorbed phases would have been

removed years ago in the absence of a NAPL source.

The exact distribution of NAPL and the magnitude of the NAPL dissolution rate

coefficient have a profound impact on TCE fate and transport at the site. Such

information is difficult to obtain, and can only be approximated with numerical modeling.

Although we cannot claim that the NAPL distribution and dissolution rate coefficient

used in our final runs are necessarily representative of reality, we have shown that it is

possible to reach the level of observed TCE tailing with some combination of these

factors. Because the observed concentrations of the TCE tailing were not attainable in

the simulations without any NAPL, the NAPL simulations offer a reasonable

representation of what we believe is occurring at this site.

Given the observed tailing at the site, it is highly unlikely that traditional

pump-and-treat technology will be capable of remediating the site within any reasonable

frame of time. Furthermore, because TCE is a DNAPL and migrates downward when
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mobilized, an alternative remediation technology should be chosen so as to enhance TCE

solubility and not to mobilize NAPL unless care is taken to prevent uncontrolled DNAPL

transport. Due to the likelihood that NAPL is present primarily in the lower conductivity

regions, site heterogeneity should be taken into account when selecting and implementing

a remediation alternative.

One of the most important implications of concluding that NAPL is present at the

site is the impact this has on uncertainty. If rate-limited desorption had been found to be

the primary cause of elution tailing, it would be a fairly simple matter to estimate

clean-up times because the value of the desorption rate coefficient is fairly

well-determined via laboratory methods. Given the uncertainty surrounding NAPL

parameter estimation, however, the presence of NAPL greatly hampers our ability to

predict time to clean-up with any degree of accuracy. As NAPL saturation decreases, our

ability to describe its distribution and processes occurring at the pore scale decreases

significantly. At low saturations the rate of NAPL dissolution may be extremely slow, as

residual NAPL tends to be trapped in those areas most inaccessible to flowing water.

Pump and Treat is commonly used for groundwater clean-up at federal Superfund

sites contaminated with DNAPLs such as TCE. The tailing and rebound observed at the

Tucson Airport site has been observed at many of these other sites as well. It is thus

imperative that alternative remediation strategies be developed and implemented if

groundwater at such sites is to be restored to drinking water standards.
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