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ABSTRACT 

Contamination of soil and groundwater environments by toxic metals and organic 

compounds is of major concern because of the potential health hazard posed for humans. 

Remediation of such sites may require the addition of chemical agents that help in the 

mobilization of contaminants which are likely to be bound to solid surfaces. Surfactants are 

one of the agents proposed for addition to enhance the removal of soil-bound contaminants. 

In this dissertation, a series of laboratory experiments were conducted to investigate 

constraints to the potential application of a microbially produced surfactant (biosurfactant) 

for removal of metal contaminants from soil. The first part of the dissertation describes the 

measurement of stability constants and 13 metals including ten of the metals most fi-equently 

found in contaminated sites as well as three of the most common metal cations found in soil, 

Ca^", Mg^", and The second part of the dissertation describes a series of experiments 

designed to determine the interaction of the biosurfactant with soil matrix components 

including clays, metal oxides, and organic matter. The biosurfactant used in this research was 

monorhanmolipid produced hy Psendomonasaeruginosa ATCC 9027. A mixture of mono-

and dirhamnolipid produced by P. aeruginosa UG2 was also used in some cases. 

Results showed that selectivity of the monorhamnolipid followed the order: Al^^ 

> Cu-" > Pb'^ > Cd^" > Zn^^ > Fe'^ > Hg-^ > Ca*^ > Co^^ > Ni'^ > Mn*^ >Mg-^ > K\ These 

results suggest that monorhamnolipid binds common metal contaminants in preference 

over common soil cations such as Ca^", Mg^^, and K*. Rhamnolipid was shown to bind to 

some soil constituents very strongly including hematite, illite, kaolinite, and 

montmorillonite. These results indicate that the effectiveness of rhamnolipid in soils with 
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high amounts of iron oxide or clay may be limited due to extensive sorption. Finally, it 

was found that monorhamnolipid sorbed more strongly than a rhamnolipid mixture 

containing both monorhamnolipid and dirhamnolipid. This suggests that the use of a 

biosurfactant mixture may improve the effectiveness of rhamnolipid in the removal of 

organic and metal contaminants from soil. 
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INTRODUCTION AND LITERATURE REVIEW 

Introduction 

Metals are natural constituents in soils. Usually their concentration is low and the 

types and amounts of metals present reflects the parent material from which the soil was 

formed (Forstner, 1995). Interestingly, some metals such as Cu, Zn, and Fe, are essential 

micronutrients for animal, plant, and microbial species, as well as humans and their presence 

is desirable at low concentration (Barman and Bhargava, 1997). However, in many areas 

the concentration of metals in soil and groundwater has increased as a result of 

industrialization. In such sites metals can accumulate to toxic levels and disrupt ecological 

processes. Contamination by metals is found at a majority of Superfund sites; soil and 

groundwater have problems associated with metals at approximately 65% of the Superfiand 

sites with signed records of decisions (ROD) (EPA, 1997b). Consequently, recent research 

has been directed toward the restoration of metal-contaminated soil, surface and 

groundwater. 

Unlike organic compounds, toxic metals in these environments pose a difficult 

pollution problem because they are not thermally decomposable or microbially degradable. 

Thus, the two approaches that can be used to reduce metal contamination are immobilization 

and removal. A major problem associated with the latter approach, metal removal, is the 

sorptive interactions of metals with soil constituents. Thus, technologies are needed to aid 

in desorption and removal of metals from soil. The use of microbially produced agents such 
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as biosurfactants is one such alternate technology (Miller, 1995). One of the most widely 

studied biosurfactants is the rhamnolipid which is produced by Pseudomonas aeruginosa 

(Van Dyke, 1993). Recent research has demonstrated that the rhamnolipid biosurfactants 

produced by P. aeruginosa ATCC 9027 and P. aeruginosa IGB83 can effectively complex 

and remove metals form soil (Tan et al,, 1994; Herman et al., 1995; Torrens et al., 1998). 

While biosurfactants have shown great potential for the remediation of metal-contaminated 

soil, further research is required to completely develope this metal removal technology. This 

includes understanding how the efficiency of biosurfactants may be affected by factors such 

as ionic strength, soil mineral and organic matter composition, and soil solution chemical 

composition. 

Literature Review 

1.0 Soil and Water Metal Contamination 

Metals are universally present in soil, water, air, and biota in trace concentrations. 

In nature, their presence in uncontaminated soils is a result of weathering of the parent 

material (Forstner, 1995). Some metals, such as Cu, Zn, and Mn, are essential for living 

organisms while others (e.g. Cd, Pb, Hg) have no beneficial effect (Barman and Bhargava, 

1997). However, the anthropogenic release of metals into the environment has caused local 

increases in their concentration that can exceed by several orders of magnitude the amount 

found in undisturbed environments. The main sources of metal pollution are mining and 

smelting wastes, the electroplating industry, municipal solid waste, sewage sludge, burning 

of coal and oil, application of fertilizers, manure and metal-containing pesticides (Alloway, 
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1995; Forstner, 1995; Kafka and Kuras, 1997; Sharma and Sharma, 1997). The most 

frequently reported metals contaminating soil and groundwater are Pb, Cd, Cu, Cr, Hg, Ni, 

Zn, As, Ba, Mn, Fe, Co, and Sn (Forstner, 1995; Kafka and Kuras, 1997). Metals within 

contaminated sites may exist either as individual metals or as a mixture of metals. These are 

commonly referred as to heavy metals. In addition, metals are often found in combination 

with other contaminants such as volatile or semi-volatile organic compounds, which can 

make metal remediation even more difficult. 

2.0 Fate of Metals in Natural Systems 

An understanding of the factors determining the mobility of heavy metals in soil and 

groundwater is essential to effectively control heavy metal pollution in the environment and 

to design appropriate remediation technologies. The key processes that affect the fate and 

behavior of heavy metals in soils and sediments are transport and retention. Transport of 

heavy metals within the soil environment occurs principally by mass flow or convection in 

the soil solution. Retention is a function of the capacity of the soil surfaces to sorb heavy 

metals. Since metal retention can be quite high, this can have a strong influence on the 

transport of metals to groundwater, surface waters, and the atmosphere (Petruzzelli, 1997). 

Since nearly all interactions between heavy metals and solid surfaces occur at the solid-liquid 

interface, the chemical and physical processes that control the distribution of metals between 

these two phases are of importance in metal mobility (Evans, 1989; Peters and Shem, 1995). 

The partitioning of metals between solid and aqueous phases is governed by both 

adsorption-desorption and precipitation-dissolution reactions. Metal behavior in terms of 
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these reactions depends on the oxidation state of the metal and whether or not it is 

complexed (Hering, 1995; Peters and Shem, 1995). For example, metal species that are 

dissolved in the soil solution and/or occupying exchange sites on soil constituents are more 

active and mobile, and can be more easily transported with water movement. In contrast, 

those metal species forming insoluble compounds with soil organic matter, precipitated as 

solids, specifically adsorbed on inorganic soil constituents, and present in the structure of 

primary or secondary minerals are immobile and have low activity (Shuman, 1991). 

Finally, metal transport is affected by the existing environmental conditions. 

Environmental conditions that affect transport are those that affect the type of metal species 

formed. These include pH, ionic strength, the chemical composition of the soil solution, the 

types of inorganic or organic ligands present, and microbial activity which can alter the 

oxidation state of a metal. 

3.0 Metals in Soil Minerals 

The main reservoir of metals in soil are the primary and secondary minerals. Heavy 

metals occur as trace constituents of these minerals forming igneous and sedimentary rocks. 

Their individual concentration normally is less than 100 mg Kg ' ( Aloway, 1995; Sposito, 

1989). However, high concentrations of one or more heavy metals can be found in ore 

minerals, which constitute their main commercial source (Alloway, 1995). Heavy metals 

become incorporated into the mineral at the time of its crystallisation by isomorphous 

substitution of one of the major elements (Al, Fe, Ca, Mg, Na, K, Ti, P). This substitution 

is possible if both the substituting and replacing metal have similar ionic charge, ionic radius 
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and electronegativity. Examples of such minerals containing heavy metals are chalcopyrite 

(CuFeSj), galena (PbS), willemite (ZnjSiOJ, and cryptomelane (K2MngO|5) (Alloway, 

1995). 

Metals present in the structure of primary and secondary minerals can be released 

into the soil solution as a result of weathering. Then, in nature, the potential hazard of a 

toxic metal in the soil environment will depend of the heavy metal-containing minerals 

weathering rate, which in turn can control metal solubility (Sposito, 1989). 

4.0 Metal Precipitation 

Metal mobility is affected by the dissolution-precipitation equilibria of soil minerals. 

Precipitation of metals as insoluble forms (solid phases) can occur when the metal 

concentration in the soil solution is greater than should be at equilibrium (Sparks, 1995), and 

can be affected by the soil chemical and physical conditions such as pH, redox potential, and 

water content (Sposito, 1989). Thus, metal solubility and bioavailability will depend largely 

from the dissolution-precipitation reaction. Examples of metal precipitates are octavite 

(CdCOj), pyrolusite (P-MnO,), and franklinite (ZnFei04) (Alloway, 1995). 

5.0 Metal Adsorption by Soil Constituents 

Adsorption is a reversible process that involves the attraction of a metal ion to the 

soil surface. The attraction of the metal to the surface depends of the metal-soil surface 

afiBnity (Sparks, 1995; Petruzzelli, 1997). In the sorption/desorption process, the behavior 

of heavy metals is largely determined by the chemical characteristics of the metal and the 
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surface. In terms of the metal, free aquo-ions, ion pairs and complex metal species such as 

Cd(H20)^^, CdS04, and CdCr affect sorption (Petruzzelli, 1997). In terms of the surface, 

adsorptive properties of organic and inorganic soil surfaces are dependent on the number 

and type of functional groups available to attract the metal species (Sparks, 1995; Bohn et 

al., 1985; Sposito, 1989). 

The most important soil constituents governing metal adsorption are clay minerals, 

oxides/hydrated metal oxides, and organic matter. These minerals provide negatively 

charged adsorption sites that are of two types: (1) permanent or pH-independent sites at the 

planar surfaces of clay minerals as a result of isomorphous substitution, and (2) pH-

dependent sites due to dissociation of protons from carboxyl, carbonyl, and phenolic 

functional groups on humic materials and from OH groups on the edges of clay minerals and 

oxide/hydroxydes ( Bohn et al., 1985; Sparks, 1995). 

There are three different mechanisms by which metal sorption occurs including, ion 

exchange (non-specific adsorption), specific adsorption (chemisorption), and organic 

complexation (Alloway, 1995; Sparks, 1995). Each ofthese mechanisms is briefly described 

below. 

Ion Exchange Adsorption. Most heavy metals exist as cationic species in the soil 

solution and therefore their adsorption will depend on the density of negative charges on the 

soil solid surfaces. Ion exchange is a reversible process where the metal cations are adsorbed 

by nonspecific electrostatic forces in a simultaneous release of equivalent amounts of other 

cationic species previously retained on the soil material (Alloway, 1995; Petruzzelli, 1997). 

In most cases, the adsorbent shows differences in selectivity or preference for sorption of 
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one metal over another which gives rise to a replacing order among the cations, determined 

by their valency and degree of hydration (Alloway, 1995; Sparks, 1995). Adsorption by ion 

exchange can also be explained as the formation of outer-sphere complexes with the surface 

functional groups of the soil matrix to which they are bound electrostatically (Sposito, 

1989). Ion adsorption process may be affected by different soil conditions such as pH, cation 

exchange capacity (CEC), ionic strength, competing cations, and the presence of organic and 

inorganic ligands (Petruzzelli, 1997). For example, the presence of inorganic ligands, such 

as CI, may contribute to the formation of relatively stable negatively charged or neutral 

metal species such as CdCl4^' and CdClj that are excluded from the negative adsorption 

sites. This results in a higher concentration of heavy metals in the soil solution and a greater 

mobility of metals in the soil profile (Petruzzelli, 1997). 

Specific Adsorption of Metals. Specific adsorption, also called inner-sphere 

complexation or chemisorption, involves a sharing of electrons between the metal species 

and the surface ligands through the formation of a partial covalent bond. It is strongly pH 

dependent, slower than ionic exchange adsorption (Alloway, 1995; Petruzzelli, 1997), and 

is weakly affected by the ionic strength of the aqueous phase (Sparks, 1995). The hydrous 

oxides of Al, Fe, and Mn as well as humic substances are the main soil constituents involved 

in specific adsorption of heavy metals (Alloway, 1995; Petruzzelli, 1997). 

Organic Complexation of Metals. The affinity of heavy metals for organic 

substances is of great importance for their behavior in soil-water systems. Metals form 

chelate complexes with humic substances of high molecular weight present on the soil 

mineral surface. This type of sorption results in metal immobilization. On the other hand. 
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soluble humic substances of low molecular weight can form complexes with metals and 

actually increase their mobility in soils (Forstner and Wittmann, 1979; Alloway, 1995). 

6.0 Measurement of Metal Adsorption 

Adsorption isotherms are used to quantitatively describe the relationship between the 

equilibrium concentration of the solute sorbed and the remaining solute in solution at 

constant temperature, pressure (Bohn et al., 1985; Sparks, 1985; Sposito, 1989), and other 

variables such as pH, and ionic strength (Sposito, 1989). Adsorption isotherms can be 

determined experimentally by adding a known concentration of metal to a known amount 

of adsorbent (solid surface) and allowing the mixture to reach equilibrium. After equilibrium 

reached, the free and sorbed metal are determined (Bohn et al., 1985; Sparks, 1985; Sposito, 

1989). These data are used to graphically construct an adsorption isotherm by plotting the 

amount of adsorption, q (metal per unit mass of adsorbent) versus C (final metal 

concentration). Figure 1 shows the four categories of adsorption isotherms that are 

conunonly observed in studies of metal sorption to soil. 

The S-type isotherm is characterized by an initially small slope which indicates that 

at low metal concentrations the soil surface has a lower affinity for the heavy metal than that 

of the liquid phase. As concentration of the metal in solution increases, the slope increases 

and an increased afSnity of the solid phase for the metal is observed; adsorption is favored 

until all vacant adsorption sites are filled at which time the slope becomes zero. The L-shape 

(Langmuir) isotherm is characterized by a high initial slope which indicates a high affinity 

of the solid phase for the heavy metal at low concentrations. The slope decreases as 
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concentration of the metal in solution increases since the metal coverage increases and the 

adsorbent sites become filled. Finally, a plateau is reached and in many cases the amount of 

metal adsorbed at this level is considered as the maximum adsorbing capacity of the soil. 

If adsorption data show a large initial slope, this is indicative of a very high affinity 

of the soil for the metal and is called an H-type isotherm. This conditon is usually caused by 

a high specific adsorption (chemisorption) through the formation of inner-sphere complexes. 

The C-type isotherm is characterized by a constant and linear slope; the amount of adsorbed 

metal remains independent from the concentration in solution until the maximum possible 

adsorption is achieved. This isotherm suggests the occurrence of a constant partitioning 

mechanism ofthe metal between the adsorbent and the soil solution (Sparks, 1985; Sposito, 

1984; 1989, Petruzzelli, 1997). 

7.0 Equilibrium Adsorption Models 

In order to describe and predict quantitatively the adsorption phenomenon, 

mathematical expressions are desirable. Several models, theoretically based on equilibrium 

conditions, have been traditionally used to describe heavy metal sorption in soils. These 

models imply a reversible process in which rates of adsorption and desorption are equal; 

however, some metal species can be irreversible held by the solid phase (Petruzzelli, 1997). 

The development of such models have been of great importance to understand the fate and 

transport of metals in the soil environment. 

In general, these models can be subdivided into two categories; empirical and 

mechanistic models. An empirical model is usually developed using solely mathematical 
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parameters, without taking into account any chemical or physical law. A model is considered 

mechanistic if its development is based on thermodynamic concepts including the principle 

of mass balance, electroneutrality, law of action of mass, and chemical equilibrium. The 

latter type of model is often preferred over the former to describe heavy metal sorption 

because they often agree better with experimental data (Petruzzelli, 1997). Nevertheless, 

one should keep in mind that neither of these models can provide any information about the 

adsorption mechanisms involved; they can be used to describe and predict the reactions, and 

may suggest mechanisms that will need to be demonstrated by further studies (Alloway, 

1995; Sparks, 1995; Petruzzelli, 1997). Moreover, the rate of adsorption reaction can not 

be described from equilibrium models; in such case, a kinetic model must be used. The most 

common equilibrium models used to describe heavy metal sorption, the Langmuir, the 

Freundlich, and ion exchange are briefly discussed below. 

Langmuir Adsorption Equation. The Langmuir equation is probably the most 

widely used in soil chemistry. Its most common form is: 

1 + C 

where S is the sorbed concentration of the metal, C is the aqueous equilibrium concentration 

of metal. K and b are adjustable parameters; K, is a constant related to the binding strength 

and determines the magnitude of the initial slope of the isotherm, and b is the maximum 

amount of metal adsorbed (Sposito, 1984, 1989). 

The Langmuir equation was originally derived from mass action law and the 
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principle of mass balance (Petruzzelli, 1997) for the adsorption of gases by solids based on 

the following assumptions; (1) the energy of adsorption is constant and independent of the 

extent of surface coverage (i.e., the surface is homogeneous), (2) adsorption occurs on 

specific sites without interaction between adsorbate molecules (i.e., the adsorbate behaves 

ideally), and (3) the maximum adsorption possible is that of a complete nionomolecular layer 

(i.e., a fixed number of sites exists, each of which are identical and can hold only one 

molecule) (Bohn et al., 1985; Sparks, 1995; Petruzzelli, 1997). 

The above assumptions are questionable since soils contain a wide variety of 

heterogeneous surfaces (Harter and Baker, 1977). In addition, this model fails to distinguish 

between adsorption and precipitation reactions and does not consider multiple layer 

adsorption (Sparks, 1995; Petruzzelli, 1997). However, by comparing various maximum soil 

metal adsorbing capacities, adsorption mechanisms may be suggested (Bohn et al., 1985; 

Petruzzelli, 1997). 

Freundlich Adsorption Equation. The Freundlich equation was derived from the 

assumption that the adsorption energy decreases linearly as the fraction surface coverage 

increases, which can be ascribed to surface heterogeneity (Bohn et al., 1985; Petruzzelli, 

1997). The general form of the equation is: 

S  = K^C" (2)  

where S is the adsorbed concentration of the metal, C is the aqueous equilibrium 

concentration of metal. Kf and n are empirical constants; Kf is the distribution coefficient and 
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n is the adsorption intensity coefficient, usually <l (Sparks, 1995; Petruzzelli, 1997). 

This equation has been used by numerous researchers to describe heavy metal 

adsorption by soils at low metal concentration; however, at high metal concentrations it 

tends to overestimate metal adsorption because of the finite number of monolayer coverage 

theoretically formed (Petruzzelli, 1997). In addition, one of the major disadvantage of the 

Freundlich equation is that it can not be used to estimate a maximum adsorption capacity 

(Bohnetal., 1985; Sparks, 1995; Petruzzelli, 1997). Despite these shortcomings, the good 

fit of this equation to experimental data may be due, in part, to its simplicity and the two 

empirical constants (K and ri) contained in the equation as compared to only one parameter 

(K) present in the Langmuir equation (Bohnetal., 1985). For instance, Tanetal. (1994) and 

Wang (1995) obtained good fit of the adsorption of Cd^"^ to a coarse-loam soil using the 

Frendlich equation. 

The Freundlich equation as above defined describes a nonlinear relationship between 

S and C, but when n = 1 then this equation simplifies to the Linear Adsorption Equation; 

S - K , C  ( 3 )  

where S and C are defined as above, and is the linear partition coefficient. This 

adsorption equation describes a direct (linear) relationship between S and C (Sparks, 1995), 

in which the amount of metal adsorbed will be limited only by the availability of adsorption 

sites (see Fig. 1, C-type). 

Ion Exchange Models. These models are derived fi-om the same principles of mass 
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balance used with the Langmuir and Freundlich equations. Considering the ion exchange 

reaction between a heavy metal (M) and an element A on the soil surface S, the surface 

reaction would be: 

SA + M«SM + A (4) 

the equilibrium constant can be defined by the relation 

^ (5) 

and the adsorption of the metal M on the soil surface can be predicted from 

^ \M\ SM = — f.. 
[A]^K [M\ W 

where S„ax ~ SM + SA. 

This general reaction varies significantly ifsorption of different exchange systems and 

metal competition occurs. Binary and tertiary and even higher order ion exchange systems 

are normally found in soil. For such systems, ion exchange models are helpful because they 

allow us to determine whether a selectivity of the soil for a certain metal species over other 

species exist (Sposito, 1989). If the metal ion exchanges with the ion in conditions of 

constant pH value, then this expression is reduced to the Langmuir equation (Petruzzelli, 

1997). 
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8.0 Metal-Contaminated Soil and Groundwater Remediation Technologies 

It is well established that metals contaminating soil can be transported through this 

porous medium and reach the groundwater. Even though it is recognized that metal 

contamination of soil and water systems is increasing and despite of the potential health risk 

they pose for human and animals, most of the well-developed remediation techniques have 

been focused on treatment of organic pollutants and only a few techniques exist for 

remediation of metal-contaminated soil and groundwater. Since metals are not destroyed, 

these techniques consist primarily of manipulating (i.e., increasing, decreasing or 

maintaining) the mobility of the contaminant metals. A brief review of both traditional and 

alternative technologies is given below. 

8.1 Traditional Technologies 

Containment. The purpose of these techniques is to physically isolate the 

contaminated soil or groundwater in order to prevent further lateral or vertical migration of 

the contaminant. This is achieved through the installation of capping and lining systems, low 

permeability vertical barriers such as grout curtains and slurry walls (EPA, 1985; NRG, 

1994; EPA, 1997a), subsurface barriers and drainage trenches (Bellandi, 1988), as well as 

injection and extraction wells (EPA, 1985). Containment techniques are usually simple and 

rapid to implement and can be applied to large areas and volumes at low cost (EPA, 1997a). 

Excavation. It involves the excavation and removal of contaminated soil followed 

by land disposal to a hazardous waste landfill. This approach can be a good solution for 

metal reclamation; however, it may become cost-prohibitive when deep excavation and 



26 

transport of large volumes of contaminated soil are necessary (Sparks, 1995; EPA, 1985). 

Solidincation/ Stabilization. This technique consists of the mixing or injection of 

cementing agents into the contaminated material to produce a monolithic block with a high 

structural integrity (Bellandi, 1988; NRC, 1994; EPA, 1997a, b; Frankenberger and Losi, 

1995). The leaching of the heavy metals is prevented through a decrease in surface area 

across which mass transfer loss of contaminant may occur and also by a reduced 

contaminant solubility by formation of sorbed species or insoluble precipitates (Bellandi, 

1988; EPA, 1985; EPA, 1997a, b). Possible cementing agents include portland cement, 

silicate, pozzolans, organic polymers, resins, and asphalt. The major concern with this 

technology is the long-term stability of the solidified material that may, eventually, allow 

metal remobilization (EPA, 1985; NRC, 1994; Frankenberger and Losi, 1995 ). 

Vitrification. It is performed by a high temperature treatment to the soil to produce 

an inert, chemically durable, and impermeable vitrified solid that reduces leaching for a long 

time (EPA, 1985; NRC, 1994). Vitrification may not be applicable for metals that pose 

problems of volatilization, such as mercury (EPA, 1997a). This process may be quite costly; 

however, it offers the greatest degree of containment for nonvolatile metals (EPA, 1985). 

Chemical Immobilization. A metal can be immobilized by making it insoluble 

through precipitation using sulfide, phosphate, hydroxide or carbonate. Immobilized metal 

movement is negligible. Sulfide precipitation looks most promising because of the greater 

stabilty of the metal sulfide complexes over a broad pH range than for the other inorganic 

ligands (EPA, 1985). Some problems associated with this technology include the injection 

of a potential pollutant, the possible formation of toxic byproducts, and the remaining of 
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residual unreacted reagent. In addition, the contaminant is not removed from the soil or 

aquifer and the possibility of eventual precipitate resolubilization exist (EPA, 1985; NRC, 

1994). 

Pump and Treat. This is the most common technology for groundwater cleanup in 

the United States. This technique consists of the installation of wells at strategic locations 

to pump contaminated groundwater to the surface for its subsequent treatment (EPA, 1985; 

NRC, 1994). The extracted water is replaced with clean water which can come either from 

areas adjacent to the contaminated zone or injected to the aquifer once it has been treated 

(NRC, 1994). It may involve the manipulation and management of groundwater in order to 

contain the contaminant from further spreading or remove the contaminant to restore the 

aquifer (EPA, 1985; NRC, 1994). 

The usual goal for groundwater cleanup is to restore contaminated groundwater to 

drinking water standards; however, the ability of pump-and treat system to achieve this 

cleanup goal has been seriously questioned because of its inefficient performance in 

heterogeneous systems and the resulting long time periods required at many sites. In fact, 

it has been found that the performance of the pump-and treat system depends strongly on 

the complexity of both the hydrogeological aquifer conditions and the contaminant 

properties (NRC, 1994). Moreover, other factors such as adequacy of source removal and 

system design can also affect the pump-and treat system performance (Haley et al., 1991). 

The combination of one or more of the above factors can make this technology 

appears as inefficient for removing contaminants. Indeed, a study carried out by the EPA 

(1992a, b) on 24 sites of which two contained a combination of metal and organic 
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contaminants states that pump-and treat is not yet a proven technology for remediation of 

metal-containing aquifers. Nevertheless, the introduction of innovative technologies to 

enhance pump and treat efficiency may significantly improve its effectiveness and reduce 

costs of groundwater cleanup (NRC, 1994). 

Soil Washing. This remediation technology uses a combination of physical and 

aqueous metal separation to transfer the metal contaminant from the soil into the washing 

fluid (EPA, 1997a). It is usually performed for surface soil contamination (Roane et al., 

1996) and involves the use of water as the transport medium. If the metjil water solubility 

is low, then solubility can be enhanced using an acidic (Roane et al., 1996; EPA, 1997a), 

alkaline, oxidizing or reducing solution such as HCl, H^SOj, HiO,, SO,, FeS04 (EPA, 

1997a; NRC, 1994). The metals in the generated leachant can be extracted by complexation 

through the addition of resins (Roane et al., 1996). Soil particles are washed until the metal 

residual is reduced to acceptable levels (EPA, 1997a). 

8.2 Alternative Technologies 

Addition of Agents to Enhance Metal Removal. This technique can be used with 

pump-and-treat or soil washing. In this case a chemical agent is added to the flushing water 

to promote solubilization and extraction of the metal contaminant from the soil (EPA, 1985). 

The chemicals that may have the greatest potential for use in soil flushing are chelating 

agents, extracelular polymers, surfactants, and nontoxic cations which are used to displace 

toxic metal cations (EPA, 1985, 1997a, b; Roane et al., 1996; NCR, 1994; Sabatini et al., 

1995; West, 1992; West and Harwell, 1992; Wang, 1995). Once the infiltrated solution has 
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complexed or exchanged with the contaminant metal, the leachate is recovered and treated 

to remove the metal (EPA, 1997a, b). 

Among the various chemical agents that can be used for soil flushing, surfactants are 

among the most promising for enhancing the mobility of metals. Surfactants can be synthetic 

or naturally produced (biosurfactants) by a variety of microorganisms, plants, and animals. 

The application of biosurfactants in the removal of metals fi'om contaminated soil and 

groundwater has been recently receiving more attention because of its advantages over 

synthetic surfactants, such as biodegradability, cost effective production, and potential in situ 

production (Miller, 1995). For example, the ability of a rhamnolipid biosurfactant produced 

by Pseudomonas aeruginosa to complex and desorb soil-bound metals such as Cd, Pb, and 

Zn has been demonstrated (Tan et al., 1994; Herman et al., 1995; Torrens et al., 1998). 

However, the performance of surfactants for metal remediation can be affected by 

adsorption to soil particles and possible precipitation due to the presence of divalent cations 

such as Ca or drastic changes in pH of the soil solution (West and Harwell, 1992; Tan et al., 

1994). 

Bioremediation. Bioremediation is a multidisplinary strategy that implies the use of 

plants, microorganisms or their products such as enzymes or exudates to reduce 

contaminantion or cleanup soil and water polluted by substances hazardous to human health 

and the environment (Bourquin and Pedersen, 1995). To date there are a number of 

techniques under development or that have been developed for application in removing metal 

contaminants from soil and surface and groundwaters.These include: (1) in situ 

bioremediation, which consists in the manipulation of bacteria to either solubilize and 
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mobilize or to precipitate and immobilize the metals. Metal bioremediation occurs primarily 

under anaerobic conditions and the mechanisms involved can be enzymatic reduction, 

alteration of metal redox state, excretion of microbial metabolites or decomposition products 

that can chelate or sequester the metal, and bioaccumulation and release of metals (NRC, 

1994), (2) biosorption, which is the use of microbial biofilms of living or non-living bacteria, 

algae, yeast, and fungi immobilized on a suitable matrix. This biomass material has been 

proved to be effective in the cleanup of metal-contaminated waters and various commercial 

products are available such as BIOCLAIM, BIO-FIX, and AlgaSORB (Brierley, 1990; 

Roane et al., 1996), and (3) phytoremediation, which is the use of plants to contain, remove 

or render harmless soil metal contaminants (EPA, 1997b; Cunningham and Lee, 1995). Its 

application is limited to the root zone depth and is best suited to sites with low to moderate 

metal content. The basic approaches for metal remediation include (i) phytoextraction, which 

uses hyperaccumulating plants to transport metals from the soil and concentrate them into 

the biomass (EPA, 1997b; Cunningham and Lee, 1995) that can be harvested, ashed and the 

metals recycled (Cunningham and Lee, 1995), (ii) phytostabilization, which uses plants to 

immobilize metals in the soil by sorption, precipitation, complexation or reduction, and (iii) 

rhizofiltration, which uses plant roots to absorb, concentrate, and precipitate metals from 

wastewater and leachate from soil (EPA, 1997b). 

Electrokinetics. This technology relies upon the application of a low-intensity direct 

current through the soil between two or more electrodes to mobilize metal contaminants as 

charged species by processes such as electromigration, electro-osmosis, electrophoresis, and 

electrolysis. It is best suited for homogeneous soils with high moisture content and high 



31 

permeability and has demonstrated to be efficient in soils with high permeability. Mobility 

of the metal may be enhanced by adding water or other suitable salt solutions. The metal 

species mobilized and concentrated at the electrodes can be removed by precipitation at the 

electrode or pumping of water near the electrode (EPA, 1997b). 

In Situ Reactive Barriers. They consist in the use of natural or induced hydraulic 

gradients to move the contaminated water through permeable reactive zones or walls within 

the aquifer. The reactive zone can be designed to use a combination of physical, chemical, 

and biological processes. For example, redox reagents may cause precipitation of the metals 

so clean water will emerge downstream. Also, the addition of nutrients and/or bacteria can 

enhance biodegradation. This technology is in the development stage and still has some 

technical limitations to be solved such as the approach to construct the barrier and the 

installation of the reactive materials (NRC, 1994). 

9.0 Dissertation Format 

This dissertation consists of two chapters followed by two appendices. The first 

chapter introduces the nature of the problem and a literature review of the past and current 

research about the scientific areas related to the dissertation. The second chapter summarizes 

the experimental methodology, results, and conclusions of this research. Appendices A and 

B are two papers. The first one has been submitted to the journal Environmental Science 

cmd Technology and the second one is in the review progress and, hopefully, will also be 

submitted soon to a peer-reviewed journal. 

My major advisor. Dr. Raina Miller-Maier, helped me to choose the area of research 
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presented in this dissertation as well as in the edition and analysis of results of each of the 

manuscript drafts. Dr. Janick F. Artiola, as a co-author of the first paper, provided excellent 

comments and suggestions that helped to improve it. Dr. Mark L. Brusseau , co-author of 

the second paper, helped in the interpretation and presentation of results. I designed and 

conducted all the experimental work, data analysis, and manuscripts preparation of the first 

paper as well as most of the second paper. The identification of the major rhamnolipid 

species of both the monorhamnolipid (MRL) produced by Psetidomonas aeruginosa ATCC 

9027 and the mixed rhamnolipid (MDRL) produced by P. aeruginosa UG2, production and 

purification of MDRL, and rhamnolipid isotherm experiments of the rhamnolipid species 

C20RLI fi-om MRL and MDRL , and of the rhamnolipid species C20RL2 from MDRL on 

kaolinite, iron oxide-coated silica (FeOx-Si), humic acid-coated silica (HA-Si), and silica of 

the second paper were performed by my co-author Wouter H. Noordman, a graduate 

student from the University of Groningen, The Netherlands. 
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CHAPTER 2 

PRESENT STUDY 

The methods, results, and conclusions of this study are presented in the papers 

appended to this dissertation. The following is a summary of the most important findings in 

these papers. 

Contamination of soil and groundwater environments by toxic metals and organic 

compounds is widely recognized as one of the major concern because of the potential health 

hazard they may pose for humans. As a consequence, much research has focused on the 

development of technologies to cleanup such contaminated sites; however, most of the 

technologies available up to date are for decontamination of organic pollutants and only a 

few technologies have been developed for the treatment and cleanup of metal contaminated 

environments. The use of surfactants is one the most recent technologies proposed for metal 

remediation. This technology is currently under development and efforts are being made to 

get the best understanding of the factors that may control and/or limit their in situ 

application. 

In the studies presented in this dissertation, a monorhamnolipid biosurfactant 

produced by Pseudomonas aeruginosa ATCC 9027 was evaluated for its potential use to 

remediate metal contaminated sites by the most commonly toxic metals found in soil and 

subsurface water systems as well as the limitations that it may have for its in situ application 

in the remediation of polluted sites due to sorption to the soil matrix. In addition, the effect 

that soil constituents have on sorption of a biosurfactant mixture of monorhamnolipid and 

dirhamnolipid produced by P. aeruginosa \JG2 was evaluated and compared to that of the 
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single monorhamnolipid biosurfactant produced by P. aeruginosa ATCC 9027. The 

research work presented in Appendix A was conducted to investigate the affinity of 

rhanmolipid to complex the most common natural soil and water cations (Ca^*, Mg'\ and 

K*) and of various important metal contaminants such as AI^"^, Fe^"^, Cd^^, Co^^ Pb^"^, Cu^"^, 

Ni^^, Zn^*, Hg^^, and Mn^* . The conditional stability constant (log K) for each of these 

metals was detennined using an ion-exchange resin technique. The study presented in 

Appendix B was carried out in order to determine the extent to which the most 

representative soil constituents contribute to sorption of rhamnolipid. Batch sorption 

isotherms were performed on a variety of clay types, metal oxides, organic matter, and on 

a set of six soils with a wide range of characteristics. 

Analysis of the results obtained in these studies allows to state the following findings; 

1. Rhamnolipid has a great affinity to complex with most of the metal contaminants 

tested even in the presence of common soil or water cations. 

2. Rhamnolipid may be succesflilly applied as a complexation agent in insUu 

remediation technologies to enhance the removal of metal contaminants from soil, 

surface waters, groundwater, and wastestreams. 

3. The soil constituents hematite, illite, kaolinite, and montmorillonite exert the greatest 

efifect on rhamnolipid sorption; therefore, the effectiveness of rhamnolipid for the 

removal of organic and metal contaminants can be severely limited in soils with a 

high content of such soil minerals. 
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4. Apparently the use of a biosurfactant niixture of mono- and dirhamnolipids to 

remove organic and metal contaminants could be more effective than a single 

biosurfactant (monorhamnolipid) due to its lower sorption on the soil constituents. 
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ABSTRACT 

The presence of toxic metals in natural environments represents a potential health 

hazard for humans. Metal contaminants in these environments are usually tightly bound to 

colloidal particles and organic matter. This represents a major constraint to their removal 

using currently available in situ remediation technologies. One strategy that has shown 

potential for facilitated metal removal from soil is treatment with an anionic microbial 

surfactant, rhamnolipid. Successful application of rhamnolipid in metal removal requires 

knowledge of the rhamnolipid-metal complexation reaction. Therefore, the objective of this 

study was to evaluate the biosurfactant complexation affinity for the most common natural soil 

and water cations and of various important metal contaminants. The conditional stability 

constant (log K) for each of these metals was determined using an ion-exchange resin 

technique. Results showed that the measured stability constants followed the order (from 

strongest to weakest): > Cu"" > Pb^' > Cd^" > > Hg-" > Ca*" > Co"'^ > Ni^" > 

Mn^* >Mg^* > K". These data indicate that rhamnolipid will preferentially complex metal 

contaminants such as lead, cadmium, and mercury in the presence of common soil or water 

cations. The measured rhamnolipid-metal stability constants were found in most cases to be 

similar or higher than conditional stability constants reported in the literature for metal 

complexation with acetic acid, oxalic acid, citric acid, and flilvic acids. These results help 

delineate the conditions under which rhamnolipid can be successfully applied as a remediation 

agent in the removal of metal contaminants from soil, as well as surface waters, groundwater, and 

wastestreams. 
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INTRODUCTION 

Increasing accumulation of toxic metals in soil and freshwater environments 

represents a potential health hazard for humans (McKinney and Rogers, 1992). 

Consequently, the treatment of metal-contaminated soils, surface and subsurface water 

bodies has become a major focus of recent research. Since they are not degraded, metals 

in these sites must be either immobilized or removed. Both immobilization and removal are 

complex processes that require an understanding of the behavior of metals in the 

environment. The complexity arises because metal behavior is dependent on a variety of 

factors including speciation, complexation, precipitation, and sorption reactions. These 

reactions are defined by mineral composition and soil chemical properties, as well as variable 

environmental conditions such as pH, salinity, and redox. 

Microorganisms and microbial products are receiving increased attention as 

alternative technologies for immobilization or removal of metals from soil (Miller, 1995). 

We have recently reported that a rhamnolipid biosurfactant produced by Pseudomonasspp. 

is an effective agent for complexation of metals such as Pb*"^, Cd^', and Zn^\ However, in 

order to successfully apply rhamnolipids for in situ or ex situ cleanup of soil or 

wastestreams, an understanding is needed concerning the relative strength of rhamnolipid-

metal complexes. Additionally, complexes may be formed between metals and other 

naturally-occurring organic ligands, and between rhamnolipids and ions such as Ca~*, Mg-\ 

and K". The strength of the complexation between organic ligands and metals is usually 

expressed in terms of a stability constant (Schnitzer and Skinner, 1967; Manuaza et al, 1995; 

Cheam and Gamble, 1974). For example, stability constants for metal complexation with 
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flilvic acids, humic acids, and sewage sludge have been reported by several different groups 

(Rhandhawa and Broadbent, 1965; Schnitzer and Skinner, 1966, 1967; Schnitzer and 

Hansen, 1970; Cheam and Gamble, 1974; Sposito et al., 1979; Stevenson, 1976; Gould and 

Genetelli, 1978; Saarand Weber, 1979, 1980; Pott et al., 1985; Breault et al., 1996). 

The objective of this study was to determine the biosurfactant complexation affinity 

for a variety of metals that are important either because of their natural prevalence in the 

environment or because they are potential contaminants of aquatic or soil systems. The 

biosurfactant used in this study was a monorhamnolipid produced by Pseudomonas 

aeruginosa ATCC 9027 (Zhang and Miller, 1992) which has been characterized as a mixture 

of four monorhamnolipids differing only in the number of carbons contained by the fatty acid 

tails. Monorhamnolipid has an average molecular weight of 504 (Zhang and Miller, 1994), 

a critical micelle concentration (cmc) of 40 mg/L (Zhang and Miller, 1992), and a reported 

pK, of 5.6 (Ishigami et al., 1987). The metals used in this study were Ca^"^, Mg*", and K\ 

three of the four most prevalent metal cations (other than Na^) in soil solution (Sparks, 

1995) and in most natural waters (Morel and Hering, 1993). In addition Al^', Fe^^, Cd^*, 

Co^*, Pb^"^, Cu^"^, Ni^"^, Zn^^, Hg^^, and Mn^^ were chosen for study, most of which are among 

the twenty metaJs of major interest to EPA for their potential health risk (McKinney and 

Rogers, 1992). 

MATERIALS AND METHODS 

Rhamnolipid Production Pseudomonas aeruginosa ATCC 9027 was obtained fi"om the 

American Type Culture Collection (Rockville, MD). Rhamnolipid production and 
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purification have been described in detail previously (Zhang and Miller, 1992). Rhanuiolipid 

concentration was estimated by surface tension measurement using a surface tensiomat. 

Model 21 (Fisher Scientific) which employs the Du Nouy ring method. Rhamnolipid 

concentration was determined using a calibration curve relating surface tension (dyn/cm) to 

rhamnolipid concentration (mg/L). Calibration curves were prepared under conditions 

identical to those for each experiment. 

Metals 

A1(N03)3. Fe(N03)3, Pb(N03),, Cu(N03)2, ZnO^Oj)^, Co(NO,h, Hg(N03;2, 

Ni(N03)2, Cd(N03)2, Mn(N03)2, Ca(N03)2, Mg(N03)2, KNOj were purchased from 

AJdrich (Milwaukee, WI) with a purity from 98% to 100% and were used as received. 

Atomic absorption (AA) standard solutions for each metal were obtained from Fisher (Fair 

Lawn, NJ). 

Measurement of Conditional Stability Constants 

An ion-exchange technique was used to determine conditional stability constants for 

rhamnolipid with the various metals. This technique is suitable only for mononuclear 

complexes (Schnitzer and Hansen, 1970) and the number of moles of the organic ligand (x) 

combined with one mole of metal (M) must be an integer ^ 1 (Clark and Turner, 1969; 

Smith et al, 1986). This technique was originally developed by Schubert (1948a, 1948b) and 

then applied to metal-soil organic matter complexes (Schnitzer and Skinner, 1966, 1967; 

Randhawa and Broadbent, 1965; Schnitzer and Hansen, 1970; Matsuda and Ito, 1970), to 

metal-activated sludge complexation (Cheng et al., 1975), and more recently to metal-

biosurfactant complexation (Tan et al., 1994; Herman et al., 1995). All metal complexation 
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experiments were performed in 0.01 M Pipes [piperazine-N,N'-bis(2ethane-sulfonic acid)] 

buffer solution (Sigma, St. Louis, MO) adjusted to pH 6.9 using 1 M NaOH. The resin used 

was sodium-saturated SP Sephadex C-2S (Pharmacia Biotech AB, Uppsala, Sweden), 

characterized as a strong resin, which was allowed to expand overnight in distilled water, 

washed in distilled water, washed several times in 0.01 M Pipes buffer, and then air dried. 

The resin has a cation exchange capacity (CEC) of 2.6 mmol g ' as determined by the 

NH4/Na acetate method at pH 7.0 (Rhoades, 1982). 

From previous experiments (data not shown) in the absence of biosurfactant it was 

shown that a resin concentration of 10 mg ml"' most (99%) of the metal added (0.5 mM) 

was bound to the resin. Thus, for each experiment, O.I g of air dried sodium-saturated resin 

was transferred into triplicate 20-mL polypropylene scintillation vials containing 5 mL of 

Pipes buffer solution. Metal stock solutions were freshly prepared less than 0.5 h before use. 

Appropriate aliquots of a 20.0 mM rhamnolipid stock solution and 1 mL aliquot of a 5.0 

mM metal stock solution were added to give a final concentration of 0 to 5.0 mM 

rhamnolipid and 0.5 mM metal in 10 mL 0.01 M Pipes buffer. Samples were shaken at 100 

rpm on a rotary shaker for 2 h at room temperature to allow the mixture to reach equilibrium 

and then allowed to settle for at least 1 h. Metal concentration in the supernatant was 

determined by atomic absorption (AA) on an Instrument Laboratory Video 12 aa/ae 

spectrophotometer (Allied Analytical Systems, Waltham, MA). A calibration curve was 

prepared for each metal using AA standard solutions. 

Calculation of the Stability Constant 

The principle of ion-exchange equilibrium (Schubert, 1948a, 1948b) was used to 
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investigate the complex composition and the relative affinity of a number of metals to 

complex with rhamnolipid. The equilibrium reactions of a metal with an organic ligand and 

an ion-exchange resin are (Schubert, 1948a, 1948b; Cheng et al., 1975): 

ML  + X L " Mix (1) 

Mr + R « MR (2) 

where M^ is the free metal in solution at equilibrium in an organic ligand-containing system 

(mol L"'), MR is the free metal in solution at equilibrium in an organic ligand-free system 

(mol L"'), X is the number of moles of organic ligand that combine with one mole of metal 

ion (mol mol"'), L is the soluble organic ligand (mol L"'), MLr is the complexed metal-

organic ligand in solution at equilibrium (mol L"'), R is the ion-exchange resin (kg L"'), and 

MR is the metal bound to the ion-exchange resin at equilibrium by a unit weight (mol kg"'). 

From the complex formation reaction (1), the equilibrium constant, called a stability 

constant, K, can be determined using the equation; 

[A/L 1 
K = — (3) 

[M] [ir 

This method is based on the fact that at equilibrium, the metal distribution ratio between 

MR and MR in the absence of a complexing agent is a constant, : 

X„=MR/MR (4) 

and the distribution constant in the presence of a complexing agent. A, is 
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I = MR/(Ml + MLc) (5) 

An experimental determination of the metal distribution constants (eqs 4 and 5) can be 

carried out and a conditional stability constant, log K, can be obtained through the linear 

relationship 

The unknown values of * and log K can be determined separately for each metal from the 

slope and intercept, respectively, of a plot of log [(AyX)-!] versus log L, where L is the 

rhamnolipid concentration. 

The above relationships can be applied only if the organic ligand is not bound by the 

ion exchanger and the metal solution concentration is small compared to that of the 

complexing agent (Randhawa and Broadbent, 1965). Previous investigation has shown that 

rhamnolipid does not bind to the ion-exchange resin (Herman et al., 1995). 

A set of typical results showing the effect of rhamnolipid concentration on 

complexation of metals, in this case copper and cobalt, is showm in Figure I. In the absence 

of rhamnolipid, approximately 99% of each metal was bound to the resin at equilibrium 

leaving 1% in the aqueous phase. As increasing amounts of rhamnolipid were added. 

(6) 

RESULTS AND DISCUSSION 
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increasing amounts of both metals were observed in the aqueous phase although copper was 

complexed much more efficiently than cobalt. For example, at 5.0 mM rhamnolipid, 99.5% 

ofCu^* but only ll%ofCo^'^ was found in the aqueous phase. Complexation efficiency can 

be expressed in tenns of conditional stability constants. Therefore, the measured data were 

used, as shown in Figure 2, to calculate the molar ratio (x) and conditional stability constant 

(log K) for rhamnolipid complexation of each metal. The molar ratio and conditional 

stability constant values obtained for rhamnolipid complexation with all of the metals tested 

are summarized in Table 1, in which some statistical parameters for both constants are also 

included. Comparing the variability for log K and x among all metals tested through the 

coefficient of variation (C. V.) [(std. error/log K or x') 100%], we found that for log K and 

X the C. V. ranged from 3.6 to 15.9% and from 4.2 to 19.3%, with the greater variability 

corresponding to Pb^" (13.2% and 15.8%), Fe'^ (13.8% and 19.3%), Ca^^ (15.5% and 

15.9%), and Mn^"^ (15.9% and 16.7%), respectively. The lower coefficients of determination 

(r^) and F values from regressions also correspond to these metals; however, in general, both 

statistical parameters are high for all regressions. From these results, it is demonstrated that 

all linear regressions provided a good fitting and were significant at the 1% level. 

The data in Table 1 indicate that order of rhamnolipid stability constants for the 

metals tested at pH 6.9 is (from strongest to weakest): Al^* > Cu*^ > Pb"'^ > Cd^"^ > Zn^* > 

Fe^"^ > Hg^^ > Ca^"^ > Co^^ > Ni^^ > Mn"^ >Mg^'^ > K". These results suggest that two of the 

common soil and water cations, Mg"\ and K', do not significantly compete with 

contaminant metals for rhamnolipid complexation sites. However, rhamnolipid efficiency 

may be affected by Ca^"^ because it is normally present in concentrations much larger than 
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toxic metal concentrations found in soil and water systems. 

The order of stabilities for rhaninolipid-metal complexation (Table 1) differs from 

that reported previously for fulvic acids (Schnitzer and Skinner, 1967; Schnitzer and Hansen, 

1970); however, it is in general agreement with values that were found in a search of the 

literature (Table 2). In terms of x, which indicates the molar ratio of ligand to metal, the 

results in Table 1 indicate x varied from 0.57 to 2.48 depending on the metal tested. A 

similar range of x values have been reported for metal-organic matter complexes studies in 

which the ion-exchange equilibrium method has been employed (Randhawa and Broadbent, 

1965; Schnitzer and Skinner, 1966, 1967). It should be noted that the organic complexing 

agents usually found in soils are large polyvalent particles and that the equilibrium reactions 

shown in equations 1 and 2 are for monomer-metal mononuclear complex fomiation. Thus, 

for a surfactant such as rhamnolipid, at concentrations at and above the cmc, the formation 

of rhamnolipid micelles or vesicles will impact metal complex formation. In addition, the 

failure to obtain nonintegral organic ligand/metal ratios can be largely attributed to 

analytical errors (Schnitzer and Hansen, 1970). These factors may contribute to the fact that 

X varied over a wide range. If the values of x are rounded off as shown in Table 1, for many 

of the metals tested it can be seen that approximately one mole of rhamnolipid complexed 

one mole of metal. The exceptions to this are Al^"^, Cu^^, Pb*\ Cd^', and Zn** for which 

approximately 2 moles of rhamnolipid were required to bind one mole of metal. 

The conditional stability constants (log K) obtained for rhamnolipid complexation 

with most of the metals in this study are similar or higher than conditional stability constants 

reported in the literature for fulvic acids and other natural organic compounds analogous to 
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rhamnolipid such as oxalic acid, acetic acid, and citric acid (Table 2). The latter organic 

compounds were chosen because their complexing properties should not be too different 

from those of rhamnolipid. Fulvic acids are important because they are the water soluble 

fraction of organic matter usually found in soil and water systems (Schnitzer and Khan, 

1978). A comparison of Tables 1 (column 2) and 2 suggests that rhamnolipid binds metals 

as well as or more strongly than naturally occurring organic ligands. Direct comparison of 

conditional stability constants from Table 2 with our data (Table I) is somewhat difficult 

because of the different nature of the ligands, different method of calculating the stability 

constant (data treatment), and different experimental conditions. With the exception of 

fulvic acids, which are usually modeled as bidentate ligands (Cheam and Gamble, 1974; 

Pagenkopf, 1978) with a number of carboxylic and phenolic acidic groups playing the major 

role in complex formation (Stevenson, 1976; Pagenkopf, 1978), the complexing systems 

reported in Table 2, are mono-, di-, or tricarboxylic compounds. In contrast, rhamnolipid 

is a monodentate ligand with a carboxylic acidic group. Nevertheless, it appears that 

rhamnolipid is able to compete favorably with these natural organic ligands to complex with 

most of the metal contaminants. This is supported by recent work demonstrating that 

rhamnolipid enhanced the removal of cadmium from several soils, including one with a total 

organic carbon content of 1.27%, under saturated flow conditions (Torrens et al., 1998). 

Thus far, there is little consensus on how to predict the order of stabilities for metal-

organic complexes (Pott et al., 1985). However, a general rule is that trivalent metals form 

stronger bonds than divalent and monovalent ones (Morel and Hering, 1993; Snoeyink and 

Jenkins, 1980), although the amount of the trivalent form found in nature may be largely 
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limited by speciation into the corresponding oxides and hydroxides (Morel and Hering, 

1993). Our data shows that of the two trivalent metals tested, Al^' formed the most stable 

complex with rhamnolipid (log K = 10.3, Table 1). Thus, the presence of Al^"^ could be a 

major constraint in application ofrhanmolipid since it may compete effectively with divalent 

metals. Examples of sites that could contain high levels of Al^"^ include highly weathered 

soils or sites impacted by acid mining drainage. The second trivalent metal tested was Fe^* 

which has a measured conditional stability constant of 5.16 and a molar ratio of 1.2. The 

stability constant for Fe^"^ is 0.5 log lower than Zn*' and at least 1.5 logs lower than for Cu'\ 

Pb^", and Cd^"^, suggesting that there would be little interference from Fe^* in the 

complexation of the latter three metals. 

The low log K and x values obtained for Fe^*^ may be ascribed, in part, to the 

precipitation of Fe^* in the ferric nitrate stock solution used in this experiments, which in turn 

could have caused a decrease in the concentration of the ferric hydrolyzed soluble species 

available to complex with rhamnolipid. In fact, the stock solutions were slightly turbid 

indicating such precipitation may have occurred. Thus, the determination of log K and x for 

may have been underestimated. Unlike Fe^^, precipitation of the aluminum nitrate stock 

solution was not observed prior to perform the experiment. Another possible explanation 

for the difference in the stability constants of the two trivalent metals tested in this study may 

be that these values actually represent an average of the different complexation constants of 

several dissolved species. Schnitzer and Skinner (1963) and Khan (1969), based on 

potentiometric titrations, found that soil organic matter and humic acids formed stable 

complexes with Al^"^ and Fe^^ up to approximately pH 8. At pH 8, A1(0H)3 and Fe(0H)3 
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become the predominant metal forms which due to low solubility do not readily form metal-

organic ligand complexes. Within the pH range of 3 to 8, the dominant aluminum and iron 

species found in Al^^- and Fe^^-organic matter complexes were Al(OH)^* and to some extent 

A1(0H)2'^, and Fe(0H)2'^ (Schnitzer and Skinner, 1963). These same ferric and aluminum 

species were reported by Scheffer and Ulrich (1960) as the predominant species in solutions 

in equilibrium with Fe(0H)3 and A1(0H)3 at pH above 3.0 and 4.5, respectively. This led us 

to hypothesize that, under our experimental conditions, aluminum was primarily present as 

a divalent species, A1 (OH)^', and iron was primarily present is the monovalent species 

Fe(0H)2'^. As a result, it would be expected that the x and log K values for would be 

greater than for Fe^^. This is confirmed by the results in Table 1 which show that the 

stability constants were 10.3 and 5.16 for Al^" and Fe^', respectively. The molar ratios were 

approximately 2 for Al^* and 1 for Fe^'. 

To further confirm these findings, we used the groundwater model SLTRFEQL, an 

Improved version of MINEQL (Westall et al., 1976) to predict the dominant aluminum and 

iron species that would be present in solution under the conditions used in this study. 

SURFEQL predicted the predominant aluminum species to be AlCOH)^"^ and the dominant 

iron species to be the neutral trihydroxide Fe(0H)3 with a limited amount of the monovalent 

species, Fe(0H)2^ Thus, these modeling results also support the finding that aluminum 

would be expected to have a higher stability constant than iron. 

The following order of stabilities was formed between rhamnolipid and the ten 

divalent metal ions studied: Cu^^ > Pb*"^ > Cd^"^ > Zn^* > Hg^"^ > Ca"" > Co^"^ = Ni*"^ > Mn^* 

> Mg^^. The results show that the stability of complexes of divalent metal ions for the first 



49 

and third transition series followed the order Mn < Ni = Co < Zn < Cu and Hg < Pb, 

respectively, which also correspond to the order of the Irving-Williams series (1948). Some 

researchers have found this order to be followed closely in complexation of divalent metals 

by organic matter in soil (Bechwith, 1955; Khanna and Stevenson, 1962; Khan, 1969), while 

others have found significant deviation (Schnitzer and Skinner, 1966, 1967). 

In summary, the purpose of this investigation was to determine whether common soil 

cations would interfere with rhamnolipid complexation and removal of metal contaminants 

in natural soil and water systems. The stability constants determined in this study suggest 

that common soil cations such as Ca^"^, Mg^"^, and K* ( log K = 4.10, 2.66, and 0.96, 

respectively) will not interfere with the removal of metal contaminants such as Cu"\ Pb*', 

Cd^"", and Zn^^ (log K = 9.27, 8.58, 6.89, and 5.62, respectively) unless they are present in 

much greater concentration (> 1.5-fold) than the contaminant metals. The one metal that 

may interfere with the efficiency of rhamnolipid-facilitated metal removal is Al^' for which 

there is an extremely high stability constant (log K = 10.30). The results obtained suggest 

that rhamnolipid may be a promising complexation agent for application in in situ 

remediation technologies to clean up metal-contaminated soils, surface waters, aquifers, or 

wastestreams. 
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Figure 1. Distribution of and between ion-exchange resin 
and the aqueous phase as rhamnolipid concentration increases from 
0 to 5 mM. Each point represents the mean and standard deviation 
of triplicate samples. 



55 

4.5 

4.0 

3.5 

3.0 

2.5 

2.0 

Log [(Xo/X.)-1 ] = 9.27 + 2.31 log L 

^ = 0.97 
0.5 

0.0 

-2.0 -2.5 -4.0 -3.5 -3.0 

Log Rhamnolipid (M) 

Figure 2. Determination of Cu^*^ complexation constant and molar 
rhamnolipid/Cu ratio by the ion-exchange equilibrium method. 



Table 1 Conditional stability constants, molar ratios, and statistical analysis for rhamnolipid complexes for a number of 

metals at pH 6.9 and room temperature, in decreasing order. 

Metal 
Ion 

Log 
K 

Std Error 
of 

LogK 

95% Conf Limits 
Std Error 

of x' 

95% Conf Limits Regression 
Metal 

Ion 
Log 

K 

Std Error 
of 

LogK Lower Upper x' 
Std Error 

of x' Lower Upper x*^ r^ F-test 

Al^^ 10.30 0.732 8.26 12.33 2.48 0.242 1.80 3.15 2 0.963 104.65 

Cu^* 9,27 0.659 7.43 11.10 2.31 0.218 1.70 2.91 2 0.966 112.26 

Pb^' 8.58 1.132 5.43 11,73 2.37 0.374 1.32 3.41 2 0.909 39.96 

Cd^' 6.89 0.246 6.21 7,57 1.91 0.081 1.68 2.13 2 0.993 549.16 

Zn^' 5.62 0.214 5.03 622 1.58 0.071 1.39 1.78 2 0.992 499.54 

Fe^' 5 16 0.710 3.19 7 13 1.22 0.235 0.55 1.85 1 0.867 26.08 

Hg^^ 4,49 0.135 4.11 487 1.21 0.045 1.09 1.34 1 0.995 731.49 

Ca^* 4.10 0.635 2.33 5,86 1.32 0.210 0.74 1.90 1 0.908 39.52 

3,58 0.150 3.17 4.00 1.03 0.049 0.89 1.17 1 0.991 430.20 

Ni^' 3,53 0.176 3.04 4.02 0.93 0.058 0.77 1.09 1 0.984 252.81 

Mn^* 2.85 0.452 1.59 4 10 0.90 0.150 0,49 1.32 1 0.901 36.42 

Mg^' 266 0.315 1.80 3,55 0.84 0.104 0,55 1.13 1 0.942 64.89 

K* 0.96 0 115 0,643 1 28 0 57 0 038 047 0.68 1 0.983 227,15 

Calculated values of x for rhamnolipid-metal complexes for the range of rhamnolipid concentrations used 

Estimated values of x for rhamnolipid-metal complex monomers 
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Table 2 Stability constants values of various metals for mononuclear monoligand and 
biligand complex systems with organic ligands 

Metal 
Ion 

Number of 
Ligands System' LogK References 

AL"* 2 OA 11.09 Martell and Smith (1977, 1982) 

Cu^" 2 AA 

OA 
SPA 
WFA 

1.76,1.87, 2.71, 
3.09,3.63 
9.21,9.54, 10.27 
8.69 
5.67 

Martell and Smith (1977, 1982) 
Martell and Smith (1977, 1982) 
Martell and Smith (1977, 1982) 
Schnitzer and Skinner (1966) 
Schuman and Cromer (1979) 

Pb-" 2 AA 
OA 
CA 

SFA 

3.5, 2.98,4.08 
5.82,5.50, 6.33, 6.76 
5.92,6.08, 6.1 
6.13 
10,1 

Martell and Smith (1977, 1982) 
Martell and Smith (1977, 1982) 
Martell and Smith (1977, 1982) 
Schnitzer and Skinner (1967) 
Saar and Weber (1980) 

Cd^^ 2 AA 

OA 
CA 

1.19, 1.23, 1.32, 
1.82,3.15 
4.10 
4.54 

Martell and Smith (1977, 1982) 
Martell and Smith (1977, 1982) 
Martell and Smith (1977, 1982) 
Martell and Smith (1977, 1982) 

Zn-" 2 AA 
OA 
CA 
SFA 

0.91, 1.9 
6.16, 6.40, 7.65 
5.90 
3.7 

Martell and Smith (1977, 1982) 
Martell and Smith (1977, 1982) 
Martell and Smith (1977, 1982) 
Schnitzer and Khan (1972) 

Fe'" 1 AA 
OA 
CA 
SFA 

3.2, 3.38 
7.53, 7.54, 7.59 
11.2, 11.5 
6.1 

Martell and Smith (1977, 1982) 
Martell and Smith (1977, 1982) 
Martell and Smith (1977, 1982) 
Schnitzer and Hansen (1970) 

1 AA 
OA 
CA 

SFA 

5.89,5.55,4.22,3.32 
9.66 
10.9 
5.1 

Martell and Smith (1977, 1982) 
Martell and Smith (1977, 1982) 
Martell and Smith (1977, 1982) 
Cheam and Gamble (1974) 

Ca'" 1 AA 
OA 
CA 

SFA 

0.53,0.45, 1.18 
1.66, 3.00 
3.18,3.50 
2.92 
3.3 
3.4 

Martell and Smith (1977, 1982) 
Martell and Smith (1977, 1982) 
Martell and Smith (1977, 1982) 
Schnitzer and Skinner (1967) 
Schnitzer and Hansen (1970) 
Schnitzer and Khan (1972) 
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Table 2 (continued) 

Metal Number of 
Ion Ligands System' LogK References 

Co^ 1 AA 0.71, 1.10,0.81, 1.46 Martell and Smith (1977, 1982) 
OA 3.84,3.25,4.72 Martell and Smith (1977, 1982) 
CA 4.83, 5.00 Martell and Smith (1977, 1982) 

SFA 3.69 Schnitzer and Skinner (1967) 
4.2 Schnitzer and Khan (1972) 

I AA 0.74, 0.83, 1.43 Martell and Smith (1977, 1982) 
OA 3.7,5.16 Martell and Smith (1977, 1982) 
CA 5.11,5.35,5.40 Martell and Smith (1977, 1982) 

SFA 4.14 Schnitzer and Skinner (1967) 
4.2 Schnitzer and Hansen (1970) 
3.23 Adhikari and Hazra (1972) 

1 AA 0.8, 0.69, 1.40 Martell and Smith (1977, 1982) 
OA 3.2, 3.95 Martell and Smith (1977, 1982) 
CA 3.70,3.80,4.15 Martell and Smith (1977, 1982) 

SFA 3.78 Schnitzer and Skirmer (1967) 
3.7 Schnitzer and Hansen (1970) 

I AA 0.5, 1.27 Martell and Smith (1977, 1982) 
OA 2.76, 3.43 Martell and Smith (1977, 1982) 
CA 3.25,3.37 Martell and Smith (1977, 1982) 

SFA 2.09 Schnitzer and Skinner (1967) 
2.1 Schnitzer and Hansen (1970) 
2.2 Schnitzer and Khan (1972) 

K* 1 OA -0.8 Martell and Smith (1977, 1982) 
CA 0.59 Martell and Smith (1977, 1982) 

' Abbreviations; AA, Acetic Acid; OA, Oxalic Acid; CA, Citric Acid; SFA, soil-derived ftilvic acid; 
WFA, water-derived fulvic acid 
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ABSTRACT 

Contamination of soil and groundwater environments by toxic metals and organic 

compounds pose a risk for public health and food production. These contaminants are 

usually strongly bound to solid surfaces so their removal may require the addition of 

chemical agents. One such agent is an anionic biosurfactant, rhamnolipid, that is produced 

by Pseudomonas aeruginosa. Rhamnolipids have demonstrated ability to increase 

bioavailability and degradation of organic compounds and to facilitate removal of soil-bound 

metals. However, a serious limitation for the application of biosurfactant in remediation is 

its sorption to the soil matrix components. Therefore, the objective of this study was to 

determine the extent to which the most representative soil constituents such as clays, metal 

oxides, and organic matter contribute to sorption of rhamnolipid. Batch sorption isotherms 

were performed on kaolinite, illite, Ca-montmorillonite, hematite (FejOj), MnOj, gibbsite 

(A1(0H)3), FejOj-coated silica, and humic acid-coated silica as well as on a set of six soils 

with a wide range of characteristics. Sorption isotherms for kaolinite, humic acid- and iron 

oxide- coated silica showed that monorhamnolipid is sorbed more strongly than a mixture 

of both the monorhamnolipid and dirhamnolipid. It was found that the soil constituents 

exerting the greatest effect on rhamnolipid sorption are hematite, illite, kaolinite, and Ca-

montmorillonite. Soils containing relatively high amounts of these constituents also showed 

the highest biosurfactant sorption. These results suggest that there may be serious limitations 

in the application of rhamnolipid to remediate some metal- and organic-contaminated soils. 

Information concerning the soil mineralogical and chemical composition will provide a basis 

for determining whether rhamnolipid addition is a feasible option and the amount of 



rhamnolipid required to efficiently remove the contaminant. 
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INTRODUCTION 

Increasing contamination of soil and subsurface water has become a major concern 

because pollution of these natural systems may impact public health and food production. 

Remediation of contaminated sites is expensive and usually requires the application of a 

long-term technique that may in addition require a chemical agent to facilitate the removal 

of contaminants. The use of biological-produced agents (biosurfactants) to enhance the 

cleanup process has recently gained attention because of their demonstrated potential for the 

cleanup of contaminated soils (Miller, 1995). The possible uses of biosurfactants include 

remediation of hydrophobic compounds (Van Dyke, 1991) and metals (Miller, 1995) in soil. 

Rhamnolipids produced by Pseudomonas aeruginosa are of major interest and as a result 

are one of the most widely studied biosurfactants (Van Dyke, 1993). Recent research has 

demonstrated that the use of rhamnolipids produced by P. aeruginosa A.TCC 9027 can 

increase degradation of hydrocarbons and enhance hydrocarbon removal by soil flushing 

(Herman at al., 1997a, b; Van Dyke, 1993; Bai et al., 1997), and also facilitated removal of 

soil-bound Cd^\ Zrr* and Pb"' (Tan et al., 1994; Herman et al., 1995; Torrens at al., 1998). 

A desired characteristic in application of biosurfactants to contaminated soils is that 

they have minimal interaction with the solid surfaces once applied to the soil system,.i.e. 

most of the rhamnolipid should remain in the aqueous phase. However, numerous studies 

suggest that rhamnolipids sorb to mineral surfaces sufficiently so that it may be a major 

constraint in their application for contaminant removal (Herman et al., 1995; Van Dyke, 



62 

1993; Torrens et al., 1998). In fact, surfactant sorption in general is liiceiy the reason that 

high concentrations are often required for effective contaminant removal (Van Dyke, 1993). 

Thus, sorption of biosurfactants to the soil matrix is a serious limitation to their in situ 

application in the bioremediation of polluted sites. Since sorption plays a role in the 

effectiveness of applied surfactant, a study was initiated to better understand the factors 

governing biosurfactant sorption to solid surfaces. 

The objective of this research was to determine the extent to which different soil 

constituents contribute to rhamnolipid sorption. This information is needed in order to be 

able to anticipate the sorption of biosurfactants as related to soil properties as well as to 

provide the basis for understanding the mechanism(s) of rhamnolipid sorption to soil. This 

paper describes a series of batch solution experiments performed to determine sorption 

isotherms for a rhamnolipid in the presence of the most reactive and representative soil 

constituents that make up the solid phase of soils including a variety of clay types, metal 

oxides and organic matter. In addition, sorption isotherms were measured for a series of 

soils to determine whether clay, metal oxide and organic matter content can be used to 

predict rhamnolipid sorption. Finally a series of experiments were performed with a 

rhamnolipid mixture to determine which rhamnolipid species is sorbed preferentially. 

MATERIALS AND METHODS 

Biosurfactant. Two types of rhamnolipids wete used in this study. Monorhamnolipid 

(MRL) was produced by and purified from Pseudomonas aeruginosa ATCC 9027 as 

described earlier (Zhang and Miller, 1992). MRL contained 80% C20RL1 and 15% 
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C18RL1 (Cx = number of carbon atoms in the lipid moiety; RLn = number of rhamnose 

units). A mono- and dirhamnolipid mixture (MDRL) was produced by Pseudomonas 

aeruginosa UG2 as described by Van Dyke et al (1993) and purified by coiunm 

chromatography over Sephadex LH20 with methanol as the eluent. MDRL contained 8% 

C18RL1, 7% C18RL2, 25% C20RLI, 55% C20RL2, and 5% C22RL2. The percentage of 

the specific rhanmolipid constituents was determined by HPLC. 

The MRL has an average molecular weight of 504 (Zhang and Miller, 1994), and a 

critical micelle concentration (cmc) of 0.1 mM (Zhang and Miller, 1992). An average 

molecular weight of 588 and a cmc of 0.1 mM for MDRL were derived from HPLC and 

surface tension analysis, respectively. 

Matrices. A well crystallized kaolinite (Georgia) and Ca-montmorillonite (Texas) 

were obtained from the Clay Mineral Society reference collection, Department of Geology, 

University of Missouri and an illite (No. 35. Fithian, Illinois) was obtained from Ward's 

Natural Science (Rochester, N.Y.). Hematite (Fe^Oj, 99.6% purity), MnO, (99.8% purity), 

and A1(0H)3 (100% purity) were purchased from J. T. Baker (Phillipsburg, N.J.). Iron 

oxide-coated silica (FeOx-Si) with an FejOs content of 1.84% were obtained from Sigma 

Labs (Tucson, AZ). The iron minerals used (hematite and iron oxide-coated silica) may be 

very different; no fiirther analyses were performed to identify the iron oxide minerals coating 

the silica. Humic acid-coated silica (HA-Si) was prepared with Acros humic acid (Acros, 

N. J.) according to the method of Szabo et al. (1993). The organic carbon content was 

2.2%, as determined using micro-analysis. The silica (230-400 mesh) was obtained from 

Merck (Darmstadt, Germany) and is characterized by a particle size of 40 to 60 [im and a 
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pore size of 60 A". Properties of these matrices are shown in Table 1. 

A set of six soils were selected in order to provide a wide range of soil particle 

distribution, predominant clay mineral, total organic content (TOC), and iron oxide content. 

Prior to the experiments, all six soils were air-dried and sieved through a no. 10 standard 

sieve (2 mm openings). Properties of these soils and their taxonomic classification are shown 

in Table 2. 

Preparation of Rhamnolipid Solutions To prepare a rhamnolipid solution, a 

known mass of purified MRL or MDRL was dissolved in a 5 mM KNO3 background 

electrolyte solution and the solutions were adjusted to pH 6.8 by addition of 0.1 M KOH. 

The rhamnolipid solutions were filter-sterilized using a 0.22-^m cellulose acetate filter 

(Falcon Easy-Flow filters, Benton Dickinson Labware, Lincoln Park, NJ) and stored in 

autoclaved lOO-mL glass bottles. A low ionic strength matrix of 5 mM KNO3 was used in 

order to minimize sorption of rhamnolipid attributed to the effect of the electrolyte 

concentration since Torrens et al (1998) demonstrated that sorption of rhamnolipid is 

minimized if a matrix solution concentration of less than 10 mM KNO3 is used to prepare 

the surfactant solution. 

Rhamnolipid Sorption Isotherms. Batch experiments were conducted to measure 

adsorption of the rhamnolipid by all solid matrices. MRL sorption by clays (0.5 g ), by 

A1(0H)3 (0.2 g), and by hematite and MnOz (0.1 g) was measured using a solidisolution 

ratio of 1:10, 1:25, and 1:50 , respectively. Five out of six MRL sorption experiments for 

soils (2.5 g) were carried out using a solid:solution ratio of 1:2, except for the Molokai soil 

in which a solid:solution ratio of 1:13 was used. Accurately weighed samples of the solid 
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matrices were placed into 40-tnL polypropylene centrifuge bottles and conditioned by 

washing with 5 mL of 5 mM KNO3 (pH 6.8), prior to addition of the rhamnolipid, for 2 

days at room temperature on a shaker (100 rpm). Next, the bottles were centrifuged (15,000 

rpm, 20 min) and the supernatant discarded. The remaining pellets were autoclaved to 

inhibit any biodegradation of MRL, and then pellets from triplicate bottles were suspended 

in 5 mL of 0, 0.62, 1.25, 2.5, 5.0, 6.5, 8.0, or 10 mM MRL prepared as described earlier. 

After incubating the samples for 3 days at room temperature at 100 rpm, the bottles were 

centrifuged and the rhamnolipid concentration was determined as described below. The 

amount of rhamnolipid adsorbed was obtained from the difference between rhamnolipid 

recovered fi'om the supernatant and rhamnolipid originally added. 

The C20RLI isotherms fi'om MRL as well as C20RL1 and C20RL2 isotherms from 

MDRL on untreated silica (0.2 or 0.5 g for MRL and MDRL, respectively), FeOx-Si (0,2 

g), and HA-Si (0.2 g) were performed in a solid:solution ratio of 1:10 and of 1:40 on 

kaolinite (0.05 g). These isotherms were measured using the procedure described above with 

some modifications. The solid matrix was transferred, by triplicate, into 8-mL pyrex tubes 

stoppered with aluminum coated septa and suspended in 2 mL of 5 mM KNOj (pH 6.8) 

containing 0," 0.2, 0.4, 0.6, 1.2. 1.8, and 2.4 mM MRL or MDRL. An additional MRL 

concentration of 4 mM was used for the untreated silica isotherm. After incubation for 16 

h in an end-over-end shaker, the samples were centrifuged (3000 rpm, 12 min) and the 

supernatant removed for direct analysis by HPLC. Preliminary experiments showed that 

rhamnolipid sorption reached equilibrium within 1 h on the silica matrices. Biosurfactant loss 

due to sorption to container surfaces was negligible. 
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Analytical Procedures. The rhamnolipid concentrations in stock solutions were 

measured using the 6-deoxyhexose assay with L-rhamnose as a standard (Chandrasekaran 

and Bemiller, 1980). For most experiments, aqueous rhamnolipid concentrations were 

determined by surface tension analysis using a surface tensiomat (Model 21, Fisher 

Scientific) that employs the Du Nouy ring method. A calibration curve was prepared under 

identical experimental conditions using rhamnolipid standards and relating rhamnolipid 

concentration (mg L"') to surface tension (dyn cm '). 

For some experiments, in particular the concentration of isotherms for FeOx-Si, HA-

Si and kaolinite, concentrations of specific rhamnolipids (C20RLI and C20RL2) were 

determined by HPLC using a Merck AS 4000 autosampler (Hitachi, Ltd., injection volume 

125 nL), a Merck L-6200 pump (Hitachi), a Chromsphere PAH 100 mm column 

(Chrompack), and an evaporative light scattering detector (ELSD, Varex MARK III, Beun 

de Ronde, Abcoude, The Netherlands, operating at an oven temperature of 100°C and a 

nebulizer flow of 1.5 L/min). The mobile phase consisted of 55% acetonitrile and 45% water 

containing 0.5% trifluoroacetic acid. The ELSD response was linear within the range of 

rhamnolipid concentrations used. The detection limit was 5 mg/L for each rhamnolipid. The 

relative concentrations of the rhamnolipid species (C20RL1 and C20RL2) were determined 

from their respective areas in the calibration sample at 1000 mg/L. Separate calibration 

curves were determined for each species. 

Sorption Isotherm Fitting. A nonlinear least squares regression analysis program 

was used to fit two of the more commonly used adsorption models to each sorption isotherm 

data (Fig. 1-22), the Freundlich equation: 
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S - K F C  (1) 

and the Langmuir equation; 

K . C B  
S  = — (2) 

1 + C ^ ^ 

where S is the concentration of rhamnolipid sorbed (mg Kg"'); Kf is the Freundlich equation 

partition coefficient (mg'"" L" Kg"'); C is the equilibrium concentration of rhamnolipid in 

solution (mg L" '); n is the adsorption intensity coefficient (dimensionless); K, is the 

Langmuir parameter related to the binding strength (L mg"'); and b is the maximum sorption 

(mg Kg"'). 

If either of these equations approximated a straight line, then a fitting using the linear 

equation S = K C was also performed. Using the criteria of R-squared, standard error, and 

F value of the model regression analysis, the model that fit each particular isotherm best was 

chosen (Table 3, 4, and 5). The fitting parameters were used to define the relative 

importance among the different solid matrix characteristics with regard to sorption of 

rhanmolipid. 

RESULTS AND DISCUSSION 

The results and discussion section is organized into three parts. In the first part, 

sorption results of MRL by clays, metal oxides, and humic acid is presented. In the second 
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part the relative contribution of each of the soil constituents is discussed and used to 

interpret sorption of MRL by the different soils tested. Finally, the sorption of different 

rhamnolipid species by a representative clay (kaolinite), metal oxide (FeOx-Si), and organic 

matter (HA-Si) are discussed. 

Sorption of MRL to Clays 

Sorption of monorhamnolipid to clays was nonlinear (Fig. 1-4). The majority of 

sorption isotherms of MRL in clay at a ratio 1:10 were fit quite well by the Freundlich 

model (r^ = 0.97, 0.99, and 0.99) and F-test (149.6, 396.2, and 1009.8) values with a 

confidence level« = 0.01. The exception was kaolinite at a ratio 1:40 which was fitted best 

by the Langmuir equation (r^ = 0.79) and a F-test (11.6) value with confidence level « = 

0.05 (Table 3). The sorption behavior of MRL in clay is analogous to sorption of humic 

components to soil clay minerals. It has been demonstrated that sorption of humic and flilvic 

acid to clays is enhanced by the presence of di- and trivalent cations occupying the exchange 

positions due to a reduction in electrostatic repulsion between minerals particles and the 

humic solute (Theng and Sharpenseel, 1975; Davis, 1982). These cations form hydroxy-

metal complexes of positive charge which may be neutralized by the deprotonated reactive 

functional groups of the soil humus either by hydrogen bonding through a water bridge 

mechanism (Greenland, 1971; Theng and Sharpenseel, 1975; Theng, 1976; 1979) or by a 

surface complexation reaction through a ligand exchange mechanism (inner-sphere complex) 

(Greenland, 1971; Theng and Sharpenseel, 1975; Theng, 1976; Murphy et al., 1990; 1992). 

In addition, sorption of humic substances to clay minerals tends to be favored by a decrease 

in the content of acidic groups because of a lowering of interparticle repulsive forces as well 
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as a reduction in hydration energies (Nayak et al., 1990). Given that MRL contains only one 

functional carboxylic group, it may be expected that MRL sorption to aluminosilicate 

minerals would also be favored. Thus, the difference in MRL sorption by the different clay 

minerals can be explained as a result of their differences in charge density, exchangeable 

cations neutralizing the planar and edge negative charges, and MRL saturation. 

While the adsorption isotherms for MRL and kaolinite (ratio 1:10), illite and Ca-

montmorillonite were all fit using the Freundlich equation, they all show a different shape 

and magnitude (Fig. 1, 3 and 4) as can also inferred from their parameters values (Table 3). 

The kaolinite isotherm has a greater partition coefficient (Kf) and a steeper initial slope up 

to an aqueous concentration of about 60 mg L"' than the illite and Ca-montmoriilonite 

isotherms. This indicates high affinity for MRL at low concentration that decreases as the 

surface coverage increases and less sites for sorption are available. This results in a concave 

isotherm shape (n = 0.33) (Fig. 1 and insert Fig. 22). This is flirther supported by the results 

obtained for the adsorption isotherm of kaolinite at a ratio of 1.40 which fit the Langmuir 

equation (Fig.2). Both kaolinite isotherms (ratio 1:10 and 1:40) show similar slope and 

magnitude of MRL sorbed up to an aqueous concentration of about 60 mg L"'; nevertheless, 

above this concentration the kaolinite isotherm at a ratio 1:40 tends to reach a plateau 

indicating a possible complete saturation by a monolayer of MRL as a result of less available 

sites for sorption due to lower clay and MRL concentration used in comparison to the 

kaolinite isotherm at a ratio 1:10. 

In contrast, illite and Ca-montmorillonite show a very low initial slope up to an 

aqueous concentration of about cmc (50 mg L"'). The slope then increases rapidly at MRL 
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concentrations above cmc and eventually, at high MRL concentrations, MRL sorption to 

illite and Ca-montmorillonite exceeds sorption to kaolinite (Fig. 3, 4, and insert Fig. 22). 

This behavior results in an isotherm with a convex shape and adsorption intensity coefficient 

values (n = 1.67 and 1.20, respectively) greater than kaolinite. A possible explanation for the 

illite and Ca-montmorillonite MRL sorption behavior may be that initially the sorption of the 

rhamnolipid is due to electrostatic attraction between individual anionic surfactant ions and 

positively charged species on these aluminosilicate minerals. Next, as the surfactant 

concentration increases, self-aggregation of surfactant ions can occur due to electrostatic 

and hydrophobic forces that give place to the formation of hemimicelles, with the 

consequent rapid increase in MRL sorption. 

All sorption experiments were carried out at a pH greater than the point of zero 

charge (PZC) of clays (Table 1) and, therefore, it can be assumed that negative charges 

predominate in each clay mineral. This then must be counterbalanced by the presence of 

positively charged ionic species. For kaolinite then, sorption of MRL can be attributed to 

its low charge density (1.77 x 10'^ mmol(-) m'^) and to the presence of exchangeable Al^" 

and which account for 56% of the kaolinite CEC (Table 1). Similarly, the presence of 

exchangeable Al^^ in kaolinite has been previously reported as the mechanism for strong 

binding of humic and flilvic acids (Evans and Russell, 1959) as well as for lignosulfonate 

(Koyama, 1972). Ragland and Coleman (1960) have pointed out that if soluble Al^' is present 

in clay or soil, its speciation due to hydrolysis and the amphoteric nature of aluminum will 

result in the formation of different ionic species at various pH. For example, A1(H20)6^" will 

predominate in acid solutions and as the pH increases mono- (Al(0H)2") and divalent 
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(AIOH^^) hydroxy-AI cations may be formed (McLean, 1965). These species are sorbed 

more strongly than the trivalent ion (Rich, 1960; Thomas, 1961). Thus, we suggest that for 

MRL sorption by kaolinite these and other positive complexes of Al^"^ formed in our 

experimental system and sorbed onto kaolinite surfaces. This in addition to the available 

exchangeable FT, resulted in an increasing number of positive sites, which in turn, were 

neutralized by MRL sorption through the formation of both hydrogen bonding and 

formation of h)'droxy-Al-MRL complexes. This complex is formed through a ligand 

exchange mechanism ( inner-sphere complex) as found by numerous studies (Greenland, 

1971; Theng and Sharpenseel,1975; Murphy et al., 1990, 1992). 

A similar rationale can be used to understand why illite sorbed, in general, more 

MRL than Ca-montmorillonite. From data of Table I, the calculated charge density for illite 

(2.69 X 10"' mmol(-) m'^) is smaller than that calculated for Ca-montmorillonite (8.93 x 10'^ 

mmol(-) m'^); the latter one based on the assumption of an average external specific surface 

area value of 100 m^ g*' previously reported (Dyal and Hendricks, 1950; Rebhun et al., 

1992). Moreover, 94% and 84% of the CEC for illite and Ca-montmorillonite is occupied 

by exchangeable Ca^^ respectively (Table 1). In addition, the greater MRL sorption of illite 

than Ca-montmorillonite can also be ascribed to a greater bonding strength of Ca^' on illite 

than on montmorillonite as Varadachari et al. (1991) demonstrated for the sorption of flilvic 

acid on Ca-illite and Ca-montmorillonite. Several other studies have shown the important 

role that exchangeable Ca^^ on clay minerals plays in the adsorption of organic substances, 

such as the synthetic anionic surfactant alkylbenzene sulfonate by a Ca-montmorillonite 

(Hower,1970), humic acid (Sen, 1960;Theng and Sharpenseel,I975), and fulvic acid 
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(Theng, 1976; Varadachari et al., 1991; 1994). It follows then that MRL sorption by illite 

and Ca-montmorillonite may be explained by the possible formation of a surface complex 

between a non-exchangeable form of calcium ions (CaOH") on these minerals (Tipping, 

1981; Tipping and Heaton, 1983) and MRL, which may be bound through a water bridge 

mechanism (outer-sphere complex) (Greenland, 1971; Theng and Sharpenseel, 1975; Theng, 

1979). 

The greater effectiveness of exchangeable trivalent cations, such as Al^*, than 

divalent cations such as Ca^* in the adsorption of humic substances (Sen, 1960; Theng and 

Sharpenseel, 1975; Varadachari etal,, 1991) and of alkylbenzensulfonate (Wayman, 1963) 

by aluminosilicate minerals has been demonstrated. The above is also supported by recent 

research in our lab in which MRL showed a greater complexation affmity for Al^' than for 

Ca^". Conditional stability constants (log K) of 10.3 and 4.1 respectively as well as a molar 

MRL/metal ratio of 2 and 1 respectively were determined for Al^' and Ca'^ (Ochoa-Loza 

et al, 1998). Since kaolinite is dominated by Al^^ and illite and Ca-montmorillonite are 

dominated by Ca*^, it would be expected that MRL sorption by kaolinite would be much 

stronger. 

Sorption of MRL to Metal Oxides 

The adsorption isotherms of MRL by all metal oxides are also nonlinear (Fig. 5-8). 

They were all fitted best with the Freundlich model and have similar shapes. Regressions 

were characterized by high r^ values (0.91 to 0.97) and F-test (56.5 to 163,4) values with 

«=0.01 except for the FeOx-Si system which had a lower F-test (19.9) value with «=0.05 

(Table 3). The sorption of MRL followed the order; hematite (Fe^Oj) > Mn02 > gibbsite 
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(A1(0H)3) > FeOx-Si for the whole range of aqueous rhamnolipid concentrations tested. The 

fact that the iron oxide matrices occupy the first (hematite)and the last (FeOx-Si) position 

of this sequence is due, in part, to their difference in Fe203 content (99.5% and 1.84%, 

respectively). In addition, a lower MRL concentration range was used for the FeOx-Si 

isotherm (0-2.4 mM) and only the sorption of the C20RL1 fraction was quantified. 

The binding of humic substances to hydroxylated mineral surfaces such as hydrous 

iron, aluminum, and manganese oxides and edge sites of aluminosilicates through a 

carboxylate ligand exchange mechanism has been suggested and indirectly evidenced 

(Murphy et al., 1990; 1992; 1994; Tipping, 1981; Davis, 1982; Parfit et al., 1977a, b, c; 

Inoue and Wada, 1971, Gu et al., 1994). Infrared spectroscopy studies have shown that 

flilvic acid is adsorbed on goethite through the complexation between carboxylate moieties 

of the fiilvic acid and hydroxyl moieties of the goethite (Parfitt et al, 1977c). Murphy et al. 

(1990; 1992; 1994) postulated the ligand exchange mechanism as a three step process 

whereby at the end an inner-sphere complex is formed by the exchange of the protonated 

surface hydroxyl group (OHj*) for the carboxylate (COO") humic group. Thus, a similar 

mechanism may be proposed for sorption of MRL to hematite, gibbsite, FeOx-Si, and 

manganese oxide used in this study. 

Although the metal oxide sorption isotherm shapes are similar, the magnitude of 

MRL sorption by hematite differs considerably from that of the other mineral oxides (Fig. 

5). The hematite isotherm shows a steeper initial slope and has a greater partition coefficient 

(Kf = 2104) than the MnO,, gibbsite, and Fe-Ox-Si isotherms (K, = 434, 167, and 547, 

respectively). As the ligand exchange mechanism involves the uptake of protons, the hydrous 
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oxide able to take up more protons will likely sorb more MRL. Thus, the differences in 

magnitude of MRL sorption to metal oxides tested in this study may be explained as a result 

of their differences in the distribution and concentration of reactive hydroxylated sites as well 

as their structural (crystallographic) locations on the surface sorbents. The hydroxyl sites on 

hematite are more evenly distributed across the mineral surface (Sposito, 1984) with a 

reported concentration of 8.98 x 10"' mols of OH g ' (Murphy et a!., 1990, 1994). In 

contrast, adsorption on gibbsite can occur only at certain reactive OH,' (A-type hydroxyls) 

sites exposed on the edge faces of the crystal in neutral solutions (Muljadi et al., 1966; 

Parfitt et al., 1977b) with a maximum capacity limited to about 7.0 x 10"' mols g"' (Parfitt 

et al., 1977b), Similar data for MnO, for comparative purposes were not found in the 

literature; however, intermediate values between those reported above can be assumed. 

Thus, the conformation of the hematite surface may present a more suitable area for MRL 

sorption than that of gibbsite. This in turn minimizes the likelihood of steric interferences 

between adjacent adsorbed rhamnolipid molecules but allows lateral interactions that will 

lead to a larger surface coverage of the mineral surface at low MRL concentrations. At high 

MRL concentrations, a process of surface micellization of the rhamnolipid molecules may 

account for increasing sorption of MRL. 

Adsorption experiments were performed at pH 6.8 which is below the reported PZC 

value for hematite and MnOz and slightly above that of gibbsite. Therefore, it was expected 

that most of the hydroxyl groups of hematite and MnOj were protonated and would interact 

with available anionic organic ligands. Since pH 6.8 is slightly above the PZC for gibbsite, 

this interaction may not play a large role in MRL sorption to this metal oxide. As a 
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consequence, hematite showed a greater MRL sorption than Mn02 and gibbsite (Fig. 23). 

Sorption of MRL to Humic Acid. 

Sorption of MRL to HA-Si was nonlinear (Fig. 9) and fitted best by the Freundlich 

equation. Its regression analysis shows a relatively low r^ (0.83) and F-test (14.3) value, 

therefore the regression is significant at « = 0.05 (Table 3). In general, humic acid seems 

to have a high affinity for MRL only at high rhamnolipid concentrations. As a result, of the 

soil parameters tested, HA-Si has the highest adsorption intensity coefficient value (n = 2.69) 

and the lowest partition coefficient (Kf = 0.0063) (Table 3). At low rhamnolipid 

concentrations MRL sorption was low (insert Fig. 9). A linear sorption relationship was 

evidenced suggesting that MRL partitioned into the organic phase as a result of hydrophobic 

interactions. At high rhamnolipid concentrations however, MRL sorption increased 

dramatically and almost all additionally added MRL was sorbed, which may indicate that the 

sorbed humic acid is behaving as a hydrophobic surface and that MRL sorption in the 

organic phase (Murphy et al., 1990; 1992; 1994) is occurring possibly through a hydrogen 

bonding mechanism. 

For comparative purposes, a MRL adsorption isotherm on untreated silica was also 

carried out (Fig.9) which was fitted best by the Langmuir equation. Its regression analysis 

shows that the values of the statistical parameters r^ (0.87) and F-test (33.2) are better than 

those of HA-Si, so the silica regression is significant with « = 0.01 (Table 3). As can be 

observed, MRL sorption by the uncoated silica was greater than that of the humic acid 

coated-silica up to an aqueous rhamnolipid concentration about 90 mg L'V Above this 

concentration, MRL sorption by the HA-Si increases significantly. In addition, the uncoated 
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silica isotherm can be compared to a MRL isotherm using Accusand 40/50 mesh (0.3-0.42 

mm) that was reported by Bai et al. (1997). This study reported ten-fold less MRL sorbed 

than for the silica tested in this study. This leads us to think that the silica gel matrix used 

in this study is a very reactive matrix that may contain a great number of surface silanol 

groups to which MRL may be bound. 

Since complete coverage of the reactive silanol (Si-OH) groups on the HA coated-

silica gel by the humic coating is unlikely, some surface silanol groups may still remain free 

(Krstulovic and Brown, 1982). For instance, Szecsody and Bales (1989) obtained only a C , g  

coverage of 2.1% on a silica of 100 nm in diameter and a surface area of 190 m" g"'. Then, 

we can assume that the silica prepared for this experiment has a low coverage of humic acid. 

The remaining free silanol groups may contribute significantly to MRL sorption. As a result, 

the marked increase in MRL sorption by HA-Si can be assumed to be a coupled process of 

simultaneous binding by both the reactive humic acid and silica gel surface groups. 

Moreover, another possible reason for the increase of MRL sorption at increased 

concentrations may be the entrapment of MRL vesicles into the net-like structure of humic 

acid caused by swelling of the organic material due to the background electrolyte solution 

(KNOj) as well as into the intra-microporous of the solid matrix. 

Relative Importance of Soil Constituents in the Sorption of MRL. 

A comparison of the rhamnolipid sorption isotherms for all the soil parameters tested 

is presented in Fig. 24. One can see from this Figure, the relative importance of each 

parameter to rhamnolipid sorption. Results indicate that both aluminosilicates and iron oxide 

minerals are critical to the sorption of this anionic biosurfactant. The fact that the clay 
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variance with what has been generally believed and previously reported in other studies (Law 

and Kunze, 1966; Law et al, 1966). Of the metal oxides, gibbsite [AI(0H)3] has the lowest 

contribution to MRL sorption, and humic acid begins to play an important role in MRL 

sorption only at a relatively high MRL concentrations (>200 mg L '). 

At low aqueous MRL concentrations (0 to 60 mg L"'), the relative order of 

importance is; hematite > kaolinite > MnOj > illite > Ca-montmorillonite > gibbsite > FeOx-

Si > HA-Si (insert. Fig. 24). However, as the concentration of rhamnolipid is increased this 

order changes: illite > hematite > Ca-montmorillonite > HA-Si > MnO, > gibbsite > 

kaolinite > FeOx-Si. In general, we conclude that hematite, illite, kaolinite, and Ca-

montmorillonite are the most important soil constituents exerting the greatest effect on MRL 

sorption over the entire range of MRL concentration used in this study. 

In light of the results obtained in this research, it seems that the relative contribution 

of these solid sorbents to MRL sorption in a natural system will depend largely on its 

chemical (mineralogical and organic) composition, the relative proportion ofthe constituents 

making up the solid phase, the nature of the exchangeable cations, and the concentration of 

rhamnolipid in the aqueous phase. In addition, other external factors inherent to the soil 

system such as pH, temperature, and pore water chemistry can also affect the sorption of 

MRL. Thus, it is reasonable to think that the magnitude of MRL sorption on soils may be 

predicted based primarily on the knowledge of their mineral and chemical composition. 

MRL Sorption in Different Soils. 

The sorption isotherms of MRL in the sbc soils used in this study were very different 
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(Figs. 10-15). This is reflected by the need for a variety of fitting models to describe the 

isotherms. A good fitting of the isotherm models to the soil MRL sorption data was 

observed with r^ ranging from 0.94 to 0.99 and F-test (49.4 to 1942.1) values that were 

significant at« = 0.01 (Table 4). Differences in the magnitude of MRL sorption to soils can 

be explained as the result of the combined and cumulative effect of the reactivity that each 

individual component of the solid phase exerted in its interaction with the surfactant. As a 

result, it can be expected that the sorption of MRL to soils can be explained by considering 

both the amount of each soil constituent present in the soil matrix and its affinity for MRL 

as discussed in the previous sections. 

The impact that the presence and content of the layer silicate minerals, metal oxides, 

and organic matter have on the sorption of MRL can be evaluated when these soil 

characteristics are related to their respective adsorption isotherm. The lowest sorption of 

MRL was observed for the Bonifay soil (Fig. 12), the soil with the lowest content of 

aluminosilicate minerals, iron oxide and TOC (Table 2). The sorption data of MRL to 

Bonifay soil had a good fitting with both the Freundlich equation (n = 1) and the linear 

model (Table 4). In contrast, the greatest MRL sorption corresponded to Pierre, Gaston and 

Molokai soils (Fig. 10, 13, and 14). The Pierre soil is distinguished from the other soils by 

its relatively high content of iron oxide, TOC, and layer silicate minerals where 

montmorillonite and illite predominate. Moreover, Ca^* is the dominant exchangeable cation 

in this soil (Table 2). Data from the sorption of MRL to the Pierre soil followed a 

Freundlich-type isotherm with a large adsorption intensity coefficient (n = 1.61, Table 4), 

similar to that obtained for illite (Table 3). The Gaston and Molokai soils are characterized 
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by a low TOC content, a significant amount of exchangeable Al^' and , and a high 

content of iron oxide and clay size particles, in which kaolinite, hematite, gibbsite and 

goethite are the predominant minerals (Table 2). These two soils were best fit using a 

Langmuir-type isotherm. A larger affinity of the solid matrix (K,) for MRL and maximum 

sorption (b) values were observed for the soil (Molokai) with the higher percentage of clay 

minerals and iron oxide (Table 4), even though its adsorption isotherm was performed at 

a higher soil:solution ratio (1:13). 

The Barnes soil and Andisol exhibited a moderate MRL sorption regard to Molokai, 

Gaston, and Pierre soil that can be ascribed to their lower content of iron oxide and 

aluminosilicate minerals. The Andisol showed a slightly greater MRL sorption than Barnes 

soil (Fig. 11 and 15), that can be attributed to the higher aluminum and iron oxides content 

as well as to the presence of allophane and imogolite minerals in the clay size fi-action of 

Andisol. A marked adsorption of humified materials on allophane and imogolite has been 

demonstrated (Inoue and Wada, 1971). These two soils have the highest TOC content than 

the other soils studied (Table 2); however, they did not show a high MRL sorption behavior 

as could be expected fi-om the results of HA-Si previously discussed. This suggests that soil 

organic matter does not have an important impact on the sorption of MRL. Although this 

is somewhat contrary to the results observed in MRL sorption to HA-Si, we believe that the 

silica itself was highly reactive in this experiment and may have accounted for a substantial 

amount of the sorption observed. A second possible explanation is that the reactivity of 

natural humic substances is different fi-om that of the commercial humic acids used to coat 

the silica and, therefore, the latter are not representative of soil or water humic and fulvic 
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acids (Malcolm and MacCarthy, 1986). 

A comparative analysis of the behaviour of these soils with regard to MRL sorption 

up to an aqueous rhamnolipid concentration of 500 mg L " (Fig 25) was performed using 

their best fitted model (Table 4). For the soils used in this research, MRL sorption followed 

the order (Fig. 25); Molokai > Pierre > Gaston > Andisol > Barnes > Bonifay. This further 

confirms the marked effect that the presence and the relative amount of phyllosilicates and 

iron oxide minerals in soils have on MIIL sorption. Therefore, it can be expected that the 

adsorption of MRL to soils can be semi-quantitatively predicted by considering the iron 

oxide (FcjOs) content, percentage of clay, type of clay predominating as well as the nature 

and content of the exchangeable cations. 

In summary, it is evident that the minimal sorption of MRL will occur in soils with 

a low content of aluminosilicate minerals and iron oxides. This is in good agreement with 

previous research reported about the adsorption of organic anions on iron and aluminum 

hydrous oxides by Evans and Russell (1959), Greenland (1971), and Parfitt et al. (1977) and 

of an anionic synthetic surfactant on soils by Fink et al. (1970). The findings of this study 

suggest that there may be serious limitations in the application of MRL as an in situ 

technology to remediate metal- and organic-contaminated soils and groundwater. However, 

on the other hand, information concerning the soil mineralogical and chemical compositon 

can allow us to improve prediction of whether rhamnolipid addition is a good option and 

what rhamnolipid dose will be required to maximize rhamnolipid-facilitated removal of soil-

bound contaminants. Torrens et al. (1998) demonstrated that rhamnolipids are an effective 

agent to remove soil-bound metals and that their efficiency is dependent on the amount of 
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rhamnolipid present in the aqueous phase. They obtained 8-54% and up to 96% of Cd^"^ 

removal from various electrolyte pretreated and untreated soils respectively under saturated 

flow conditions using S and 10 nriM of a mono- and dirhamnolipid mixture produced by 

Pseudomonas aeruginosa IGB83 The metal removal was most rapid in the soil with the 

lowest clay, TOC, and iron oxide content probably due to less sorption of the rhamnolipid 

to the soil matrix. 

Sorption of Specific Rhamnolipid Constituents 

The biosurfactant (MRL) produced by Pseudomonas aeruginosa ATCC 9027 has 

been characterized as a mixture of four monorhamnolipids differing only in its number of 

carbons (Zhang and Miller, 1994). The sorption experiments previously discussed have been 

carried out with this biosurfactant, which is composed primarily of the species C20RL1 

(80%) and so it is also assumed that this is the major component of the MRL sorbed onto 

the solid surfaces. Other strains of Pseudomonas aeruginosa produce different mixtures of 

rhamnolipids (Zhang and Miller, 1995). Recent research in our lab with a rhamnolipid 

mixture of mono- and dirhamnolipid produced by Pseudomonas aeruginosa IGB83 

suggests that there may be advantages in using rhamnolipid mixtures (Torrens et al., 1998). 

We postulated that a mix of mono- and dirhamnolipid may sorb less than a monorhamnolipid 

alone. In order to gain more insight about the behavior of rhamnolipid species and the 

possible impact of species mixtures on sorption, a series of sorption experiments were 

performed using kaolinite, FeOx-Si and HA-Si and a mixture of mono- and dirhamnolipid 

produced by Pseudomonas aeruginosa UG2. 

Sorption isotherms for the C20RL1 and C20RL2 species fi*om UG2 are shown in 
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Fig. 16-21 and the fitting parameters are given in Table S. The sorption data of the C20RL1 

and C20RL2 species (Fig. 16 and 17) for kaolinite was fitted best by a Langmuir-type 

isotherm. From the regression analysis of the C20RL1 and C20RL2 species isotherm data 

on kaolinite, the corresponding r^ and F-test values of 0.76 and 0.55 and 12.9 and 4.9 

respectively were obtained. Thus the regression for the C20RL1 species was significant with 

« = 0.05 while that for the C20RL2 species was significant at« = 0.1. These isotherms were 

similar to that obtained for C20RL1 from MRL (Table 3); however, a greater maximum 

sorption (b = 7698.9) value was observed for the latter. Sorption of the mixture species 

reached a plateau at an aqueous concentration of 50 mg L"'. Data of C20RL1 and C20RL2 

sorption to FeOx-Si showed a good fitting to the Langmuir equation with high r^ (0.89 and 

0.91) and F-test (30.9 and 38.6) values and both regressions were significant with « = 0.01 

(Table 5). The sorption data of both rhamnolipid species to FeOx-Si reached a plateau at an 

aqueous concentration about 80 mg L"' (Fig. 18 and 19) indicating high affmity at low 

concentration and saturation at higher concentration, whereas C20RLI sorption data from 

MRL followed the Freundlich model (Table 3). 

Unlike the other matrices, the best fits for the HA-Si isotherms of both MRL species 

(Fig. 20 and 21) were obtained using the linear model and the Freundlich equation 

expressing linearity (n = I). High r^ (0.99 and 0.94) values were obtained for both isotherm 

equations and the high F-test (431.8 and 67.2) values of the Freundlich isotherm regressions 

indicate that they are significant with « = 0.01 (Table 5). The linearity shown by the HA-Si 

isotherms suggest that the C20RL1 and C20RL2 species may be sorbed by partitioning into 

the organic phase. In contrast, the nonlinearity (i.e., n f I) observed for the sorption of 
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C20RL1 from MRL to HA-Si (Table 3) suggests a surface sorption process rather than 

partitioning. However, comparing both HA-Si isotherms at the same range of C20RL1 in 

the aqueous phase (from C = 0 to 100 mg/L), linearity may also be observed for the MRL 

isotherm (Fig. 9). This may indicate that partitioning of monorhamnolipid is the governing 

process on HA-Si at low concentration. 

An analysis of the sorption behavior of the species from both types of rhamnolipid 

on these solid matrices shows that relatively more C20RL1 is sorbed to all materials 

compared to C20RL2 and that sorption of the C20RL1 species from MRL is higher than 

that from MDRL. FeOx-Si is an exception that shows a similar preference to sorb both 

rhamnolipid species from the mixture (Fig. 26). The fact that the sorption of the C20RL1 

species to mineral surfaces is more intense than the C20RL2 species may be attributed to its 

greater hydrophobic character in addition to the sorption mechanisms previously discussed. 

Moreover, the wide differences observed in sorption by the C20RL1 species from MRL and 

MDRL may be due to a greater concentration of this species in the MRL biosurfactant. 

Since the efficiency and success of biosurfactants to facilitate removal of organic and 

inorganic contaminants from soil systems will depend largely from the amount of 

rhamnolipid present in the aqueous phase and in view of the behavior of monorhamnolipid 

to escape from the solution phase toward the solid phase, these results reveal that further 

research is needed to evaluate the use of dirhaninolipid in the cleanup of contaminated sites. 
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SUMMARY 

This study shows that monorhamnolipid is adsorbed by the soil matrix components 

to varying extents. The sorption of the biosurfactant to the clay minerals studied is attributed 

to a sur&ce complexation reaction with the positive chemical species formed by the divalent 

and trivalent exchangeable cations either through a water bridge (outer-sphere complex) or 

by a ligand exchange mechanism (inner-sphere complex). Sorption of monorhamnolipid to 

metal oxides may occur with the protonated surface hydroxy! groups by a ligand exchange 

mechanism. A partitioning process as a result of hydrophobic interactions and sorption 

through hydrogen bonding, at low and high. MRL concentrations respectively, are the 

suggested monorhamnolipid sorption mechanism to humic acid. The particular soil 

constituents showed significant differences in the magnitude of the sorption biosurfactant. 

Hematite (FcjOj), illite, Ca-montmorillonite, and kaolinite were the soil constituents exerting 

the greatest affinity for monorhamnolipid sorption. Other soil constituents tested such as 

MnOi, gibbsite, and humic acid sorbed MRL in a minor extent. The results of this work 

suggests that the magnitude of monorhamnolipid sorption to soil can be predicted based on 

its mineralogical and chemical composition. Monorhamnolipid (C20RL1) from both a single 

and a mixed biosurfactant showed higher sorption than dirhamnolipid (C20RL2) on the solid 

matrices tested that was ascribed, in part, to the greater hydrophobic character of the 

C20RL1 species. 
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Table I. Physical and chemical properties of soil constituents used. 

Exchangeable Exchangea-
Bases** Sum ble Acid it/ 

Name pH- Na^ Ca^* Mg^* 
of 
Bases A\" H' 

Sum of 
Acidity 

Eff. 
CEC PZC 

Suface 
Area' 

Kaolinite 4.52 0.5 5.9 1.6 0.5 8.5 5.0 6.0 11.0 19.5'' 46».2 11.0 

lllite 7.57 0.6 18.7 396.9 6.4 422.6 — — — 422.6" 2.4' 157.1 

Ca-Mont. 7.44 16.6 30.2 751.3 95.0 893 1 — — — 893.1" 2.5'-^ 707.6 

Hematite 6,75 — — — — — — 0.4 0.4 HO*" 8.3^ 8.2 

MnO^ 4.22 — — — — — — 0.6 0.6 7.0" 7.2' 2.4 

Al(OH), 6.90 — — — — — — 0.4 0.4 11.0" 6.5' 1.6 

FeOx-Si 3.90 — — — — — — 50.0 50.0 157.0" — 328.2 

HA-Si 5.50 — — — — n.d. n.d. n.d. n.d. n.d. — 219.4 

soil; water ratio 1 : 4 
mmol kg"' soil. Determined by NH^/N, acetate pH 6.8. 
mmol kg"' soil. Determined by extraction with 1 M KCl (Thomas, 1982). 
Sum of exchangeable bases and exchangeable acidity. 
References; 1. Schwarzenbach et al (1993). 2. Stumm and Morgan (1981) 
3. Gebhardt, J. E. and D. W. Fuerstenau (1984) 

g ' soil. Determined by EGME method. 



Table 2. Physical and chemical properties of the soils used. 

Hori Sand* Silt Clay Clay 
Name zon (%) (%) (%) Mineralogy** Taxonomic Classification 

Pierre Ap 96 40.9 49.5 MT4, IL3, KK2, QZ2 very-fine, montmorillonitic, mesic Typic Torrert 

Barnes Ap 39.5 35.9 24.6 MT3,1L3, KK2 fine-loamy, mixed Pachic Argiboroll 

Bonifay Ap 91.2 5.5 3.3 KK2, GEl.Gll loamy, siliceous, thermic grossarenic Plinthic Kandiudult 

Gaston Ap 35.5 25.4 39.1 KK5, HE2, GE2. GI2 clayey, mixed, thermic Humic Hapludult 

Molokai B 12.5 30.6 56.9 KK4, G13, IL2 very-fine, kaolinitic, isohyperthermic Rhodic Eutrortox 

Andisol Bw 38.0 52.4 9.7 AL2.1M2 isomesic, Hydric Placudand 

Pipet method for the first four soils and hydrometer method for the last two ones. 

Listed in order of importance: KK = kaolinite; IL = Illite; MT = montmorillonite; HE = Hematite; GE = Goethite; 

G1 = gibbsite, AL = allophane; IM = Imogolite; QZ = Quartz. 

The number indicates the amount of each mineral present: 5 very large, 4 large, 3 moderate, 2 small, 1 very small. 

vO 



Table 2. (continued) 

Exchangeable Exchangea-
Bases^ ble Acidity* 

TOC" Fe' Al' Sum of 
Al'* 

Sum of EflF. Suface 
Name pH' (%) (%) (%) Na' Ms' Bases Al'* H' Acidity CEC" Area' 

Pierre 7.5 1.46 2.14 0.19 1.0 15.0 325.0 71.0 412.0 — — — 412.0 160.8 

Barnes 5.6 3.26 1.29 0.19 tr 25.0 138.0 50.0 213.0 — — 100.0 313.3 73.4 

Bonifay 5.4 0.32 0.29 0.19 1.0 1.0 7.0 1.0 10.0 — 18.0 18.0 28.0 10.5 

Gaston 5.7 1.12 6.44 0.95 tr 8.0 48.0 18.0 74.0 — 72.0 72.0 146.0 62.9 

Molokai 6.2 0.79 23.0 0.32 0.7 13.2 24.1 6.0 44.0 14.0 3 2 17.2 61.2 167.2 

Andisol 6.2 3.63 3.82 1.15 0.7 30.8 239.6 14.3 285.4 1.7 3.1 4.8 290.2 261.9 

soil; water ratio 1:1. 

Walkley-Black method. 

As Fe^Oj and AI2O3, respectively. Iron and Aluminum extracted by the dithionate-citrate method. 

mmol kg"' soil. Determined by NH^/N, acetate pH 7.0. 

mmol kg ' soil. Determined by extraction with 1 M KCl (Thomas, 1982). 

sum of exchangeable bases and exchangeable acidity. 

m^ g ' soil Determined by EGME method. 



Table 3. Best monorhamnolipid (MRL) isotlierms and parameters for soil constituents. 

Frcundlich Langmuir Regression 

Soil 
ratio* 

Std Std Std Std 
Constituent ratio* Kf Error n Error K, Error b Error r^ F-test 

Kaolinite 1:10 1792.9 597.0 0.33 0.04 0.97 149.6 

Kaolinite'* 1:40 0.033 0.02 7698.9 1537.2 0.79 11.6 

lllite 1:10 7.2 4.5 1.67 0.12 0.99 396.20 

Ca-Montmorillonite 1:10 41.2 14.0 1.20 0.06 0.99 1009.8 

Hematite 1:50 2104.0 995.4 0.50 0.06 0.97 163.4 

MnO, 1:50 434 4 261.4 0.62 0.08 0.96 129.2 

A1(0H)3 1:25 166.7 195.3 0.73 0.15 0.92 56.51 

FeOx-Si'" 1:10 546.5 266.1 0.27 0.08 0.91 19.9 

HA-Si" 1:10 0.0063 004 2.69 1.19 0.83 14.3 

Silica'' 1:10 0 00104 0.0008 12006.05 5709.4 0.87 33.2 

solid:solution. 

only C20RL1 concentration determined. 

vO U> 



Table 4. Best soil-monorhamnolipid (MRL) isotherms and parameters. 

Freundlich Langmuir Linear Regression 

Std Std Std Std Std 

Soil ratio Kf Error n Error K| Error b Error Coeff. Error r^ F-test 

Pierre 1:2 5.84 7.32 1.61 0.28 0.96 104.7 

Barnes 1:2 330.26 49.08 0.37 0.02 0.99 562.8 

Bonifay 1.2 1.53 2.74 1,01 0.23 166 0 .13  0.94* 49.4" 

Gaston 1:2 0.0031 0.0005 14437.3 1158.6 0.99 740.9 

Molokai 1:13 0.0308 0.0066 80706.0 7195.0 0.97 189.1 

Andisol 1:2 151.71 23.23 0.51 0.02 0.99 1942.1 

For both models. 

Only for Freundlich model. 

vO •u 



Table S. Best isothenns and parameters for soil constituents and a mixture of mono- and dirhamnolipid as produced by Pseudomonas 

aeruginosa UG2. 

Soil Freundlich Langmuir Linear Regression 
Constituent 

and 
ratio 

Std Std Std Std Std 
Rhamnolipid ratio Kf Error n Error K| Error b Error Coeff. Error F-test 

Kaolinite 

C20RL1„ 1:40 0.047 0.03 2669.07 562.7 0.76 12.9 

C20RL2„ 1:40 0.120 0.08 1272.20 130.3 0.55 4.9 

FeOx-Si 

C20RL1„ 1;I0 0.054 0.02 290.78 44.9 0.89 30.9 

C20RL2„ 1:10 0.088 0.03 308.50 21.1 0.91 38.6 

HA-Si 

C20RL1„ 1:10 3.92 1.34 1.08 0.08 5.45 0.17 0.99* 431.8" 

C20RL2„ l;IO 5.78 4 89 0 91 0 16 3.61 0.24 0.94' 67.2'" 

' For both models. 

Only fur Frcundlich model. 

C20RLl„ = monorhamnolipid from mixture. 

C20RL2„ = dirhanuiolipid fi-om mixture. 

vO 
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Figure 1. Sorption isotherm of monorhamnolipid from Pseudomonas 
aeruginosa ATCC 9027 In kaolinite. Each point is the mean of tripli
cate samples. 
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Figure 2. Sorption isotherm for C20RL1 species from Pseudomonas 
aeruginosa ATCC 9027 in kaolinite. The data point with the greatest 
sorption value may be an outlier and was excluded from the fitting. 
Each point is the mean of triplicate samples, (work performed by 
Wouter Noordman, University of Groningen, The Netherlands) 
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Figure 3. Sorption isotherm of monorhamnolipid from Pseudomonas 
aeruginosa ATCC 9027 in illlite. Each point is the mean of triplicate 
samples. 
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Figure 4. Sorption isotherm for monorhamnolipid from Pseudomonas 
aeruginosa ATCC 9027 in Ca-montmorillonite. Each point is the mean 
of triplicate samples. 
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Figure 5. Sorption isotherm for monorhamnolipid from Pseudomonas 
aeruginosa ATCC 9027 in hematite. Each point is the mean of triplicate 
samples. 
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Figure 6. Sorption isotherm for monorhamnolipid from Pseudomonas 
aeruginosa ATCC 9027 in Mn02. Each point is the mean of triplicate 

samples. 
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Figure 7. Sorption isotherm for monorhamnolipid from Pseudomonas 
aeruginosa ATCC 9027 in gibbsite. Each point is the mean of triplicate 
samples. 
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Figure 8. Sorption isotherm for C20RL1 species from Pseudomonas 
aeruginosa ATCC 9027 on iron oxide-coated silica. The data point with 
the greatest sorption was excluded from the fitting. Each point is the 
mean of triplicate samples, (work performed by Wouter Noordman, 
University of Gronlngen, The Netherlands) 
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Figure 9. Sorption isotherm for C20RL1 species from Pseudomonas 
aeruginosa ATCC 9027 on untreated Silica and HA-Si. Each point is 
the mean of triplicate samples, (work performed by Wouter Noordman, 
University of Groningen, The Netherlands). 
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Figure 10. Sorption isotherm for monorhamnolipid ^rom Pseudomonas 
aeruginosa ATCC 9027 in Pierre soil. Each point is the mean of triplicate 
samples. 
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Figure 11. Sorption isotherm formonorhamnolipid from Pseudomonas 
aeruginosa ATCC 9027 in Barnes soil. Each point is the mean of tripli
cate samples. 
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Figure 12. Sorption isotherm for monorhamnolipid from Pseudomonas 
aeruginosa ATCC 9027 in Bonifay soil. Each point is the mean of tripli
cate samples. 
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Figure 13. Sorption isotherm for monorhamnolipid from Pseudomonas 
aeruginosa ATCC 9027 in Gaston soil. Each point is the mean of tripli
cate samples. 
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Figure 14. Sorption isotherm for monorhamnolipid from Pseudomonas 
aeruginosa ATCC 9027 in Molokai soil. Each point is the mean of tripli
cate samples. 
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Figure 15. Sorption isotherm for monorhamnolipid from Pseudomonas 
aeruginosa ATCC 9027 in Andisol. Each point is the mean of triplicate 
samples. 
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Figure 16. Sorption isotherm for C20RL1 species from Pseudomonas 
aeruginosa UG2 In kaoiinite at ratiol ;40. The data point at the lower 
right comer was excluded from the fitting. Each point is the mean of 
triplicate samples, (work performed by Wouter Noordman, University 
of Groningen, The Netherlands) 
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Figure 17. Sorption isotherm for C20RL2 species from Pseudomonas 
aeruginosa UG2 in kaolinite at ratio 1 ;40. Each point is the mean of tri
plicate samples, (work performed by Wouter Noordman, University of 
Groningen, The Netherlands). 



113 

300 

¥ 150 

20 40 60 80 100 120 

C20RL1 in Solution (mg/L) 

140 

Figure 18. Sorption isotherm for C20RL1 species from Pseudomonas 
aeruginosa ATCC 9027 on iron oxide-coated silica. Each point is the 
mean of triplicate samples, (work performed by Wouter Noordman, 
University of Groningen, The Netherlands). 
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Figure 19. Sorption isotherm for C20RI_2 from Pseudomonas 
aeruginosa LIG2 on iron oxide-coated silica. Each point is the 
mean of triplicate samples, (work performed by Wouter Noord-
man, University of Groningen, The Netherlands). 
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Figure 20. Sorption isotherm for C20RL1 from Pseudomonas 
aeruginosa UG2 in humic acid-coated silica. Each point is the 
mean of triplicate samples, (work performed by Wouter Noord-
man, University of Groningen, The Netherlands). 
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Figure 21. Sorption isotherm for C2GRL2 from Pseudomonas 
aeruginosa UG2 in humic acid-coated silica. Each point is the 
mean of triplicate samples, (work performed by Wouter Noord-
man, Univrsity of Groningen, The Netherlands). 



117 

2.5e+5 

2.0e+5 -

16000 

12000 -

8000 -

4000 -

0 

/ 

"Z-"' 
r 

/ 

/ 

/ 
/ 

/ 

I* 1.5e+5 -

"O 
(D 
A L_ 
o 
^ 1.0e+5 

1 I ^ ^ 
0 20 40 60 80 100 

/ 

/ 

/ 
/ 

/ 

Kaolinite 
Illite 
Montmor. 

/ 

/ 
/ 

5.0e+4 - / 
/ 

O.Oe+0 

0 100 200 300 400 500 600 

MRL in Solution (nng/L) 

Figure 22. Estimated sorption of monortiamolipid (MRL) produced by 
Pseudomonas aeruginosa ATCC 9027 using the equation that best 
fitted the clay isotherms. 
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Figure 23. Estimated monorhamnolipid (MRL) sorbed by metal 
oxides using the equation that best fitted their isotherm. 
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Figure 24. Estimated MRL sorbed for all soil constituents 
using their best fitted equation. 
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Figure 25. Estimated monorhamnolipid (MRL) sorption from soil 
isotherms. The insert shows the sorption at low dissolved MRL 
concentrations on an expanded scale, except for Molokai soil. 
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Figure 26. Comparative sorption of rhamnolipid species from 
Pseudomonas aeniginosa ATCC 9027 and P. aemginosa 
UG2 on various solid matrices. 
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