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ABSTRACT 

 

Decomposition of organic matter is a critical component in global biogeochemical cycling. 

While decomposition rates have been robustly predicted for mesic systems, modeling 

decomposition dynamics in drylands has proven to be problematic, reflecting a need to account 

for processes that may be unique to dryland systems: low and spatially variable vegetation cover, 

high rates of soil movement, and high levels of radiant energy exposure at the soil surface. 

Recent empirical evidence suggests that the discrepancies between measured and predicted 

decomposition rates in drylands may be due to the greater influence of abiotic drivers, such as 

soil-litter mixing (SLM) and solar radiation, on plant litter decomposition relative to more mesic 

systems. UV-driven photodegradation may dominate until SLM reaches a threshold, at which 

point litter is shielded from radiation and microbial processes become predominant.  

 

The overarching goal of this dissertation was to examine the influence of SLM and solar 

radiation on decomposition of foliar and woody plant litter in a dryland ecosystem undergoing 

woody plant encroachment. A series of four complimentary experiments sought to quantify the 

effects of these abiotic drivers on decomposition in relation to variables such as vegetation patch 

type (e.g., beneath a shrub canopy, in a grass patch, on bare ground), radiant energy regime (e.g., 

full sun vs. shade), geomorphic surface (e.g., sandy, Holocene-age vs. clay-rich, Pleistocene-age 

soils), seasonality of litter fall (e.g., summer vs. winter), and litter quality (e.g., grass, shrub leaf, 

woody).  

 

Results indicate that interactions between SLM and photodegradation are complex and mediated 

by variations in ground cover which influence the local radiant energy environment and the 

movement of soil across the landscape by wind and water. Decomposition rates were 

significantly influenced by SLM, UV radiation, radiant energy regime, vegetation structure, and 

initial litter quality. While these results confirmed the importance of SLM and photodegradation 

as dryland decomposition drivers, they also reinforced the need for additional research to further 

clarify the relative importance of these processes under field conditions, particularly the interplay 

between UV radiation and SLM and their relative influence on biotic and abiotic decomposition 

processes. Given the changes in climate and vegetation projected for drylands, it is critical to 

further elucidate the influence of these processes on dryland biogeochemical cycling, as their 

effects may be magnified or dampened under future conditions. A deeper understanding of the 

processes driving biogeochemical cycling that may be unique to systems undergoing shifts in 

plant lifeform composition will allow us to better account for the fate of carbon in these globally 

important ecosystems. 
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INTRODUCTION 

Ecological Context 

Desertification, defined as land degradation having socioeconomical impacts in dryland regions 

resulting at least partially from anthropogenic activities, diminishes the capacity for ecosystems 

to provide goods and services that human societies depend upon (Reynolds et al. 2007). The 

global phenomenon of woody plant encroachment into grass-dominated arid and semiarid 

(hereafter “dryland”) ecosystems is commonly associated with desertification. Woody plant 

encroachment in the context of desertification leads to displacement of productive, palatable 

mesophytic grasses by unpalatable xerophytic shrubs. The shift from grass to woody plant 

domination is often accompanied by significant changes in the spatial pattern of vegetation, the 

hydrological cycle and the carbon/nitrogen cycle and results in accelerated soil erosion and 

declines in livestock production (Schlesinger et al. 1990; Schlesinger and Pilmanis 1998; Archer 

et al. 2001). The ultimate effect of woody plant encroachment on desertification remains 

uncertain, with research showing that it can advance or reverse desertification processes 

(Maestre et al. 2009). 

 

An increase in the abundance of woody vegetation in dryland ecosystems has resulted in a 

significant redistribution of carbon between its major terrestrial reservoirs. Indeed, the most 

recent assessment of the North American carbon budget regarded woody plant encroachment as 

a significant but highly uncertain component of the North American carbon budget (SOCCR 

2007; Barger et al. 2012) – uncertainty to the point where it is not clear whether shrub-invaded 

grasslands are a net source or sink for carbon. Much of this uncertainty reflects a limited 

understanding of how shifts from grass to woody plant dominance influences organic matter 

decomposition and pedogenesis due to changes in the magnitude and direction of dryland 

ecosystem carbon balance. Woody plant encroachment has been found to both increase and 

decrease soil organic carbon stores, although most regions experience a net ecosystem carbon 

gain in the absence of any disturbances. However, disturbances associated with drought, fire, and 

various land management practices (e.g., grazing, brush management) may significantly offset 

these gains and need to be explicitly considered when estimating ecosystem carbon balances. In 

addition, large-scale tree die-offs, caused by factors including drought and insect/disease attack, 

lead to very large quantities of standing and downed woody detritus that may have potential to 

significantly alter ecosystem carbon budgets (e.g., Huang et al. 2010). The overarching goal of 

the research presented here is to reduce current uncertainties surrounding the effect of woody 

plant encroachment on biogeochemical processes and to provide empirical data required for 

parameterization of ecosystem vegetation and biogeochemistry models.  
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Decomposition in Dryland Ecosystems 

Decomposition of organic matter is a crucial component of biogeochemical cycles that exerts 

strong control over soil fertility, affects the fate and residence time of carbon (C) and nitrogen 

(N) in soil pools, and can influence plant community composition and production (Hobbie 1992; 

Aerts 1997; Wardle et al. 1998). Characterization of decomposition dynamics in drylands is 

increasingly important as these systems play an integral role in the global carbon cycle, 

accounting for nearly 40% of the terrestrial land surface and 30% of terrestrial net primary 

productivity (NPP) (Bailey 1996; Field et al. 1998). Drylands are also socioeconomically 

important, as they are home to more than 38% of the world’s population and support a large 

proportion of livestock (Turner et al. 1990; Reynolds et al. 2007). The relatively low levels of 

plant litter input and small nutrient pools in drylands make decomposition a particularly 

important contributor to plant-available nutrients (Moorhead and Reynolds 1991). Understanding 

short-term decomposition dynamics is particularly important for characterizing biogeochemical 

fluxes in dryland ecosystems due to the pulsed nature of precipitation drivers (Huxman et al. 

2004b) and the relatively small size of litter, soil organic matter, and mineral nutrient pools 

relative to other ecosystems (Moorhead and Reynolds 1991). To further complicate things, 

decomposition dynamics are strongly influenced by land use/land-cover changes that alter the 

quantity and quality of organic matter inputs associated with changes in plant growth-form 

composition. Although small on a unit area basis, dryland carbon pools are large when the 

extensive geographic area of drylands is considered (Ryan et al. 2008). Improving our ability to 

separate noise from signal is thus critical if we are to robustly assess regional and global impacts 

of climate change and land use on dryland carbon stocks.  

 

The predominant drivers of litter decomposition are typically presumed to be direct biotic (e.g., 

litter quality) and abiotic (e.g., moisture, temperature) factors that act primarily by mediating 

community composition or metabolic activity of decomposers. In addition, indirect influences of 

vegetation (e.g., plant structural influences on microclimate) have proven important in some 

systems (Mack & D’Antonio 2003). Decomposition rates have been successfully predicted using 

direct influences, with actual evapotranspiration (AET) effectively predicting regional/global 

patterns and litter quality predicting local dynamics (Aerts 1997; Moorhead et al. 1999). 

However, predicting decomposition dynamics in drylands has proven to be problematic 

(Moorhead and Reynolds 1991; Kemp et al. 2003; Parton et al. 2007), ostensibly reflecting a 

need to account for processes that may be unique to systems characterized by low and spatially 

variable ground cover, high rates of soil movement, and high levels of radiant energy deposition 

at the soil surface (Kemp et al. 2003; Parton et al. 2007; Throop and Archer 2009). 

 

Advances in our understanding of dryland biogeochemical cycling are contingent on resolving 

discrepancies between decomposition rates measured in drylands and those predicted by models 

based on variables known to be important in mesic systems (e.g., Adair et al. 2008). Recent 
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empirical evidence suggests that these discrepancies may be due to the greater influence of 

abiotic drivers, such as soil-litter mixing (SLM) and solar radiation, on plant litter decomposition 

relative to more mesic systems (reviewed by Barnes et al. 2015). Soil-litter mixing is a process 

characterized by the coating of plant litter by aeolian and fluvial soils and the subsequent 

formation of biotic soil films on litter surfaces (hereafter “soil-litter films”), and has been found 

to accelerate plant litter decomposition in drylands (Throop and Archer 2007; Barnes et al. 2012; 

Hewins et al. 2013, Hewins and Throop 2016). Although the mechanisms by which SLM 

accelerates decomposition remain unclear, there are several possibilities, including physical 

abrasion of the litter surface, which may increase the surface area available for decomposer 

activity or nutrient leaching; soil acting as a transport vector and enhancing microbial 

colonization; and creation of litter microclimates more favorable for decomposers. Another 

important driver of dryland decomposition rates is solar radiation, particularly ultraviolet 

radiation (UV), which has been shown to increase decomposition both directly, by physically 

degrading organic compounds within the plant litter (i.e., “photodegradation”), and indirectly, by 

changing the chemical composition of the litter to enhance microbial decomposition (known as 

“photopriming”; King et al. 2012). However, the role of UV radiation in dryland decomposition 

remains unclear, with studies showing strong positive (Austin and Vivanco 2006), minimal 

(Kirschbaum et al. 2011; Uselman et al. 2011) and negative (Zepp et al. 1998; Paul and Gwynn-

Jones 2003) UV effects. Finally, while the presence and activity of decomposer organisms such 

as termites and fungi is also an important driver of dryland decomposition (e.g., Pancotto et al. 

2005; Whitford 2002), the influence of SLM and UV radiation on these decomposer 

communities has not been thoroughly examined. 

 

Soil-litter mixing and photodegradation are likely to interact, with their relative importance 

changing over time. Photodegradation may dominate until soil-litter films are formed, at which 

point litter is shielded from radiation and microbial-mediated processes become predominant 

(Barnes et al. 2012). These interactions are likely mediated by variations in ground cover, which 

influences soil movement across the landscape by wind and water and the local radiant energy 

environment. While these interacting processes may also occur in mesic ecosystems, their 

relative importance is likely much greater in drylands where the low and spatially heterogeneous 

ground cover results in high levels of soil transport (Field et al. 2009) and solar radiation 

exposure (King et al. 2012) compared to systems with denser, more homogeneous vegetation 

cover. 

Dryland Vegetation Change and Decomposition 

One of the most prominent global land-cover changes in drylands over the past century has been 

an increase in the abundance of woody vegetation in grassland and savanna ecosystems (Archer 

et al. 2017). This widespread shift in ecosystem structure has strong potential to alter key 

ecosystem processes that could affect long-term C and N cycles at ecosystem, regional, and 
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global scales (Gill and Burke 1999; Boutton et al. 2009). The functional consequences of 

increased woody plant abundance in grasslands include changes in above- and below-ground 

productivity, changes in the quality and quantity of litter inputs, altered hydrology, and changes 

in microclimate (Knapp et al. 2008; Boutton et al. 2009; Barger et al. 2011). While it is widely 

recognized that these changes can alter key ecosystem processes and properties that affect 

decomposition and soil nutrient availability (Austin and Vivanco 2006; Throop and Archer 

2007), there is little consensus on the biogeochemical consequences of this shift in land cover. 

Some areas have experienced increases in annual net primary production (ANPP), soil organic 

carbon (SOC), above- and below-ground C pools, soil respiration, N pools, and microbial 

biomass following woody plant encroachment, while others have experienced decreases or no 

change in the same properties (Wessman et al. 2004; Neff et al. 2009; Barger et al. 2011). 

Changes in climate are also expected to influence rates of decomposition and resulting soil 

nutrient stores in dryland ecosystems (e.g., Chambers et al. 2000; Aanderud et al. 2010). 

 

The increase in woody plant cover in drylands around the world has altered the quantity and 

quality of plant litter inputs (e.g., Hibbard et al. 2003) as well as the temporal and spatial patterns 

of erosion-related nutrient losses (e.g., Schlesinger et al. 1990; Schlesinger et al. 2000). Soil 

movement across the landscape, which is highly dependent on and sensitive to changes in woody 

plant cover (e.g., Wilcox et al. 2003), is widely recognized as having a significant effect on 

nutrient and vegetation distribution in drylands (e.g., Okin et al. 2006; Peters et al. 2006). Shrub 

encroachment in the southwestern United States typically occurs in synchrony with reduced 

cover and density of grasses (McAuliffe 1990; Gibbens et al. 2005), which leads to decreased 

stability of surface soils (Li et al. 2007) and increased rates of soil erosion (Okin et al. 2005, 

2008). Increases in shrub abundance are therefore predicted to enhance SLM and increase rates 

of decomposition; however, support for this prediction is mixed (Throop and Archer 2007; 

Hewins et al. 2013). Soil-litter mixing and plant litter decomposition will presumably influence 

surface soil properties that are tied to organic matter input and turnover, with vegetation structure 

playing a critical role in driving soil surface processes that influence soil stabilization in shrub-

invaded rangelands (Stavi et al. 2009). 

 

Stabilization of soil surfaces is key to maintaining ecosystem services in drylands and preventing 

or arresting degradation (Okin et al. 2009). Among the various soil properties conferring surface 

stabilization are those related to the formation of soil aggregates, which are defined as groups of 

soil particles held together by minerals, organic matter, organic compounds (from root exudates, 

bacteria and fungi), and fungal hyphae. Vegetation structure and plant life form have been found 

to be critical drivers of soil aggregation dynamics in rangeland ecosystems, with increased soil 

aggregate stability beneath shrub canopies relative to interspace areas (Blackburn et al. 1992; 

Bird et al. 2002; Stavi et al. 2010). Soil aggregate stability is a complex parameter that influences 

a wide range of soil properties, including C stabilization, resistance to erosion by wind and 

water, infiltration, hydraulic conductivity, water retention, soil porosity, and compactibility 
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(Arshad and Coen 1992; Six et al. 2000; An et al. 2010). Particulate organic matter (POM) plays 

a crucial role in the formation and stability of soil aggregates (Blanco-Canqui and Lal 2004), and 

is strongly influenced by vegetation structure and plant life form (McClaran et al. 2008). 

Accumulation and long-term storage of SOC is dependent on the degree to which new organic 

matter inputs are stabilized and protected from decomposition within soil macro- and 

microaggregates (Liao et al. 2006; Boutton et al. 2009; Cantón et al. 2009; Onweremadu et al. 

2010). However, large amounts of the organic C stored in dryland ecosystems experiencing 

woody plant encroachment may occur outside of physical protection mechanisms in the free 

POM fraction of recalcitrant woody plant debris (Liao et al., 2006; Boutton et al. 2009). The 

relative amounts of POM found in macro-and microaggregates and in the free fraction in a 

shrub-invaded ecosystem has important implications for soil stability (Cantón et al. 2009). 

Carbon to nitrogen ratios also play a key role in soil biogeochemical processes and have been 

shown to undergo changes related to woody plant encroachment (Scharenbroch et al. 2010). It is 

unknown how long it takes aggregates to form and which minerals adhere to plant litter and 

initiate the aggregation process. The latter presumably will vary with soil age and mineralogy; 

however, there is little to no literature to support this supposition. In quantifying the rates and 

dynamics of soil aggregate formation associated with POM in dryland ecosystems, this research 

aims to clarify this key uncertainty and improve our ability to model C storage and soil stability. 

Woody Detritus Decomposition in Shrub-invaded Drylands 

Understanding the role of woody plant encroachment in the C cycle is crucial, especially as 

policy makers and land managers develop and evaluate C sequestration initiatives in terrestrial 

ecosystems. Shrub-invaded dryland ecosystems are thought to be a significant C sink (Archer et 

al. 2001; McKinley and Blair 2008; Throop and Archer 2008), with changes in the rates of C 

accrual and shifts in C allocation from below- to above-ground potentially having significant 

consequences for soil chemistry and regional ecosystem exchange processes. It is also important 

to consider changes in the quality of plant litter, as the structural and chemical nature of plant 

litter varies greatly between foliar and woody detritus (Facelli et al. 1991; Briggs et al. 2005; 

Cornwell et al. 2008). Woody detritus (WD) is a substantial source of C in terrestrial forest 

ecosystems but surprisingly is the least studied component of decomposition in drylands, where 

the majority of research has emphasized leaf litter inputs. Due to its potential as a significant 

global C sink, quantification of the rates and dynamics of woody detritus decomposition in 

dryland ecosystems will provide critical information needed to reduce uncertainties in 

calculating regional and global C budgets. 

 

While considerable research has been conducted on decomposition of woody detritus in forest, 

tropical, and riparian systems (Harmon et al. 1986; Evans et al. 1993; Chambers et al. 2000; Zell 

et al. 2009), there has been surprisingly little characterization of woody detrital decomposition in 

dryland ecosystems characterized by shrubs and arborescents. Woody detritus in forests plays an 
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important role in numerous ecosystem processes, including soil stabilization and erosion 

reduction, soil development, and nutrient and moisture storage (Harmon et al. 2000). Woody 

detritus on the soil surface can act as a “dam” around which sediment and organic matter 

accumulates over time, influencing local variation in soil texture and stability (Mitchell and 

Humphreys 1987), decreasing erosion and increasing soil nutrients (Harmon et al. 1986), and 

increasing soil moisture and seed germination (Eddy et al. 1993). It is unclear whether woody 

detritus plays a similar role in drylands where grasses have been displaced by shrubs, although it 

is thought that conceptual perspectives on woody detritus in drylands may differ markedly from 

that of forests owing to the prevalent “islands of fertility” phenomenon in shrub-invaded 

grassland ecosystems (Butterfield and Briggs 2009). 

 

Islands of fertility are the product of several interacting processes strongly influenced by woody 

plant encroachment into grasslands. Ground cover in dryland ecosystems typically consists of 

discrete vegetated microsites within a matrix of bare ground or grass (McAuliffe 1994). These 

patches capture local runoff and nutrients, which increases soil moisture, microbial activity, and 

stimulates further patch growth, creating a positive feedback cycle (Garner and Steinberger 

1989; Walker et al. 2001; Ludwig et al. 2005). Conversely, erosion and gaseous emissions 

increase losses of nutrients from intercanopy zones where bare ground often develops 

(Schlesinger et al. 1990). These processes produce the island of fertility effect seen in dryland 

ecosystems across the globe. An understanding of the local patterns and processes that feed 

forward to affect things at broader scales, such as those occurring in the discrete shrub islands, in 

the continuous grassy matrix, and exchanges between them, will lead to a better understanding of 

larger scale processes such as ANPP and decomposition. The abundance of WD in and around 

these shrub islands has important implications for soil nutrient dynamics and landscape evolution 

in drylands undergoing woody plant encroachment. 

 

Woody detritus in shrublands and woodlands is present in both coarse (>10 cm diameter) and 

fine (<10 cm diameter) fractions (Harmon et al. 1999). Fine WD is formed from twigs, dead 

branches, and lignified roots, and provides ecosystem services including the storage of C and 

nutrients, a source of soil organic matter, and provision of food and habitat for vertebrates, 

invertebrates, and fungi (Harmon et al. 1986). The fraction of total C stores comprised of fine 

WD is likely small compared to coarse WD, but there are few studies that quantify this 

explicitly. Despite its potential importance in ecosystem function, fine WD decomposition has 

not been explored in depth in the literature. While rates of decomposition are generally higher for 

fine WD than coarse WD (e.g., Harmon et al. 1995), this does not hold true in all systems 

(Erikson et al. 1985). Decomposition rates of fine WD vary widely, ranging from 0.5-99% 

annually (Proctor et al. 1983; Erickson et al. 1985; Fasth et al. 2011), exhibiting greater 

variability than rates observed for herbaceous litter in similar systems. This high variability in 

fine WD decomposition rates is likely due to interactions between multiple factors including 

climate, WD size (diameter), position of WD relative to the soil surface, and physical and 
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chemical differences between WD species. Climate is regarded as a strong driver of WD 

decomposition, with rate constants declining from a high of 0.15–4.6 y
-1

 in tropical systems 

(Proctor et al. 1983; Harmon et al. 1995), to 0.01–0.45 y
-1

 in temperate systems (Boddy and 

Swift 1984; Erickson et al. 1985), and 0.04– 0.12 y
-1

 in boreal systems (Palviainen et al. 2004; 

Keane 2008). While these trends suggest temperature has an important control on decay rates, 

they are likely confounded by precipitation and microsite effects. Exposure to direct sunlight, for 

example, leads to high temperatures and rapid drying of WD (Erickson et al. 1985). Shading 

from tree canopies should therefore promote decomposition. Decomposition is generally 

inversely related to WD diameter, which may be due in part to the accelerated drying of smaller 

diameter WD, particularly in dry microclimates. Position of WD relative to the soil surface is 

also important, with buried WD decomposing faster than WD on the soil surface or suspended in 

a canopy, although this too is likely a function of the dryness of a microclimate at a site (Chen et 

al. 2001; Harmon et al. 2004). WD decomposition in dryland systems is also influenced by the 

activity of micro- and macroarhtropods, particularly termites (e.g., Fowler & Whitford 1980; 

Schaefer et al. 1985; Hupy et al. 2004). Finally, species differences will also play a key role in 

determining rates of WD decomposition. Angiosperm tree species decompose faster than conifer 

species (Abbott and Crossley 1982; Erickson et al. 1985), although few comprehensive species 

comparisons have been published. While it is clear that there are numerous factors potentially 

influencing WD decomposition, their relative importance and the nature of their interactions are 

not known. 

 

In summary, organic matter decomposition is a vital dryland ecosystem process with 

implications for long-term nutrient storage, soil development and fertility, and plant community 

composition and production. Characterization of the rates and dynamics of woody and 

herbaceous litter decomposition will reduce uncertainties about how dryland ecosystems will 

respond to WP encroachment. This research will help resolve key uncertainties about the role of 

WP encroachment in the global C cycle by characterizing and quantifying the influence of SLM 

and UV radiation on decomposition rates and associated effects on the development of stable soil 

aggregates. 
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PRESENT STUDY 

 

The methods, results, and conclusions of this study are presented in the four chapters appended 

to this dissertation. The following are summaries of their most important findings.  

 

Decomposition of organic matter is a critical component in global biogeochemical cycling. 

Decomposition rates have been successfully predicted for mesic systems using parameters of 

known importance, such as moisture, temperature, and litter quality. However, predicting 

decomposition dynamics in drylands has proven to be problematic, reflecting a need to account 

for processes that may be unique to dryland systems characterized by low and spatially variable 

vegetation cover, high rates of soil movement, and high levels of radiant energy exposure at the 

soil surface. Recent empirical evidence suggests that the discrepancies between measured and 

predicted decomposition rates in drylands may be due to the greater influence of abiotic drivers, 

such as soil-litter mixing (SLM) and solar radiation, on plant litter decomposition relative to 

more mesic systems. This study, conducted in a dryland ecosystem undergoing woody plant 

encroachment, examines the influence of SLM and UV radiation on decomposition rates of 

herbaceous and woody plant litter.  

 

Appendix A: Soil-litter mixing and UV radiation influence litter decomposition in a shrub-

invaded dryland ecosystem 

 

Many dryland ecosystems around the world have experienced decades of woody plant 

encroachment into grasslands. This shift in plant life form is often accompanied by significant 

changes in the spatial pattern of vegetation, the hydrological cycle and the carbon/nitrogen cycle. 

These changes will alter biogeochemical cycling by changing litter quality, surface soil and litter 

movement, and radiant energy exposure to litter and microbial decomposers. These factors are 

likely to affect decomposition dynamics by influencing soil-litter mixing and photodegradation. 

 

To better understand the interactions between these biotic and abiotic processes, we conducted a 

24 month factorial field experiment to quantify the interactive effects of soil coverage, UV 

radiation, and radiant energy regime on decomposition of contrasting plant functional groups 

(grass [Lehmann lovegrass, Eragrostis lehmanniana] and shrub [velvet mesquite, Prosopis 

velutina]). Samples were collected at 0, 1, 3, 6, 12 and 24 months after deployment, and were 

processed for ash-free mass loss and carbon and nitrogen content. 

 

Mass loss was significantly influenced by soil cover, UV radiation, and radiant energy regime, 

with mesquite litter showing much greater rates of decomposition than lovegrass. Soil coverage 

generally reduced photodegradation but this was only evident in the full sun treatments, while 

absent in the shaded treatments. Photodegradation was strong and driven primarily by UVA 
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radiation, while UVB had little effect. Litter C and N dynamics were complex and driven 

primarily by initial nutrient content.  

 

While our results confirm the importance of soil-litter mixing and photodegradation as dryland 

decomposition drivers, they also highlight the need for additional research to further clarify the 

relative importance of these processes in field conditions. In light of climate and vegetation 

changes that drylands are projected to experience in the coming years, it is critical to further 

elucidate the influence of these processes on dryland biogeochemical cycling, as their effects 

may be magnified under future conditions.  

 

Appendix B: Soil-litter mixing promotes decomposition and soil aggregate formation on 

contrasting geomorphic surfaces in a shrub-invaded Sonoran Desert grassland 

 

The expansion of woody plants into grass-dominated ecosystems influences plant litter 

decomposition by altering patterns of soil-litter mixing (SLM) and photodegradation. Vegetation 

patch characteristics and surface soil properties will interact to further influence decomposition 

and soil aggregate formation. This study sought to quantify the influence of geomorphic 

substrate on 1) rates of SLM and decomposition, and 2) the development of soil films and 

aggregates that may shield litter from UV radiation and promote microbial colonization.  

 

A factorial litterbag field experiment in a shrub-invaded grassland in southern Arizona tested the 

hypotheses that SLM would have a net positive effect on decomposition rates, and that 

development of soil films and aggregates would be inversely related to ground cover and 

positively related to soil surface clay content. Litterbags containing leaf litter of the encroaching 

shrub (Prosopis velutina) were deployed on the Santa Rita Experimental Range (SRER) on a 

Holocene-age sandy soil and a Pleistocene-age clayey soil and situated under and away from 

shrub canopies and on areas with low and high grass cover. Litterbags were collected at 0, 1, 6, 

12, 18, and 24 months after deployment, and were processed for ash-free mass loss and carbon 

and nitrogen content. 

 

Visible soil films and aggregates were observed on litter on both sites within one month. SLM 

accelerated decomposition, with highest rates of accumulation and decomposition occurring on 

Holocene-age sandy soils in inter-shrub areas with low grass cover. Decomposition of litter on 

Pleistocene-age clayey soils was slower, despite more rapid development of soil films on litter. 

Dissecting and scanning electron microscope images showed visible signs of leaf degradation 

and coating by soil-fungal films. These results support the rationale for vegetation structure and 

microsite conditions to be considered when modeling decomposition dynamics in systems with 

low plant cover and high rates of aeolian and fluvial soil movement. 
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Appendix C: Seasonal differences in soil-litter mixing and decomposition in a shrub-

invaded Sonoran Desert grassland  

 

Understanding short-term decomposition dynamics is particularly important for characterizing 

biogeochemical fluxes in dryland ecosystems due to the pulsed nature of precipitation drivers 

and the relatively small size of litter and soil nutrient pools relative to other ecosystems. 

Although precipitation has long been recognized as a primary driver of decomposition across a 

wide range of climate zones, its influence on dryland decomposition dynamics remains poorly 

understood. While the influence of precipitation pulse size and frequency on decomposition in 

drylands is not well characterized, it is likely important via its influence on microbial activity and 

photodegradation. When coupled with the heterogeneity of dryland ecosystems experiencing 

woody plant encroachment, precipitation patterns are likely to increasingly dictate the magnitude 

and duration of soil microbial processes in relation to decomposition. The importance of these 

factors may increase due to the projected increases in the frequency and duration of drought 

resulting from climate change. 

 

In this study, complimentary to the one described in Appendix B, we examine the rates of SLM 

and decomposition as influenced by vegetation structure and geomorphic substrate, with the 

added factor of seasonality of precipitation. A factorial litterbag field experiment in a shrub-

invaded grassland in southern Arizona tested the hypotheses that SLM would have a net positive 

effect on decomposition rates, and that decomposition rates and SLM would decrease in samples 

deployed prior to the winter precipitation season relative to those deployed prior to the summer 

precipitation season. Litterbags containing leaf litter of the encroaching shrub (Prosopis velutina) 

were deployed on a Holocene-age sandy soil and a Pleistocene-age clayey soil and situated under 

and away from shrub canopies and on areas with low and high grass cover. These litterbags were 

deployed prior to the onset of the winter precipitation season and were placed in close proximity 

to the litterbags from the study described in Appendix B, which were deployed prior to the onset 

of the summer monsoon season. Litterbags were collected at 0, 1, 3, 6, 12, and 24 months after 

deployment, and were processed for ash-free mass loss and carbon and nitrogen content. 

 

Soil-litter mixing accelerated decomposition rates, with highest rates of accumulation and 

decomposition occurring on Holocene-age sandy soils in inter-shrub areas with low grass cover. 

Decomposition of litter on Pleistocene-age clayey soils was slower than on Holocene soils, with 

the highest rate in areas of high grass cover. Seasonality of sample deployment significantly 

influenced SLM and decomposition, with samples deployed prior to the winter precipitation 

season showing slower initial rates of decomposition and far less soil accumulation in the month 

following deployment; however, overall rates of decomposition were greater in the winter 

samples at the end of the experiment, and soil accumulation was comparable between the two 

experiments. These results highlight the need for additional research on the initial stages of 

decomposition and how initial conditions may influence decomposition dynamics throughout the 
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entirety of the process. Vegetation structure, microsite conditions, and the timing of precipitation 

should be considered when modeling decomposition dynamics in systems with low plant cover 

and high rates of aeolian and fluvial soil movement. 

 

Appendix D: Decomposition of woody detritus in a shrub-invaded Sonoran Desert 

ecosystem 

 

An increase in the abundance of woody vegetation in dryland ecosystems around the globe has 

resulted in a significant redistribution of carbon between its major terrestrial reservoirs. 

However, it is still uncertain whether shrub-invaded grasslands are a net source or sink for 

carbon. Much of this uncertainty reflects a limited understanding of how shifts from grass to 

woody plant dominance influences organic matter decomposition, in particular the woody 

detrital (WD) component. These shrub-invaded grasslands are also commonly high flux 

environments (i.e., extensive movement of materials across the soil surface via wind and water 

transport) and experience movement of WD across the soil surface, leading to differences in 

microclimate and decomposition dynamics.  

 

This study aimed to quantify the influence of radiant energy regime, soil coverage, size, and 

species on rates of WD decomposition in a shrub-invaded Sonoran Desert grassland. A factorial 

field experiment tested the hypotheses that 1) WD decomposition would occur more rapidly in 

shrub patches where temperature and moisture regimes are more favorable to decomposer 

communities; or 2) WD decomposition would occur more rapidly in open areas where it is 

exposed to higher temperatures and levels of UV radiation. Two species of WD (Quercus (oak) 

dowels and locally harvested Prosopis velutina (mesquite) stems) in three size classes were 

deployed on the SRER beneath mature shrub canopies and in open intercanopy areas on the soil 

surface and buried to a depth of 0.5 cm. Samples were collected at 0, 1, 3, 6, 12, and 24 months 

after deployment, and were analyzed for ash-free mass loss and termite activity. 

 

Oak and mesquite behaved differently over the 2 year period, with the oak dowels showing 

higher rates of decomposition beneath shrub canopies relative to the mesquite stems, which had 

higher rates in intercanopy areas. Both species showed higher decomposition rates in buried 

samples relative to samples on the soil surface. Termite activity was a major contributor to oak 

decomposition, especially in subcanopy, buried samples, whereas mesquite stems did not 

experience any observable termite activity. These results, coupled with those from studies in 

more mesic systems, indicate that rates and dynamics of WD decomposition in shrub-invaded 

drylands are driven by interactions between vegetation patch type, position of WD relative to the 

soil surface, and size and species of WD that are complex and dependent on macro- and 

microclimate conditions. Further studies that examine WD decomposition across a range of 

dryland systems would provide valuable insight into how shifts in land cover will ultimately 

affect global C stores.  
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APPENDIX A 

Soil-litter mixing and UV radiation influence litter decomposition in a shrub-invaded 

dryland ecosystem 

 

Abstract 

 

Decomposition of organic matter is a crucial component of global biogeochemical cycling that 

influences soil nutrient dynamics and plant community characteristics. Woody plant proliferation 

in grasslands, a common land cover change in dryland ecosystems, has the potential to alter 

biogeochemical cycles in these water-limited systems by changing litter quality, surface soil and 

litter movement, and the exposure of litter and microbial decomposers to radiant energy. These 

affect decomposition dynamics by influencing soil-litter mixing and photodegradation. To better 

understand the interactions between these biotic and abiotic processes in the context of shifts in 

plant lifeform composition, we conducted a 24-month factorial field experiment to quantify the 

interactive effects of soil coverage (0%, 50%, and 100%), UV radiation (presence/absence of 

UVA, UVB and UVA+B) and radiant energy regime (full sun vs. shade) on decomposition of 

contrasting plant functional groups (grass [Lehmann lovegrass, Eragrostis lehmanniana] and 

shrub [velvet mesquite, Prosopis velutina]).  

 

Mass loss was significantly influenced by soil coverage, UV radiation, and radiant energy 

regime, with mesquite litter (k = 0.38 – 0.99 y
-1

) showing much greater rates of decomposition 

than lovegrass (k = 0.16 – 0.44 y
-1

). Litter exposed to full sun, ambient UV conditions with no 

soil coverage had the highest rates of decomposition. Photodegradation in these settings was 

driven primarily by UVA radiation; UVB effects were minimal. Shade attenuated 

photodegradation effects, with litter in shade treatments losing less mass than litter in full sun. 

Soil coverage effects on mass loss varied, depending on the radiation environment. Soil coverage 

typically reduced decomposition in the full sun treatments, suggesting that reductions in 

photodegradation offset potential benefits of soil coverage for biotic decomposition processes. At 

100% soil coverage, mass loss was reduced in ambient and UVB exclusion treatments; the effect 

of 0% and 50% soil coverage were comparable to each other, with both enhancing 

decomposition relative to 100% soil coverage. However, this pattern did not hold true in UVA+B 

exclusion, where the effect of soil coverage was much less pronounced with rates of mass loss 

comparable between all three levels of coverage. Litter C and N dynamics were complex and 

differed between life forms, driven primarily by initial nutrient content.  

 

Results confirmed the importance of soil-litter mixing and photodegradation as dryland 

decomposition drivers, but reinforced the fact that more work needs to be done to further clarify 

the relative importance of these processes under field conditions. This is particularly so for the 

interplay between UV and soil-litter mixing and their interactive and potentially off-setting 
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influences on biotic and abiotic decomposition processes. These results indicate that shifts from 

grass to woody plant dominance may lead to increased rates of litter decomposition in intershrub 

zones due to increased UV radiation exposure at the soil surface, decreased surface soil stability, 

and increased soil erosion, hence increased soil-litter mixing. Conversely, decomposition rates in 

shrub-dominated patches may decrease relative to those in open areas due to decreased levels of 

UV exposure and soil-litter mixing beneath well-developed shrub canopies. Landscape-scale 

changes from grass- to shrub-dominance over a series of decades will see the relative importance 

of these decomposition drivers, which vary from one spatial scale (e.g., plant) to another (e.g., 

community), shift in relation to the vegetation community structure at a given time. As such, 

careful consideration must be given to these differences in patch dynamics when examining 

these processes under field conditions as well as when modelling decomposition rates in shrub-

invaded grasslands. Given the changes in climate and vegetation projected for drylands, it is 

critical to further elucidate the influence of these processes on dryland biogeochemical cycling, 

as their effects may be magnified or dampened under future conditions. A deeper understanding 

of the processes driving biogeochemical cycling that may be unique to systems undergoing shifts 

in plant lifeform composition will allow us to better account for the fate of carbon in these 

globally important ecosystems. 

 

Introduction 

 

Understanding the rates of and controls over organic matter decomposition is a central focus of 

ecosystem science. Decomposition is a fundamental component of biogeochemical cycles that 

exerts strong control over soil fertility, affects the fate and residence time of carbon (C) and 

nitrogen (N) in soil pools, and influences plant community composition and production (Hobbie 

1992; Aerts 1997; Berg et al. 2005a). Characterization of decomposition dynamics in arid and 

semi-arid ecosystems (hereafter “drylands”) is increasingly important as these systems play an 

integral role in the global carbon cycle, accounting for nearly 40% of the terrestrial land surface 

and 30% of terrestrial net primary productivity (NPP) (Bailey 1996; Field et al. 1998). Drylands 

are also socioeconomically important, as they are home to more than 38% of the world’s 

population and support a large proportion of livestock (Turner et al. 1990; Reynolds et al. 2007). 

The relatively low levels of plant litter input and small nutrient pools in drylands make 

decomposition a particularly important contributor to the plant-available nutrient pool 

(Moorhead and Reynolds 1991).  

 

The predominant drivers of litter decomposition are typically presumed to be direct biotic (e.g., 

litter quality and quantity) and abiotic (e.g., moisture, temperature) factors that act primarily by 

mediating community composition or metabolic activity of decomposers. Indirect influences of 

vegetation (e.g., structural influences on microclimate) can also be important (Mack and 

D’Antonio 2003). Decomposition rates have been successfully predicted by actual 

evapotranspiration (AET) at regional/global scales, with litter quality predicting dynamics at 
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local scales (Aerts 1997; Moorhead et al. 1999). However, decomposition dynamics in dryland 

systems have remained difficult to characterize and predict with AET or litter quality models 

(Aerts 1997; Moorhead et al. 1999; Kemp et al. 2003; Parton 2007), suggesting that 

decomposition controls for drylands differ from those in mesic systems. A better accounting of 

processes that may be unique to these systems – low and spatially variable ground cover, high 

rates of soil movement, and high levels of radiant energy at the soil surface – may improve our 

ability to model decomposition in drylands (Kemp et al. 2003; Parton et al. 2007; Throop and 

Archer 2009). 

 

A critical knowledge gap exists in our understanding of dryland biogeochemical cycling, with 

discrepancies between decomposition rates measured in drylands and those predicted by models 

based on variables known to be important in mesic systems (e.g., Adair et al. 2008). Recent 

research suggests that these discrepancies may be due to the greater influence of abiotic drivers, 

such as soil-litter mixing (SLM) and solar radiation, on plant litter decomposition relative to 

more mesic systems (reviewed by Barnes et al. 2015). Soil-litter mixing is a process 

characterized by the coating of plant litter by soils and the subsequent formation of biotic soil 

films on litter surfaces, and has been found to accelerate plant litter decomposition in drylands 

(Throop and Archer 2007; Barnes et al. 2012; Hewins et al. 2013). Although the mechanisms by 

which SLM accelerates decomposition remain unclear, there are several possibilities, including 

the creation of localized microclimates more favorable for decomposers; soil acting as a microbe 

transport vector and enhancing microbial colonization; and physical abrasion of the litter surface, 

which may increase the surface area available for decomposer activity or nutrient leaching. 

Another important driver of dryland decomposition rates is solar radiation, particularly 

ultraviolet radiation (UV, 280-400 nm) and photosynthetic active radiation (PAR, 400-700 nm), 

which have been shown to increase decomposition both directly, by physically degrading organic 

compounds within the plant litter (i.e., “photodegradation”), and indirectly, by changing the 

chemical composition of the litter to enhance microbial decomposition (“photopriming”; King et 

al. 2012). The effects of UV radiation on decomposition rates in terrestrial ecosystems have been 

examined (e.g., Caldwell et al. 1989; Moorhead & Callaghan 1994; Zepp et al. 1995; Parton et 

al. 2007). However, the role of UV radiation in dryland decomposition remains unclear, with 

studies showing strong positive (Austin and Vivanco 2006), minimal (Kirschbaum et al. 2011; 

Uselman et al. 2011) and negative (Zepp et al. 1998; Paul and Gwynn-Jones 2003) UV effects.  

 

UV radiation is known to affect plant structural components (e.g., lignin, cellulose, 

hemicellulose) during decomposition, although the underlying mechanisms are not fully 

understood (King et al. 2012). UV radiation may promote lignin degradation (King et al. 2012; 

Wang et al. 2015) or have no influence on lignin content (Brandt et al. 2007; Lin and King 

2014). UV has also been shown to increase losses of cellulose, hemicellulose, and hollocellulose, 

with greater degradation occurring in litter with high C:N ratios (Brandt et al. 2007; King et al. 

2012). The effect of UVB (280–320 nm) radiation on litter decomposition has been relatively 
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well-studied, but the effects of UVA (320–400 nm) and PAR have received less attention. Studies 

to date indicate that both can be important factors in photodegradation (Anesio et al. 1999; 

Austin and Ballare´ 2010; Barnes et al. 2015). 

 

There are presumably interactions between SLM and photodegradation, with their relative 

importance changing over time. Photodegradation may dominate on standing litter until soil-litter 

films form on detached litter, at which point litter is shielded from radiation and microbial-

mediated processes become predominant (Barnes et al. 2012). These interactions are likely 

mediated by variations in ground cover, which influences the rate and magnitude of wind and 

water movement of soil and the local radiant energy environment. While these interacting 

processes may also occur in mesic systems, their relative importance is likely much greater in 

drylands where the low and spatially heterogeneous ground cover results in high levels of soil 

transport (Field et al. 2009) and solar radiation exposure (King et al. 2012) compared to systems 

with denser, more homogeneous vegetation cover. 

 

Dryland Vegetation Change and Decomposition-Soil Transport Linkages 

 

Decomposition dynamics are likely strongly influenced by land cover changes that alter (i) the 

quantity/quality of litter inputs via changes in plant life-form composition, (ii) the rate, extent 

and pattern of soil movement, and (iii) the radiant energy environment. If the relationships 

between soil transport and deposition in drylands are affected by land cover as expected, land 

cover change in drylands would have substantial influences on litter decomposition. One of the 

most prominent global land-cover changes in drylands over the past century has been a shift in 

the grass-shrub ratio in favor of shrubs (Archer et al. 2017). Changes in woody plant abundance 

can produce major changes in ecosystem properties and land surface-atmosphere interactions 

(Scholes & Archer 1997; House et al. 2003; Breshears 2006). This widespread shift in ecosystem 

structure influences key ecosystem processes that could affect long-term C and N cycles at 

ecosystem, regional, and global scales. These include changes in above- and below-ground 

productivity, changes in the quality and quantity of litter inputs, altered hydrology, and changes 

in microclimate (Knapp et al. 2008; Boutton et al. 2009; Eldridge et al. 2011; Barger et al. 2012). 

Shrub encroachment in the southwestern United States typically occurs in synchrony with 

reduced cover and density of grasses (McAuliffe 1990; Gibbens et al. 2005), which leads to 

decreased surface soil stability (Li et al. 2007) and increased rates of soil erosion (Okin et al. 

2005, 2008). Increases in shrub abundance are therefore predicted to enhance SLM and increase 

rates of decomposition. However, support for this prediction is mixed. Decomposition was 

significantly increased by SLM in shrub-invaded Chihuahuan Desert (Hewins et al. 2013) and 

Sonoran Desert (Throop and Archer 2007; Appendix B) grasslands, but SLM was independent of 

grass cover on the former and correlated with grass cover on the latter. These contrasting 

outcomes may reflect that the relative importance of decomposition drivers varies from one 

spatial scale (e.g., plant) to another (e.g., community). 
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Hypotheses and Predictions 

 

The research presented here sought to elucidate the interactions between SLM and 

photodegradation that influence decomposition dynamics through an experimental approach 

designed specifically to test individual drivers and their interactions. Accordingly, we quantified 

the magnitude of specific shrub encroachment and SLM influences on loss rates of mass, C, and 

N from plant litter. Our objectives were to experimentally assess the effects of 1) soil-litter 

mixing (0%, 50%, and 100% soil coverage of plant litter surface), 2) radiant energy regime 

(shaded vs. unshaded), and 3) UV radiation (ambient UVA+B, UVB blocked, UVA and UVB 

blocked) on the decomposition of plant litter from contrasting plant functional types (velvet 

mesquite, (Prosopis velutina Woot.) and Lehmann lovegrass (Eragrostis lehmanniana Nees)) 

foliar litter. We hypothesized that exposure to UV radiation would promote litter mass loss, that 

UVA effects would differ from UVB effects, and that shade simulating the levels of radiant 

energy attenuation by shrub canopies would negate UV effects on litter decomposition and retard 

mass loss via reductions on temperature. Recognizing that soil deposition could variously 

influence decomposition by i) shielding litter and decomposers from UV radiation, ii) buffering 

litter moisture availability, and iii) promoting microbial colonization and activity, we 

hypothesized that SLM would have a net positive effect on decomposition. 

 

Methods 

 

A factorial experiment quantified the interactive effects of soil coverage (0%, 50%, and 

100%) and radiant energy regime (full sun vs. shade levels typical under shrub canopies) and the 

presence/absence of UVA, UVB and UVA+B on decomposition of contrasting plant functional 

groups (grass [Eragrostis lehmanniana] and shrub [Prosopis velutina]; Figure 1). The 

experiment ran for 2 y and had 6 collection dates (0, 1, 3, 6, 12 and 24 months after deployment). 

Site preparation was conducted during the summer of 2010 and the experiment was initiated on 

October 1, 2010. 

 

Plant materials for the experiment were obtained in the fall of 2008 from the 

Santa Rita Experimental Range (SRER) near Green Valley, AZ. Lehmann lovegrass (E. 

lehmanniana) is a C4 grass native to Africa that now dominates ground cover at the SRER 

(McClaran 2003), and velvet mesquite (P. velutina) is a N2–fixing C3 plant that is the dominant 

shrub at the SRER (McClaran 2003) P. velutina leaflet samples were obtained by removing 

senescing leaves from trees by hand. Senescent portions of E. lehmanniana plants were obtained 

by cutting plants at ground level. All vegetation samples were dried at 60°C for 24 h. P. velutina 

leaflets were subsequently sorted to remove stems, petioles, and any brown or insect damaged 

leaves in order to create a relatively uniform batch of litter. E. lehmanniana samples were cut ca. 

10 cm from the base of the plant and only the lower portion was used to ensure uniform 

leaf:culm ratios. These samples were subsequently cut into ca. 2-4 cm segments so as to readily 
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fit into the chambers to be used in the decomposition experiment. Litter samples of ca. 1.3 g 

were weighed to the nearest 0.1 mg (Mettler-Toledo analytical balance) and stored in the lab in 

sealed coin envelopes until deployment. Nitrogen content of the two species differed 

substantially (2.6 ± 0.009% for P. velutina; 0.7 ± 0.005% for E. lehmanniana). Carbon content 

was comparable (46.2 ± 0.12% and 45.0 ± 0.14% for P. velutina and E. lehmanniana, 

respectively). Initial C:N ratio was much lower in mesquite (17.8 ± 0.04) than in lovegrass (64.1 

± 0.65). 

 

The field site for the decomposition experiment was located at the University of Arizona 

Agricultural Farms complex in an open field (Figure 2). In the summer of 2010, a 20 x 12 m area 

was leveled and then covered with commercially available synthetic weed barrier cloth and 3-5 

cm of gravel. Sixty 1m
2
 plots, with corners marked by rebar, were arranged into 6 rows of 10; 

and pairs of 1.2-m length conduit, from which to secure the plastic and mesh sheets needed to 

manipulate radiant energy, were clamped onto the rebar. In November 2010, grass was planted in 

the area surrounding the 60 plots and a plastic barrier fence (Midwest Air Technologies Hi-Vis 

Barrier Fencing) was erected on the site perimeter to minimize dust deposition. Temperature, 

precipitation, and total radiant energy were recorded from a meteorological station adjacent to 

the experimental site (AZMET Tucson station, http://ag.arizona.edu/azmet/01.htm). The station 

included a broad band UVB sensor (spectral response of 280-315nm; model SKU 430; Skye 

Instruments, Llandrindod Wells, Wales UK). 

 

The Sonoran Desert experiences a bimodal precipitation regime, receiving convective monsoon 

storms during summer months (July – September) and frontal storms from the Pacific during 

winter months (November – March). The nature of precipitation events varies dramatically 

between the two seasons, with summer monsoon storms building rapidly as a result of 

convective heating of moist air, producing short, high intensity storms. Conversely, winter 

storms are typically large in spatial extent, low in intensity, and can persist for several days 

(Sellers and Hill 1974; Sheppard et al. 2002). Summer precipitation accounts for about half of 

the total annual rainfall, while winter accounts for an average of 30%. There is typically a very 

dry period preceding the onset of the summer monsoons and a relatively dry fall period prior to 

the winter rainy season. Mean annual temperatures vary widely on both daily and seasonal 

scales, displaying a maximum in midsummer and a minimum in midwinter (Sheppard et al. 

2002). In Tucson, AZ, mean annual precipitation is 303 mm y
-1

 and mean annual temperature is 

21.6°C (1961-1990); mean annual high temperatures are 28.7°C and lows are 14.5°C. Over the 2 

y study period at our experimental plot site, total precipitation was 521.2 mm. Winter (November 

– March) precipitation was 35.8 mm in 2010 and 102.9 mm in 2011. Summer (July – October) 

precipitation was 166.6 mm in 2011 and 152.1 mm in 2012. Mean high temperatures occurred in 

June (35.0°C) while mean low temperatures occurred in January (-3.3°C). The maximum 

temperature recorded was 43.3°C in June 2011 and the minimum was -7.8°C in February 2011. 

Solar radiation levels at the study site were highest in summer months (July – October; mean = 
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21.8 MJ m
-2

) and lowest in winter (November – March; mean = 15.6 MJ m
-2

). Maximum solar 

radiation recorded at the site was 32.2 MJ m
-2 

in June 2011 and minimum was 2 MJ m
-2 

in 

December 2011. Climate data are summarized in Figure 4B. 

 

UV treatments were created using three types of plastic: Mylar (UVB absorbing; Ridout Plastics, 

San Diego, CA; cutoff near 290 nm), Llumar (UVA + UVB absorbing; Solutia-CPFilms, Inc., 

Town and Country, MO; cutoff near 390 nm) and Aclar (UVA + UVB transparent; Honeywell 

Healthcare, Inc., Morristown, NJ). Shade treatments were created with neutral density mesh 

cloth that blocked 30% of incoming PAR (the typical light transmission beneath mesquite 

canopies on the Santa Rita Experimental Range; Throop and Archer, unpublished data). The 60 

plots were randomly assigned UV and shade treatment combinations with plots receiving one of 

the following six treatment combinations (n = 10 reps): UVA + UVB transmitting and shaded, 

UVA + UVB transmitting and not shaded, UVA + UVB absorbing and shaded, UVA + UVB 

absorbing and not shaded, UVB absorbing and shaded and UVB absorbing and not shaded (Figure 

1). Rectangular (1 m x 3 m) blocks of plastic and shade cloth were affixed at the shorter edges to 

1.2 m lengths of conduit using UV-resistant duct tape. Each piece of plastic was perforated with 

small slits (ca. 3 cm) in a cross-hatched pattern using a branding iron. Slits were added to the 

plastic to allow rainfall to reach samples and reduce the likelihood of the plastic tearing in the 

wind. 

 

Chambers containing the plant litter used in the field decomposition experiment were constructed 

from two 2.5 cm pieces of 10.2 cm diameter PVC pipe. A piece of fiberglass mesh was placed 

between the two PVC segments that were then glued together. The PVC chambers were then 

seated in plastic greenhouse trays (40 x 40 cm; 9 litter chambers per tray) lined with weed barrier 

fabric and filled (ca. 5 cm deep) with soil collected from the Santa Rita Experimental Range. Soil 

was collected from 0-5 cm in the Combate-Diaspar complex with a sandy loam surface. The 

screens in each chamber, and the plant litter to be placed in them, were thus in contact with the 

soil, with the screen allowing water drainage after rainfall events. Each plastic tray 

accommodated 9 litter chambers, so 4 trays were used in each plot. A total of 2,160 litter 

chambers were constructed (2 species × 3 UV treatments × 2 shade treatments × 3 soil treatments 

× 6 collection dates × 10 replicates), uniquely identified and randomly assigned to the various 

treatments. Chambers were labelled with UV-resistant labels as well as a unique, color-coded 

design of UV-resistant paint on the edge of each chamber.  

 

The experiment was deployed on 1-2 October 2010. Pre-weighed litter was placed into litter 

chambers and arranged with tweezers to minimize overlap. Soil coverage treatments (0%, 50% 

and 100% cover of litter by soil; Figure 3) were created by misting the litter surface with DI 

water and then sprinkling soil (the same soil that the chambers were seated in; and that had been 

through a 2 mm sieve) onto the litter surface using a spice shaker until the desired coverage was 

obtained (based on visual estimate). All soil treatments, including the 0% treatment, were misted 
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equally. Litter chambers were arranged into trays containing soil based on a predetermined 

random design and pressed into the soil to ensure soil contact. The time 0 (T0) litter chambers 

were then harvested as described below. Appropriate conduit-pairs with spools of UV plastic and 

shade cloth were then positioned by two-person teams, rolled until plastic/shade cloth was taut 

and then clamped into place. Plastic films were situated ca. 10 cm from the ground; and shade 

cloth, when present, was ca. 5 cm above the plastic film. 

 

The site was monitored closely for several days to ensure that plastic and shade cloth remained 

intact and stable. There were no problems observed, even after a large storm within the first 

week of deployment. The plot was checked weekly and after large storm events and plastic films 

and shade cloth were replaced or repaired as needed. In cases where initial soil coverage was 

reduced (e.g., by wind or precipitation), soil cover was restored to initial levels by adding more 

soil as needed. Samples were collected at 0 month (Oct ’10), 1 month (Nov ’10), 3 month (Jan 

’11), 6 month (April ’11), 12 month (Oct ’11), and 24 month (Oct ’12) time points. 

 

Samples were collected by removing the entire litter chamber from a tray and encasing in 

aluminum foil for transport back to the lab for cleaning. Samples were cleaned by sieving 

through a 2 mm mesh to remove mineral soil and then removing all pieces of organic matter 

using sterile tweezers. Cleaned samples were stored in coin envelopes and dried at 60°C for 24 h, 

after which they were weighed to the nearest 0.1 mg. Samples were then freeze-dried at -80ºC 

for 48 h (FreeZone; Labconco, Kansas City, MO) to stabilize them for future microbial analyses, 

after which they were once again weighed to the nearest 0.1 mg. Immediately after freeze drying, 

samples were transferred into plastic tubs loaded with fresh Drierite and sealed with Parafilm. 

Litter samples were then transferred into labelled plastic vials, which were also stored in the 

desiccators. Samples were shipped inside desiccators to New Mexico State University overnight 

for ashing and C and N determination. 

 

Litter chamber contents were ground to a fine powder using a ball mill. Subsamples of ground 

material were ashed at 550°C for 6 h. All data were subsequently analyzed on an ash-free basis. 

Percentage ash remaining was used as an index of soil accumulation on litter surfaces (Throop 

and Archer 2007). This is a highly conservative estimate as most of the mineral soil present in 

the samples was removed by sieving. Subsamples from each litter bag were analyzed for C and 

N content on an elemental analyzer (ECS 4010; Costech Analytical Technologies, Valencia, 

California, USA). Litter decomposition was assumed to be the proportional difference in ash-free 

dry mass between the initial (T0) and subsequent collection dates, where M0 = initial weight, Mt 

= weight at time t, ash = proportion of ash at time t, and 𝑎𝑠ℎ̅̅ ̅̅ ̅
0 = mean ash at T0: 
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The decay constant, k, was determined for each placement × geomorphic surface combination 

using a single exponential decay model (Olson 1963): 

 
kt

t eMM  0
     [Eq. 2] 

 

where Mt is the litter mass at time t and M0 is the initial litter mass. A double-pool exponential 

decay model was also assessed, but did not substantially improve model fit. Single exponential 

models were therefore used in the interest of simplicity and to facilitate comparisons with other 

studies. Curve fitting for decay constants was performed using the dynamic fit function in 

SigmaPlot 11.0 (Systat Software Inc., San Jose, CA). 

 

Time series data were analyzed using a linear mixed model for repeated measures to model the 

effects of treatments on ash-free percent mass remaining, ash-free percent C and N remaining, 

and C:N ratios for mesquite (P. velutina) and lovegrass (E. lehmanniana) litter. Species, percent 

soil cover, UV radiation, radiant energy regime, and date were fixed effects, while treatment 

combination replicate was a random effect. Covariate structure selection was performed using 

Akaike Information Criterion (AIC) and mixed model analyses were performed using PROC 

MIXED in SAS 9.2 (SAS Institute Inc., Cary, NC). Least squares means (Tukey-Kramer F-test) 

were used post hoc to explore treatment differences in percent mass remaining, percent C and N 

remaining, and C:N. 

 

Results 

 

Results for this study are organized in the following manner: first, general patterns of 

decomposition across all species and treatments are presented, followed by separate sections for 

mesquite and lovegrass that discuss mass loss and C and N dynamics for each species. Results 

were separated by species for ease of interpretation, as the data are complex and divergent 

between species. 

 

Decomposition Rates 

 

Overall, the negative exponential decay curves fit the data relatively well (R
2
 = 0.67 – 0.96; 

Table 1). Decomposition rates for mesquite (k = 0.38 – 0.99 y
-1

) were significantly greater than 

those for lovegrass (k = 0.16 – 0.44 y
-1

) across all treatment combinations (P < 0.0001; Figure 4). 

Litter exposed to full sun, ambient UV conditions with no soil coverage had the highest rates of 

decomposition. Shade mediated the effects of solar radiation, with shaded samples losing less 

mass than samples in full sun. Soil coverage also mediated mass loss in contrasting radiation 

environments, with 100% soil coverage greatly reducing mass loss in ambient and UVB 

exclusion treatments, while the effects of 0% and 50% soil coverage were comparable. However, 
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this pattern did not hold true in UVA+B exclusion, where the effect of soil coverage was much less 

pronounced. A summary of decay constants for specific treatments and species is shown in 

Figure 5. 

 

Mesquite 

 

Mass Loss – Mixed model results showed that radiant energy regime (F1, 754 = 74.08, P < 

0.0001), UV radiation (F2, 754 = 91.26, P < 0.0001), and date (F5, 394 = 4468.31, P < 0.0001) 

significantly predicted mesquite percent mass remaining, while soil cover did not (F2, 754 = 2.61, 

P = 0.0745; Tables 2, 4). Two-way interaction terms were all significant (summarized in Table 

4). Mass loss was similar under ambient UV and UVB blocked treatments, with the lowest mass 

loss under the UVB + UVA blocked treatment (Table 2). Full sun samples lost more mass than 

shaded ones (Table 2). Patterns of mesquite mass loss through time are shown in Figure 6. 

 

Carbon – Mixed model results indicated that soil coverage (F2, 756 = 273.35, P < 0.0001), UV 

radiation (F2, 756 = 56.61, P < 0.0001), and date (F5, 396 = 4824.73, P < 0.0001) significantly 

predicted mesquite %C remaining (Tables 2, 5). Two-way interaction terms were all significant 

(summarized in Table 5). Litter that was shaded lost less C mass than litter in full sun placements 

(Table 2). Carbon loss was greatest under ambient UV and lowest under the UVB + UVA blocked 

treatment (Table 2). Patterns for %C remaining through time are summarized in Figure 7. Carbon 

decreased through 3 months for all treatment combinations, with a steady decrease through 24 

months in the 0% soil cover samples. The 50% and 100% soil coverage treatments were more 

temporally variable, with %C remaining decreasing through 3 months, then increasing at 6 

months, and then decreasing to its lowest levels by 24 months. Carbon concentrations tracked 

mass loss with a strong linear relationship (R
2
 = 0.85; Figure 12). 

 

Nitrogen – Radiant energy regime (F1, 806 = 30.5, P < 0.0001), soil cover (F2, 805 = 246.55, P < 

0.0001), UV radiation (F2, 805 = 52.52, P < 0.0001), and date (F5, 390 = 3421, P < 0.0001) 

significantly predicted mesquite %N remaining (Tables 2, 6). Two-way interaction terms were 

all significant (summarized in Table 6). Litter exposed to full sun lost more N than shaded litter 

(Table 2). Nitrogen loss was greatest under ambient UV and UVB blocked treatments, followed 

by UVB + UVA blocked (Table 2). Patterns for %N remaining through time are summarized in 

Figure 8. Nitrogen decreased through 3 months for all treatment combinations, with a steady 

decrease through 24 months in the 0% soil cover samples. The 50% and 100% soil cover 

treatments show a decrease through 3 months, an increase at 6 months, and a decrease through 

24 months. Nitrogen concentrations tracked mass loss with a strong linear relationship (R
2
 = 

0.85; Figure 12). 

 

C:N – Radiant energy regime (F1, 859 = 606.42, P < 0.0001), soil cover (F2, 859 = 174.2, P < 

0.0001), UV radiation (F2, 859 = 51.43, P < 0.0001), and date (F5, 859 = 22.73, P < 0.0001) 



 

51 

 

significantly predicted mesquite C:N (Tables 2, 7). Two-way interaction terms were all 

significant except for soil cover × UV (summarized in Table 7). Shaded litter had a lower C:N 

than litter in full sun (Tables 2). Values for C:N were comparable between the three UV 

treatments (Table 2). 

 

Lovegrass 

 

Mass Loss – Radiant energy regime (F1, 516 = 4.35, P = 0.0374), soil cover (F2, 516 = 8.02, P = 

0.0004), UV radiation (F2, 516 = 55.37, P < 0.0001), and date (F5, 433 = 1562.39, P < 0.0001) 

significantly predicted lovegrass percent mass remaining (Tables 3, 4). Two-way interaction 

terms were all significant except for radiant energy regime × date (summarized in Table 4). Litter 

that was shaded lost less mass than that in full sun placements, except for samples under 100% 

soil cover (Table 3). Mass loss was greatest under ambient UV conditions, followed by UVB 

blocked and UVB + UVA blocked (Table 3). Patterns of lovegrass mass loss through time are 

shown in Figure 9.  

 

Carbon – Radiant energy regime (F1, 860 = 38.71, P < 0.0001), soil cover (F2, 860 = 47.52, P < 

0.0001), UV radiation (F2, 860 = 32.58, P < 0.0001), and date (F5, 860 = 1145.48, P < 0.0001) 

significantly predicted lovegrass %C remaining (Tables 3, 5). Two-way interaction terms were 

all significant (summarized in Table 5). Litter that was shaded lost less C mass than those in full 

sun placements, except for samples under 100% soil cover (Table 3). In full sun, C loss increased 

with increasing soil cover; conversely, C loss in shaded samples decreased with increasing soil 

cover (Table 3). Carbon loss was greatest under ambient UV (Table 3). Patterns for %C 

remaining through time are summarized in Figure 10. Carbon decreased through 24 months for 

all treatment combinations, although there was an increase at 6 months in the shaded, 100% soil 

cover, ambient UV samples. Carbon concentrations tracked mass loss with a strong linear 

relationship (R
2
 = 0.91; Figure 12). 

 

Nitrogen – Radiant energy regime (F1, 860 = 74.53, P < 0.0001), soil cover (F2, 53.54 = 53.54, P < 

0.0001), UV radiation (F2, 860 = 47.12, P < 0.0001), and date (F5, 860 = 267.06, P < 0.0001) 

significantly predicted lovegrass %N remaining (Tables 3, 6). Two-way interaction terms were 

all significant except for soil cover × UV (summarized in Table 6). Litter exposed to full sun lost 

more N than shaded litter (Table 3). In full sun, N loss increased with increasing soil cover; 

conversely, N loss in shaded samples decreased with increasing soil cover (Table 3). Nitrogen 

loss was greatest under ambient UV conditions, followed by UVB blocked and UVB + UVA 

blocked (Table 3). Patterns for %N remaining are summarized in Figure 11. Nitrogen generally 

decreased throughout 24 months, although some samples showed an increase at 6 months. 

Nitrogen concentrations tracked mass loss with a moderate linear relationship (R
2
 = 0.50; Figure 

12). 
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C:N – Radiant energy regime (F1, 695 = 330.3, P < 0.0001), UV radiation (F2, 694 = 30.28, P < 

0.0001), and date (F5, 330 = 77.61, P < 0.0001) significantly predicted lovegrass C:N; soil cover 

did not (F2, 695 = 2.7, P = 0.0679; Tables 3, 7). Two-way interaction terms were all significant 

(summarized in Table 7). Litter that was shaded had a lower C:N than litter in full sun (Table 3). 

Values for C:N were highest under 0% soil cover and lowest under 100% soil cover (Table 3). In 

full sun, values for C:N were highest under ambient UV, followed by UVB blocked and UVB + 

UVA blocked; shaded C:N values were similar between all three UV treatments (Table 3). 

 

Discussion 

 

Soil-Litter Mixing, Photodegradation and Litter Decomposition 

 

Our results quantify the individual contributions of soil-litter mixing (SLM), UV radiation, and 

radiant energy regime on litter decomposition in drylands and document how the importance of 

these factors will change with changes in plant community structure that accompany shifts in 

plant lifeform composition. We hypothesized that SLM would be the primary factor influencing 

decomposition. However, while SLM effects were significant, they were secondary to UV 

effects. Soil coverage of litter generally reduced photodegradation but only in full sun treatments 

(Table 1). Photodegradation was strong and driven primarily by UVA radiation, with UVB having 

little effect. Neutral density shading to levels approximating that of P. velutina shrubs for 

photosynthetically active radiation wavelengths (400-700 nm) decreases decomposition rates 

more than under total UV exclusion. This was particularly so for the lower quality (lower N) 

lovegrass litter (e.g., shading reduced k values from ~ 0.4 y
-1

 to 0.3 y
-1

 under ambient and UVB 

exclusion, with no change under total UV exclusion), but much less so for the higher quality 

(higher N) mesquite litter (e.g., shading reduced k values from ~ 0.9 y
-1

 to 0.5 y
-1

 under ambient 

and UVB exclusion, with little change under total UV exclusion). Given that the shade cloth was 

neutral density (i.e., should not affect levels of UV relative to full sun incoming UV), these 

differences are potentially driven by other factors such as ambient and surface soil temperature. 

Shaded samples will presumably experience cooler conditions than those in full sun. 

 

Interactions among soil-litter mixing, UV radiation and the overall radiant energy regime likely 

involve both biotic and abiotic processes and direct and indirect modes of action in their 

collective influence on litter decomposition. Soil accumulation onto plant litter will be driven by 

vegetation structure, surface soil properties, catena position, and meteorological variables that 

influence the rate, magnitude, and direction of litter and soil transport and deposition across the 

landscape (Barnes et al. 2015). Subsequent to litter detachment, a soil-litter matrix consisting of 

plant, soil, and microbial products will develop (Barnes et al. 2012; Appendix B). This soil-litter 

matrix can presumably shield litter from UV radiation, reduce photodegradation, and enhance 

microbial colonization and thus facilitate decomposition (Hewins et al. 2013; Lee et al. 2014). 

UV radiation can promote microbial processes by increasing litter biodegradability (Wang et al. 



 

53 

 

2015), or suppress microbial activity via the direct damage of their DNA (Johnson 2003). Soil-

litter mixing may promote microbial decomposition by maintaining a favorable microclimate 

around the litter (Garcia-Pichel and Belnap, 1996; Whitford, 2002), particularly when coupled 

with precipitation and warm temperatures (Brandt et al. 2010). However, the exposure of litter to 

UV radiation can alter microbial community composition and activity (Wang et al. 2015), thus 

tempering any positive effects of SLM on decomposition rates. These trade-offs were evidenced 

in our results, where decomposition rates were greater in low soil cover treatments with full UV 

exposure relative to shaded treatments with UV exclusion; conversely, the shaded treatments 

with full UV exclusion show decomposition rates increasing with increasing levels of soil cover 

for both plant species (Table 1). By attenuating UV radiation, thus generating a more favorable 

microclimate for microbes, these shaded, UV-excluded treatments were the only ones where 

biotic processes appeared to be the primary driver of decomposition rates. All other treatments 

appeared to be more directly influenced by abiotic processes, namely photodegradation driven by 

UV radiation; however, the effect of temperature in conjunction with photodegradation cannot be 

discounted as another important factor. 

 

The degree of exposure of litter to UV radiation will be determined by a combination of season, 

vegetation structure, landscape position (i.e., slope, aspect), and meteorological conditions (e.g. 

cloud cover) (Barnes et al. 2015). Biotic and abiotic processes are both sensitive to specific 

spectral properties, with UV generally reducing biotic-driven decomposition and increasing 

abiotic decomposition. UV radiation can further influence decomposition by acting on litter 

chemistry and physical structure (King et al. 2012; Song et al. 2013), affecting both biotic and 

abiotic decomposition. Ultimately, the net effect of SLM and UV radiation on litter 

decomposition will be driven by the relative contribution of biotic and abiotic processes and may 

be positive (Austin and Vivanco 2006), negative (Zepp et al. 1998; Paul and Gwynn-Jones 

2003), or neutral (Kirschbaum et al. 2011; Uselman et al. 2011), depending on the relative 

strength of individual effects. Our results reflect this complexity; by examining the outcome of 

the various interacting factors, it is apparent that interactions between SLM and UV radiation 

need further investigation (e.g., microbial community composition and activity, moisture and 

temperature conditions). 

 

Carbon and Nitrogen Dynamics 

 

The nutrient content of litter, particularly C and N, is known to exert strong control over 

decomposition rates (Hobbie 1996; Aerts 1997; Parton et al. 2007). Our results show that the 

interplay between litter nutrient content and our treatment combinations were complex, with soil 

coverage, UV radiation, and radiant energy regime all having significant effects on C and N 

dynamics (Table 2, 3, 5, 6). In mesquite and lovegrass litter, C loss paralleled mass loss 

throughout the duration of the study. In the absence of soil coverage, litter under ambient UV 

lost the most C mass, whereas litter experiencing full UV exclusion showed the least C loss 
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(Figure 7, 9). Samples with soil coverage did not follow this trend as clearly, particularly those 

under 100% soil cover. These decreases were presumably due to microbial-mediated processes 

or the leaching of soluble C from the litter (Austin and Vivanco 2006; Austin and Ballaré 2010), 

as these samples were shielded from UV by soil. There was a spike in C at 6 months in the 

mesquite samples that was much less pronounced in the lovegrass samples; this most likely 

reflects C imported into the litter samples via microbial biomass and losses of non-C compounds 

following the winter precipitation season (Berg et al. 2005b). The effects of soil coverage on 

mesquite C loss were complex and differed between full sun and shaded settings; there was 

generally greater C loss with increasing soil coverage in shade, while the reverse was true under 

full sun (Table 2). In lovegrass litter, the interaction between shade and soil coverage was also 

apparent, with full sun samples losing more C with no soil coverage and shaded litter losing 

more C with high soil coverage (Table 3). This pattern is presumably the result of decreased 

exposure to radiation via soil coverage or shade cloth, which mediated the strong negative effects 

of UV on microbial decomposers or the desiccating effects of high solar radiation (Barnes et al. 

2015). 

 

Litter N dynamics were more complicated than those of C. Litter N, like litter C, was 

significantly influenced by soil coverage, UV, and radiant energy regime for both mesquite and 

lovegrass (Table 2, 3, 6). Mesquite and lovegrass both showed similar patterns in relation to soil 

cover and radiant energy regime, with litter in full sun losing more N with no soil cover and litter 

in shade losing more N with high soil cover (Table 2, 3). Both species also showed greatest N 

loss under ambient UV conditions, with least N loss under full UV exclusion. While the patterns 

of N loss were similar between the two life forms, the magnitude of N loss was much greater in 

the mesquite shrub litter. This difference is presumably due to differences in initial litter quality. 

Low quality (i.e., low N content) lovegrass litter would be expected to decompose more slowly 

via biotic activity than higher quality mesquite litter, so the lovegrass litter in full sun 

experienced greater abiotic decomposition rates than the shaded litter, where microbial activity 

was ostensibly limited by N content. A 1:1 relationship between litter mass remaining and N 

remaining would be expected when mass loss is due to physical fragmentation, and both 

mesquite and lovegrass litter diverged from this relationship as mass loss proceeded (Figure 12). 

Mesquite N remaining showed a strong positive relationship with mass loss that was less than 

1:1, indicating N mineralization; lovegrass N remaining showed a much weaker relationship with 

mass loss. There was no indication of an initial N immobilization phase, a typical indicator of 

microbial activity, as N mass remaining for both species and all treatment combinations 

decreased with time. These results are consistent with expectations that litter with high C:N 

would decompose more slowly due to low N concentrations limiting microbial decomposition. 

 

Litter quality, particularly C:N, is an important driver of decomposer activity and is regarded as 

an indicator of litter decomposability in mesic systems (Hobbie 1992; Aerts 1997). However, it 

has been proposed that litter quality may not be as important in drylands, where decomposition is 
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strongly influenced by abiotic processes (Steinberger and Whitford 1988; Whitford 2002). The 

more rapid decomposition of mesquite litter with its low initial C:N (17.8 ± 0.04) compared to 

the slower decomposition of lovegrass with higher initial C:N (64.1 ± 0.65) supports the notion 

that litter quality is highly relevant in dryland decomposition dynamics, in regards to both biotic 

(e.g., microbial) and abiotic (e.g., photodegradation) drivers. While we did not quantify litter 

quality metrics other than C and N content, it is reasonable to assume that litter with higher 

concentrations of structural components such as cellulose and silica would experience lower 

rates of decomposition (Vicari and Bazely 1993; Mtambanengwe and Kirchmann 1995). Without 

explicitly quantifying the activity of decomposer communities, it is not possible to know how 

strongly relationships between decomposition and litter quality were driven by biotic versus 

abiotic processes in this study, although we can make assumptions based on available research 

that high C:N litter will decompose more slowly via biotic processes than abiotic. The changes 

observed in percent C and N remaining over time support the hypothesis that mass loss was due 

to a combination of biotic and abiotic processes. 

 

Broader Implications: Decomposition in Shrub-invaded Drylands  

 

Drylands around the world are undergoing changes in land cover, including widespread shifts 

from grass-dominated systems to woody plant dominance (Archer et al. 2017). This shift in plant 

functional type, where systems experience a decrease in grass cover and overall change in 

vegetation patch structure, influences spatial patterns of soil erosion and deposition (Shen et al. 

2011), with surface soil properties and local hydrology and wind patterns influencing the 

redistribution of materials across the soil surface (Breshears et al. 2003; Li et al. 2007). Shifts in 

grass-woody plant abundance also change the patch-scale radiant energy environment 

experienced by plant litter and microbial decomposers, with UV exposure and temperature 

regimes varying substantially between bare ground, grass, and shrub patches (Barnes et al. 

2015). 

 

The generalized conceptual model for SLM-photodegradation effects in dryland decomposition, 

proposed by Barnes et al. (2012, 2015), predicts that the mechanisms driving decomposition will 

shift from strongly abiotic (photodegradation) to strongly biotic (microbial degradation) over a 

continuum of soil coverage of litter from none (e.g., standing dead litter) to partial (e.g., recently 

detached litter) to full burial. The intermediate conditions between fully abiotic and fully biotic 

processes will be governed by the nature of the soil-litter matrix, the quality of the plant litter and 

soil mineral composition, and the moisture and temperature conditions at the site. The results of 

this study support this model and provide further evidence for the complex interplay between 

SLM and photodegradation in dryland decomposition processes. 
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Conclusions and Implications 

 

Decomposition in shrub-invaded dryland ecosystems is the outcome of complex interactions 

related to the interplay between soil-litter mixing and photodegradation. The influence of UV 

radiation on dryland decomposition rate was generally positive, but in nature, detached litter is 

subject to coverage by soil. Soil-litter mixing inherently reduces the UV exposure experienced 

by plant litter and decomposer organisms and can substantially inhibit the effect of 

photodegradation on litter decomposition. Dryland ecosystems with low levels of spatially 

heterogeneous vegetation cover are characterized by high levels of aeolian and fluvial movement 

of soil and litter across the landscape, resulting in SLM that is associated with increased 

decomposition rates. The formation of a soil-litter matrix may serve to enhance microbial 

decomposer activity while simultaneously shielding litter from photodegradation. This study 

confirms the importance of these two processes in driving decomposition rates; however, the 

artificial nature of the litter chambers used in our experiment did not allow for fluxes of soil and 

litter that would occur under more ‘natural’ conditions and therefore may not accurately reflect 

the biotic vs. abiotic dynamics occurring under field conditions. Further research is needed in 

realistic field conditions in order to fully understand how SLM and photodegradation interact 

through time to drive decomposition dynamics in drylands characterized by changing soil 

movement and solar radiation environments. In light of climate and vegetation changes that 

drylands are projected to experience in the coming years, it is critical to further elucidate the 

influence of these processes on dryland biogeochemical cycling, as their effects may be 

magnified under future conditions. Accordingly, incorporation of these key interactions in 

models should position us to improve predictions of litter decomposition in arid and semi-arid 

ecosystems.  
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Table 1. Decay constants (k, Eq. 2) and the variance (R
2
) explained for factors assessed in the 

decomposition of Prosopis velutina (velvet mesquite) leaf litter and Lehmann lovegrass 

(Eragrostis lehmanniana) leaf/culm litter. Factors included UV radiation and radiant energy 

regimes, for soil coverages of 0%, 50%, and 100%. Maximum (*) and minimum (**) k values 

are noted for each species.  

 

Mesquite     Lovegrass     

Ambient UV 

  

Ambient UV 

  Full Sun k R
2
 Full Sun k R

2
 

0% 0.9308 0.93 0% 0.4357* 0.95 

50% 0.9948* 0.91 50% 0.4332 0.96 

100% 0.5289 0.79 100% 0.1602** 0.77 

      Shade     Shade     

0% 0.6100 0.89 0% 0.3697 0.86 

50% 0.6303 0.90 50% 0.3590 0.94 

100% 0.6135 0.76 100% 0.3943 0.91 

      UVB blocked     UVB blocked     

Full Sun     Full Sun     

0% 0.9233 0.87 0% 0.3925 0.93 

50% 0.9294 0.91 50% 0.3907 0.94 

100% 0.4762 0.86 100% 0.1665 0.77 

      Shade     Shade     

0% 0.5143 0.92 0% 0.2999 0.93 

50% 0.5386 0.89 50% 0.2772 0.93 

100% 0.3836** 0.70 100% 0.2594 0.83 

      UVB+UVA blocked     UVB+UVA blocked     

Full Sun     Full Sun     

0% 0.5690 0.92 0% 0.2810 0.89 

50% 0.5651 0.90 50% 0.2768 0.87 

100% 0.4259 0.76 100% 0.1623 0.67 

      Shade     Shade     

0% 0.4121 0.83 0% 0.2502 0.86 

50% 0.4906 0.90 50% 0.2634 0.91 

100% 0.4953 0.77 100% 0.3618 0.87 
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Table 2. Comparison of treatment effects using least squares means (LSMeans) and standard 

error (SE) for ash-free % mass remaining (%MR), ash-free %C remaining (C), ash-free %N 

remaining (N), and C:N for mesquite litter at the 24 month sample date. 

Mesquite                 

Ambient UV %MR %C %N C:N 

Full Sun LSMeans SE LSMeans SE LSMeans SE LSMeans SE 

0% 15.2 2.5 10.3 2.5 8.4 2.6 22.0 0.4 

50% 12.1 2.4 8.9 2.6 7.4 2.7 21.1 0.5 

100% 41.0 2.3 17.5 2.2 21.2 2.3 14.5 0.4 

         Shade                 

0% 31.0 2.3 21.9 2.2 24.8 2.3 15.4 0.4 

50% 30.8 2.3 15.3 2.2 19.0 2.3 14.0 0.4 

100% 33.1 2.3 14.0 2.2 23.6 2.3 10.4 0.4 

         UVB blocked                 

Full Sun                 

0% 11.7 2.7 13.9 3.5 9.5 3.6 27.3 0.6 

50% 12.0 2.5 11.3 2.8 8.8 3.0 24.3 0.5 

100% 40.9 2.3 21.3 2.2 24.0 2.3 15.5 0.4 

         Shade                 

0% 35.7 2.3 24.4 2.2 26.5 2.3 16.1 0.4 

50% 35.5 2.3 18.4 2.2 22.0 2.3 14.4 0.4 

100% 45.1 2.4 29.4 2.2 38.6 2.3 12.7 0.4 

         UVB+UVA 

blocked                 

Full Sun                 

0% 33.0 2.3 29.1 2.2 22.9 2.3 22.8 0.4 

50% 32.1 2.3 24.3 2.2 20.6 2.3 21.6 0.4 

100% 44.1 2.3 24.3 2.2 29.6 2.3 14.6 0.4 

         Shade                 

0% 43.9 2.3 34.5 2.2 40.1 2.3 15.0 0.4 

50% 39.5 2.3 18.8 2.2 23.9 2.3 13.7 0.4 

100% 39.5 2.3 16.9 2.2 26.2 2.3 11.2 0.4 
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Table 3. Comparison of treatment effects using least squares means (LSMeans) and standard 

error (SE) for ash-free % mass remaining (%MR), ash-free %C remaining (C), ash-free %N 

remaining (N), and C:N for lovegrass litter at the 24 month sample date. 

Lovegrass                 

Ambient UV %MR %C %N C:N 

Full Sun LSMeans SE LSMeans SE LSMeans SE LSMeans SE 

0% 38.1 2.8 37.4 2.3 30.5 3.0 86.8 3.9 

50% 40.4 2.8 39.3 2.3 31.8 3.0 86.8 3.9 

100% 70.5 2.8 58.1 2.3 51.8 3.0 77.9 3.9 

         Shade                 

0% 49.1 2.9 40.5 2.3 63.3 3.0 46.4 3.9 

50% 49.1 2.8 40.9 2.3 66.5 3.0 43.8 3.9 

100% 43.6 2.8 28.3 2.3 53.1 3.0 36.8 3.9 

         UVB blocked                 

Full Sun                 

0% 43.4 2.8 42.4 2.3 38.7 3.0 78.2 3.9 

50% 45.8 2.8 44.4 2.3 40.5 3.0 78.2 3.9 

100% 68.7 2.8 60.9 2.3 56.7 3.0 75.5 3.9 

         Shade                 

0% 54.7 2.8 50.6 2.3 75.6 3.0 47.2 3.9 

50% 56.4 2.8 49.2 2.3 72.7 3.0 46.7 3.9 

100% 58.5 2.8 44.0 2.3 64.3 3.0 46.4 3.9 

         UVB+UVA 

blocked                 

Full Sun                 

0% 54.9 2.8 53.9 2.3 57.6 3.0 65.2 3.9 

50% 55.9 2.8 53.4 2.3 60.0 3.0 61.3 3.9 

100% 72.0 2.8 60.4 2.3 63.1 3.0 65.3 3.9 

         Shade                 

0% 58.3 2.8 53.7 2.3 71.5 3.0 52.7 3.9 

50% 57.3 2.8 49.6 2.3 70.4 3.0 48.4 3.9 

100% 48.7 2.8 33.1 2.3 53.7 3.0 41.8 3.9 
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Table 4. Mixed model results for ash-free % mass remaining for mesquite and lovegrass litter. 

Species Effect F-value P-value 

Mesquite 

   

 

Radiant Energy Regime F 1,754 = 74.08 <0.0001 

 

Soil Cover F 2,754 = 2.61 0.0745 

 

UV Radiation F 2,754 = 91.26 <0.0001 

 

Date F 5,394 = 4468.31 <0.0001 

    

 

Soil Cover x Radiant Energy Regime F 2,754 = 35.85 <0.0001 

 

UV × Radiant Energy Regime F 2,754 = 17.91 <0.0001 

 

Soil Cover ×UV F 4,754 = 4.95 0.0006 

 

Radiant Energy Regime × Date F 5,394 = 22.43 <0.0001 

 

Soil Cover × Date F 10,504 = 24.92 <0.0001 

  UV × Date F 10,504 = 21.97 <0.0001 

Lovegrass 

   

 

Radiant Energy Regime F 1,516 = 4.35 0.0374 

 

Soil Cover F 2,516 = 8.02 0.0004 

 

UV Radiation F 2,516 = 55.37 <0.0001 

 

Date F 5,433 = 1562.39 <0.0001 

    

 

Soil Cover × Radiant Energy Regime F 2,516 = 80.81 <0.0001 

 

UV × Radiant Energy Regime F 2,516 = 11.77 <0.0001 

 

Soil Cover × UV F 4,516 = 6.64 <0.0001 

 

Radiant Energy Regime × Date F 5,433 = 2.01 0.076 

 

Soil Cover × Date F 10,554 = 14.06 <0.0001 

  UV × Date F 10,554 = 8.31 <0.0001 
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Table 5. Mixed model results for ash-free %C remaining for mesquite and lovegrass litter. 

Species Effect F-value P-value 

Mesquite 

   

 

Radiant Energy Regime F 1,756 = 0.91 0.3400 

 

Soil Cover F 2,756 = 273.35 <0.0001 

 

UV Radiation F 2,756 = 56.61 <0.0001 

 

Date F 5,396 = 4824.73 <0.0001 

    

 

Soil Cover × Radiant Energy Regime F 2,756 = 24.91 <0.0001 

 

UV × Radiant Energy Regime F 2,756 = 8.88 0.0002 

 

Soil Cover × UV F 4,755 = 5.81 0.0001 

 

Radiant Energy Regime × Date F 5,396 = 6.61 <0.0001 

 

Soil Cover × Date F 10,507 = 41.19 <0.0001 

  UV × Date F 10,507 = 12.92 <0.0001 

Lovegrass 

   

 

Radiant Energy Regime F 1,860 = 38.71 <0.0001 

 

Soil Cover F 2,860 = 47.52 <0.0001 

 

UV Radiation F 2,860 = 32.58 <0.0001 

 

Date F 5,860 = 1145.48 <0.0001 

    

 

Soil Cover × Radiant Energy Regime F 2,860 = 39.96 <0.0001 

 

UV × Radiant Energy Regime F 2,860 = 7.13 0.0008 

 

Soil Cover × UV F 4,860 = 5.32 0.0003 

 

Radiant Energy Regime × Date F 5,860 = 5.63 <0.0001 

 

Soil Cover × Date F 10,860 = 11.48 <0.0001 

  UV × Date F 10,860 = 4.47 <0.0001 

 

 

 

 

 

 

 

 

 

 

 

 

 

 



 

62 

 

Table 6. Mixed model results for ash-free %N remaining for mesquite and lovegrass litter. 

Species Effect F-value P-value 

Mesquite 

   

 

Radiant Energy Regime F 1,806 = 30.5 <0.0001 

 

Soil Cover F 2,805 = 246.55 <0.0001 

 

UV Radiation F 2,805 = 52.52 <0.0001 

 

Date F 5,390 = 3421 <0.0001 

    

 

Soil Cover x Radiant Energy Regime F 2,805 = 38.09 <0.0001 

 

UV × Radiant Energy Regime F 2,805 = 10.82 <0.0001 

 

Soil Cover × UV F 4,805 = 6.49 <0.0001 

 

Radiant Energy Regime × Date F 5,390 = 18.24 <0.0001 

 

Soil Cover × Date F 10,499 = 46.13 <0.0001 

  UV × Date F 10,499 = 9.98 <0.0001 

Lovegrass 

   

 

Radiant Energy Regime F 1,860 = 74.53 <0.0001 

 

Soil Cover F 2,860 = 53.54 <0.0001 

 

UV Radiation F 2,860 = 47.12 <0.0001 

 

Date F 5,860 = 267.06 <0.0001 

    

 

Soil Cover × Radiant Energy Regime F 2,860 = 13.03 <0.0001 

 

UV × Radiant Energy Regime F 2,860 = 16.45 <0.0001 

 

Soil Cover × UV F 4,860 = 1.07 0.3692 

 

Radiant Energy Regime × Date F 5,860 = 23.23 <0.0001 

 

Soil Cover × Date F 10,860 = 11.09 <0.0001 

  UV × Date F 10,860 = 3.07 0.0008 
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Table 7. Mixed model results for C:N for mesquite and lovegrass litter.  

Species Effect F-value P-value 

Mesquite 

   

 

Radiant Energy Regime F 1,859 = 606.42 <0.0001 

 

Soil Cover F 2,859 = 174.2 <0.0001 

 

UV Radiation F 2,859 = 51.43 <0.0001 

 

Date F 5,859 = 22.73 <0.0001 

    

 

Soil Cover × Radiant Energy Regime F 2,859 = 17.36 <0.0001 

 

UV × Radiant Energy Regime F 2,859 = 6.52 0.0015 

 

Soil Cover × UV F 4,859 = 1.18 0.3196 

 

Radiant Energy Regime × Date F 5,859 = 162.93 <0.0001 

 

Soil Cover × Date F 10,859 = 66.74 <0.0001 

  UV × Date F 10,859 = 6.72 <0.0001 

Lovegrass 

   

 

Radiant Energy Regime F 1,695 = 330.3 <0.0001 

 

Soil Cover F 2,695 = 2.7 0.0679 

 

UV Radiation F 2,694 = 30.28 <0.0001 

 

Date F 5,330 = 77.61 <0.0001 

    

 

Soil Cover × Radiant Energy Regime F 2,695 = 4.03 0.0182 

 

UV × Radiant Energy Regime F 2,694 = 25.18 <0.0001 

 

Soil Cover × UV F 4,694 = 3.23 0.0121 

 

Radiant Energy Regime × Date F 5,330 = 55.16 <0.0001 

 

Soil Cover × Date F 10,422 = 6.36 <0.0001 

  UV × Date F 10,422 = 1.94 0.0388 
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Figure 1. Flowchart of experimental design. 
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Figure 2. Setup of experimental plots at the University of Arizona Agricultural Farms complex. 

Plots covered with neutral density shade cloth had 30% reductions in photosynthetically active 

radiation (typical of P. velutina canopies); uncovered plots represent full sun treatments. UV 

radiation was manipulated using Mylar (UVB absorbing), Llumar (UVA + UVB absorbing) and 

Aclar (UVA + UVB transmitting) films. 
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Figure 3. Soil coverage treatments of velvet mesquite leaflet and Lehmann lovegrass plant litter. 

Each 10.2 cm diameter PVC chamber contained ca. 1.3g of plant litter. Soil, obtained from the 

nearby Santa Rita Experimental Range, was added to the 50% and 100% coverage treatments as 

need over time to maintain appropriate coverage. 
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Figure 4. A) Mean ash-free dry mass remaining through time for mesquite (Prosopis velutina) 

leaf litter and Lehmann lovegrass (Eragrostis lehmanniana) leaf/culm litter. A negative 

exponential decay function for mass loss (Eq. 2; k, y
-1

) was fitted to values pooled across all 

radiation and soil coverage treatments. Standard error (bars omitted for clarity) averaged across 

all dates and treatments were 0.68 and 0.44 for mesquite and lovegrass, respectively. B) Daily 

precipitation (bars), mean daily air temperature (ºC, solid line), and total daily solar radiation 

(MJ/m
2
, dashed line); sample collection dates (months post deployment) are indicated with 

arrows. 
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Figure 5. Decay constants (k, Eq. 2) for A) velvet mesquite (Prosopis velutina) leaf litter and B) 

Lehmann lovegrass (Eragrostis lehmanniana) leaf/culm litter experiencing two radiant energy 

regimes (full sun, shade), three UV radiation regimes (ambient UVB+UVA, UVB blocked, 

UVB+UVA blocked), and three levels of soil coverage (0%, 50%, 100%). 
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Figure 6. Mean (± SE) percent ash-free mass remaining for mesquite (Prosopis velutina) litter 

after 0, 1, 3, 6, 12, and 24 months. Treatments included litter coverage by soil (0%, 50%, 100%) 

and exposure to contrasting radiant energy regimes (UV levels and full sun vs. shade).  
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Figure 7. Mean (± SE) percent ash-free carbon mass remaining for mesquite (Prosopis velutina) 

litter after 0, 1, 3, 6, 12, and 24 months. Treatments included litter coverage by soil (0%, 50%, 

100%) and exposure to contrasting radiant energy regimes (UV levels and full sun vs. shade).  
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Figure 8. Mean (± SE) percent ash-free nitrogen mass remaining for mesquite (Prosopis 

velutina) litter after 0, 1, 3, 6, 12, and 24 months. Treatments included litter coverage by soil 

(0%, 50%, 100% of litter covered by soil) and exposure to contrasting radiant energy regimes 

(UV levels and full sun vs. shade).  
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Figure 9. Mean (± SE) percent ash-free mass remaining for lovegrass (Eragrostis lehmanniana) 

litter after 0, 1, 3, 6, 12, and 24 months. Treatments included litter coverage by soil (0%, 50%, 

100% of litter covered by soil) and exposure to contrasting radiant energy regimes (UV levels 

and full sun vs. shade).  
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Figure 10. Mean (± SE) percent ash-free carbon mass remaining for lovegrass (Eragrostis 

lehmanniana) litter after 0, 1, 3, 6, 12, and 24 months. Treatments included litter coverage by 

soil (0%, 50%, 100% of litter covered by soil) and exposure to contrasting radiant energy 

regimes (UV levels and full sun vs. shade).  
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Figure 11. Mean (± SE) percent ash-free nitrogen mass remaining for lovegrass (Eragrostis 

lehmanniana) litter after 0, 1, 3, 6, 12, and 24 months. Treatments included litter coverage by 

soil (0%, 50%, 100% of litter covered by soil) and exposure to contrasting radiant energy 

regimes (UV levels and full sun and shade). Samples were collected at 0, 1, 3, 6, 12, and 24 

months. 

 



 

75 

 

 
Figure 12. Relationship between ash-free percent mass remaining for mesquite (panels A, C) and 

lovegrass (panels B, D) litter and ash-free percent C and N remaining. Regression lines are solid; 

the 1:1 line is dashed. 
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APPENDIX B 

Soil-litter mixing promotes decomposition and soil aggregate formation on contrasting 

geomorphic surfaces in a shrub-invaded Sonoran Desert grassland 

 

Abstract 

 

The global phenomenon of shrub encroachment into grass-dominated ecosystems redistributes 

carbon among terrestrial reservoirs and influences decomposition by altering patterns of soil-

litter mixing (SLM) and photo-oxidation by UV radiation. Here, we quantify the influence of 

geomorphic substrate as well as shrub and ground cover on 1) rates of SLM and decomposition 

and 2) the development of soil films and aggregates that may shield litter from UV radiation and 

promote microbial colonization. A factorial litterbag field experiment in a shrub-invaded 

grassland in southern Arizona tested the hypotheses: 1) that SLM would have a net positive 

effect on decomposition rates, and that development of soil films and aggregates would be 2) 

inversely related to vegetation cover and 3) positively related to surface soil clay content. 

Litterbags containing leaf litter of the encroaching shrub (Prosopis velutina) were deployed on a 

Holocene-age sandy soil and a Pleistocene-age clayey soil and situated under and away from 

shrub canopies and on areas with low and high grass cover. Soil films and aggregates were 

visible on litter on both sites within one month. SLM accelerated decomposition, with highest 

rates of accumulation and decomposition occurring on Holocene-age sandy soils in inter-shrub 

areas with low grass cover. Decomposition of litter on Pleistocene-age clayey soils was slower, 

despite more rapid development of soil films. Dissecting and scanning electron microscope 

images indicated texture differences (e.g., particle sizes) of soil-litter films between Holocene 

and Pleistocene sites, as well as a higher degree of soil-litter film formation in bare ground 

placements relative to shrub and grass patches. Holocene samples showed evidence of soil-litter 

aggregation with fungal networks, but Pleistocene samples did not. Vegetation structure and 

microsite conditions should be considered when modeling decomposition dynamics in systems 

with low plant cover and high rates of aeolian and fluvial soil movement. 

 

Introduction 

 

Decomposition of organic matter is a fundamental component of biogeochemical cycles that 

exerts strong control over soil fertility, affects the fate and residence time of carbon (C) and 

nitrogen (N) in soil pools, and can influence plant community composition and production 

(Hobbie 1992; Aerts 1997; Berg et al. 2005a). Characterization of decomposition dynamics in 

arid and semi-arid ecosystems (hereafter “drylands”) is increasingly important, as these systems 

account for nearly 40% of the terrestrial land surface and 30% of terrestrial net primary 

productivity (NPP) (Bailey 1996; Field et al. 1998). As such, they play an integral role in the 
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global carbon cycle (Lal 2004), a role that will become progressively more important given the 

projected increases in their areal extent associated with changes in land use and climate (Adeel et 

al. 2005). The relatively low levels of plant litter input and small nutrient pools in drylands make 

decomposition a particularly important contributor to plant-available nutrients (Austin and 

Vivanco 2006). However, our ability to accurately model decomposition dynamics in drylands 

has lagged behind that of more mesic systems, ostensibly reflecting a need to account for 

processes that may be unique to systems characterized by low and spatially variable ground 

cover, high rates of soil movement, and high levels of radiant energy at the soil surface (Parton et 

al. 2007; Throop and Archer 2009; King et al. 2012).  

 

Advances in our understanding of dryland biogeochemical cycling are contingent on resolving 

discrepancies between decomposition rates measured in drylands and those predicted by models 

based on variables known to be important in mesic systems (e.g., Adair et al. 2008). Recent 

empirical evidence suggests that these discrepancies may be due to the greater influence of 

abiotic drivers, such as soil-litter mixing (SLM) and solar radiation, on plant litter decomposition 

relative to more mesic systems (reviewed by Barnes et al. 2015). Soil-litter mixing is a process 

characterized by the coating of plant litter by aeolian and fluvial soils and the subsequent 

formation of biotic soil films on litter surfaces (hereafter “soil-litter films”), and has been found 

to accelerate plant litter decomposition in drylands (Throop and Archer 2007; Barnes et al. 2012; 

Hewins et al. 2013; Hewins and Throop 2016). Although the mechanisms by which SLM 

accelerates decomposition remain unclear, there are several possibilities, including physical 

abrasion of the litter surface, which may increase the surface area available for decomposer 

activity or nutrient leaching; soil acting as a transport vector for extracellular enzymes (Stursova 

and Sinsabaugh 2008) and microbes; and creation of microclimates more favorable for 

decomposers. Another important driver of dryland decomposition rates is solar radiation, 

particularly UV radiation, which can increase decomposition both directly, by physically 

degrading organic compounds within the plant litter (“photodegradation”), and indirectly, by 

changing the chemical composition of the litter to enhance microbial decomposition 

(“photopriming”; King et al. 2012). However, the role of UV radiation in dryland decomposition 

remains unclear, with studies showing strong positive (Austin and Vivanco 2006), minimal 

(Kirschbaum et al. 2011; Uselman et al. 2011) and negative effects (Zepp et al. 1998; Paul and 

Gwynn-Jones 2003). Finally, while the presence and activity of decomposer organisms such as 

termites and fungi is also an important driver of dryland decomposition (e.g., Pancotto et al. 

2005; Whitford 2002), the influence of SLM and UV radiation on these decomposer 

communities has not been thoroughly examined.  

 

Adding further complexity to decomposition processes are the direct and indirect influences of 

soil properties on SLM and radiant energy exposure at the soil surface. Plant litter on divergent 

geomorphic surfaces may experience substantially different environmental conditions related to 

differences in vegetation cover that are driven by soil properties (e.g., clay content, infiltration 
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rate). The Pleistocene-Holocene climate transition between humid and arid climate conditions 

led to decreases in vegetation cover, increases in drainage density, and increases in sediment 

yield, causing the widespread formation of alluvial fan systems across the western U.S. (Pelletier 

2008). These geomorphic processes generated abrupt juxtapositions of alluvial soils of different 

ages and degrees of pedogenic development, with the characteristics of those soils varying 

according to the geological age of those surfaces. In the semiarid southwestern U.S., Holocene 

surfaces (those less than 11,000 years old) usually display weak profile development with little 

or no clay accumulation in distinct horizons; in contrast, soils found on stable, relict Pleistocene 

surfaces show very strong profile development, with textural, structural, and chemical 

characteristics of some horizons differing dramatically from those of the Holocene surfaces. On 

the Santa Rita Experimental Range (SRER) in southeastern Arizona, the various geomorphic 

surfaces exhibit a clear progression of soil development over time, with clay content increasing 

as a function of age (McAuliffe 1994, 1995; Fravolini et al. 2003). The influence of texture on 

the downward movement and storage of water has a pronounced effect on vegetation distribution 

on the geomorphically diverse SRER, clearly demonstrating the link between soil properties and 

vegetation community distribution (McAuliffe 1995; Fravolini et al. 2003). 

 

The SRER has been experiencing woody plant encroachment over the last century (McClaran 

2003); however, the extent of the increase in abundance of woody plants is not uniform across 

the area. Vegetation community structure varies greatly between the Pleistocene and Holocene 

alluvial fans on the SRER, with the finer-textured older surfaces being dominated by perennial 

grasses and low densities of shallow-rooted small shrubs and the younger, coarser-textured 

surfaces being dominated by a higher cover of large, deep-rooted shrubs and sparsely distributed 

perennial grasses, with large areas of bare ground. The structure of these contrasting vegetation 

communities will influence the fluvial and aeolian movement of plant litter and soil across the 

landscape (e.g., Stavi et al. 2009), thereby influencing rates of SLM and decomposition (Barnes 

et al. 2015). When plants are more widely spaced, wind, runoff, and rain splash (detachment of 

soil particles by rain drops) will move soil and plant litter across the soil surface where it 

accumulates beneath shrub canopies and around other barriers that promote deposition (e.g., 

woody detritus or microtopography) (Burgess et al. 1995; Dunkerley 2010); in areas of greater 

vegetation cover (e.g., grasslands), soil and plant litter will not be redistributed across the surface 

at nearly the same magnitude, thus limiting SLM. Rain splash, an important component of 

erosional processes in dryland ecosystems (e.g., Parsons et al. 1994, 1996; Erpul et al. 2002), is 

influenced by ground cover (e.g., Ghahramani et al. 2011) and surface soil properties (Quansah 

1981; Saedi et al. 2016), and has potential to play a role in SLM in shrub-invaded drylands. As a 

large proportion of precipitation in these regions is received as small (< 5 mm) events (Sala and 

Lauenroth 1982) that may not generate overland flow, the mixing of soil and plant litter by rain 

splash action may facilitate SLM on both geomorphic surfaces. 
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Contrasting plant functional types on these distinct geomorphic surfaces will also influence 

decomposition by controlling the radiant energy exposure of plant litter, with varying levels of 

UV radiation reaching the soil surface in high vs. low grass cover and high vs. low shrub cover. 

Villegas et al. (2010a, 2010b) report that near-ground solar radiation and soil temperature 

decrease with increasing canopy cover at the SRER, even during the winter when shrubs are 

leafless. Thus, the differences in soil texture and vegetation structure on the Holocene- and 

Pleistocene-age surfaces could be expected to change with time and interact to differentially 

affect the relative importance of SLM and photodegradation drivers of decomposition. 

Photodegradation may dominate until soil-litter films are formed, at which point litter is shielded 

from radiation and microbial-mediated processes become predominant (Barnes et al. 2012). 

While these interacting processes may also occur in mesic ecosystems, their relative importance 

is likely much greater in drylands where the low and spatially heterogeneous ground cover 

results in high levels of soil transport (Field et al. 2009) and solar radiation exposure (King et al. 

2012) compared to systems with denser, more homogeneous vegetation cover. 

 

Dryland Vegetation Change and Decomposition 

 

One of the most prominent global land-cover changes in drylands over the past century has been 

a shift in the grass-shrub ratio in favor of shrubs (Archer et al. 2017). This widespread shift in 

ecosystem structure influences ecosystem processes that could affect long-term C and N cycles 

at ecosystem, regional, and global scales. These include changes in above- and below-ground 

productivity, changes in the quality and quantity of litter inputs, altered hydrology, and changes 

in microclimate (Boutton et al. 2009; Eldridge et al. 2011; Barger et al. 2012). Shrub 

encroachment in the southwestern United States typically occurs in synchrony with reduced 

cover and density of grasses (McAuliffe 1990; Gibbens et al. 2005), which leads to decreased 

stability of surface soils (Li et al. 2007) and increased rates of soil erosion (Okin et al. 2005; 

2008). Increases in shrub abundance are therefore predicted to enhance SLM and increase rates 

of decomposition; however, support for this prediction is mixed (Throop and Archer 2007; 

Hewins et al. 2013). SLM and resulting plant litter decomposition will presumably influence 

surface soil properties that are tied to organic matter input and turnover, with vegetation structure 

playing a critical role in driving soil surface processes that influence soil stabilization in shrub-

invaded rangelands (Stavi et al. 2009). 

 

Stabilization of soil surfaces is key to maintaining ecosystem services in drylands and preventing 

or arresting degradation (Okin et al. 2009). Among the various soil properties conferring surface 

stabilization are those related to the formation of soil aggregates, which are defined as groups of 

soil particles bound to each other by minerals, organic matter, organic compounds (from root 

exudates, bacteria and fungi), and fungal hyphae. Vegetation structure and plant life form, which 

are in large part controlled by soil properties such as texture and infiltration, have been found to 

be critical drivers of soil aggregation dynamics in rangeland ecosystems, with increased soil 
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aggregate stability beneath shrub canopies relative to interspace areas (Blackburn et al. 1992; 

Bird et al. 2002; Stavi et al. 2010). Soil aggregate stability is a complex parameter that influences 

a wide range of soil properties, including C stabilization, resistance to erosion, infiltration, 

hydraulic conductivity, water retention, soil porosity, and compactibility (Arshad and Coen 

1992; Six et al. 2000; An et al. 2010). Particulate organic matter (POM) plays a crucial role in 

the formation and stability of soil aggregates (Blanco-Canqui and Lal 2004), and is strongly 

influenced by vegetation structure and plant life form (McClaran et al. 2008). Soil aggregates 

also influence the accumulation and long-term storage of SOC (Liao et al. 2006; Boutton et al. 

2009; Cantón et al. 2009; Onweremadu et al. 2010). It is unknown how long it takes aggregates 

to form and which minerals adhere to plant litter and initiate the aggregation process. The latter 

presumably will vary with soil age and mineralogy; however, there is little data to support this 

supposition. In quantifying the rates and dynamics of soil aggregate formation on the distinctly 

different Holocene and Pleistocene surfaces of the SRER, this research aims to clarify this key 

uncertainty and improve our ability to model C storage and soil stability. 

 

This study sought to quantify the influence of shrub (velvet mesquite, Prosopis velutina Woot.) 

encroachment and geomorphic substrate effects on SLM and loss rates of mass, C, and N from 

leaf litter. Specific objectives were to: 1) experimentally assess vegetation patch type and surface 

soil properties on SLM and decomposition; 2) quantify rates of soil aggregate formation along a 

grassland-to-shrubland continuum; and 3) document the development of soil films and soil 

aggregates on leaf litter. We hypothesized that SLM would 1) have a net positive effect on 

decomposition rates but 2) would be greatest on younger, sandy surfaces relative to older 

surfaces with higher clay content. As a result, 3) rates of decomposition would be greatest on 

sandy surfaces. We further hypothesized that the rate and extent of soil film development and 

aggregate formation on litter would 4) be inversely related to ground cover on both geomorphic 

surfaces and 5) be positively related to soil surface clay content and hence would be more 

pronounced on the Pleistocene-age surface than on the Holocene-age surface. 

 

Methods  

 

Study Site 

 

The study was conducted at the Santa Rita Experimental Range (SRER; 

http://cals.arizona.edu/srer/), a 21,514 ha outdoor research laboratory established in 1903 and 

managed by the University of Arizona (Medina 1996). Located in the Sonoran Desert 80 km 

southeast of Tucson, Arizona, USA, the SRER is situated on an alluvial fan terrace on the 

western flank of the Santa Rita Mountains. Elevation at the SRER ranges from 900 to 1450 m. 

Mean annual precipitation increases from 275 to 450 mm/y along the elevation gradient with 

Sonoran desert-scrub, semidesert grassland, and Madrean evergreen woodland biotic 
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communities (Brown 1994) occurring in ascending order [see McClaran (2003) for additional 

details on climate and vegetation]. Our study encompassed the semi-desert grassland–Prosopis 

shrubland complex situated between Larrea tridentata shrublands (lower elevations) and 

Quercus spp. woodlands (higher elevations).  

 

Soils on the SRER have evolved from alluvial sediments deposited from the Santa Rita 

Mountains as described by McAuliffe (1994). Our experiments were conducted on Holocene-

aged (< 11.7 Ka) and Pleistocene-aged (11.7 Ka to 2.5 Ma) surfaces located about 3 km from 

each other (Figure 1). Both sites were on gentle (1-3%) slopes. The Holocene site was located in 

Pasture UA-B (31.802767°, -110.863434°) at 1150 m asl. The Pleistocene site was located in 

Pasture UA-G (31.782961°, -110.844115°) at 1235 m asl. Soils at the Holocene site have been 

previously classified as a coarse-loamy, mixed, superactive, non-acid, thermic Ustic Torrifluvent 

(English et al. 2005), with a sandy loam surface (Fravolini et al. 2005). These soils are rapidly 

permeable and relatively homogeneous compared to soils on the Pleistocene surface, which have 

been classified as fine, mixed, superactive, thermic Ustic Haplargid (English et al. 2005), with a 

clay loam surface (Fravolini et al. 2005). Detailed descriptions of soils can be found in 

Breckenfeld and Robinett (2003) and Wheeler et al. (2007). Mean annual precipitation at our 

experimental sites (370 mm; 1923-2013) is divided approximately equally between summer 

monsoons and winter rains. Velvet mesquite (Prosopis velutina Woot.) is the dominant shrub, 

and its abundance has increased markedly on the sandy Holocene site since the early 1900s, but 

not on the clayey Pleistocene site (McClaran 2003; Browning et al. 2008). Perennial plant 

ground cover on the Pleistocene- and Holocene-age experimental sites was quantified in July 

2012 using line-point intercept (Herrick et al. 2005). Three 30.5-m transects at each site recorded 

canopy and basal intercept for grasses, sub-shrubs, and shrubs by species, as well as bare ground. 

Field observations indicated that Holocene surfaces have another important distinguishing 

feature: “woody debris dams”, or “litter dams”, comprised of branches and stems fallen from 

shrubs. These litter dams, which capture soil and organic matter transported by wind and water, 

were uncommon on the Pleistocene-age site owing to sparse woody plant cover.  

 

Litter Collection and Litter Bag Construction 

 

Mesquite leaves were collected on 18 December 2009, at which time leaf drop had commenced. 

Leaves were dried at 30°C for 5 days (well below maximum temperatures experienced by plants 

in this location) and stored in the lab at room temperature until deployment. Mean (± SE) C, N 

and ash content of these soil-free leaves was 46.5% ± 0.19%, 2.7% ± 0.03%, and 10.5% ± 

0.14%, respectively. Litter bags (10 x 10 cm) were constructed from 20 x 20 black mesh (0.9 

mm openings) fiberglass window screen (Phifer Wire Products, Tuscaloosa, Alabama, USA) and 

filled with 2 g of mesquite leaflets.  

 

 



 

88 

 

Litter Bag Placement and Collection 

 

Litter bags were deployed on Holocene- and Pleistocene-age surfaces in settings representing six 

contrasting patch types in the context of woody plant encroachment. Mesquite placements 

consisted of small (basal diameter, BD < 10 cm), medium (BD 15-25 cm), and large (BD > 30 

cm) mesquite shrubs. Litter bag placement was standardized at locations midway between the 

bole and the canopy dripline on the north side of each tree. Grass placements were in herbaceous 

patches between mesquite shrubs with a minimum of 3 m
2
 of contiguous grass cover. Litter bags 

were placed between the bases of grass tussocks near the patch center. Bare soil placements were 

in the center of non-vegetated areas (3 m
2
 minimum) at least 2 m from any mesquite canopy or 

grass patch. Woody debris dam placements were deployed on the Holocene site only, due to the 

paucity of woody debris on the Pleistocene surface. Litter bags were placed on the upslope 

portion of naturally occurring woody debris dams located in relatively bare areas beyond the 

perimeter of shrub canopies. Woody debris dams have a wide range of sizes and shapes. We 

selected debris dams meeting specific criteria in an effort to have a degree of ‘standardization’ 

for this field study: all dams were approximately 10-15 cm in length, contained mesquite stems 

1-2 cm in diameter, and were all oriented perpendicular to the slope inclination. Surface organic 

debris was brushed aside so litter bags would have contact with the soil surface. Each dam had 

only one litter bag associated with it; bags for each of the six time points at each replicate 

location were placed with dams that were located close to each other in the same drainage. 

 

A total of 198 litter bags were deployed 15-16 July 2010 just prior to the onset of the summer 

monsoon (Holocene soil: 6 placements x 6 collection dates x 3 replicates per placement per date, 

n = 108; Pleistocene soil: 5 placements x 6 collection dates x 3 replicates per placement per date, 

n = 90). They were secured to the soil surface with 6.3 cm galvanized nails. One litter bag from 

each placement x geomorphic surface replicate was collected at the time of deployment (T0) and 

at 1, 6, 12, 18, and 24 months post-deployment. Air temperatures and daily precipitation during 

the study period were obtained from the FLUXNET data portal (ORNL DAAC 2014) for the 

Santa Rita Mesquite Savanna site, located 2.0 km from the Holocene site and 4.7 km from the 

Pleistocene site. 

 

Sample Analyses 

 

Litter bags were placed in a zip-loc bag at the time of collection, and stored in a cooler for 

transport to the lab where they were dried at 60°C. Dried samples were then gently sieved (1 mm 

mesh) to remove mineral soil, and weighed to determine mass change. Contents were then 

ground to a fine powder using a ball mill. Subsamples of ground material from each litter bag 

were ashed at 500°C for 4 h. All data were subsequently analyzed on an ash-free basis to exclude 

mass gain from mineral soil. Percentage ash remaining was used as an index of soil accumulation 

(Throop and Archer 2007). Subsamples from each litter bag were analyzed for C and N content 
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on an elemental analyzer (ECS 4010; Costech Analytical Technologies, Valencia, California, 

USA). Litter decomposition was assumed to be the proportional difference in ash-free dry mass 

between the initial (T0) and subsequent collection dates, where M0 = initial weight, Mt = weight 

at time t, ash = proportion of ash at time t, and 𝑎𝑠ℎ̅̅ ̅̅ ̅
0 = mean ash at T0: 
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The decay constant, k, was determined for each placement × geomorphic surface combination 

using a single exponential decay model (Olson 1963): 

 
kt

t eMM  0      [Eq. 2] 

 

where Mt is the litter mass at time t and M0 is the initial litter mass. A double-pool exponential 

decay model was also assessed, but did not substantially improve model fit. Single exponential 

models were therefore used in the interest of simplicity and to facilitate comparisons with other 

studies.  

 

Soil film development on litter surfaces was assessed with light and scanning electron 

microscopy (SEM; Hitachi S-3400N Type II, Hitachi High Technologies, Pleasanton, California, 

USA) on a subset of individual leaflets and soil aggregates. For the purposes of this study, soil 

aggregates were defined as a group of primary soil particles that cohere to each other and are 

held together in a single mass or cluster. A digital camera and dissecting microscope at 10X 

magnification were then used to generate images of leaflets and soil aggregates. Soil film cover 

and composition were assessed qualitatively on SEM micrograph (University Spectroscopy and 

Imaging Facilities, University of Arizona) at magnifications ranging from 100X to 1200X. 

Representative leaflets were mounted on aluminum stages and coated with a thin layer of gold to 

improve their electrical conductivity and emission of secondary electrons during SEM 

microanalysis. Soil aggregates were counted, and subsamples were tested for stability with a 

simple water drop test (Imeson and Vis 1984), which involved counting the number of water 

drop impacts required to disrupt an aggregate sufficiently for it to pass through a 2.8 mm sieve.  

 

Mineralogy of clay (< 2 μm), silt (2–53 μm), and very fine sand (53–100 μm) fractions of soil 

films on litter surfaces was determined at the University of Arizona Center for Environmental 

Physics and Mineralogy using a PANalytical X'Pert PRO-MPD X-ray diffraction system 

(PANalytical, Almelo, AA, The Netherlands). The system was fitted with a graphite 

monochromator and sealed Xenon detector that generated Cu–Kα radiation at an accelerating 

potential of 45 kV and current of 40 mA. Very fine sands and silts were analyzed as random 

powder mounts from 2 to 70° two-theta. Clays were analyzed as oriented mounts on glass slides 
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from 2 to 45° two-theta with the standard treatments of K-saturation followed by heating to 

350°C and 550°C, Mg-saturation, and Mg-saturation/glycerol solvation (Whittig and Allardice 

1986). After measurement, diffractograms were imported into RockJock (Eberl 2003), a program 

for determining quantitative mineralogy from powder X-ray diffraction data. 

 

Statistical Analyses 

 

Changes in litter mass, soil accumulation, and C and N content were analyzed using three-way, 

split-plot model ANOVA with Akaike Information Criterion for model selection. Patch type (P; 

six types), geomorphic surface (GS; two types), and time (T; six dates) were considered main 

effects. Plot replicate was nested within placement and was considered a random factor.  Decay 

constants were analyzed with a three-way, split-plot model ANOVA in which P and GS were 

main effects. Plot replicate was nested within placement and was considered a random factor. 

The relationship between k and the two decomposition drivers (P and GS) was assessed with 

linear regression. Data were not log transformed prior to fitting exponential decay curves in 

order to minimize estimation errors (Adair et al. 2010). Analyses were performed using R (R 

Development Core Team 2011) and SigmaPlot version 11.0 (Systat Software Inc., San Jose, 

California, USA). 

 

Results 

 

Ground Cover 

 

Shrub canopy cover on the Holocene site was 34.6% [31.6% velvet mesquite, 2.8% burroweed 

(Isocoma tenuisecta Greene)], compared to 19.7% on the Pleistocene site [15.2% velvet 

mesquite, 3.5% fairyduster (Calliandra eriophylla Benth.), 1% burroweed]. Ground cover on 

both sites was dominated by Lehmann lovegrass, but total herbaceous cover on the Pleistocene 

site (67.3%) was substantially greater than that on the Holocene site (11%). Bare ground on the 

Pleistocene site (13%) was markedly lower than that on the Holocene site (54%). Small- and 

medium-size mesquite trees on the Holocene site typically had no herbaceous ground cover 

beneath their canopies, whereas the large mesquite trees had patches of Lehmann lovegrass. On 

the Pleistocene site, mesquite shrubs in all size classes were situated within a fairly continuous 

matrix of Lehmann lovegrass and all plants had grass cover beneath their canopies. 

 

Mass Loss 

 

Geomorphic surface (F1,176 = 5.06, P = 0.026), vegetation patch type (F5,176 = 6.50, P < 0.001), 

and time (F5,176 = 299.11, P < 0.001) significantly influenced litter mass loss, with greatest rates 

of loss occurring in the first six months of the experiment (Figure 2A, B; Figure 3). There were 
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no significant interaction terms. Percent mass loss per day, expressed as a function of 

precipitation received during a sampling interval, was greatest in the first six months, with the 

majority of mass loss occurring during the first month on both surfaces (Figure 3). The single 

exponential decay models (Eq. 2) explained 70 to 97% of the variance (Table 1). The decay 

constant, k, varied 2.5-fold, ranging from 0.53 to 1.35. Litter mass remaining was inversely 

related to soil accumulation (% ash) (Figure 4). Mass loss was strongly influenced by soil-litter 

mixing (SLM, as indicated by litter ash content), with the degree of SLM explaining 22 to 76% 

of the variance in mass loss (Figure 4, Table 3). 

 

Soil Accumulation on Litter Surfaces 

 

Geomorphic surface (F1,176 = 17.56, P < 0.001), vegetation patch type (F4,176 = 5.31, P < 0.001), 

and time (F5,176 = 44.53, P < 0.001) significantly influenced litter ash content, an index of soil 

accumulation on litter surfaces; there were no significant interactions. Levels of soil 

accumulation on Holocene site litter were generally comparable to or greater than that on 

Pleistocene site litter (Table 2, Figure 5). Soil accumulation was typically highest in vegetation 

patch types that experience greater movement of materials across the soil surface by wind and 

water, including the bare soil, small mesquite, and medium mesquite placements on both 

Holocene and Pleistocene surfaces (Table 2). Conversely, low flux patch types such as grass and 

large mesquite placements displayed lower levels of soil accumulation. 

 

Litter Carbon and Nitrogen Dynamics 

 

Geomorphic surface (F1,118 = 15.38, P < 0.001), vegetation patch type (F4,118 = 9.39, P < 0.001), 

and time (F3,118 = 42.27, P < 0.0001) significantly influenced ash-free litter C concentration 

([C]); there were no significant interactions. Litter C generally decreased over time on both 

geomorphic surfaces (Figure 6A, D). Litter in the low ground cover, high soil movement 

placements (bare soil, small and medium mesquite) generally lost more C in both Holocene and 

Pleistocene soils than samples in placements with greater ground cover (grass and large 

mesquite).  

 

Geomorphic surface (F1,118 = 28.50, P < 0.001), vegetation patch type (F4,118 = 13.73, P < 0.001), 

and time (F3,118 = 4.66, P < 0.01) also influenced ash-free litter N concentration significantly; 

only the geomorphic surface × time interaction was significant (F3,118 = 4.41, P < 0.01). Litter N 

followed the same general trends as litter C in the Holocene samples (Figure 6B), with the litter 

placements in low ground cover patches showing greater loss of N relative to placements in 

higher ground cover patches. In the Pleistocene samples, the overall decline in N was greater in 

the lower ground cover placements, while the high ground cover placements showed a net gain 

in N (Figure 6E). Time was the only factor to significantly influence the C:N ratio (F3,118 = 

131.29, P < 0.001; Figure 6C, F). Carbon and nitrogen concentrations closely tracked mass loss, 
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resulting in strong linear relationships between litter mass remaining and percent C and N 

remaining, with no significant placement effects (Figure 7). 

 

Soil Films and Aggregates 

 

Soil films and aggregates were apparent on leaf litter at the 1-month sampling (Figure 8). Soil 

film development varied qualitatively with patch type in the rank order (most well-developed to 

least) bare soil ~ small mesquite > woody debris dam > medium mesquite > large mesquite > 

grass. Soil films also varied qualitatively between geomorphic surfaces, with litter placed on 

Holocene-age sites showing a greater degree of soil-litter film development than samples placed 

on the Pleistocene-age sites (Figure 8A, D). Twenty-six percent of litter samples on the 

Holocene-age site showed development of aggregates over the duration of the experiment (Table 

4); no aggregate formation was observed on litter placed on the Pleistocene-age landscape. Soil 

aggregates were most commonly found on litter placements with high SLM (Table 4). Rating 

aggregate formation (no aggregates to several aggregates present) across all time periods 

generated the following rank-order: medium mesquite > woody debris dam > small mesquite ~ 

bare soil > grass > large mesquite. Rating aggregate stability from 0 (very unstable; 1 water drop 

caused break down) to 5 (stable; > 20 drops to break down; Table 4), showed the following 

pattern: woody debris dam (2) ~ medium mesquite (2) ~ grass (2) > small mesquite (1) ~ large 

mesquite (1) > bare soil (0). The stability of aggregates occurring on litter collected at later dates 

was comparable to that of aggregates in the 1-month collection. Scanning electron microscope 

images indicated texture differences (e.g., particle sizes) of soil-litter films between Holocene 

(much coarser, thicker films) and Pleistocene (much finer textured films) sites (Figure 8B, E, F). 

Holocene samples showed evidence of soil-litter aggregation with fungal hyphae networks, but 

Pleistocene samples did not (Figure 8B, E, F).  

 

X-ray diffraction analyses indicated that Holocene and Pleistocene soil films were comprised of 

the same clay minerals (kaolinite, mica/illite), whereas the soil films developing on litter placed 

on the Holocene site consisted of quartz and feldspar components that were absent in the 

Pleistocene soil films (Table 5; Figures 9 and 10). 

 

Discussion 

 

Temporal variation of litter mass loss 

 

Like many biological processes in dryland systems, litter decomposition is strongly influenced 

by soil moisture availability (Noy-Meir 1973; Peterjohn and Schlesinger 1991). Several studies 

have shown that mass loss during the initial stages of decomposition occurs when soil is 

moistened by rainfall and water soluble labile compounds are leached (Swift et al. 1979; 
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Hernández et al. 1992; Gallardo and Merino 1993; Whitford 2002; Xu and Hirata 2005). This 

mechanism would explain the initial, rapid loss of litter mass in our study across all land cover 

placements, where mass loss in the first month exceeded that of all other collections combined 

(Figure 3). The largest loss of litter mass was observed during the summer monsoon rains that 

immediately preceded deployment and continued through the first three months of the study. As 

labile fractions were lost, the remaining litter mass would be dominated by recalcitrant 

constituents. Accordingly, percent mass loss per day generally decreased throughout the duration 

of the experiment, with the exception of a spike between 12-18 months where precipitation 

received and mean daily temperature were high (also coincident with the summer monsoon 

season). By the final collection period, the rate of mass loss per day was very low, indicating that 

most of the water soluble labile compounds had been leached and decomposition was occurring 

via different mechanisms (e.g., physical fragmentation).  

 

Influence of woody plant encroachment 

 

Woody plant proliferation has been extensive on the Holocene surfaces of the Santa Rita 

Experimental Range, but has not occurred at nearly the same magnitude on the Pleistocene 

surfaces (McAuliffe 1995). Owing to the marked differences in vegetation structure on the 

contrasting soils, we predicted that decomposition and soil accumulation would differ between 

the contrasting geomorphic surfaces. Our results correspond with a revised conceptual model of 

decomposition in dryland systems subject to shrub encroachment in which the dominant 

processes controlling initial decomposition dynamics shift with time and land cover (Throop and 

Archer 2007). In this model, initial stages of decomposition are relatively rapid in dryland 

grasslands that are comprised of grass patches and interspersed with patches of bare ground, 

where aeolian and fluvial processes promote soil-litter mixing. Initially, young shrubs with 

relatively open canopies will promote decomposition in soils beneath their canopies by 

contributing high quality leaf litter inputs in a very active soil-litter mixing environment. As 

shrubs age and their canopies develop, subcanopy herbaceous cover (e.g., grasses) will likely 

increase, acting as a trap for litter and soil, and more litter will accumulate due to increased input 

of high quality shrub leaf fall and increased capture of materials laterally transported via wind 

and water (Schlesinger and Pilmanis 1998; Okin and Gillette 2001). Decomposition rates of litter 

beneath large, mature shrub canopies and within grass patches should be lower due to a 

combination of limited soil-litter mixing caused by the increased herbaceous cover and litter 

accumulation, as well as lower soil surface temperatures and exposure to solar radiation.  

 

This model generally reflects our results in which we saw greater rates of decomposition (mass 

loss and nutrient loss) and soil accumulation in areas with less herbaceous ground cover and 

greater soil-litter mixing; however, there were unexpected differences in decomposition rates and 

soil accumulation between similar patch types on the contrasting geomorphic surfaces. For 

example, bare ground patches exhibited much greater mass loss in Holocene samples than 
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Pleistocene, whereas small mesquite patches exhibited greater mass loss in Pleistocene samples 

than in Holocene (Table 1); conversely, soil accumulation was generally comparable between 

these same patches (Table 2). Since these are both high flux environments with little to no 

herbaceous ground cover, it would be expected for them to behave similarly in terms of SLM 

and decomposition; however, the discrepancies between soil accumulation and observed 

decomposition rates in these patches indicates that there is more at work than our data can 

explain. Potential explanations for these differences include the community composition and 

activity of microbial decomposers, which are likely to be different on the contrasting geomorphic 

surfaces, the greater exposure to radiant energy in bare ground patches relative to that beneath 

shrub canopies, and the overall magnitude of surface soil flux (and consequently SLM) during 

overland flow events, which will be greatly reduced on the Pleistocene surface relative to the 

Holocene surface due to the extensive grass cover on the former. 

 

Woody debris in forest systems can act as a “dam” around which sediment and organic matter 

accumulates, improving soil stability, increasing moisture, nutrients, and seed germination, and 

decreasing erosion (Harmon et al. 1986; Mitchell and Humphreys 1987; Eddy et al. 1999). 

Where shrubs have proliferated in drylands, woody debris dams create potential decomposition 

and soil accumulation hot spots whose density would increase as shrub cover increases. Our 

results support the supposition that these high flux litter dams will experience greater rates of 

mass loss relative to low flux areas such as grass patches and beneath large mesquite canopies 

(Table 1); however, patterns of soil accumulation were not as clear cut as mass loss (Table 2). 

These results may have implications for the spatial distribution of soil nutrients, the formation of 

stable soil aggregates, and the development of fertile “hot spots” due to positive feedback 

mechanisms present in these microclimates; the presence of and dynamics occurring within these 

decomposition hot spots must be considered when modeling biogeochemical processes in shrub-

invaded dryland systems. 

 

Influence of patch and soil surface types 

 

Our hypotheses that soil-litter mixing would have a net positive effect on decomposition and that 

development of soil films and aggregates would be inversely related to ground cover and surface 

soil texture were supported. Soil accumulation and litter mass loss were greatest in patches that 

likely experienced higher aeolian and fluvial movement of surface sediments (i.e., areas with low 

surface vegetation cover) relative to areas that ostensibly experienced less redistribution of 

surface sediments (i.e., areas with high surface vegetation cover). The local scale differences in 

surface sediment redistribution by wind and water is influenced strongly by vegetation structure 

(Okin and Gillette 2001; Okin 2008), which was reflected in the differences in soil accumulation 

and soil film development among the land cover placements. Our results agree with those of 

Barnes et al. (2012), who reported that formation of soil films reflected local-scale differences in 

soil transport that were influenced by plant structure, with the most extensive development of 
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films in bare ground patches and the least in grassy patches (Figure 8A, D). Soil accumulation 

and mass loss were much more variable in the Holocene litter bags than the Pleistocene bags, 

whose mass loss was more similar among vegetation patch types. This is likely due to the more 

dynamic nature of the Holocene ground surface, where low levels of grass cover lead to 

increased surface runoff and soil redistribution following rainfall events (Polyakov et al. 2010). 

This in turn leads to greater variation in the degree to which litter is covered by soil and 

eventually buried. The higher and more spatially continuous grass cover on the Pleistocene site 

(see Results above; McAuliffe 1995) effectively obstructs movement of water and sediments 

across the ground surface, resulting in a more stable microenvironment inside the litter bags and 

less variation in mass loss among placements. Possible mechanisms for enhancement of 

decomposition by soil-litter mixing include biological (i.e., increased microbial colonization and 

activity; Schimel and Schaeffer 2012) and physical (i.e., abrasion and UV attenuation; Barnes et 

al. 2012) processes. 

 

Photodegradation, the light-driven loss of organic matter via photochemical mineralization, has 

been identified as an important driver of decomposition that has been overlooked when modeling 

dryland decomposition, perhaps leading to persistent under-predictions of decomposition rates 

(Throop and Archer 2009; Austin 2011). Some studies have shown that solar radiation and 

elevated temperatures at the ground surface are associated with increased litter decomposition in 

dryland ecosystems (Vossbrink et al. 1979; Whitford 2002; Pancotto et al. 2005; Austin and 

Vivanco 2006; Gallo et al. 2006). At our site, ambient UVB ranged from a high of ca. 7 kJ m
-2

 d
-1

 

in summer to a low of 1 kJ m
-2

 d
-1

 in winter, and during summer, PAR and UVB radiation levels 

were reduced 16-57% beneath shrub canopies with UV-B being reduced to a greater degree than 

PAR (Predick et al. 2016). However, despite these large differences in radiation regimes, litter 

decay rates under mesquite canopies was comparable to that of litter in areas between shrub 

canopies. We postulate that accumulation of soil on litter during the weeks and months following 

deployment shielded litter from photodegradation. This is consistent with detailed observations 

in controlled microcosm experiments and conceptual models that predict abiotic drivers that 

predominate when litter is standing give way to biotic drivers that predominate on detached litter 

(Barnes et al. 2012).  

 

Interactions among biotic and abiotic drivers of decomposition and their relative importance may 

vary bioclimatically. Studies in high latitude ecosystems indicate that fungal communities are 

more important that UV radiation in herbaceous litter decomposition (Pancotto et al. 2005). As 

postulated earlier, soil-litter mixing in drylands may promote biotic drivers over abiotic drivers, 

but interactions among detritivore functional groups may also be mediated by soils. For example, 

soil fungi and termites are both potentially important agents of decomposition in drylands 

(Martínez-Yrízar et al. 2007), but inverse correlations between their activities suggest one may 

exclude the other on some substrates or habitats (Moorehead and Sinsabaugh 2006). This 

presents a possible explanation for the presence of fungal hyphae in the Holocene soil films - 
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which were clearly visible on SEM images - and the lack of visible fungal hyphae in any of the 

soil films developing on litter on the Pleistocene-age site. A logical next step would be to 

quantify the extent to which termite activity might vary on the Holocene- and Pleistocene-age 

soils. Although an analysis of the biological composition of the soil films developing on leaf 

litter was beyond the scope of this study, the presence of fungi and microbial exudates 

presumably played a role in binding the soil particles to each other and to the leaf surfaces. The 

presence of these biological agents containing UV-absorbing pigments (i.e., melanin) could 

further attenuate UV penetration to the litter surface (Butler and Day 1998). 

 

Soil mineral composition may also be a factor in film development and the degree of UV 

radiation attenuation. X-ray diffraction indicated that the soil films developing on litter on 

Holocene- and Pleistocene-age soils were composed of the same clay mineral components 

(kaolinite, mica/illite), whereas the Holocene soil films contained quartz and feldspar 

components that were missing in the Pleistocene films. Differences in soil-mineral assemblages 

between Holocene and Pleistocene sites may serve to influence decomposition through a variety 

of mechanisms, including a differential influence on UV attenuation (Rasmussen et al. 2005) and 

the composition and activity of microbial communities (Lauber et al. 2008; Kim et al. 2013). The 

quartz and feldspar components of the Holocene soil films could shield microorganisms from 

harmful levels of UV radiation and reduce thermal and moisture stress (Wynn-Williams and 

Edwards 2000, 2002; Cockell et al. 2008; Pointing and Belnap 2012; Makhalanyane et al. 2015). 

Accordingly, the presence of these mineral components may promote microbial abundance and 

activity and thus decomposition. 

 

Observed changes in C and N over time indicate that observed litter mass losses were not 

exclusively due to physical fragmentation of the mesquite leaflets. A 1:1 relationship between 

litter C or N and mass remaining would indicate physical fragmentation as the sole mechanism 

for litter mass loss (Hobbie 2000; Hobbie et al. 2000; Aerts et al. 2006). However, litter on both 

geomorphic surfaces diverged from this (Figure 7). Our data suggest the occurrence of both 

abiotic physical fragmentation and biotic activity, as litter N waxed and waned (Figure 6). 

However, the extent to which increases in N observed on some sample dates were due to an 

influx from microbial byproducts or the loss of non-N compounds due to preferential biological 

metabolism or physical breakdown is not known.  

 

Conclusions and Implications 

 

This research indicates that ecosystems transitioning from grass-dominated to shrub-dominated 

vegetation communities will experience significant shifts in patterns of soil-litter mixing and 

decomposition, with the loss of grasses and increase in bare ground resulting in increased SLM 

and decomposition rates. Ecosystems that are geomorphically diverse will experience these 
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changes at different magnitudes across their divergent surfaces, owing to the different rates at 

which they may undergo shifts in plant life form composition. The link between soil properties 

and changes in vegetation community characteristics is strong, as evidenced by the distinct 

contrasts between Holocene and Pleistocene surfaces in our study area. Our results signify the 

importance of considering soil properties when assessing SLM and decomposition dynamics in 

drylands experiencing vegetation change. Although not explicitly quantified in this study, our 

results allow us to speculate that biotic activity and photodegradation were both acting as 

decomposition drivers and were both influenced by surface ground cover and soil movement, 

although the relative influence of SLM overrode that of photodegradation in this study. This is 

evidenced by the comparable rates of decomposition under shrub canopies and in intercanopy 

areas, despite the large differences in radiant energy exposure between vegetation patch types. 

Soil-litter mixing and subsequent formation of soil aggregates has implications for organic 

carbon storage, stabilization of soil surfaces, and the formation of microbial crusts. Ongoing 

shifts in dryland life-form composition (i.e., from grass to shrub domination), driven by changes 

in climate and land use, will likely increase soil movement (Okin et al. 2009) and hence SLM in 

these ecosystems. The role of SLM in litter decomposition in globally extensive dryland 

ecosystems will likely be magnified under future conditions. Additional studies are needed to 

elucidate how SLM drives physical and biological aspects of dryland litter decomposition. 

 

This research addresses decomposition in the context of changes in plant life form composition 

(i.e., grass to shrub), a globally extensive phenomenon occurring in dryland ecosystems.  

The increase in woody plant cover that is occurring in drylands around the world is influencing 

patterns of erosion and redistribution of soil and plant litter on the ground surface. These patterns 

exhibit a high spatial heterogeneity and are controlled by interactions between vegetation patch 

structure, local wind patterns, and surface hydrology (Breshears et al. 2003; Gillette and 

Pitchford 2004; Li et al. 2007). These factors interact to influence deposition patterns of soil and 

plant litter across the landscape (Shen et al. 2011). Interactions between vegetation patch 

structure, litter inputs, and aeolian and fluvial transport processes will likely increase as the 

spatial heterogeneity of dryland vegetation communities increases; as a result of these multi-

scale changes, the role of SLM in dryland decomposition will likely become stronger and should 

be incorporated as an integral component in future efforts to model dryland biogeochemical 

processes. Determining a ‘saturation point’ (i.e., a level of SLM beyond which decomposition 

rates are no longer influenced), and how long it takes to reach that point in different vegetation 

patch types, will be a critical next step toward building better dryland decomposition models. 
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Table 1. Decay constants (k, Eq. 2) and R
2
 values for Prosopis velutina (velvet mesquite) leaf 

litter in six different patch types on Holocene- vs. Pleistocene-age geomorphic surfaces. Within 

each geomorphic surface, values with the same lowercase superscripts do not differ significantly 

(α > 0.05). Maximum (*) and minimum (**) values are noted on each site.  

 

Patch Type 
Holocene  Pleistocene 

k (y
-1

) R
2
   k (y

-1
) R

2
 

Bare Soil 1.35
a*

 0.76  0.64
a 

0.84 

Grass 0.67
b 

0.86  0.56
b**

 0.78 

Mesquite - Small 0.62
b 

0.85  0.94
c*

 0.97 

Mesquite - Medium 1.26
c 

0.87  0.77
d 

0.84 

Mesquite - Large 0.53
d**

 0.70  0.71
d 

0.94 

Woody Debris Dam 1.15
c 

0.84   --- --- 

Pooled Across Patch Types 0.80 0.91   0.70 0.92 
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Table 2. Mean (± SE; n = 3) soil accumulation (% ash index) on Holocene-age (H) and 

Pleistocene-age (P) geomorphic surfaces. Within each geomorphic surface, values with the same 

superscripts did not differ significantly (α > 0.05). Differences between patch types on H vs. P 

surfaces were all significant. Soil-free leaves averaged 10.4% ± 0.00% ash. 

 

1 month collection - H and P sites differed significantly (F1,29 = 5.64, P = 0.028) 

Patch Type 
Holocene (H) Pleistocene (P) 

H:P Ratio 
Mean SE  Mean  SE  

Bare Soil 46.1
a
 0.4 42.2

a
 1.2 1.09 

Grass 38.3
b
 0.9 18.7

b
 0.1 2.05 

Mesquite - Small 61.3
c
 0.6 32.2

c
 0.3 1.90 

Mesquite - Medium 48.9
a
 1.4 40.2

a
 0.8 1.22 

Mesquite - Large 21.2
d
 0.1 24.6

d
 0.8 0.86 

Woody Debris Dam
1
 37.6

b
 0.8 --- --- --- 

12 month collection - H and P sites differed significantly (F1,28 = 3.51, P = 0.044) 

Patch Type 
Holocene (H) Pleistocene (P) 

H:P Ratio 
Mean SE  Mean  SE  

Bare Soil 50.1
a
 1.0 45.8

a
 1.0 1.09 

Grass 42.6
b
 0.8 32.2

b
 0.3 1.32 

Mesquite - Small 55.2
c
 0.3 51.0

c
 0.8 1.08 

Mesquite - Medium 51.1
a
 0.9 45.1

a
 1.2 1.13 

Mesquite - Large 35.4
d
 0.6 29.9

b
 1.2 1.18 

Woody Debris Dam
1
 44.1

b
 0.9 --- --- --- 

24 month collection - H and P sites differed significantly (F1,28 = 3.39, P = 0.041) 

Patch Type 
Holocene (H) Pleistocene (P) 

H:P Ratio 
Mean SE  Mean  SE  

Bare Soil 35.6
a
 0.8 56.6

a
 0.3 0.63 

Grass 56.8
b
 1.0 42.1

b
 0.3 1.35 

Mesquite - Small 48.9
c
 0.9 42.9

b
 0.5 1.14 

Mesquite - Medium 58.6
b
 1.3 46.7

c
 0.9 1.25 

Mesquite - Large 56.9
b
 0.04 46.7

c
 0.4 1.22 

Woody Debris Dam
1
 58.1

b
 0.2 --- --- --- 

1
Not assessed on Pleistocene site (see Methods) 
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Table 3. Slope, intercept, R
2
, and P-values (level of significance, α = 0.05) for regression 

relationships between soil accumulation (% ash index) and litter mass remaining (% ash-free dry 

mass) on Holocene- and Pleistocene-aged surfaces for patch types pooled across all sampling 

dates and for data pooled across all placements and both surfaces. Regression lines are shown in 

Figure 4. 

 

Holocene 

Land Cover Placement Slope Intercept R
2
 P-value 

Bare Soil -0.7739 78.653 0.2154 0.081 

Grass -1.0107 90.681 0.4587 0.002 

Mesquite - Small -0.9187 89.785 0.4100 0.004 

Mesquite - Medium -1.1093 85.039 0.4414 0.003 

Mesquite - Large -1.4241 94.502 0.7308 <0.001 

Litter Dam -1.4468 95.076 0.6080 <0.001 

Pooled -1.0668 87.589 0.4350 <0.001 

Pleistocene 

Land Cover Placement Slope Intercept R
2
 P-value 

Bare Soil -1.0979 92.28 0.5382 <0.001 

Grass -1.8759 103.23 0.7633 <0.001 

Mesquite - Small -1.5828 101.74 0.6091 <0.001 

Mesquite - Medium -1.0749 83.99 0.4202 0.004 

Mesquite - Large -1.6330 99.706 0.7276 <0.001 

Pooled -1.2831 91.538 0.5478 <0.001 

All Data Pooled -1.1276 88.294 0.4755 <0.001 
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Table 4. Soil aggregate prevalence (percentage of litterbags with aggregates [n = 18 / patch type) 

and aggregate stability (number of water drops to disrupt aggregates) in litterbags on differing 

Holocene placements. Data shown encompass the duration of the experiment (2 y). No soil 

aggregates were found in litterbags placed on Pleistocene-age sites. 

Patch Type 
Percentage of litterbags 

with aggregates present 

Average number of water 

drops to disrupt aggregates 

Bare Soil 22.2 % 0 

Grass 11.1 % 2 

Mesquite - Small 27.8 % 1 

Mesquite - Medium 55.6 % 2 

Mesquite - Large 5.6 % 1 

Woody Debris Dam 33.3 % 2 
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Table 5. Clay size fraction minerals identified by XRD analysis on soil films formed on leaf 

surfaces on Holocene and Pleistocene sites. 

Identified clay size fraction minerals 

Holocene 

Clay minerals Non-clay minerals 

Kaolinite Quartz 

Mica/Illite Albite & K-Feldspar (feldspar peaks along with increased 

quartz peaks are seen on KCl slides due to the presence of 

silt) 

Pleistocene 

Clay minerals Non-clay minerals 

Kaolinite --- 

Mica/Illite --- 
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Figure 1. A) Aerial view of alluvial fans on the Santa Rita Experimental Range (SRER), AZ 

illustrating contrasts in vegetation cover on Holocene- (left, tan hue) and Pleistocene-age (right, 

reddish hue) soils (Photo: Bill Cable, 2003). Black spots are velvet mesquite (Prosopis velutina) 

shrubs; light grey areas are herbaceous ground cover. B) Ground-level view of experimental field 

sites at the SRER in February 2014. Mesquite communities on sandy-loam Holocene-age 

surfaces (left) exhibit low grass cover, large patches of bare ground and large shrubs. 

Conversely, clay-loam Pleistocene-age surfaces (right) exhibit higher grass cover, lower bare 

ground cover and smaller, sparser shrubs. We sought quantify levels of soil-litter mixing on these 

contrasting sites and its effect on leaf litter mass loss and soil aggregate development. 
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Figure 2. Mean ash-free dry mass remaining through time for Prosopis velutina leaf litter in A) 

Holocene and B) Pleistocene litterbag placements on the Santa Rita Experimental Range. Daily 

precipitation (bars) and mean daily air temperature (line) are given in (C). Litterbags were 

deployed on 15-16 July 2010. A negative exponential decay function for mass loss (Eq. 2; k, y
-1

) 

was fitted to values pooled across treatments at each site (solid line; see also Table 1); inset 

graph in (B) depicts the fitted lines in A and B for comparison) Standard error (bars omitted for 

clarity) averaged across all times and placements were 3.2 and 3.4 for Holocene and Pleistocene 

geomorphic surfaces, respectively. 



 

106 

 

 
Figure 3. Percent mass loss per day in relation to precipitation received (standardized in 

millimeters per month) for Prosopis velutina leaf litter in Holocene-age and Pleistocene-age 

placements on the Santa Rita Experimental Range. Inset box shows precipitation received (PPT; 

mm/month) and mean daily temperature (T; ºC) for each sample period. 
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Figure 4. Relationship between soil accumulation (% ash index) and litter mass remaining (% 

ash-free dry mass) for patch types pooled across all sampling dates. Soil-free leaves averaged 

10.4% ± 0.00% ash. Slope, intercept, R
2
 and significance for the various lines are given in Table 

3. 
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Figure 5. Soil accumulation in litterbags on Holocene-age sites relative to that on Pleistocene-age 

sites, expressed in terms of a soil accumulation (% ash index) ratio after 1, 12, and 24 months as 

a function of vegetation patch type. 
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Figure 6. Mean ash-free percent C and N remaining and C:N ratio of mesquite leaf litter in 

different patch types on Holocene- (A, B, C) and Pleistocene-age (D, E, F) soils. Standard error 

(bars omitted for clarity) averaged across all placements and times are 6.3, 7.3, and 0.41, for C, 

N, and C:N respectively. ANOVA results are shown in inset tables; P = vegetation patch type, 

GS = geomorphic surface, T = time. 
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Figure 7. Relationship between mass remaining and litter C and N concentration on Holocene- 

(A, B) and Pleistocene-age (C, D) sites. The solid line indicates the 1:1 relationship; the dashed 

line depicts a linear regression. P < 0.001 for all regressions. 
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Figure 8. Soil films (A, D) and soil aggregates (C) on leaf litter on the 1-month collection date on 

Holocene- and Pleistocene-age sites. Development of soil-litter films varied with patch type (A, 

D), with litter on bare soil having the most well-developed films, followed by subcanopy 

mesquite (medium size) and grass patch placements. Scanning electron microscope images 

indicate differences in the texture (e.g., particle sizes) of soil films developing on litter surfaces 

on Holocene (B) and Pleistocene (E) sites. Holocene placements showed evidence of soil-litter 

aggregation with fungal networks (B, F), but Pleistocene samples did not (E). 
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Figure 9. X-ray diffraction (XRD) patterns for soil films formed on leaf surfaces on Holocene 

site; sample consisted of soil pooled from films formed on leaves across the first 5 collection 

dates (0 – 12 months). 
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Figure 10. X-ray diffraction (XRD) patterns for soil films formed on leaf surfaces on Pleistocene 

site; sample consisted of soil pooled from films formed on leaves across the first 5 collection 

dates (0 – 12 months). 
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APPENDIX C 

Seasonal differences in soil-litter mixing and decomposition in a shrub-invaded Sonoran 

Desert grassland  

 

Abstract 

 

The global phenomenon of woody plant encroachment into grass-dominated ecosystems 

redistributes carbon among terrestrial reservoirs and influences decomposition via vegetation 

structure and geomorphic substrate effects on soil-litter mixing (SLM) and photodegradation by 

UV radiation (Appendices A, B). Here, we examine how seasonality in a subtropical bioclimatic 

zone mediates litter mass loss in the context of these interacting variables. We hypothesized that 

(i) initial decomposition rates and SLM would be lowest in samples deployed during winter 

relative to those deployed in summer owing to cooler temperatures and the preponderance of 

precipitation arriving as prolonged, gentle rain and highest in summer-deployed samples owing 

to higher temperatures and the preponderance of rain delivered with high-intensity convectional 

thunderstorms, but (ii) over the longer term, SLM and mass loss would be comparable. Mesh 

bags containing leaf litter of the encroaching shrub Prosopis velutina were deployed in summer 

(July) and winter (January) on a Holocene-age sandy soil and a Pleistocene-age clayey soil and 

situated under and away from shrub canopies and on inter-shrub areas with low and high grass 

cover. Consistent with expectations, litterbags deployed in winter had significantly slower initial 

rates of mass loss and far less soil accumulation in the month following deployment. However, 

our prediction that mass loss and SLM would be comparable over the longer term was not 

supported. Although soil accumulation after 2 y was not significantly different between seasons, 

mass loss at the end of the 2 y monitoring period was greatest in the winter-deployed litter. 

Contrary to the summer deployment, winter litterbags did not have any soil aggregates present 

throughout the 2 y monitoring period. These differences in SLM and decomposition can likely be 

attributed to the conditions experienced by litter in the initial stages of decomposition: higher 

temperature and moisture conditions for the summer deployment favored more rapid loss of 

labile materials from litter in the first months compared to winter litter. The overall greater rate 

of mass loss in winter samples may possibly be attributed to the extended period of exposure the 

winter litter experienced prior to the summer monsoon season; when warmer, wetter conditions 

began, the winter litter had been “primed” by biotic and abiotic factors to lose mass more 

rapidly, thus surpassing summer decomposition rates. These results signify the need to account 

for seasonality of litter fall and climate conditions and their interactions with SLM when 

modeling decomposition dynamics in systems with low plant cover and high rates of aeolian and 

fluvial soil movement. 
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Introduction 

 

Arid and semiarid ecosystems (hereafter ‘drylands’) play an integral role in the global carbon 

cycle, accounting for nearly 40% of terrestrial surface area, 30% of terrestrial net primary 

productivity, and 20% of the global soil organic carbon pool (Bailey 1996; Field et al. 1998; Lal 

2004). Drylands also play an important socioeconomic role, supporting more than 38% of the 

world’s population and a large proportion of livestock (Turner et al. 1990; Reynolds et al. 2007). 

Despite their relative importance, dryland biogeochemical processes remain poorly understood 

relative to their mesic counterparts (Throop and Archer 2009; Austin 2011). It is increasingly 

important that this knowledge gap be addressed given the widespread ecological changes 

occurring in drylands around the world, particularly the expansion of woody plants into grass-

dominated ecosystems over the last century (Archer et al. 2017). This widespread shift in 

ecosystem structure has the potential to affect long-term carbon (C) and nitrogen (N) cycles at 

ecosystem, regional, and global scales by influencing above- and below-ground productivity, the 

quality and quantity of plant litter inputs, changing microclimate conditions, and altering 

hydrological processes (Boutton et al. 2009; Eldridge et al. 2011; Barger et al. 2012). Drylands 

are also likely to experience increases in the severity and frequency of droughts (IPCC 2007), 

further altering the biogeochemical processes occurring in these systems. An improved 

understanding of the controls over dryland biogeochemical cycling and their response to 

changing environmental conditions is therefore critical for accurately modelling global 

biogeochemical processes.  

 

A fundamental component of biogeochemical cycling is the decomposition of organic matter, 

which exerts strong control over soil fertility, affects the fate and residence time of C and N in 

soil pools, and can influence plant community composition and production (Hobbie 1992; Aerts 

1997; Berg et al. 2005). The relatively low levels of plant litter input and small nutrient pools in 

drylands make decomposition a particularly important contributor to plant-available nutrients 

(Moorhead and Reynolds 1991). Despite the importance of decomposition in biogeochemical 

processes, our understanding of the drivers controlling decomposition in drylands is limited, 

particularly in relation to woody plant encroachment. Our ability to accurately model 

decomposition dynamics in drylands has lagged behind that of more mesic systems, ostensibly 

reflecting a need to account for processes that may be unique to systems characterized by low 

and spatially variable ground cover, high rates of soil movement, and high levels of radiant 

energy deposition at the soil surface (Parton et al. 2007; Adair et al. 2008; Throop and Archer 

2009). The under-prediction of dryland decomposition rates by current ecosystem models is 

likely due to a failure to sufficiently account for drivers that are unique to these systems, such as 

soil-litter mixing, photodegradation, and pulsed rainfall events (Huxman et al. 2004; Throop and 

Archer 2009; King et al. 2012; Barnes et al. 2015). 
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Soil-litter mixing (SLM), a process characterized by the mixing of plant litter with aeolian and 

fluvial soils, has been found to accelerate plant litter decomposition in drylands (Throop and 

Archer 2007; Barnes et al. 2012; Hewins et al. 2013; Hewins and Throop 2016). Although the 

mechanisms by which SLM accelerates decomposition remain unclear, there are several 

possibilities, including physical abrasion of the litter surface, which may increase the surface 

area available for decomposer activity or nutrient leaching; soil acting as a transport vector and 

enhancing microbial colonization; and creation of litter microclimates more favorable for 

decomposers (reviewed in Barnes et al. 2015). Another important driver of dryland 

decomposition rates is solar radiation, which has been shown to increase decomposition both 

directly, by physically degrading organic compounds within the plant litter (i.e., 

“photodegradation”), and indirectly, by changing the chemical composition of the litter to 

enhance microbial decomposition (known as “photopriming”; reviewed in King et al. 2012). 

However, the role of UV radiation in dryland decomposition remains unclear, with studies 

showing strong positive (Austin and Vivanco 2006), minimal (Kirschbaum et al. 2011; Uselman 

et al. 2011) and negative UV effects (Zepp et al. 1998; Paul and Gwynn-Jones 2003). 

Interactions between SLM and photodegradation are likely, with their relative importance 

changing over time. Photodegradation may dominate until soil-litter films are formed, at which 

point litter is shielded from radiation and microbial-mediated processes become predominant 

(Barnes et al. 2012). These interactions are likely mediated by variations in ground cover, which 

influence the movement of soil across the landscape by wind and water and the local radiant 

energy environment (Barnes et al 2015). The above studies are advancing our understanding of 

how surface litter decomposition is influenced by SLM and solar radiation, but as yet we know 

little about the magnitude or consequences of seasonal variation that might occur with these 

interacting processes. 

 

Although precipitation and temperature have long been recognized as primary drivers of 

decomposition across a wide range of climate zones (e.g., Meentemeyer 1978; Couteaux et al. 

1995; Aerts 1997), their role in controlling dryland decomposition dynamics remains poorly 

understood. Precipitation and temperature regimes occurring in drylands in the southwestern US 

are notably different than those experienced in boreal, temperate, or tropical regions (Sheppard et 

al. 2002). The Sonoran Desert experiences a bimodal precipitation regime, with total annual 

rainfall divided approximately equally between summer monsoons and winter rains. The high 

intensity nature of summer precipitation pulses favors SLM through the generation of overland 

flow, whereas the low intensity winter storms do not. While summer climate conditions will be 

more favorable for biotic decomposer activity, temperatures are suitable for biological activity 

during much of the winter season as well. The size and frequency of precipitation pulses are 

known to influence microbial activity and photodegradation (Brandt et al. 2007; Smith et al. 

2010), and their importance may increase due to the projected increases in the frequency and 

duration of drought in these systems resulting from climate change (Seager et al. 2007; Fawcett 

et al. 2011; Munson et al. 2012). Woody plants in the Sonoran Desert, in particular the winter-
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deciduous mesquite (Prosopis spp.), drop most of their leaves in the winter season, primarily 

between November and February (Cable 1977; Nilsen et al. 1983; Villegas et al. 2010). 

Sometimes they become tardily deciduous, dropping their leaves later in the year in response to 

cold snaps rather than photoperiod (McMillan and Peacock 1964; Nelson et al 2002). However, 

they continue to add foliage to the surface litter pool throughout the year (S. Archer, unpublished 

data), with leaf area reductions occurring in the summer season in response to drought. Seasonal 

variability in climate and litter input will interact with SLM and photodegradation dynamics to 

drive decomposition in dryland ecosystems; these interactions may be particularly important in 

drylands undergoing large scale vegetation changes such as woody plant encroachment. 

 

This study quantifies the extent to which seasonality of litter fall mediates the influence of 

vegetation patch type, geomorphic substrate, and SLM on the decomposition of shrub (velvet 

mesquite, Prosopis velutina Woot.) leaf litter. We hypothesized that (i) initial decomposition 

rates and SLM would be lower in samples deployed during winter relative to those deployed in 

summer owing to cooler temperatures and the preponderance of precipitation arriving as 

prolonged, gentle rain and higher in summer-deployed samples owing to higher temperatures and 

the preponderance of rain delivered with high-intensity convectional thunderstorms, but (ii) over 

the longer term, SLM and mass loss would be comparable. 

 

Methods 

 

Study Site 

 

The study was conducted at the Santa Rita Experimental Range (SRER; 

http://cals.arizona.edu/srer/) in southeastern Arizona. Vegetation and soils are described in detail 

in Appendix B. The southwestern US is characterized as having a semiarid, warm climate that 

experiences high spatial and temporal climatic variability due to its location between the mid-

latitude and subtropical atmospheric circulation regimes, its complex topography, and its 

proximity to the Pacific Ocean, the Gulf of California, and the Gulf of Mexico (Sheppard et al. 

2002). The Sonoran Desert experiences a bimodal precipitation regime, receiving convective 

monsoon storms during summer months (July – September) and frontal storms from the Pacific 

during winter months (November – March). The nature of precipitation events varies 

dramatically between the two seasons, with summer monsoon storms building rapidly as a result 

of convective heating of moist air, producing short, high intensity storms. Conversely, winter 

storms are typically large in spatial extent, low in intensity, and can persist for several days 

(Sellers and Hill 1974; Sheppard et al. 2002). Summer precipitation accounts for about half of 

the total annual rainfall, while winter accounts for an average of 30%. There is typically a very 

dry period preceding the onset of the summer monsoons and a relatively dry fall period prior to 

the winter rainy season. At the SRER, mean annual precipitation ranges from 275 to 450 mm/y 

along an elevation gradient; mean annual precipitation at our experimental sites is 370 mm 
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(1923-2013). Mean annual temperature in Arizona is 17°C and varies widely on both daily and 

seasonal scales, displaying a maximum in midsummer and a minimum in midwinter (Sheppard et 

al. 2002). At the SRER, maximum temperatures occur in June (33.8°C) while minimum 

temperatures occur in January (3.2°C).  

 

Litter Collection and Litter Bag Construction 

 

Mesquite leaves were collected on 21 December 2011, dried at 30°C for 5 days (well below 

maximum temperatures experienced by plants in this location) and stored in the lab at room 

temperature. Mean (± SE) C, N and ash content of these soil-free leaves was 46.5% ± 0.19%, 

2.7% ± 0.03%, and 10.4% ± 0.0004%, respectively. Litter bags (10 x 10 cm) were constructed 

from 20 x 20 mesh (0.9 mm openings) black fiberglass window screen (Phifer Wire Products, 

Tuscaloosa, Alabama, USA) and filled with 2 g of mesquite leaflets.  

 

Litter Bag Deployment, Placement and Collection 

 

Litter bags were deployed on Holocene- and Pleistocene-age surfaces in settings representing 

contrasting vegetation patch types in the context of woody plant encroachment. Patch types 

include small, medium, and large mesquite trees, grass patches, bare soil, and woody debris 

dams. These geomorphic surfaces, patch types, and litter bag placements are described in detail 

in Appendix B. The summer treatment consisted of deploying a total of 198 litter bags on 15-16 

July 2010 (Holocene soil: 6 placements x 6 collection dates x 3 replicates per placement/date; 

Pleistocene soil: 5 placements x 6 collection dates x 3 replicates per placement/date). Litterbags 

were similarly deployed on 23 January 2012. Litterbags deployed for the winter treatment in a 

given patch type were situated within 3 meters of the summer litter bags in the same patch type 

(but not the same patch). One litter bag from each placement × geomorphic surface replicate was 

collected at the time of deployment (T0) and at 1, 3, 6, 12, and 24 months post-deployment. Air 

temperatures and daily precipitation during the study period were obtained from the FLUXNET 

data portal (ORNL DAAC 2016) for the Santa Rita Mesquite Savanna site, located 2.0 km from 

the Holocene site and 4.7 km from the Pleistocene site. 

 

Sample Analyses 

 

At the time of collection, litter bags were placed in a zip-loc bag and stored in a cooler for 

transport to the lab where they were dried at 60°C for 24 hours. Dried samples were then 

processed and analyzed as described in Appendix B. All data were subsequently analyzed on an 

ash-free basis to exclude mass gain from mineral soil. Percentage ash remaining was used as an 

index of soil accumulation (Throop and Archer 2007). Litter decomposition was assumed to be 

the proportional difference in ash-free dry mass between the initial (T0) and subsequent 
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collection dates, where M0 = initial weight, Mt = weight at time t, ash = proportion of ash at time 

t, and 𝑎𝑠ℎ̅̅ ̅̅ ̅
0 = mean ash at T0: 
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The decay constant, k, was determined for each placement × geomorphic surface combination 

using a single exponential decay model (Olson 1963): 

 
kt

t eMM  0      [Eq. 2] 

 

where Mt is the litter mass at time t and M0 is the initial litter mass. A double-pool exponential 

decay model was also assessed, but did not substantially improve model fit. Single exponential 

models were therefore used in the interest of simplicity and to facilitate comparisons with other 

studies. Statistical analyses for winter deployment mass loss, soil accumulation, and C and N 

were performed as described in Appendix B using R (R Development Core Team 2011) and 

SigmaPlot version 11.0 (Systat Software Inc., San Jose, California, USA). Comparisons between 

winter and summer deployments were performed using analysis of variance and multiple 

comparison procedures (Tukey test). 

 

Results 

 

Results from the summer litterbag placements are presented in Appendix B. The following 

sections summarize the results from the winter litterbag placements. The last section then 

compares the winter litterbag placements with the summer placements. 

 

Mass Loss 

 

Geomorphic surface (F1,193 = 14.18, P < 0.001), vegetation patch type (F4,193 = 11.30, P < 0.001), 

and time since deployment (F5,193 = 1078.01, P < 0.001) significantly influenced litter mass loss 

(Figure 2A, B). Highest rates of mass loss occurred during the first month despite the fact that 

this was a relatively dry, cool period (Figure 2), although there were no significant differences in 

percent mass loss per day as a function of precipitation received (P = 0.1). Significant interaction 

terms included geomorphic surface × time (F5,193 = 5.40, P < 0.001), vegetation patch type × 

time (F20,193 = 4.53, P < 0.001), and geomorphic surface × vegetation patch type × time (F20,193 = 

2.147, P = 0.006). The single exponential decay models (Eq. 1) explained 80 to 99% of the 

variance (Table 1). The decay constant, k, varied 2.7-fold, ranging from 0.49 to 1.32. 
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Soil Accumulation on Litter Surfaces 

 

Vegetation patch type (F4,193 = 3.34, P = 0.013) and time since deployment (F5,193 = 210.53, P < 

0.001) significantly influenced litter ash content, an index of soil accumulation on litter surfaces 

(Figure 3). Significant interaction terms included geomorphic surface × time (F5,193 = 2.67, P = 

0.026) and vegetation patch type × geomorphic surface × time (F20,193 = 2.49, P = 0.001). Levels 

of soil accumulation on Holocene site litter were generally greater than that on Pleistocene site 

litter across collection dates (Table 2, Figure 7). Soil accumulation was typically greatest in 

patch types with low herbaceous ground cover (e.g., bare soil) and lowest in patches with high 

herbaceous ground cover (e.g., grass, large mesquite; Table 2, Figure 8).  

 

Litter Carbon and Nitrogen Dynamics 

 

Vegetation patch type (F4,149 = 2.73, P = 0.033) and time (F4,149 = 129.99, P < 0.001) 

significantly influenced ash-free litter C concentration ([C]); there were no significant 

interactions. Litter C decreased over time on both geomorphic surfaces (Figure 4A, D). Patterns 

of litter C differed between patch types through time, with litter in the low ground cover, high 

soil movement placements (bare soil, small and medium mesquite) losing more C in both 

Holocene and Pleistocene samples than those in placements with higher ground cover (grass and 

large mesquite).  

 

Geomorphic surface (F1,149 = 8.09, P = 0.005), vegetation patch type (F4,149 = 4.11, P = 0.004), 

and time (F4,149 = 47.58, P < 0.001) influenced ash-free litter N concentration ([N]) significantly; 

only the geomorphic surface × time interaction was significant (F4,149 = 2.89, P = 0.026). Litter 

N followed the same general trends as litter C in the Holocene and Pleistocene samples (Figure 

4B, E), with the litter placements in low ground cover patches showing greater loss of N relative 

to placements in higher ground cover patches. Carbon to nitrogen ratio (C:N) was significantly 

influenced by geomorphic surface (F1,149 = 20.68, P < 0.001) and time (F4,149 = 158.61, P < 

0.001). The C:N ratio increased slightly in the 3 months following deployment, followed by a 

general decrease on both geomorphic surfaces (Figure 4C, F). Litter C and N closely tracked 

mass loss, resulting in strong linear relationships between litter mass remaining and percent C 

and N remaining (Figure 5). 

 

Summer versus Winter Decomposition Dynamics 

 

Although initial percent mass loss (0 – 6 months) was greater in samples deployed in the summer 

(Figure 2; Figure 3 in Appendix B), samples deployed in winter had a greater overall rate of 

mass loss (k) than those deployed prior to the summer monsoon season (Figure 6). Differences 

between percent mass remaining for summer and winter deployments were statistically 

significant (P < 0.001). Initial ash accumulation was significantly greater at 1 month post-
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deployment in summer samples than in winter samples (P < 0.001), but ash content was 

comparable between summer and winter samples at 12 and 24 months post-deployment (Figure 

8). The relationship between mass remaining and soil accumulation followed similar patterns in 

summer and winter deployments, although the model fit was much stronger on both geomorphic 

surfaces in the winter deployment (Figure 9).  

 

Soil accumulation on contrasting geomorphic surfaces was typically greater on Holocene 

samples than Pleistocene samples for both summer and winter deployments (Table 2, Figure 7). 

Patterns of soil accumulation within the various vegetation patch types were similar for summer 

and winter deployments, with the exception of the 1 month winter samples, which experienced 

significantly less soil accumulation than the summer samples at 1 month post-deployment (Table 

2, Figure 8). In contrast to the summer deployment (Appendix B), there were no soil aggregates 

recorded in any litterbags on either geomorphic surface through the duration of the winter 

deployment. The differences in percent C and N and C:N ratio among treatment groups were 

significant (P = 0.032, P < 0.001, P < 0.001, respectively) for summer and winter deployments. 

Litter C and N closely tracked mass loss for both deployments, resulting in strong linear 

relationships between litter mass remaining and percent C and N remaining (Figure 10); the 

differences between summer and winter were not significant. 

 

Discussion 

 

Effect of vegetation patch and soil surface types 

 

Soil-litter mixing generally displayed a net positive effect on decomposition, with higher litter 

mass loss in patches that likely experienced higher aeolian and fluvial movement of surface 

sediments (i.e., areas with low surface vegetation cover) relative to areas that experienced less 

redistribution of surface sediments (i.e., areas with high surface vegetation cover). However, the 

samples deployed within grassy patches exhibited the greatest rate of mass loss for the winter 

Pleistocene experiment, which was unexpected as there was less soil accumulation in those 

samples relative to all the other patch types on the Pleistocene surface (Figure 8). As expected, 

the bare soil patches had the greatest decomposition rate for the winter Holocene samples, 

although k (Table 1) and soil accumulation values (Table 2; Figure 8) were very similar for most 

patch types on the Holocene surface. The local-scale differences in surface sediment 

redistribution by wind and water are influenced strongly by vegetation structure (Okin and 

Gillette 2001; Okin 2008), which is reflected in the differences in soil accumulation among the 

land cover placements that were observed in the summer experiment (Appendix B). However, 

these differences were not as clearly reflected in the winter experiment, presumably due to the 

nature of the precipitation events the litter bags were exposed to through the duration of the 

experiment (i.e., fewer high intensity storms that generated overland flow and promoted SLM). 
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It was expected that mass loss would be much more variable in the Holocene litter bags as 

compared to the Pleistocene litter bags, whose mass loss was expected to be more similar among 

vegetation patch types (Appendix B). The higher and more spatially continuous grass cover on 

the relatively clayey Pleistocene site (McAuliffe 1995) more effectively dampens surface 

movement of water and sediments, resulting in a more stable microenvironment inside the litter 

bags and less variation in mass loss among placements. In contrast, the more dynamic surface of 

the sandier Holocene site, where low levels of grass cover lead to increased surface runoff and 

soil redistribution following rainfall events (Polyakov et al. 2010), should experience greater 

variation in the degree to which litter is covered by soil and eventually buried, influencing SLM 

and decomposition rates. However, samples in the winter litterbag deployment did not meet 

these expectations, as soil accumulation and decomposition rates were fairly similar across patch 

types and geomorphic surfaces. The lowest decomposition rate on both Holocene and 

Pleistocene sites was the large mesquite patch type, which experienced soil accumulation 

comparable to the other patch types. The slower rates of decomposition observed in this patch 

type must therefore be due to other mechanisms related to differences in biological (e.g., 

microbial colonization and activity; Schimel and Schaeffer 2012) and physical (e.g., abrasion 

and UV-driven photodegradation; Barnes et al. 2012) processes. 

 

Photodegradation has been identified as an important driver of decomposition that has been 

overlooked when modeling decomposition rates in drylands, perhaps leading to their persistent 

under-prediction (Throop and Archer 2009; Austin 2011; Barnes et al 2015). Some studies have 

shown that solar radiation and elevated temperatures at the ground surface are associated with 

increased litter decomposition in dryland ecosystems (Vossbrink et al. 1979; Whitford 2002; 

Pancotto et al. 2005; Austin and Vivanco 2006; Gallo et al. 2006). The potential impact of UV 

radiation in the winter deployment might be greater than that in the summer deployment for the 

first several months of the study, as there was minimal soil accumulation acting to reduce litter 

exposure to UV radiation. This lack of protective shielding, and concurrent colonization of litter 

by microbial decomposers, may have generated the somewhat uniform rates of decomposition 

that were observed in the winter samples (Table 1). Conversely, incoming UV is greatly reduced 

during the winter at the SRER, receiving ca. 20-30% of the levels of summer UV radiation (P. 

Barnes, unpublished). Litter bags placed under large mesquite canopies, where solar radiation is 

attenuated, displayed the slowest rates of mass loss. These dynamics differed dramatically from 

those observed in the summer samples, where the rapid accumulation of soils in the litter bags 

following deployment shielded litter from UV effects in all of the vegetation patch types, both 

under and away from tree canopies.  

 

Another important factor driving decomposition dynamics is litter quality, particularly C and N 

concentrations, which are known to exert strong control over decomposition processes (Hobbie 

1992; Aerts 1997; Parton et al. 2007). Changes in C and N over time indicate that observed litter 

mass losses were not exclusively due to physical fragmentation of the mesquite leaflets. A 1:1 
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relationship between litter C or N and mass remaining would indicate physical fragmentation as 

the sole mechanism, but litter on both geomorphic surfaces diverged from this relationship 

(Figure 5), indicating that these losses were due to the breakdown of nutrients by solar radiation 

or the leaching of soluble compounds from the litter. The magnitude of divergence between litter 

C or N and mass remaining was nearly identical in winter versus summer litter (Figure 10). 

 

Seasonal differences in soil accumulation and decomposition 

 

Summer precipitation in the study area is characterized by short-duration, high-intensity pulses 

that generate overland flow and promote SLM; conversely, winter precipitation is characterized 

by long-duration, low-intensity precipitation events that promote slower, deeper wetting of the 

soil surface without the overland flow generated by summer storms (Loik et al. 2004; Cavanaugh 

et al. 2011; Sanchez-Mejia and Papuga 2014). The contrasting characteristics of the precipitation 

events during these two periods led to very little SLM in the first months of the winter litter bag 

study, leading to slower initial mass loss relative to samples that immediately experienced high 

SLM upon deployment in the summer study (Appendix B). Winter litter bags did not begin 

accumulating amounts of soil comparable to summer litter bags until the onset of the summer 

monsoon season, when there was a spike in high intensity storms that promoted overland flow 

and SLM. 

 

Like many biological processes in dryland systems, litter decomposition is strongly influenced 

by soil moisture availability (Noy-Meir 1973; Peterjohn and Schlesinger 1991), with the initial 

stages of decomposition occurring when soils are moistened by precipitation, leaching water 

soluble labile compounds (Swift et al. 1979; Hernández et al. 1992; Gallardo and Merino 1993; 

Whitford 2002; Xu and Hirata 2005). This mechanism may explain the initial rapid loss of litter 

mass observed in the winter study (Figure 2), despite the fact that precipitation and temperature 

were relatively low during the first three months in the field.  

 

The samples deployed during the summer season in our companion study (Appendix B) 

exhibited significantly greater mass loss over the first month in the field, with rates of mass loss 

that were generally 3.3 times greater than winter samples on Holocene surfaces, and 3.7 times 

greater on Pleistocene surfaces. The substantial differences in initial decomposition rates were 

likely driven by differences in SLM, which, in turn may reflect the contrasting characteristics of 

the precipitation events during the first month of each trial. Precipitation received in the first 

month of summer deployment totaled 138 mm/month; the frequent, heavy storms during this 

period contributed to substantial SLM within the first week post-deployment. Conversely, there 

was very little SLM during the first few months of the winter experiment (Figure 8), ostensibly 

reflecting the lack of high intensity pulses that would dislodge surface soil particles via raindrop 

impact and redistribute them via overland flow into the litter bags. On the Holocene site, soil 

accumulation was 5 times greater in summer samples than winter in the first month, while the 
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Pleistocene site saw 4 times greater soil accumulation in summer versus winter samples at one 

month; these values align neatly with the differences in mass loss described above.  

 

Our hypothesis that decomposition rates and SLM would be lower in samples deployed during 

winter relative to those deployed in summer was only true for the initial stages of decomposition; 

over the full duration of the study, winter samples experienced nearly the same levels of SLM as 

summer samples (Figure 8) and exhibited greater overall rates of mass loss than summer samples 

(Figure 6). The dramatic differences in initial decomposition rates between the contrasting 

seasonal deployments are likely due to interactions between a variety of factors, including the 

initial extent of SLM experienced by the samples and the microclimate experienced by 

decomposer communities within the litterbags. Higher temperature and moisture conditions for 

the summer deployment favored more rapid loss of labile materials from litter in the first months 

compared to winter litter. The overall greater rate of mass loss in winter samples may possibly be 

attributed to the extended period of exposure the winter litter experienced prior to the summer 

monsoon season; when warmer, wetter conditions began, the winter litter had been “primed” by 

biotic and abiotic factors to lose mass more rapidly, thus surpassing summer decomposition 

rates. However, these differences in decomposition rate disappeared over time, suggesting that 

most of the labile fraction of the litter had already disappeared by the mid-point of each 

experiment and decomposition rates progressed somewhat comparatively thereafter. 

 

Conclusions and Implications 

 

The increase in woody plant cover that is occurring in drylands around the world is changing the 

way these land surfaces undergo biogeochemical cycling, with changes in vegetation patch 

structure, the quantity and quality of plant litter, and the redistribution of soil and plant litter 

across the landscape acting together to control dynamics of nutrient cycling. This land cover 

change, coupled with the dynamic nature of the precipitation regimes experienced in many of 

these dryland ecosystems, has resulted in a complex interaction of biogeochemical processes that 

will likely only become further complicated by the varied effects of climate change. Interactions 

between vegetation patch structure, litter inputs, and aeolian and fluvial transport processes will 

likely increase as the spatial heterogeneity of dryland vegetation communities increases in 

concert with changes in the frequency and intensity of precipitation events. As a result of these 

multi-scale changes, the role of SLM in dryland decomposition will likely become stronger and 

should be incorporated as an integral component in future efforts to model dryland 

biogeochemical processes. 

 

Results from this study indicate that there are strong environmental controls on litter 

decomposition related to seasonal variations in climate and vegetation patch type in dryland 

shrub-invaded ecosystems. Differences in decomposition dynamics for litter deposited in winter 

vs. summer appear to reflect differences in SLM associated with seasonal differences in the 
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delivery of precipitation (convectional thunderstorms in summer vs. low-intensity frontal 

systems in winter). Although not explicitly quantified in this study, our results allow us to 

speculate that drivers associated with photodegradation and biotic activity were both likely to 

have been influenced by surface ground cover via its effects on soil movement. Soil-litter mixing 

and its influence on plant litter decomposition have implications for organic carbon storage, 

stabilization of soil surfaces, and the formation of microbial soil crusts. Ongoing shifts in dryland 

vegetation composition (i.e., from grass to shrub dominance), driven by changes in climate and 

land use, will likely increase soil movement (Okin et al. 2009) and soil-litter mixing in these 

ecosystems. The role of soil-litter mixing in litter decomposition in globally extensive dryland 

ecosystems will likely be magnified under future conditions in which these systems are predicted 

to experience precipitation events of greater intensity, generating more surface soil erosion and 

overland flow. Additional studies are needed to clarify how soil-litter mixing drives physical and 

biological aspects of dryland litter decomposition. 
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Table 1. Decay constants (k, Eq. 1) and R
2
 values for Prosopis velutina (velvet mesquite) leaf 

litter deployed in winter (January 2012) and summer (July 2010) in six different patch types on 

two geomorphic surfaces. Within each deployment season, values with the same lowercase 

superscripts do not differ significantly (α > 0.05). Maximum (*) and minimum (**) values are 

noted on each site.  

 

Holocene 

Vegetation Patch Type 
Winter 

 

Summer 

k (y
-1

) R
2
   k (y

-1
) R

2
 

Bare Soil 1.32
a
* 0.96 

 

1.35
a
* 0.76 

Grass 1.07
b
 0.99 

 

0.67
b
 0.86 

Mesquite - Small 0.93
b
 0.99 

 

0.62
b
 0.85 

Mesquite - Medium 0.98
b
 0.80 

 

1.26
c
 0.87 

Mesquite - Large 0.64
c
** 0.98 

 

0.53
d
** 0.7 

Woody Debris Dam 1.24
a
 0.88   1.15

c
 0.84 

Pooled 0.97 0.98   0.8 0.91 

 

Pleistocene 

Vegetation Patch Type 
Winter 

 

Summer 

k (y
-1

) R
2
   k (y

-1
) R

2
 

Bare Soil 0.90
a
 0.99 

 

0.64
a
 0.84 

Grass 0.94
a
* 0.99 

 

0.56
b
** 0.78 

Mesquite - Small 0.93
a
 0.99 

 

0.94
c
* 0.97 

Mesquite - Medium 0.62
b
 0.96 

 

0.77
d
 0.84 

Mesquite - Large 0.49
c
** 0.98 

 

0.71
d
 0.94 

Woody Debris Dam --- ---   --- --- 

Pooled 0.74 0.99   0.70 0.92 

 

 

 

 

 

 

 

 

 

 

 

 



 

139 

 

Table 2. Mean (± SE; n = 3) soil accumulation (% ash on leaf litter surfaces) after 1 month on 

contrasting geomorphic surfaces for litterbags deployed winter (January 2012) and summer (July 

2010). In the winter deployment, values for Holocene (H) and Pleistocene (P) sites do not differ 

significantly; in the summer deployment H and P sites differed significantly. Within each 

geomorphic surface, values for land cover placements with the same superscripts did not differ 

significantly (α > 0.05). Soil-free leaves averaged 10.4% ± 0.0004 % ash. 

Winter Deployment 

 

Summer Deployment 

1 month 

collection  

H and P sites did not differ 

significantly (P = 0.161) 

 

1 month 

collection  

H and P sites differed 

significantly                            

(F1,29 = 5.64, P = 0.028) 

Patch Type 
Holocene Pleistocene H:P 

ratio  
Patch Type 

Holocene Pleistocene H:P 

ratio Mean SE  Mean  SE  

 

Mean SE  Mean  SE  

Bare Soil 14.5
a
 1.9 11.9

a
 0.6 1.22 

 

Bare Soil 46.1
a
 0.4 42.2

a
 1.2 1.09 

Grass 9.9
b
 0.3 10.4

b
 0.4 0.95 

 

Grass 38.3
b
 0.9 18.7

b
 0.1 2.05 

Small Mesquite 11.0
c
 0.1 10.9

c
 0.4 1.01 

 

Small Mesquite 61.3
c
 0.6 32.2

c
 0.3 1.90 

Med Mesquite 11.0
c
 0.2 10.1

b
 0.1 1.09 

 

Med Mesquite 48.9
a
 1.4 40.2

a
 0.8 1.22 

Large Mesquite 10.5
b
 0.4 10.4

b
 0.04 1.01 

 

Large Mesquite 21.2
d
 0.1 24.6

d
 0.8 0.86 

Litter Dam
1
 11.2

b
 0.9 --- --- --- 

 

Litter Dam
1
 37.6

b
 0.8 --- --- --- 

12 month 

collection 

 H and P sites did not differ 

significantly (P = 0.171) 

 

12 month 

collection 

 H and P sites differed 

significantly                            

(F1,28 = 3.51, P = 0.044) 

Patch Type 
Holocene Pleistocene H:P 

ratio  
Patch Type 

Holocene Pleistocene H:P 

ratio Mean SE  Mean  SE  

 

Mean SE  Mean  SE  

Bare Soil 57.9
a
 0.4 47.2

a
 1.2 1.23 

 

Bare Soil 50.1
a
 1.0 45.8

a
 1.0 1.09 

Grass 50.7
a
 0.7 41.7

a
 0.8 1.22 

 

Grass 42.6
b
 0.8 32.2

b
 0.3 1.32 

Small Mesquite 52.8
a
 0.3 44.7

a
 0.4 1.18 

 

Small Mesquite 55.2
c
 0.3 51.0

c
 0.8 1.08 

Med Mesquite 55.2
a
 0.7 41.8

a
 0.4 1.32 

 

Med Mesquite 51.1
a
 0.9 45.1

a
 1.2 1.13 

Large Mesquite 40.1
b
 0.2 51.5

a
 0.9 0.78 

 

Large Mesquite 35.4
d
 0.6 29.9

b
 1.2 1.18 

Litter Dam
1
 47.5

a
 0.8 --- --- --- 

 

Litter Dam
1
 44.1

b
 0.9 --- --- --- 

24 month 

collection 

H and P sites did not differ 

significantly (P = 0.762) 

 

24 month 

collection 

 H and P sites differed 

significantly                            

(F1,28 = 3.39, P = 0.041) 

Patch Type 
Holocene Pleistocene H:P 

ratio  
Patch Type 

Holocene Pleistocene H:P 

ratio Mean SE  Mean  SE  

 

Mean SE  Mean  SE  

Bare Soil 41.6
a
 0.7 64.4

a
 0.3 0.65 

 

Bare Soil 35.6
a
 0.8 56.6

a
 0.3 0.63 

Grass 59.2
b
 0.7 34.3

b
 0.1 1.73 

 

Grass 56.8
b
 1.0 42.1

b
 0.3 1.35 

Small Mesquite 47.3
c
 0.3 44.5

c
 0.0 1.06 

 

Small Mesquite 48.9
c
 0.9 42.9

b
 0.5 1.14 

Med Mesquite 44.2
c
 0.9 47.5

c
 0.1 0.93 

 

Med Mesquite 58.6
b
 1.3 46.7

c
 0.9 1.25 

Large Mesquite 47.6
c
 0.7 43.0

c
 0.5 1.11 

 

Large Mesquite 56.9
b
 0.04 46.7

c
 0.4 1.22 

Litter Dam
1
 48.5

c
 0.8 --- --- --- 

 

Litter Dam
1
 58.1

b
 0.2 --- --- --- 
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Table 3. Slope, intercept, R
2
, and P-values (level of significance, α = 0.05) for regressions 

relating soil accumulation (percentage of ash) to litter mass remaining (percent ash-free dry 

mass) for litterbags deployed in January 2012, with all patch types pooled across all sampling 

dates and for all data pooled across all placements and both sites. Regression lines are shown in 

Figure 3. 

Holocene 

Land Cover Placement Slope Intercept R
2
 P-value 

Bare Soil -1.3260 97.116 0.5805 <0.001 

Grass -1.3958 99.219 0.8968 <0.001 

Mesquite - Small -1.4782 101.25 0.8353 <0.001 

Mesquite - Medium -1.5096 98.771 0.7448 <0.001 

Mesquite - Large -1.4387 100.68 0.8269 <0.001 

Litter Dam -1.3864 98.13 0.6102 <0.001 

Pooled -1.4204 99.211 0.7347 <0.001 

Pleistocene 

Land Cover Placement Slope Intercept R
2
 P-value 

Bare Soil -1.1600 98.335 0.8233 <0.001 

Grass -1.4009 96.206 0.5404 <0.001 

Mesquite - Small -1.5201 104.15 0.7850 <0.001 

Mesquite - Medium -1.5221 104.9 0.9117 <0.001 

Mesquite - Large -0.8921 92.868 0.5959 <0.001 

Pooled -1.2270 97.667 0.7102 <0.001 

All Data Pooled -1.3448 98.711 0.7215 <0.001 
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Figure 1. Mean ash-free dry mass remaining through time for Prosopis velutina leaf litter in 

litterbags deployed in January 2012 in A) Holocene and B) Pleistocene litterbag placements on 

the Santa Rita Experimental Range. Daily precipitation (bars) and mean daily air temperature 

(line) are given in (C). A negative exponential decay function for mass loss (Eq. 2) was fitted to 

values pooled across vegetation patch types at each site (solid line; see also Table 1). Standard 

error (bars omitted for clarity) averaged across all times and placements were 2.07 and 1.82 for 

Holocene and Pleistocene geomorphic surfaces, respectively. 
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Figure 2. Percent mass loss per day in litterbags deployed in January 2012 in relation to 

precipitation received (standardized in millimeters per month) for Prosopis velutina leaf litter in 

Holocene and Pleistocene placements (pooled across patch types) on the Santa Rita Experimental 

Range. Time periods that precipitation was received between litter bag collections are indicated 

above bars; inset panel shows precipitation received (PPT; mm/month) and mean daily 

temperatures (T; ºC) experienced during those intervals. Differences in percent mass loss per day 

as a function of precipitation received were not statistically significant across sampling periods 

(P = 0.1). 
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Figure 3. Relationship between soil accumulation (percentage of ash) and litter mass remaining 

(percent ash-free dry mass) in litterbags deployed in January 2012 for patch types pooled across 

all sampling dates. Soil-free leaves averaged 10.4% ± 0.0004 % ash. Slope, intercept, R
2
 and 

significance levels are given in Table 3. 
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Figure 4. Mean ash-free %C remaining, %N remaining, and C:N ratio of mesquite leaves in 

litterbags deployed in January 2012 in different patch types on Holocene- (A, B, C) and 

Pleistocene-age (D, E, F) soils. Standard error (bars omitted for clarity) averaged across all times 

and placements was 2.2, 3.5, and 0.3, respectively. ANOVA results are shown in inset tables; GS 

= geomorphic surface, P = vegetation patch type, T = time. 
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Figure 5. Relationship between mass remaining and litter C and N concentration for litterbags 

deployed in January 2012 on Holocene- (A, B) and Pleistocene-age (C, D) sites. The solid line 

indicates the 1:1 relationship; the dashed line depicts a linear regression. P < 0.001 for all 

regressions. 
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Figure 6. Decay constants (k) for P. velutina leaf litter on Holocene and Pleistocene geomorphic 

surfaces for summer and winter litterbag deployments. A negative exponential decay function for 

mass loss (Eq. 2) was fitted to data pooled across patch types (solid lines – Holocene; dashed 

lines – Pleistocene; blue lines – winter; green lines – summer). Some data points have been 

adjusted to minimize overlap and improve clarity. 
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Figure 7. Soil accumulation in litterbags on Holocene-age sites relative to that on Pleistocene-age 

sites, expressed in terms of a soil accumulation (% ash index) ratio for litterbags deployed winter 

(January 2012) and summer (July 2010) and collected after 1, 12, and 24 months, as a function of 

vegetation patch type. 
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Figure 8. Mean (± SE; n = 3) soil accumulation (% ash on leaf litter surfaces) after 1, 12, and 24 

months as a function of vegetation patch type on contrasting geomorphic surfaces for summer 

and winter deployments. Mean ash content for soil-free leaves was 10.4% ± 0.0004%. 
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Figure 9. Relationship between soil accumulation (percentage of ash) and litter mass remaining 

(percent ash-free dry mass) in litterbags deployed in winter (January 2012) and summer (July 

2010) pooled across all patch types and sampling dates. Soil-free leaves averaged 10.4% ± 

0.0004 % ash. 
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Figure 10. Relationship between percent mass remaining and percent C (panel A) and N (panel 

B) remaining for litter deployed in winter (January 2012) and summer (July 2010). Regressions 

are polled across all vegetation patch types and times. The solid line indicates the 1:1 

relationship; the dashed lines depict linear regression. P < 0.001 for all regressions. 
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APPENDIX D 

Decomposition of woody detritus in a shrub-invaded Sonoran Desert ecosystem 

 

Abstract 

 

Increases in the abundance of woody vegetation in dryland ecosystems around the globe have 

resulted in a significant redistribution of carbon between its major terrestrial reservoirs. 

However, it is still uncertain whether shrub-invaded grasslands are a net source or sink for 

carbon. Much of this uncertainty reflects limited quantitative data and understanding of how 

shifts from grass to woody plant dominance influences organic matter decomposition, in 

particular the woody detrital (WD) component. Furthermore, the widespread use of brush 

management practices in managed rangeland ecosystems where woody plant encroachment has 

occurred generates large pulses of WD inputs whose fate is largely unknown and undocumented. 

Shrub-invaded grasslands in arid zones are also high flux environments (i.e., extensive 

movement of materials across the soil surface via wind and water transport) that experience 

lateral transfers of WD across the soil surface. WD is thus distributed across diverse 

microclimatic settings (e.g., under and away from shrub canopies; covered with soil or fully 

exposed) that will influence decomposition dynamics. This study therefore aimed to quantify 

how the size (diameter) and species composition of WD influences rates and dynamics of its 

decomposition (mass loss) in microhabitats with contrasting radiant energy regimes (full sun vs. 

shaded) and levels of soil cover (none vs. buried). A factorial field experiment in a shrub-

invaded Sonoran Desert grassland tested the hypotheses that 1) WD decomposition would occur 

more rapidly when buried in shrub patches where temperature and moisture regimes are more 

favorable to decomposer communities; or 2) WD decomposition would occur more rapidly in 

open areas and surface placements where it is exposed to stronger abiotic drivers of 

decomposition (higher temperatures and levels of UV radiation).  

 

Two species of WD (Quercus spp. dowels and locally harvested Prosopis velutina stems) in 

three diameter classes (0.8-0.99 cm, 1.5-2.0 cm, and 2.5-3.0 cm) were deployed in January 2012 

beneath mature shrub (P. velutina) canopies and in open intercanopy areas. At each location WD 

was either placed on the soil surface or buried to a depth of 0.5 cm. Mass loss for Quercus was 

significantly influenced by soil coverage, WD size class, termite activity, and time (P < 0.0001 

for all factors). Mass loss for Prosopis was significantly influenced by soil coverage (P < 

0.0001), WD size class (P < 0.05), and time (P < 0.0001). Quercus and Prosopis behaved 

differently over the 2 y trial, with the Quercus dowels showing higher rates of decomposition 

beneath shrub canopies (mean k = 0.31 y
-1

) relative to Prosopis stems (mean k = 0.12 y
-1

), 

whereas Prosopis (mean k = 0.17 y
-1

) had higher rates in intercanopy areas relative to Quercus 

(mean k = 0.15 y
-1

). Decay constants for buried samples were higher than those of samples on the 

soil surface for both species (Quercus: mean kburied = 0.24 y
-1 

vs. ksurface = 0.21 y
-1

; Prosopis: 
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mean kburied = 0.18 y
-1 

vs. ksurface = 0.12 y
-1

). Termite activity appeared to be a major contributor 

to Quercus mass loss, especially in subcanopy, buried placements, but Prosopis stems did not 

experience any observable termite activity. Decay constants for WD in this study ranged from 

0.04 – 0.48 y
-1 

for Quercus and 0.05 – 0.35 y
-1 

for Prosopis. These results align with the global-

scale mean decomposition rates for shrublands (0.4 y
-1

) and woody detritus (roots = 0.4 y
-1

; 

branches = 0.2 yr
-1

; woody = 0.1 y
-1

). For comparison, herbaceous litter decomposition at the 

study area ranged from 0.4 – 1.35 y
-1 

for shrub leaf litter and 0.16 – 0.44 y
-1 

for grass litter 

(Appendix A, B, C). These results, coupled with those from studies in more mesic forest 

systems, indicate that rates and dynamics of WD decomposition in shrub-invaded drylands are 

driven by interactions between vegetation patch type, position of WD relative to the soil surface, 

and size and species of WD that are complex and dependent on macro- and microclimate 

conditions. Further studies that examine WD decomposition across a range of dryland systems 

would provide valuable insight into how shifts in land cover related to woody plant 

encroachment and brush management will ultimately affect global C stores. 

 

Introduction 

 

Decomposition of organic matter is a crucial component of biogeochemical cycles that exerts 

strong control over soil fertility, affects the fate and residence time of carbon (C) and nitrogen 

(N) in soil pools, and influences plant community composition and production (Hobbie 1992; 

Aerts 1997; Wardle et al. 1998). Characterization of decomposition dynamics in arid and 

semiarid ecosystems (hereafter “drylands”) is increasingly important as these systems play an 

integral role in the global C cycle, accounting for ca. 40% of the terrestrial land surface and 30% 

of its primary productivity (NPP) (Bailey 1996; Field et al. 1998). However, predicting 

decomposition dynamics in drylands has proven to be challenging (Moorhead & Reynolds 1991; 

Kemp et al. 2003; Parton et al. 2007), contributing to current uncertainties regarding the role of 

dryland biogeochemical pools and processes in the global C cycle. 

 

One of the most prominent land-cover changes in drylands over the past century has been an 

increase in the abundance of woody plants (WPs) in grassland and savanna ecosystems (Archer 

et al. 2017). This widespread shift in plant functional group composition has strong potential to 

alter key ecosystem processes that could affect long-term C and N cycles at ecosystem, regional, 

and global scales (Boutton et al. 2009). The functional consequences of increased WP abundance 

in grasslands include changes in above- and below-ground productivity, the quality and quantity 

of litter inputs, spatial and temporal patterns of hydrology and erosion-related nutrient losses, 

and microclimate (reviewed by Archer 2010; Eldridge et al. 2011). While it is widely recognized 

that these changes can alter key ecosystem processes and properties that affect decomposition 

and soil nutrient availability, there is not yet a clear consensus on the biogeochemical 

consequences of this shift in land cover. Some areas have experienced increases in annual net 

primary production (ANPP), soil organic carbon (SOC), above- and belowground C and N pools, 
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soil respiration, and microbial biomass following WP encroachment, while others have 

experienced decreases or no changes (Barger et al. 2012). Changes in climate are also expected 

to influence decomposition rates and resulting soil nutrient stores in drylands (e.g., Chambers et 

al. 2000; Aanderud et al. 2010). Brush management, the widespread practice of removing or 

reducing WPs to promote herbaceous plant production for livestock grazing, is another factor 

that must be accounted for when considering soil nutrient stores in drylands (Barger et al. 2012). 

The removal of large quantities of WPs with prescribed fire, mechanical, or chemical treatments 

results in large pulses of woody detritus (WD) into the system, which may change patch-scale 

microclimate and resulting decomposition dynamics dramatically (Archer et al. 2011). 

 

Understanding the role of WP encroachment in the C cycle is crucial, especially as policy makers 

and land managers develop and evaluate C sequestration initiatives in terrestrial ecosystems. 

Shrub-invaded dryland ecosystems are generally thought to be a significant C sink (Archer et al. 

2001; McKinley & Blair 2008; Throop & Archer 2009), with changes in the rates of C accrual 

and shifts in C allocation from below- to above-ground potentially having significant 

consequences for soil chemistry and regional ecosystem exchange processes. It is also important 

to consider changes in the quality of plant litter which differs markedly between foliar and 

woody detritus (Facelli et al. 1991; Briggs et al. 2005; Cornwell et al. 2008). WD decomposition 

in dryland systems is influenced by the activity of micro- and macroarthropods, particularly 

termites (e.g., Fowler and Whitford 1980; Schaefer et al. 1985; Hupy et al. 2004). Woody 

detritus is an important component of the C cycle in forests but has been virtually ignored in 

water-limited shrublands and woodlands, where decomposition research has focused on leaf litter 

inputs. Given its potential as a significant C sink, quantification of the rates and dynamics of WD 

decomposition will provide critical information needed to assess the relative importance of this 

component of regional and global dryland C budgets. 

 

Woody detritus occurs in coarse (>10 cm diameter) and fine (<10 cm diameter) fractions 

(Harmon et al. 1999). Fine WD is formed from twigs, dead branches, and lignified roots, and 

provides ecosystem services including the storage of C and nutrients, a source of soil organic 

matter, and provision of food and habitat for vertebrates, invertebrates, and fungi (Harmon et al. 

1986). The fraction of total C stores comprised of fine WD is likely small compared to coarse 

WD, but there are few studies that quantify this explicitly. Harmon et al. (2004) and Smithwick 

et al. (2002) show that fine WD comprised 2–5% of the total woody C stores in temperate 

forests. Assessments of Prosopis spp., a common shrub-invader of grasslands in the southern 

Great Plains and Southwestern USA deserts, indicate that 7–10% of its standing biomass is 

comprised of dead fine WD (Northup et al. 2005, McClaran et al. 2013). However, this low 

percentage of fine WD relative to coarse WD may be partially caused by its relatively high 

decomposition rate compared to coarse WD (Harmon et al. 1995). As such, the observed C 

storage in fine WD does not accurately reflect its potential contribution to ecosystem C fluxes. 
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For example, fine WD composed 4.1% of the total C pool in an old-growth forest, but 

contributed to 13% of the heterotrophic respiration (Harmon et al. 2004). 

 

Despite its potential importance in ecosystem function, decomposition of fine WD has not been 

widely examined. While rates of decomposition are generally higher for fine WD than coarse 

WD in forests (e.g., Harmon et al. 1995), there are notable exceptions (Erikson et al. 1985). 

Rates of mass loss of fine WD range from 0.5% to 99% annually (Proctor et al. 1983; Erickson et 

al. 1985; Fasth et al. 2011), exhibiting greater variability than rates observed for herbaceous 

litter. This high variability in fine WD decomposition rates appears to be due to interactions 

between climate, WD size (diameter), position of WD relative to the soil surface, and physical 

and chemical differences between WD species. Climate is regarded as a strong driver of WD 

decomposition, with rate constants declining from a high of 0.15–4.6 y
-1

 in tropical systems 

(Proctor et al. 1983; Harmon et al. 1995), to 0.01–0.45 y
-1

 in temperate systems (Boddy and 

Swift 1984; Erickson et al. 1985), and 0.04– 0.12 y
-1

 in boreal systems (Palviainen et al. 2004; 

Keane 2008). While these trends suggest temperature as an important control on decay rates, 

they are likely confounded by precipitation and microsite effects. Exposure to direct sunlight, for 

example, leads to high temperatures and rapid drying of WD with the effect of slowing 

decomposition (Erickson et al. 1985); shading from tree canopies should therefore promote 

decomposition. Conversely, the accelerated drying of smaller diameter WD, particularly in dry 

climates, has been reported to accelerate decomposition (Harmon et al. 1986; Fasth et al. 2011). 

The diameter of WD has long been considered an important factor affecting decomposition rates; 

while the exact mechanism behind this effect remains uncertain, the most common hypothesis is 

that as WD diameter increases, the surface area to volume ratio decreases, leading to lower 

decomposition rates. However, it has been found that the climate of a given site will influence 

this relationship, with the magnitude of its effect depending on the moisture content of the WD. 

Position of WD relative to the soil surface is also important, with buried WD decomposing faster 

than WD on the soil surface or suspended in a canopy, although this too is likely mediated by the 

dryness of a microclimate at a site (Chen et al. 2001; Harmon et al. 2004). Finally, species 

differences will also determine rates of WD decomposition. Wood from angiosperm tree species 

tends to decompose faster than wood from conifer species (Abbott and Crossley 1982; Erickson 

et al. 1985), although few comprehensive species comparisons have been published. While it is 

clear from studies in forest systems that there are numerous factors potentially influencing WD 

decomposition, their relative importance and the nature of their interactions are not known. 

 

The objective of this research was to quantify the rates and dynamics of WD decomposition in a 

shrub-invaded desert grassland as a function of species, size, patch microclimate, and position 

relative to the soil surface. These drivers act upon natural (e.g., drought, insect attack) or 

anthropogenic (e.g., brush management) disturbances that can generate large pulses of WD into 

dryland systems. To date, there has been little characterization of dryland WD decomposition 

dynamics in shrublands or woodlands or in grasslands undergoing woody plant encroachment. 
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This work aims to improve our understanding of the mechanisms driving C storage and 

biogeochemical cycling in these dynamic and globally important ecosystems. 

 

Methods 

 

Study Site 

 

The study was conducted at the Santa Rita Experimental Range (SRER; 

http://cals.arizona.edu/srer/), a 21,514 ha outdoor research laboratory established in 1903 and 

presently managed by the University of Arizona (Medina 1996). Located in the Sonoran Desert 

80 km southeast of Tucson, Arizona, USA, the SRER is situated on an alluvial fan terrace on the 

western flank of the Santa Rita Mountains. Elevation at the SRER ranges from 900 to 1450 m. 

Mean annual precipitation increases from 275 to 450 mm y
-1

 along this elevation gradient and 

Sonoran desert-scrub, semi-desert grassland, and Madrean evergreen woodland biotic 

communities appear in ascending order [see Brown (1994) and McClaran (2003) for additional 

details on climate and vegetation]. Our study encompassed the semi-desert grassland–Prosopis 

shrubland complex situated between Larrea tridentata shrublands (lower elevations) and 

Quercus spp. woodlands (higher elevations). Soil surfaces on the SRER have evolved from 

alluvial sediments deposited from the Santa Rita Mountains (McAuliffe 1994). Our study 

focused on a shrub-invaded middle-Holocene (4–8 ka) site located in Pasture UA-B 

(31.802767°, -110.863434°) at 1150 m asl. Soils here have been classified as a coarse-loamy, 

mixed, superactive, non-acid, thermic Ustic Torrifluvent (English et al. 2005), with a sandy loam 

surface (Fravolini et al. 2005). The “Rodent Station” rain gauge 2 km from our study site has 

recorded a mean annual precipitation of 387 mm y
−1

 (n = 80 y). Mean annual temperature at the 

site is 17.7°C, with maximum temperatures occurring in June (33.8°C) and minimum 

temperatures occurring in January (3.2°C). Near-ground solar radiation and soil temperature at 

the SRER have been shown to decrease with increasing canopy cover, even during the leafless 

season (Villegas et al. 2010a, 2010b). 

 

Sample Collection and Preparation 

 

The woody detritus (WD) samples used in this study consisted of commercially available oak 

(Quercus spp. L.) dowels (see standardized substrate method, Harmon et al. 1999) and locally 

harvested mesquite (Prosopis velutina Woot.) wood. The mesquite samples were live twigs and 

stems obtained from shrubs in the study area one month prior to deployment; these were air dried 

until their mass was stable. Sample weight at deployment was corrected using oak and mesquite 

moisture content data. Initial moisture content was determined by removing and weighing 

subsections (~1 cm length) from a subset of samples, oven-drying at 55ºC until samples reached 

a stable weight, and reweighing (Harmon et al. 1999). Initial moisture content was 5% ± 1% for 

oak dowels; for mesquite, it was 54% ± 4% at the time of collection and 20% ± 3% at the time of 
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deployment. Woody detritus samples were prepared in three diameter classes: 0.8–0.99 cm, 1.5–

2.0 cm, and 2.5–3.0 cm). The diameter classes were selected to be compatible with those used in 

the CENTURY biogeochemistry model (<0.99 cm, 1–2.49 cm, 2.5–10 cm). Samples within each 

of the diameter classes were approximately 30 cm long for oak and 25 cm for mesquite. Prior to 

deployment, individual stems were weighed and identified using numbered aluminum tags 

attached with UV-resistant cable ties and aluminum wire.  

 

Sample Deployment and Collection 

 

Woody detritus samples were placed directly under mature mesquite canopies and in paired 

intercanopy areas on 23 January 2012 (n = 10 trees for oak dowels; n = 5 trees for mesquite). 

Samples deployed under mesquite were situated midway between the bole and the dripline; 

samples deployed in the intercanopy zone were placed on bare ground at least 3 m from any 

shrub canopies or grass patches. Samples were anchored to the ground using landscape staples. 

Exposure treatments consisted of burial to a depth of 0.5 cm and placement on the soil surface 

(Appendix 1). Burial consisted of excavating a trench with a trowel, placing a stem in the trench, 

then covering the stem with the soil obtained from the excavation. One sample of each species × 

diameter class × patch type × exposure treatment combination (n = 12 per species) was collected 

from each replicate location at 0, 1, 3, 6, 12, and 24 months after deployment (oak: N = 720; 

mesquite: N = 360). 

 

Previous studies using iButtons (model DS1921G-F50, Dallas Semiconductor Corporation, 

Dallas, Texas, USA) found that surface soil temperatures differed significantly between shrub 

canopy and intercanopy locations (typically 10ºC higher in intercanopy areas in July and August; 

F1, 64 = 89.4, P < 0.0001; unpublished data). Gravimetric soil moisture (0–5 cm depth) ranged 

from 0.2–8.4% peaking during the summer monsoon and winter wet seasons, but there was no 

significant difference between shrub-intershrub locations (t = 0.0691, df = 8, P = 0.9466). 

 

Sample Analysis 

 

Harvested samples were oven dried at 55ºC until their mass was stable (1–2 days), cleaned of 

soil or debris using a fine brush, and weighed. Termite activity was rated on a scale of 0 (none) 

to 5 (severe; Appendix 2). After weighing, two sections (~1 cm each) were removed from each 

sample and combusted for 4 h at 500ºC to determine ash content. 

 

Litter decomposition was assumed to be the proportional difference in ash-free dry mass between 

the initial (T0) and subsequent collection dates, where M0 = initial weight, Mt = weight at time t, 

ash = proportion of ash at time t, and 𝑎𝑠ℎ̅̅ ̅̅ ̅
0 = mean ash at T0: 
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The decay constant, k, was determined for each placement × geomorphic surface combination 

using a single exponential decay model (Olson 1963): 

 
kt

t eMM  0      [Eq. 2] 

 

where Mt is the litter mass at time t and M0 is the initial litter mass. A double-pool exponential 

decay model was also assessed, but did not substantially improve model fit. The single 

exponential model was therefore used in the interest of simplicity and to facilitate comparisons 

with other studies.  

 

Statistical Analysis 

 

Changes in WD mass were analyzed for oak dowels and mesquite separately using a general 

linear model (GLM), with ash-free percent mass remaining as the dependent variable and patch 

type (P = subcanopy, intercanopy), soil coverage (S = surface, buried), WD diameter class (D = 

small, medium, large), termite activity (A = scalar rating of 0–5; oak only – no termite activity 

present on mesquite), and time (T = 0, 1, 3, 6, 12, 24 mo.) and their higher order interactions as 

independent variables. Decay constants and termite activity were analyzed with separate GLM 

analyses with P, S, and D as main effects. Data were not log transformed prior to fitting 

exponential decay curves in order to minimize estimation errors (Adair et al. 2010). Analyses 

were performed using R (version 3.2.5, Development Core Team 2011) and SigmaPlot (version 

11.0, Systat Software Inc., San Jose, California, USA). 

 

Results 

 

Woody detritus (WD) mass decreased with time in both patch types and soil coverage treatments 

(Figure 1; Table 1). For oak dowels, mass loss was significantly influenced by soil coverage 

(F1,719 = 13.89, P < 0.0001), WD size class (F2, 719 = 36.5, P < 0.0001), termite activity (F5, 719 = 

746.72, P < 0.0001), and time (F1, 719 = 355.92, P < 0.0001). For mesquite, mass loss was 

significantly influenced by soil coverage (F1,359 = 14.25, P < 0.0001), WD size class (F2, 359 = 

3.18, P < 0.05), and time (F1, 359 = 167.01, P < 0.0001). Oak stems were more responsive to 

patch type placements than mesquite (Figure 1); for example, there were substantial differences 

in subcanopy vs. intercanopy mass loss for oak, but much less so for mesquite. 

 

Decay constants (k, y
-1

) typically increased with decreasing WD diameter across all treatment 

combinations, but more so for oak than mesquite (Table 2, Figure 2). Decomposition rates of oak 
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dowels were greater underneath mesquite canopies than in intercanopy areas, but values for 

buried samples relative to surface samples for a given placement were generally comparable 

(Figure 2A). Decay constants for mesquite were much more variable and mass loss was 

statistically comparable in intercanopy and subcanopy patches. The single exponential decay 

model (Eq. 2) fit the data relatively well for oak (R
2
 = 0.69–0.99); goodness-of-fit values were 

consistently lower for mesquite (R
2
 = 0.30–0.85; Table 2). 

 

Termite activity was observed in oak dowels, but was not apparent on any of the mesquite 

samples over the 2 y study period. Levels of termite activity on oak WD were significantly 

influenced by patch type (F1,719 = 40.16, P < 0.001) and soil coverage (F1,719 = 18.39, P < 0.001), 

with a significant patch type × soil coverage interaction (F1,719 = 3.07, P = 0.08) (Figure 3). 

Scalar estimates of termite activity (Appendix 2) were statistically comparable across WD 

diameter classes (F2,719 = 1.23, P = 0.29), but were greater for stems placed underneath mesquite 

canopies compared to stems placed in intercanopy areas, and greater in buried stems relative to 

surface stems. Decay constants increased with increasing termite activity (Table 3). 

 

Discussion 

 

Using standard substrate (oak dowels) and locally harvested (mesquite) materials, we examined 

the rates and dynamics of decomposition for woody detritus (WD) in a shrub-invaded desert 

grassland ecosystem. Decomposition rates for WD in this study ranged from 0.04 – 0.48 y
-1 

for 

oak dowels and 0.05 – 0.35 y
-1 

for mesquite. These results align with the global-scale mean 

decomposition rates for shrublands (0.4 y
-1

) and woody detritus (roots = 0.4 y
-1

; branches = 0.2 

yr
-1

; woody = 0.1 y
-1

) reported by Zhang et al. (2008). While numerous studies have reported 

fine WD decomposition rates for mesic forest systems (e.g., Harmon et al. 2009; Fasth et al. 

2011; Huysen et al. 2013; Risch et al. 2013), very few have examined this process in water-

limited systems, providing few opportunities for comparison of our results. Lyons and McCarthy 

(2010) examined woody decomposition in a semiarid Juniperus-invaded grassland and found a 

decay rate of 0.18 y
-1

; aside from that study, most others conducted in drylands focus on 

decomposition of herbaceous and fine root litter and do not address either fine or coarse WD. 

 

Rapid initial mass loss was observed for both species, although the variation in mass loss 

between treatments was much greater in mesquite relative to oak; this was followed by a slower 

phase of decomposition, comparable to rates of herbaceous decomposition in studies done at the 

same study area (Appendix B, Throop and Archer 2007). Research on WD decomposition in 

forest systems consistently shows that during the early, rapid phase of WD decomposition simple 

sugars, starches, and proteins are lost, with decomposition slowing as more recalcitrant 

components (e.g., lignin, cellulose, fats, and waxes) dominate the substrate (e.g., Mackensen et 

al. 2003; Russell et al. 2015). One month post-deployment, both oak and mesquite samples had 

about 95% of their initial mass remaining. Since it is well-established that there are significant 
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differences in WD decomposition dynamics between species (Harmon et al. 1986; Fasth et al 

2011), oak dowels were chosen to accompany locally harvested mesquite samples because they 

have very similar densities (approximately 0.65 g cm
-1 

and 0.70 g cm
-1 

respectively). Substrate 

quality, primarily lignin, total nutrient content, and C:N ratio, is known to be a primary driver of 

organic matter decomposition (Harmon et al. 1986; Zhang et al. 2008); unfortunately, it was not 

feasible to quantify these variables for this study but presumably they differed between the two 

species (Table 4) and contributed to the differences in observed decomposition rates. 

 

Woody detritus decomposition in a shrub-invaded dryland system might be expected to occur 

more rapidly beneath mature shrub/tree canopies where soil surface temperature is lower and soil 

moisture content is higher compared to intercanopy areas (Abbott and Crossley 1982; Schowalter 

1992; Lyons and McCarthy 2010; Risch et al. 2014). Although soil moisture was comparable 

under and away from shrub canopies at the study area, oak dowels followed this prediction, with 

samples placed beneath mature mesquite canopies showing much greater overall mass loss 

relative to those placed in bare, intercanopy areas. In contrast, mesquite samples lost more mass 

in the open intercanopy placements, where they experienced greater solar radiation and soil 

surface temperatures than their subcanopy counterparts. The higher initial moisture content of 

the mesquite samples (20%) relative to the oak dowels (5%), along with differences in wood 

density and related termite activity, may explain this difference between the species’ response to 

vegetation patch type. Some of the initial mass loss observed in mesquite stems could represent 

moisture loss if soil temperatures experienced by buried and surface stems exceeded 55ºC (the 

temperature that would be needed to drive out moisture in the air-dried stems). However, 

temperature-driven moisture losses in early months following deployment in winter (January) 

would likely be infrequent and of short-duration. 

 

The location of WD relative to the soil surface was also expected to have a significant impact on 

rates of decomposition (Fasth et al. 2011; Berhe 2012; Risch et al. 2014), with buried WD 

experiencing greater rates of decomposition than surface WD. Oak dowels and mesquite samples 

both followed this trend in this study. The interaction between soil coverage of plant litter and 

exposure to solar radiation is a key component of decomposition dynamics in drylands 

characterized by dynamic surface soil movement (Barnes et al. 2015). This is a complex factor 

that likely has several elements interacting to affect soil and substrate moisture content, temporal 

variation in microclimate, and contact between the substrate and decomposer communities and 

hence rates of decomposition (Ostertag and Hobbie 1999; Zibilske and Materon 2005; Fasth et 

al. 2011). Another factor to consider is the length of time stems remain in the canopy following 

their death (Fasth et al. 2011). This suspended WD is exposed to solar radiation, wind, and 

precipitation and will undergo physical and chemical transformations that may ‘prime’ it for 

faster rates of decomposition once it detaches and falls to the soil surface (Harmon et al. 1986). 

This process, known as seasoning, involves a decrease in moisture content, shrinkage, and 

formation of cracks that increase access to decomposer organisms. The potentially confounding 
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differences in seasoning were avoided in this study by using live mesquite stems that were oven-

dried prior to placement.  

 

Woody detritus decomposition in dryland systems is influenced by the nature of the decomposer 

communities at a given site, including the presence and activity of micro- and macroarthropods, 

particularly termites (Fowler and Whitford 1980; Schaefer et al. 1985; Hupy et al. 2004). In the 

present study, oak dowels experienced significant termite activity that was typically evidenced 

within one month in the field and continued throughout the 2 y study; unexpectedly, mesquite 

samples experienced no observable termite activity over the 2 y period. However, termite casts 

have been observed on standing and downed dead mesquite at the study site, so termites clearly 

utilize this species; termites have been shown to preferentially utilize wood with the lowest 

density when multiple species are available (Liu et al. 2015), which may have contributed to our 

observed results. There was greater termite activity underneath mesquite canopies than in 

intercanopy areas. In both patch types, buried samples experienced greater termite activity than 

those on the soil surface. This ostensibly reflects microclimate conditions in subcanopy patches 

and the fact that buried samples would favor subterranean termites, which comprise the majority 

of the termite population at the study site (Whitford 2002). Foraging intensity and wood 

consumption rates of subterranean termites is dependent on and mediated by soil moisture, which 

is generally greater beneath canopies and below the soil surface. While soil moisture did not 

differ significantly between subcanopy and intercanopy areas in this study, termite activity did 

follow the expected trends. While numerous studies have shown the importance of termite 

activity in dryland decomposition (e.g., Silva et al. 1985; Nutting et al. 1987; MacKay 1991; 

Whitford 2002; Zaady et al. 2003), inverse correlations between fungal and termite activity have 

been reported, suggesting one may exclude the other on some substrates or habitats (Moorhead 

and Sinsabaugh 2006; Martínez-Yrízar et al. 2007). While the present study did not quantify or 

characterize microbial decomposer communities, this would be valuable data to aid in the 

interpretation of observed results. It is difficult to elucidate the exact mechanisms that are driving 

observed decomposition rates given the complex interactions between decomposer communities, 

microsite conditions, and the quality and size of the substrate. 

 

The diameter of WD has long been shown to have a significant influence on rates of 

decomposition in temperate forests (Harmon et al. 1986): as diameter increases, the surface area-

to-volume ratio decreases and decomposition rates decrease. This pattern was consistently 

observed for the range of oak dowel diameters used in our Sonoran Desert system, but was much 

less pronounced and more variable with mesquite WD. An inverse relationship between WD 

diameter and decomposition rate has been reported by Abbott and Crossley (1982), Harmon et al. 

(1995), Frangi et al. (1997), Keane (2008), and Va´vrˇova´ et al. (2009), supporting the surface 

area-to-volume theory. However, macro- and microclimate of a site can create the opposite 

effect, with moisture-limited forested sites showing decomposition increasing with increasing 

WD size (Erikson et al. 1985). Another factor adding to these complexities is that substrate 
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quality can also change with WD diameter (Harmon et al. 1995; Fasth et al. 2011). The 

numerous and complex interactions between biotic and abiotic drivers of WD decomposition in 

drylands make clear the need for additional studies to further elucidate the impacts of woody 

plant encroachment on ecosystem and global C dynamics. 

 

Conclusions and Implications 

 

Oak and mesquite behaved differently over the study period, with oak dowels showing higher 

rates of decomposition beneath shrub canopies relative to mesquite stems, whereas mesquite had 

higher rates in intercanopy areas relative to oak. Decomposition rates in buried samples were 

higher than those of samples on the soil surface for both species. Termite activity appeared to be 

a major contributor to oak mass loss, especially in subcanopy, buried placements, but mesquite 

stems did not experience any observable termite activity. These results indicate that rates and 

dynamics of fine WD decomposition in a shrub-invaded dryland system are driven by complex 

interactions between vegetation patch type, position of the WD relative to the soil surface, the 

size of the WD, and the species. The importance of soil temperature and moisture in organic 

matter decomposition is well-established, but their mediation by other factors presents a 

challenge for making robust generalizations about decomposition dynamics, especially in 

drylands that are experiencing large-scale vegetation changes. Shrub mortality, whether due to 

natural (e.g., drought, insects, frost) or anthropogenic (e.g., herbicides, mechanical treatments, 

prescribed fire) causes, leads to spatially heterogeneous pulses of WD into shrublands, 

woodlands and shrub-invaded grasslands. Rates and dynamics of WD decomposition and 

nutrient turnover in these systems will be driven by the microclimatic conditions engendered by 

this woody plant encroachment and subsequent shrub mortality. Further studies that examine 

decomposition of WD species representing contrasting woody growth forms and functional types 

across a range of dryland bioclimatic zones would provide valuable insight into how past and 

future shifts in land cover will ultimately affect global C stores. 
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Table 1. Factors, degrees of freedom (Df), F, and P values for a general linear model (GLM) 

where ash-free mass remaining (%) is the dependent factor and patch type (shrub canopy , 

intercanopy), soil coverage (buried, surface), WD diameter class (L: 2.5-3.0 cm; M: 1.5-2.0 cm; 

S: 0.8-0.99 cm), termite activity class (oak only – no termite activity present on mesquite), and 

time are the independent factors. Significant values are indicated in bold. 

Mass Remaining 

Effect 

Oak 

 

Mesquite 

Df F value P   Df F value P 

Patch Type 1 0.613 0.434 

 

1 0.934 0.335 

Soil Coverage 1 13.888 < 0.001 

 

1 14.251 < 0.001 

WD Diameter 2 36.504 < 0.001 

 

2 3.179 0.043 

Termite Activity 5 746.720 < 0.001 

 

-- -- -- 

Time 1 355.922 < 0.001 

 

1 167.010 < 0.001 

Patch Type : Soil Coverage 1 0.211 0.646 

 

1 0.010 0.922 

Patch Type : WD Diameter 2 0.556 0.574 

 

2 0.982 0.376 

Patch Type : Termite Activity 5 1.752 0.121 

 

-- -- -- 

Patch Type : Time 1 0.000 0.994 

 

1 4.109 0.043 

Soil Coverage : WD Diameter 2 0.598 0.550 

 

2 1.740 0.177 

Soil Coverage : Termite 

Activity 
5 

3.887 0.001 

 

-- -- -- 

Soil Coverage : Time 1 0.301 0.584 

 

1 2.594 0.108 

WD Diameter : Termite 

Activity 
10 

4.647 < 0.001 

 

-- -- -- 

WD Diameter : Time 2 2.153 0.117 

 

2 21.756 < 0.001 

Termite Activity : Time 5 131.878 < 0.001   -- -- -- 
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Table 2. Decay constants, k (y
-1

), for oak dowels and mesquite woody detritus by vegetation 

patch type (intercanopy, subcanopy), soil coverage (surface vs. buried to 0.5 cm), and diameter 

size class (Large= 2.5-3.0 cm; Medium = 1.5-2.0 cm; Small = <0.99cm). Values for k are over a 

2 y period starting in January 2012. 

Oak 

 

Mesquite 

Treatment k SE R
2
 P 

 

Treatment k SE R
2
 P 

Intercanopy 

     

Intercanopy 
    

  Buried 

     

  Buried 
    

      Large 0.04 0.02 0.68 0.044 

 

      Large 0.14 0.11 0.57 0.097 

      Medium 0.15 0.02 0.93 0.002 

 

      Medium 0.17 0.11 0.65 0.066 

      Small 0.26 0.05 0.92 0.004 

 

      Small 0.30 0.12 0.80 0.027 

  Surface 
    

 

  Surface 
    

      Large 0.10 0.11 0.92 0.003 

 

      Large 0.08 0.10 0.50 0.129 

      Medium 0.13 0.01 0.96 0.001 

 

      Medium 0.08 0.09 0.51 0.123 

      Small 0.18 0.02 0.97 <0.001 

 

      Small 0.28 0.11 0.80 0.024 

Subcanopy 
    

 

Subcanopy 
    

  Buried 
    

 

  Buried 
    

      Large 0.22 0.05 0.85 0.013 

 

      Large 0.07 0.11 0.38 0.205 

      Medium 0.30 0.01 0.99 <0.0001 

 

      Medium 0.05 0.11 0.30 0.267 

      Small 0.48 0.05 0.97 0.001 

 

      Small 0.35 0.11 0.86 0.015 

  Surface 
    

 

  Surface 
    

      Large 0.11 0.01 0.94 0.002 

 

      Large 0.06 0.11 0.40 0.193 

      Medium 0.32 0.06 0.90 0.007 

 

      Medium 0.88 0.11 0.44 0.166 

      Small 0.40 0.06 0.95 0.002 

 

      Small 0.13 0.07 0.73 0.038 
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Table 3. Decay constants, k (Eq. 2, y
-1

), for oak dowels as a function of termite activity class (0 = 

no termite activity; 5 = extensive termite activity; see Appendix 2. Values for k are over a 2 y 

period starting in January 2012; n denotes sample sizes used in computing k. 

Termite Activity n k SE R
2
 P 

0 659 0.19 0.01 0.29 <0.0001 

1 82 0.02 0.01 0.03 0.108 

2 51 0.04 0.01 0.21 0.001 

3 30 0.07 0.03 0.19 0.018 

4 39 0.56 0.07 0.73 <0.0001 

5 39 1.31 0.21 0.60 <0.0001 
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Table 4. Substrate quality (lignin content, total nutrient content, and C:N ratio) for oak (Quercus 

spp.) and mesquite (Prosopis spp.) wood from the literature. 

Substrate Quality Oak Mesquite 

Lignin 22.5%
1
 - 25%

2,3
 30%

4,5
 - 64%

6
 

   Total nutrient content 

 N 0.1
7
 - 0.49

8
 1.60

9
 

P 0.01 - 0.06 0.1 

K 0.08 - 0.22 1.11 

Ca 0.05 - 0.26 0.6 

Mg 0.01 - 0.05 0.06 

   C:N 223.2
10

 Live: 55.5
11

 

    Dead: 47.3 
1
 Ritter and Fleck 1922 (Q. densiflora), 

2
 White 1987 (Q. rubra), 

3
 Harmon et al. 1986 (Q. 

rubra), 
4
 Gupta et al. 2009 (P. juliflora), 

5
 Carrillo et al. 2008 (P. laevigata), 

6
 Maga 1986 (P. 

juliflora), 
7
 Majumdar et al. 1991 (Q. rober and Q. alba), 

8
 Klimo 1985 (Q. robur), 

9
 Maghembe 

et al. 1983 (P. juliflora), 
10

 Grunda 1985 (Q. robur), 
11

 Northup et al. 2005 (P. glandulosa) 
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Figure 1. Mean ash-free dry mass remaining through time for oak (panel A; solid lines) and 

mesquite (panel B; dashed lines) woody detritus by vegetation patch type (intercanopy = full sun, 

closed symbols; mature mesquite subcanopy = shaded, open symbols) and soil coverage 

treatment (surface vs. buried to 0.5 cm). Data are pooled across diameter classes. Decay constant 

(k, y
-1

) values shown in insets are pooled across placements and diameter classes (values for 

specific placements and diameter classes are given in Figure 2). Standard errors averaged across 

all times and placements were 2.0 for oak and 2.2 for mesquite. Time 0 = 23 January 2012. 
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Figure 2. Mean (+ SE) decay constants, k, for oak dowels (A) and mesquite (B) woody detritus 

by vegetation patch type (intercanopy = full sun, open symbols; subcanopy = shaded, closed 

symbols), soil coverage (surface vs. buried to 0.5 cm), and diameter size class (L= 2.5-3.0 cm; M 

= 1.5-2.0 cm; S = <0.99cm). Values for k are over a 2 y period starting in January 2012; k values 

pooled across placements and diameter classes are given in Figure 1. 
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Figure 3. Mean (+ SE) levels of termite activity through time for oak dowels by vegetation patch 

type (intercanopy = full sun; subcanopy = shaded), soil coverage (surface vs. buried to 0.5 cm), 

and diameter class (Large = 2.5-3.0 cm; Medium = 1.5-2.0 cm; Small = 0.8-0.99 cm). Termite 

activity was rated from 0 (none evident) to 5 (severe) (see Appendix 2). No termite activity was 

observed on mesquite samples. 
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Appendix 1 

 
 

 
Figure S1. (A) Woody detritus (WD) samples were placed beneath mature mesquite canopies 

(shaded) and in adjacent intercanopy (full sun) areas. Placement of samples in figure is 

generalized for ease of interpretation of patch differences; samples were only placed in one 

location beneath shrub canopies and in intercanopy spaces. Samples were placed on the soil 

surface or buried at a depth of 0.5 cm. (B) Three size classes of WD (0.8-0.9 cm, 1.5-2.0 cm, and 

2.5-3.0 cm) were deployed in each of these placement combinations for each species. Samples in 

photographs that are covered in soil were buried; clean samples were on soil surface. Samples 

were labelled with zip ties, wire, and aluminum tags. 

A) 

B) 
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Appendix 2 

 

 
Figure S2. Termite activity on oak dowels was rated on a scale of 0 (none) to 5 (extensive) 

(values shown in lower left corner of each image).  
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