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ABSTRACT 

Changes in the distribution and abundance of species reflect variation in underlying 

demographic rates, including survival, reproduction, growth, and dispersal.  

Understanding how natural and anthropogenic processes affect demography and 

dynamics of species with patchy distributions can be challenging, but it is critical for 

developing reliable conservation strategies for landscapes that are changing at 

unprecedented rates.  We studied amphibians that inhabit isolated, intermittent streams in 

mountain canyons of the desert southwest, a region where drought conditions have 

prevailed over the last 30 years and where the availability of surface water is likely to 

decrease further in response to changes in climate.  Specifically, we used detection-

nondetection data from 22 years of biannual visual encounter surveys with recent 

capture-recapture data to better understand survival, growth, and metapopulation 

dynamics of lowland leopard frogs (Lithobates yavapaiensis) and canyon treefrogs (Hyla 

arenicolor).  We used a spatially-explicit metapopulation model to describe the 

distributional dynamics of leopard frogs in eight canyons in southern Arizona, and found 

that local frog populations were more likely to go extinct during periods of drought, 

particularly at sites that lacked deep or spring-fed pools that held water reliably.  Leopard 

frogs were also less likely to colonize unoccupied sites when larval or dispersal periods 

were drier than normal or when sediment levels in pools increased following high-

elevation wildfires.  In one of the two watersheds we surveyed, occupancy by leopard 

frogs declined markedly in the latter half of the study, and we observed no frogs in this 

watershed after 2015.  We used frequent capture-recapture surveys (≥1 survey every two 

weeks) based on in-situ photographs to demonstrate that the apparent extirpation was 
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due, at least in part, to drought-mediated decreases in post-metamorphic survival.  

Seasonal and spatial variation in survival were governed largely by surface-water 

availability, and survival was particularly low at sites where water levels were lowest.  

Finally, seasonal variation in demographic rates was not limited to survival, as we found 

strong evidence of temporal variation in somatic growth of post-metamorphic canyon 

treefrogs.  Growth rates were highest during the summer monsoon season, when both 

ambient temperatures and water levels in pools were typically high.  Given the effects of 

climate and surface-water availability on demography of leopard frogs and treefrogs, 

distribution and abundance of these species may decline if future changes in climate 

reduce the quantity or quality of aquatic resources available in mountain canyons.  

Moreover, because leopard frog populations tend to be small and geographically isolated, 

they are unlikely to persist at a regional scale if increased drought frequency or severity 

limits the ability of individuals to disperse among populations through an increasingly 

arid landscape.  
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CHAPTER 1: DROUGHT-MEDIATED EXTINCTION OF AN ARID-LAND 

AMPHIBIAN: INSIGHTS FROM A SPATIALLY EXPLICIT DYNAMIC 

OCCUPANCY MODEL 

 

ABSTRACT  

 Understanding how natural and anthropogenic processes, especially changes in 

climate, affect population dynamics of species with patchy distributions is critical to 

predicting their responses to future environmental changes.  To facilitate exploring the 

effects of these processes on distributional dynamics, we extended a spatially explicit 

metapopulation model to allow extinction and colonization probabilities to vary over 

space and time as a function of environmental covariates.  We apply this framework to 22 

years of biannual survey data for lowland leopard frogs, Lithobates yavapaiensis, an 

amphibian that inhabits arid mountain canyons in southeastern Arizona, USA.  

Colonization and extinctions of local populations were more likely during summer than 

winter.  Local extinctions occurred more frequently during periods of drought, 

particularly at sites that lacked pools with reliable surface water.  Colonizations of 

unoccupied sites increased when larval and dispersal periods were wetter than normal, 

increasing the probability that potential emigrants metamorphosed and reached 

neighboring sites.  Frogs were less likely to colonize sites that had moderate or high 

levels of sediment (≥25% of pool volume), a consequence of erosion that followed high-

elevation wildfires.  Between 1996 and 2008, the proportion of sites occupied in each of 

two watersheds we surveyed fluctuated between 0.20 and 0.61.  Between 2009 and 2017, 

however, occupancy continued to fluctuate similarly in one watershed, but declined 
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precipitously in the other; we observed no frogs in this watershed after spring 2015.  

Although effects of a severe drought (annual Palmer Drought Severity Index ranged from 

–2.4 to –5.2) between 2011 and 2014 affected metapopulation dynamics of leopard frogs 

in both watersheds, frogs persisted only where sediment levels were low and where most 

sites held water consistently.  The framework we advanced has application to many 

species that inhabit patchy environments, can improve our understanding of factors that 

govern metapopulation dynamics, and can inform strategies for conservation of imperiled 

species. 

 

INTRODUCTION 

 Ongoing and anticipated changes in climate, disturbance regimes, and land use are 

expected to alter the distributions of many species (Parmesan 2006, Ehrlén and Morris 

2015).  The effects of climate might be particularly important, as distributional limits 

often have a direct physiological basis defined by a species’ tolerance to climatic 

conditions (Gaston 2003).  Changes in climate also might induce changes in distributions 

indirectly by shifting distributions of predators and competitors and by altering the 

quantity and quality of habitat available to species (Gaston 2003).  Numerous studies 

have evaluated whether recent, rapid changes in climate have contracted or expanded the 

limits of species’ distributions (Parmesan 2006, Chen et al. 2011, and sources therein), 

but climate impacts may not be limited to range margins, especially if habitat for a 

species is discontinuous (Stewart et al. 2017).  Identifying processes associated with 

changes in distributions of species that inhabit patchy environments can be especially 

challenging, particularly in dynamic systems (Hodgson et al. 2009, Miller et al. 2012).  If 
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these environments are surveyed consistently for long periods, however, extirpation and 

colonization events can be linked more directly to climate, disturbances, or other 

temporal processes through a metapopulation framework (Yackulic et al. 2015).  This 

information can then be used to predict species responses to future environmental 

changes, which provides a foundation to inform conservation strategies for imperiled 

species that depend on patchy resources in dynamic environments. 

 Approaches for modeling dynamics of metapopulations have evolved considerably 

since Levins (1969) introduced the first deterministic, non-spatial models.  Most 

contemporary approaches treat site occupancy as a stochastic process, where the current 

occupancy state of a site depends on occupancy at the previous time step and extinction 

and colonization (i.e., transition) probabilities.  Approaches that are spatially explicit 

better reflect metapopulation theory by allowing transition probabilities to vary with the 

spatial arrangement of sites and dispersal capabilities of the target species through an 

incidence function (Hanski et al. 1996, Hanski 1999, Risk et al. 2011) or by integrating 

other measures of connectivity (Franken and Hik 2004, Heard et al. 2013, Sutherland et 

al. 2014).  Many recent spatial models incorporate a state-space approach to overcome 

the limitations of imperfect surveys (Bled et al. 2011, Yackulic et al. 2012, Heard et al. 

2013, Sutherland et al. 2014, Chandler et al. 2015, Broms et al. 2016).  Most frequently, 

these spatial models have been used to 1) estimate site-specific rates of extinction, 

colonization, or turnover, 2) assess metapopulation viability, and 3) evaluate whether 

observed distributional dynamics of species match theoretical expectations.  Rarely, 

however, have studies explored temporal variation in extinction and colonization 

probabilities, despite substantial evidence that demographic rates and dispersal behaviors 
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vary over time in response to changes in climate, land use, or disturbance processes (e.g., 

O’Brien et al. 2003, Robinson et al. 2007, Knowlton and Graham 2010).  Even when 

long-term data are available, temporal effects are seldom explored because existing 

models 1) assume that dynamic parameters remain constant over time or vary only with 

patch area or degree of connectivity (Risk et al. 2011, Chandler et al. 2015), 2) require 

supplementary demographic data (Harrison et al. 2011, Heard et al. 2013, Sutherland et 

al. 2014), or 3) make assumptions about dispersal processes that may not hold for all 

species (Bled et al. 2011, Yackulic et al. 2012, Eaton et al. 2014, Broms et al. 2016). 

 Here, we extend the spatially explicit dynamic occupancy model developed by 

Chandler et al. (2015) to allow extinction and colonization probabilities to vary over both 

space and time as a function of environmental covariates.  We apply the model to 22 

years of biannual survey data for lowland leopard frogs (Lithobates yavapaiensis), a 

species of conservation concern in the southwestern U.S. and northern Mexico (Sredl et 

al. 1997).  In southeastern Arizona, lowland leopard frogs primarily inhabit stream 

reaches in arid mountain canyons, environments that are rare on the landscape, are highly 

dynamic, and are likely to change in response to anticipated shifts in climate and other 

anthropogenic threats (Grimm and Fisher 1992, Sredl 2005, Wallace et al. 2010, Jaeger et 

al. 2014).  Although abundance and distribution of lowland leopard frogs fluctuate in 

response to hydrologic conditions (Zylstra et al. 2015), there is growing evidence of 

systematic declines and extirpations in populations across this region (Sredl et al. 1997, 

Witte et al. 2008, Savage et al. 2011).  Identifying factors associated with these declines 

is a conservation priority and can provide insight into the dynamics of this and other 

sensitive species that depend on surface water in arid mountain systems.  
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 The objectives of our paper are three-fold.  First, we present a spatially explicit 

framework for metapopulations that facilitates exploring factors with the potential to 

explain both spatial and temporal variation in extinction and colonization probabilities.  

This framework requires only binary data and depends on few assumptions about the 

dispersal process.  Second, we illustrate this approach using long-term survey data from 

lowland leopard frogs to evaluate how extinction and colonization rates varied over time.  

We highlight the value of biannual surveys that facilitate assessing the relative influence 

of multiple threats, including disease, which vary seasonally.  Finally, we use simulations 

to forecast metapopulation dynamics of lowland leopard frogs under a range of climate 

scenarios and to identify characteristics of sites where frogs are likely to persist over the 

long term.  

 

METHODS 

Study area 

 We studied population dynamics of lowland leopard frogs in the Madrean Sky Island 

region of southeastern Arizona, where isolated mountain ranges are separated by large 

expanses of desert and semi-desert grasslands.  We surveyed frogs in the Rincon 

Mountains, east of Tucson, Arizona.  The Rincon Mountains range from 900 m to 2640 

m elevation and encompass at least four distinct vegetation communities that range from 

Sonoran desertscrub to mixed-conifer forests (Brown 1982, Bowers and McLaughlin 

1987).  The area is bisected by a ridge formation that runs SW to NE with deeply-incised 

canyons forming the headwaters of two watersheds, one north and one south of the ridge 

(Valentine-Darby et al. 2017).  The landscape outside of these canyons, particularly 
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below 1500 m elevation, is arid, with little to no surface water.  Flow in most stream 

reaches is intermittent, with seasonal variation reflecting a bimodal pattern of annual 

precipitation (300–700 mm/yr, depending on elevation; Brown 1982, Bowers and 

McLaughlin 1987).  In winter (Dec–Apr), pools are often connected by continuous flow 

produced by widespread cool-season rains whereas in late spring (May–Jun) and fall 

(Oct–Nov), channels between pools dry frequently (Grimm and Fisher 1992, Wallace et 

al. 2010).  During monsoon season (Jul–Sep), localized, high-intensity storms can trigger 

sporadic flash floods.  Because lowland leopard frogs in the Sky Island region inhabit 

low-order streams below approximately 1400 m elevation, we restricted surveys to 

canyon reaches at middle elevations (870–1370 m), where pools are associated frequently 

with bedrock outcroppings.  Most pools are <2 m deep with surface areas 3–12 m2, and 

limited soil-bank development (Wallace et al. 2010). 

 

Field surveys 

 We surveyed leopard frogs in eight canyons, four in the north watershed and four in 

the south watershed (Fig. 1.1).  Canyons contained 213 pools that were likely to contain 

water much of the year and provide habitat for frogs.  Between May 1996 and June 2017, 

we surveyed streams when they typically were not flowing, in both spring (16 May–15 

Jul) and fall (1 Oct–30 Nov), which we defined as sampling periods (n = 43; Fig. 1.2).  

Each stream reach was surveyed 0–13 times per sampling period by 1–3 observers, at 

least one of which had surveyed these canyons for leopard frogs previously.  Observers 

followed standard protocols for diurnal visual encounter surveys (VES; Zylstra et al. 



20 

 

2015), and at each pool recorded whether water was present and whether they observed 

≥1 post-metamorphic (i.e., juvenile or adult) lowland leopard frog.  

 Although surveyors recorded observations of leopard frogs at each pool, many pools 

were in close proximity and did not function as independent habitat patches.  Therefore, 

we aggregated data among pools <150 m apart (stream distance) and refer to these 

aggregations as pool complexes.  We delineated pool complexes based on the expectation 

that when streams were not flowing (i.e., during spring and fall sampling periods) frogs 

were unlikely to move among complexes.  This resulted in 55 pool complexes, 32 in the 

northern watershed and 23 in the southern watershed.  In most instances, all pools in a 

complex were surveyed in a single day.  Occasionally, however, surveys of large 

complexes (≥8 pools) spanned two days within a five-day period; we considered these as 

one survey in our analyses.  

 

Occupancy model 

 We extended the spatially explicit dynamic occupancy model of Chandler et al. 

(2015) to allow extinction and colonization probabilities to vary over space and time as a 

function of environmental covariates.  We used a state-space formulation, with variation 

in survey data decomposed into a state or ecological process (here, occupancy of frogs 

over time and space) and an observation process (Royle and Kéry 2007).  Survey data 

consisted of yi,k,t = 1 if observers detected ≥1 leopard frog or yi,k,t = 0 if observers detected 

no frogs at pool complex i (i = 1, …, 55 sites) on survey k (k = 1, …, 13) in sampling 

period t (t = 1, …, 43).  We assumed closure within sampling periods, and allowed 

occupancy to vary between spring and fall sampling periods (i.e., during summer and 
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winter seasons; Fig. 1.2).  We considered the ecological process to be Markovian, with 

occupancy after the first sampling period conditional on occupancy in the previous 

sampling period.  Our model consisted of two dynamic parameters, namely the 

probability of colonization if the site was unoccupied previously (𝛾) and probability of 

persistence (𝜙) if the site was occupied previously.  Unlike the model of Chandler et al. 

(2015), which assumed occupancy in the first sampling period was known with certainty, 

we modeled the true occupancy state of site i in the first sampling period, zi,1, as a 

Bernoulli random variable with probability of initial occupancy, 𝜓𝑖,1: 

𝑧𝑖,1 ~ Bernoulli(𝜓𝑖,1).  We modeled occupancy in subsequent sampling periods as:  

 𝑧𝑖,𝑡+1|𝑧𝑖,𝑡 ~ Bernoulli(𝛾𝑖,𝑡(1 − 𝑧𝑖,𝑡) + 𝜙𝑖,𝑡𝑧𝑖,𝑡) (1.1) 

where 𝛾𝑖,𝑡 is the probability that an unoccupied site was colonized between time t and t+1 

and 𝜙𝑖,𝑡 is the probability an occupied site remained occupied between t and t+1.  

 Consistent with metapopulation theory (Hanski 1999), we allowed colonization and 

persistence probabilities to vary with proximity to other occupied sites.  We began by 

modeling pairwise colonization probabilities, defined as the probability that site i was 

colonized by at least one individual from site j between sampling period t and t+1, δi,j,t: 

 𝛿𝑖,𝑗,𝑡 = 𝛿𝐵,𝑖,𝑡exp (−𝑑𝑖,𝑗
2 /(2𝜃2))𝑧𝑗,𝑡  (1.2) 

where 𝛿𝐵,𝑖,𝑡 is the “baseline” colonization probability for sites coincident to site i, di,j is 

the distance between sites, and θ is the scale parameter in a Gaussian dispersal kernel 

governing how colonization probability decreases with distance (Chandler et al. 2015).  

Most metapopulation models use Euclidian distances to approximate the minimum 

distance individuals must travel to colonize a neighboring site.  If movements of 

individuals between sites are unlikely to follow straight-line paths, however, other 
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distance measures may be more appropriate.  Similar to many dendritic stream networks, 

we expected aridity, landscape structure, and topography to constrain movements of 

lowland leopard frogs among sites.  Specifically, we assumed that high-elevation ridges 

and ephemeral flow of valley-bottom streams would prevent frogs from moving between 

watersheds, and therefore delineated two metapopulations based on watershed 

boundaries.  For sites in the same canyon that were flow-connected (sensu Peterson et al. 

2013), we used stream distances instead of Euclidean distances, as this likely reflected 

how frogs move within canyons.  For sites in the same watershed that were not flow-

connected, we used minimum out-of-stream distances after restricting movement paths to 

areas below 1370 m because frogs have only been observed infrequently above this 

elevation (Wallace et al. 2010).  Most out-of-stream distances were considerably larger 

than stream distances between sites that were flow-connected (Fig. 1.1).  

 After defining pairwise colonization probabilities, we calculated the cumulative 

probability that site i was colonized between sampling period t and t+1 as: 

 𝛾𝑖,𝑡 = 1 − {∏ 1 − 𝛿𝑖,𝑗,𝑡
𝑁𝑖
𝑗=1 } (1.3) 

where Ni is the number of other sites in the same watershed as site i.  We allowed for the 

possibility that sites could go extinct and be recolonized between consecutive sampling 

periods (i.e., a pseudo-rescue effect, Hanski 1999, Sutherland et al. 2014, Chandler et al. 

2015): 𝜙𝑖,𝑡 = 1 − 휀𝑖,𝑡(1 − 𝛾𝑖,𝑡), where εi,t is the probability site i goes extinct between 

sampling period t and t+1. 

 Finally, we modeled the observation process separately from ecological processes 

because observers may fail to detect frogs when a site is truly occupied (Royle and Kéry 

2007, Zylstra et al. 2015).  Because we assumed changes in occupancy would occur only 
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between sampling periods, multiple surveys of a site within a sampling period allowed us 

to estimate detection probability (p) or the probability of detecting ≥1 post-metamorphic 

frogs if the site is occupied.  We assumed a Bernoulli distribution for detection-

nondetection data: 𝑦𝑖,𝑘,𝑡 ~ Bernoulli(𝑧𝑖,𝑡 × 𝑝𝑖,𝑘,𝑡). 

 We modeled extinction and baseline colonization probabilities (εi,t and δB,i,t), as well 

as initial occupancy and detection probabilities (ψi and pi,k,t), as logit-linear functions of 

site-, season- and survey-level covariates.  We used the same general structure for each 

linear model, where probability on the logit scale was modeled as a function of an 

intercept () and a set of fixed effects (𝜷) describing the relationship between covariates 

(X) and probability of extinction, colonization, initial occupancy, or detection probability 

(e.g., logit(𝜓𝑖) = 𝛼𝜓 + 𝑿𝒊𝜷𝝍).  We standardized all continuous covariates prior to 

analysis.  In the following sections, we describe relevant covariates and specify the linear 

model for each parameter.  

 

Environmental covariates 

 Site-level covariates.―For each complex (i.e., site), we determined the number of 

pools (npools) and mean elevation (elev) across pools.  We estimated the area of each 

basin that drained into the lowest-elevation pool in each complex (area) using hydrology 

tools in ArcGIS 10.1.  Reliability of surface water in canyons is governed by several 

factors, including pool depth and groundwater connectivity (Valentine-Darby et al. 

2017).  Because these measures were not available for all pool complexes, we used 

information on water availability collected during VES surveys to create an index of 

water reliability for each site across the 22-year study period.  For each pool, we 
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determined the number of sampling periods the pool was surveyed at least once and 

calculated the proportion of those sampling periods during which the pool did not go dry.  

We then used the maximum value among pools within each complex as an index of 

surface-water reliability (reliability).  This resulted in values that ranged from 0 (all pools 

in a complex went dry during every sampling period the complex was surveyed) to 1 (at 

least one pool in a complex always held water). 

 Season-level covariates.―We identified a number of time-varying factors that might 

explain changes in site occupancy during summer and winter seasons.  Wildfire and 

subsequent erosion can fill pools with sediment, decreasing their capacity to hold water 

for months to decades after a fire, which can influence colonization and extinction rates 

(Parker 2006).  We created a discrete index of sediment levels in each of eight canyons 

over time (sediment) based on repeated measurements of sediment volume from 24 pools 

(0–7 pools/canyon), data collected during VES surveys, and descriptions of sediment 

levels in one canyon from an unrelated study of wildfire in the Rincon Mountains (Parker 

2006).  For each summer and winter season, we assigned all complexes within a canyon 

the same sediment value.  We classified sediment levels as low (sediment = 0) when 

either mean sediment volume for measured pools was <25% of pool volume, or, for those 

canyons where sediment volume was not quantified, <20% of the watershed had burned 

in the preceding 10 years (Parker 2006).  We classified sediment levels as moderate 

(sediment = 1) when mean sediment volume of pools was approximately 25–50% and 

high (sediment = 2) when mean sediment volume was ≥50%.  

 We expected that colonization and extinction probabilities might vary over time in 

response to weather and its effects on surface-water availability.  Specifically, we 
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hypothesized that drought could increase extinction probabilities by decreasing the 

amount of surface water available for frogs, particularly at the beginning of summer and 

winter seasons.  We estimated the effect of drought for each canyon using downscaled, 

monthly measures of Palmer Drought Severity Index (PDSI) between 1996 and 2017 

(Abatzoglou, McEvoy, & Redmond, 2017).1  For each summer (Jul–Sep) and winter 

(Dec–May), we calculated mean PDSI during the preceding six-month period (Jan–Jun 

and Jun–Nov, respectively; 6mo.PDSI; Fig. 1.2) because this measure was associated 

with surface-water availability at the end of spring and fall sampling periods (Appendix 

A). 

 We expected that weather might affect colonization probabilities in two ways: 1) 

drought could reduce the number of juveniles available to colonize other sites by 

reducing the number of tadpoles that reach metamorphosis, and 2) decreases in 

precipitation during summer or winter could increase desiccation-related mortality rates 

of individuals moving between sites.  To explore the first possibility, we calculated mean 

PDSI over an eight-month period (Jan–Aug) leading up to and including when the most 

recent cohort of juveniles emerged (hereafter, the larval period; JA.PDSI; Fig. 1.2).  To 

explore the second possibility, we obtained downscaled, monthly estimates of 

precipitation and 30-year normals (1981–2010) for each canyon from the PRISM Climate 

Group.2  For each summer and winter, we calculated the percentage of precipitation 

normals from July–September and December–May, respectively (precip; Fig. 1.2).  

 Survey-level covariates.―Because we expected surface-water availability to affect 

frog activity patterns and detection probability during VES surveys (Zylstra et al. 2015), 

                                                 
1 https://wrcc.dri.edu/wwdt; Accessed 4 Sep 2017 
2 http://prism.oregonstate.edu; Accessed 4 Sep 2017 

https://wrcc.dri.edu/wwdt


26 

 

we calculated the proportion of pools in each complex with water during each survey 

(water).  We also created a binary variable to differentiate surveys that were led by 

observers with limited experience (<10 previous surveys; inexp.obs) from those led by 

individuals with extensive survey experience (≥10 previous surveys).  

 

Model implementation and inferences 

 We modeled variation in the probability of occupancy among sites in spring of 1996 

as a function of basin area, number of pools in each complex, and mean elevation.  We 

included a quadratic term for elevation to allow for non-linear relationships between 

initial occupancy and elevation:  

 logit(𝜓𝑖,1) = 𝛼𝜓 + 𝛽𝜓.𝑎𝑟𝑒𝑎(𝑎𝑟𝑒𝑎𝑖) + 𝛽𝜓.𝑝𝑜𝑜𝑙𝑠(𝑛𝑝𝑜𝑜𝑙𝑠𝑖) 

 + 𝛽𝜓.𝑒𝑙𝑒𝑣(𝑒𝑙𝑒𝑣𝑖) +  𝛽𝜓.𝑒𝑙𝑒𝑣2(𝑒𝑙𝑒𝑣𝑖
2) (1.4) 

where ψ is the mean probability of initial occupancy across all sites on the logit scale.  

We allowed extinction and colonization probabilities to vary between summer and winter 

seasons, and to vary with basin area, surface-water reliability, and sediment levels.  In 

addition, we allowed extinction probabilities to vary as a function of drought over the 

preceding six-month period, and included an interaction term to allow the effect of 

drought to differ between summer and winter:  

 logit(휀𝑖,𝑡) = 𝛼 + 𝛽 .𝑎𝑟𝑒𝑎(𝑎𝑟𝑒𝑎𝑖) + 𝛽 .𝑟𝑒𝑙(𝑟𝑒𝑙𝑖𝑎𝑏𝑖𝑙𝑖𝑡𝑦𝑖) + 𝛽 .𝑠𝑒𝑑(𝑠𝑒𝑑𝑖𝑚𝑒𝑛𝑡𝑖,𝑡) 

 + 𝛽 .𝑤𝑖𝑛(𝑤𝑖𝑛𝑡𝑒𝑟𝑡) + 𝛽 .𝑑𝑟(6𝑚𝑜. 𝑃𝐷𝑆𝐼𝑖,𝑡) + 𝛽 .𝑤𝑖𝑛𝑑𝑟(𝑤𝑖𝑛𝑡𝑒𝑟𝑡 × 6𝑚𝑜. 𝑃𝐷𝑆𝐼𝑖,𝑡) (1.5) 

where ε is the probability of extinction in summer for sites with low sediment levels on 

the logit scale.  We modeled baseline colonization probabilities as a function of drought 

during the preceding larval period and precipitation during summer and winter.  Similar 
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to the model for extinction, we included interactions between hydrologic variables and 

season: 

 logit(𝛿𝐵,𝑖,𝑡) = 𝛼𝛿 + 𝛽𝛿.𝑎𝑟𝑒𝑎(𝑎𝑟𝑒𝑎𝑖) + 𝛽𝛿.𝑟𝑒𝑙(𝑟𝑒𝑙𝑖𝑎𝑏𝑖𝑙𝑖𝑡𝑦𝑖) + 𝛽𝛿.𝑠𝑒𝑑(𝑠𝑒𝑑𝑖𝑚𝑒𝑛𝑡𝑖,𝑡) 

 + 𝛽𝛿.𝑤𝑖𝑛(𝑤𝑖𝑛𝑡𝑒𝑟𝑡) + 𝛽𝛿.𝑑𝑟(𝐽𝐴. 𝑃𝐷𝑆𝐼𝑖,𝑡) + 𝛽𝛿.𝑤𝑖𝑛𝑑𝑟(𝑤𝑖𝑛𝑡𝑒𝑟𝑡 × 𝐽𝐴. 𝑃𝐷𝑆𝐼𝑖,𝑡) 

 + 𝛽𝛿.𝑝𝑟𝑒𝑐𝑖𝑝(𝑝𝑟𝑒𝑐𝑖𝑝𝑖,𝑡) + 𝛽𝛿.𝑤𝑖𝑛𝑝𝑟𝑒𝑐𝑖𝑝(𝑤𝑖𝑛𝑡𝑒𝑟𝑡 × 𝑝𝑟𝑒𝑐𝑖𝑝𝑖,𝑡) (1.6) 

where δ is baseline colonization probability in summer at sites with low sediment levels 

on the logit scale.  For site-level covariates, we assumed baseline colonization 

probabilities varied with characteristics of the recipient site (i).  Alternatively, we might 

have modeled 𝛿𝐵,𝑖,𝑗,𝑡 instead of 𝛿𝐵,𝑖,𝑡 and incorporated covariates to represent differences 

in habitat characteristics between sites i and j, similar to other gradient-based approaches 

that have been used for birds (Broms et al. 2016).  We opted for the simpler approach 

given that lowland leopard frogs have limited dispersal capabilities and low rates of post-

metamorphic survival (Chapter 2).  Finally, we allowed detection probability to vary 

between spring and fall sampling periods, vary with observer experience, and vary with 

availability of surface water:  

 logit(𝑝𝑖,𝑘,𝑡) = 𝛼𝑝 + 𝛽𝑝.𝑓𝑎𝑙𝑙(𝑓𝑎𝑙𝑙𝑡) + 𝛽𝑝.𝑜𝑏𝑠(𝑖𝑛𝑒𝑥𝑝. 𝑜𝑏𝑠𝑖,𝑘,𝑡) 

 + 𝛽𝑝.𝑤𝑎𝑡𝑒𝑟(𝑤𝑎𝑡𝑒𝑟𝑖,𝑘,𝑡) + 𝛽𝑝.𝑤𝑎𝑡𝑒𝑟2(𝑤𝑎𝑡𝑒𝑟𝑖,𝑘,𝑡
2 ) (1.7) 

where p is mean detection probability of experienced observers in spring on the logit 

scale.  

 We specified vague priors for all parameters.  We specified a logistic prior for 

intercepts in regression models,  ~ Logistic(μ = 0, σ = 1), which implied a Uniform(0, 1) 

prior for ψ, δB, ε, and p when all covariates were equal to zero (Northrup and Gerber 

2018).  We specified Normal(μ = 0, σ2 = 10) priors for all regression coefficients 
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describing effects of covariates on initial occupancy, colonization, extinction, and 

detection probabilities on the logit scale.  Finally, we specified a Uniform prior for theta, 

the scale parameter describing the rate of decay in colonization probability with distance: 

θ ~ Uniform(0, 15).  We fit our model in JAGS executed from R using the package 

jagsUI (Kellner 2015, R Core Team 2016).  We ran three Markov chains initiated at 

random values for 85,000 iterations.  We discarded the first 5,000 iterations as adaptation 

and burn-in and retained 1 of every 40 iterations thereafter to summarize the posterior 

distribution.  We assessed convergence by inspecting trace plots and checking that 

Gelman-Rubin �̂� statistics were <1.1 (Gelman and Rubin 1992). 

 We assessed the extent to which each covariate explained variation in colonization, 

extinction, initial occupancy, or detection probability by calculating a posterior 

probability (PP) value, defined as the proportion of samples from the posterior 

distribution that were > 0 if the mean of the posterior was positive or < 0 if the mean was 

negative.  For example, if the mean of the posterior distribution for 𝛽𝜓.𝑎𝑟𝑒𝑎 was positive, 

but 20% of posterior samples were negative (PP = 0.80), we would conclude there was 

only weak evidence that probability of initial occupancy was associated positively with 

basin area.  We generated posterior distributions for the proportion of sites occupied in 

each watershed during each of the 43 sampling periods (1996–2017) and used a Bayesian 

beta regression model (Ferrari and Cribari-Neto 2004) to assess the relationship between 

these posterior occupancy probabilities and drought indices averaged over the preceding 

12 months (spring: Jun–May; fall: Oct–Sep).  Unless noted otherwise, we used 95% 

credible intervals (95% CI) to characterize uncertainty of estimates based on posterior 

distributions.  
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Forecasting effects of climate on metapopulation persistence 

 We used simulations to forecast effects of potential changes in climate on persistence 

of leopard frog metapopulations in arid mountain canyons.  We assessed the probability 

that a metapopulation would persist over a 30-year period under three climate scenarios: 

1) neutral conditions, with monthly PDSI = 0 and precipitation equal to 30-year normals; 

2) persistent mild drought, with PDSI = −1.5 and precipitation in summer and winter 

equal to 75% of normals; and 3) periodic extreme drought, with PDSI = −4.5 and 

precipitation equal to 50% of normals for three years followed by seven years of mild 

drought conditions, repeated three times.  We simulated occupancy dynamics for four 

hypothetical metapopulations, each consisting of 48 sites distributed evenly among eight 

canyons, to evaluate the relative importance of water reliability and distance between 

sites.  Specifically, we established metapopulations in areas where water reliability was 

either high (30% of sites with permanent water, mean reliability = 0.85) or low (15% of 

sites permanent, mean reliability = 0.60) and distances between sites were either short 

(distances between adjacent canyons ranged from 1 to 5 km, mean distance between all 

pairs of canyons = 8.6 km) or long (range of distances = 2–8 km, mean = 13.6 km).  For 

each metapopulation, we fixed initial occupancy equal to 0.50, sediment levels as low, 

and basin area of each site equal to the observed mean.  We assumed the effects of 

drought and precipitation on extinction and colonization probabilities were identical to 

those we observed between 1996 and 2017.  We predicted occupancy of sites in each 

metapopulation over time, with associated uncertainty, by combining posterior draws 

from extinction and colonization parameters based on observed data with projected PDSI 
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and precipitation values under each climate scenario.  For each metapopulation and 

climate scenario, we calculated the proportion of 48 sites that were occupied in each 

spring and fall sampling period and computed probability of metapopulation extinction as 

the proportion of MCMC iterations in which no sites were occupied after 30 years.  We 

expected our estimates of extinction probabilities to be conservative, as 48 sites 

represents a large metapopulation relative to those we studied and others in the region.  

 

RESULTS 

Field surveys 

 We surveyed 55 pool complexes distributed among eight canyons, with each complex 

containing between 1 and 16 pools (mean = 3.9 pools).  Basin area of complexes 

averaged 9.4 km2, with those in the southern watershed averaging 3.7 km2 larger than 

complexes in the northern watershed (Table 1.1).  In 75% of complexes (n = 41), at least 

one pool held water during ≥50% of all sampling periods (reliability ≥0.50); 25% of 

complexes (n = 14) held water permanently (reliability = 1.0).  Water was less reliable in 

complexes from the northern than southern watershed, as 37.5% of northern complexes 

(n = 12) and only 8.7% of southern complexes (n = 2) were dry during >50% of sampling 

periods (reliability <0.50; Table 1.1).  Sediment reached high levels (mean sediment 

volume ≥50%) in two of eight canyons, both in the northern watershed (Table 1.1).  In 

these two canyons, sediment levels peaked approximately 1.5 years after wildfires in 

1999 and 2003 and remained high for 5−7 years. 

 On average, we surveyed each pool complex in 26.0 (SE = 0.87) of 43 sampling 

periods (range = 12–39 sampling periods/complex) and visited complexes an average of 
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1.7 (SE = 0.05) times during each of those sampling periods (range = 1–13 

surveys/sampling period/complex).  More than 82% of surveys were led by observers 

with extensive survey experience.  Most complexes (84%, n = 46) were visited more than 

once within multiple sampling periods, providing information about detection 

probability; there was a slight positive trend in the mean number of surveys per sampling 

period per complex over time (slope = 0.02, 95% CI = 0.00–0.04).  There was more 

surface water available for frogs during fall surveys (mean proportion of pools in a 

complex with water = 0.84) than spring (0.65), although drought conditions prevailed 

throughout much of the study.  Both mean PDSI and precipitation were well below 

normal (PDSI = −1.7; monthly precipitation = 84% of 30-year normals), with exceptional 

drought conditions observed in most canyons between 2013 and 2014 (minimum monthly 

PDSI ranged from −4.8 to −6.2).  Observers were more likely to detect frogs in fall (318 

of 944 surveys, 34%) than in spring (411 of 1410 surveys, 29%).  Post-metamorphic 

leopard frogs were detected at least once in 71% of pool complexes (n = 39).  

 

Occupancy 

 Across all sites, probability of initial occupancy averaged 0.52 and was higher for 

complexes with more pools and larger basin areas (Table 1.2).  From 1996–2008, the first 

13 years of the study, the proportion of sites occupied in each watershed fluctuated 

between 0.20 and 0.61, and peaked in fall 2008 (Fig. 1.3).  Shortly thereafter, occupancy 

declined precipitously in the northern watershed, with no observations of lowland leopard 

frogs after spring 2015 (Fig. 1.3).  In contrast, occupancy in the southern watershed 

continued to fluctuate between 0.38 and 0.61 for the remainder of the study.  
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 In general, local populations were more dynamic during summer than winter, with 

both extinction and colonization probabilities lower during winter, except during severe 

droughts (Table 1.2; Figs. 1.4 and 1.5).  Local populations were more likely to go extinct 

(probabilities >0.2) at sites where surface water was less reliable (reliability ≤0.25) than 

sites where at least one pool held water permanently (probabilities <0.2, except during 

extreme drought; Fig. 1.4).  Extinction probabilities did not vary with sediment levels or 

basin area after accounting for season, water reliability, and drought (PP = 0.70 and 0.50, 

respectively; Table 1.2).  

 During winter, sites were unlikely to be colonized (probabilities <0.12), regardless of 

hydrologic conditions or site characteristics (Fig. 1.5).  During summer, sites were more 

likely to be colonized when the preceding larval period (Jan−Aug) was wetter than 

normal and when precipitation during summer monsoons was above average (Fig. 1.5).  

Colonization probabilities also varied with site characteristics.  Specifically, the odds that 

frogs colonized an adjacent site were 4.2 times higher (95% CI = 1.1–15.2) when 

sediment levels at the recipient site were low rather than high, regardless of sediment 

levels at the site of origin.  Frogs were also more likely to colonize sites in close 

proximity to their natal site.  Sites were 2.2 times (95% CI = 1.1–8.3) more likely to be 

colonized by frogs from a site 150 m away compared to a site 1.5 km away, assuming the 

recipient site had little to no sediment. 

 Effects of drought on occupancy differed between watersheds.  Between 1996 and 

2014, estimates of the proportion of sites occupied were associated positively with PDSI 

(i.e., lower occupancy during drought) in the northern watershed (slope on the logit scale 
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= 0.21, 95% CI = 0.14–0.29) but not the southern watershed (slope = 0.04, 95% CI = 

–0.03 to 0.11; Fig. 1.6). 

 Observers were likely to detect leopard frogs when they were present (mean p = 

0.82), especially when the site was surveyed more than once during a sampling period 

(mean p >0.95 when experienced observers surveyed a complex ≥2 times).  Detection 

probability was higher in fall than spring and peaked at intermediate levels of surface-

water availability (proportion of pools with water = 0.70; Appendix B: Fig. B1).  

 

Forecasts 

 In the absence of drought, metapopulations of lowland leopard frogs comprised of 48 

sites are unlikely to go extinct within 30 years (extinction probabilities <0.03).  When 

mild or extreme droughts occur, however, some metapopulations are vulnerable to 

extinction, particularly if few sites have pools that hold water reliably (extinction 

probabilities = 0.11–0.41; Figs. 1.7a and 1.7c).  When extreme droughts occur at least 

once per decade, all metapopulations are vulnerable to extinction within 30 years, 

regardless of water reliability and distances between sites.  In the absence of wildfires, 

the spatial arrangement of sites has less of an effect on persistence than does water 

reliability (Fig. 1.7), although sites are less likely to be recolonized following severe 

drought if distances between adjacent canyons are large (2–8 km).  

 

DISCUSSION 

 Changes in climate, especially increases in drought frequency and severity, have been 

implicated in declines of many amphibians in the western U.S. and around the world 
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(Daszak et al. 2005, Scheele et al. 2012, Hossack et al. 2013a).  These changes have 

altered demographic rates (e.g., Reading 2007, Cayuela et al. 2016), shifted phenology of 

life-history events (e.g., Todd et al. 2011, Benard 2015), and reduced the quantity and 

quality of aquatic environments on which many amphibians depend (McMenamin et al. 

2008, Werner et al. 2009, Pilliod et al. 2015).  By extending existing analytical 

frameworks to allow dynamic parameters to vary as a function of time-varying 

covariates, we were able to demonstrate that for lowland leopard frogs, both extinction 

and colonization processes were affected by drought-mediated factors, specifically 

reductions in surface water in arid mountain canyons. 

 Changes in occupancy or transition probabilities of amphibians that are active during 

only part of the year in temperate environments have been linked to variation to 

hydrologic conditions through data from annual surveys (Werner et al. 2009, Ray et al. 

2016).  Data from biannual surveys that spanned 22 years allowed us to explore seasonal 

variation in extinction and colonization processes for a species that is active year-round 

(Sredl 2005).  Periods of severe drought, during either spring or fall, decreased the 

amount of surface water available to post-metamorphic frogs in early summer or winter 

(Appendix A), which increased extinction probabilities (Fig. 1.4).  In summer, 

colonization rates reflected both the number of potential emigrants and hydrologic 

conditions that affected the ability of emigrants to reach new sites.  The number of 

emigrants arriving at a site is often assumed to scale with the area of neighboring 

occupied sites (Hanski 1999), but for many aquatic-breeding amphibians, recruitment 

fluctuates in response to precipitation and hydroperiod, such that temporal variation is 

likely more important than patch area or other site-level characteristics (Pechmann et al. 
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1991, Daszak et al. 2005).  For lowland leopard frogs, drought conditions during larval 

periods (Jan–Aug) increased the probability of recruitment failure, which decreased 

colonization rates the following summer (Fig. 1.5a).  When recruitment was successful, 

however, individuals that metamorphosed were more likely to colonize neighboring pool 

complexes when monsoon rainfall was above average (Fig. 1.5b).  Like cane toads 

(Rhinella marina) that reduce the frequency or spatial extent of movements during 

drought (Schwarzkopf and Alford 2002, Tingley and Shine 2011), lowland leopard frogs 

might have been less likely to emigrate from natal pools during dry summers, reducing 

colonization rates.  Moreover, because rates of evaporative water loss are high in 

Lithobates spp. (Spotila and Berman 1976), low colonization rates during dry summers 

might have resulted from increased mortality of emigrants rather than, or in addition to, 

decreased probabilities of emigration.  In winter, colonization rates of unoccupied sites 

were low, regardless of hydrologic conditions (Table 1.2; Fig. 1.5). 

 Although drought-mediated processes influenced occupancy dynamics and 

persistence of metapopulations, sites with pools that were spring-fed or sufficiently deep 

to retain water year-round reduced those effects, likely by functioning as refugia (Table 

1.2, Figs. 1.7b and 1.7d; Keppel et al. 2012).  Our results are consistent with other studies 

of amphibian metapopulations in the western U.S. where persistence depended on sites 

that held water year-round or at least longer than the time required for tadpoles to reach 

metamorphosis (Chandler et al. 2015, Ray et al. 2016).  Generally, surface-water 

reliability is a strong predictor of extinction but explains less variation in recolonization 

rates of unoccupied sites (Chandler et al. 2015, Ray et al. 2016; Table 1.2).  The 

distribution of these hydrologic refugia might explain why occupancy of lowland leopard 
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frogs in the southern watershed, where surface water was reliable at more than half of 

sites, did not decrease appreciably when drought conditions were severe (Fig. 1.6).  In 

contrast, occupancy in the northern watershed, where water was reliable at less than a 

third of sites, decreased markedly as drought severity increased (Fig. 1.6).  Like other 

amphibians in arid regions, persistence of leopard frogs in the Sky Island region likely 

depends on these refugia, the quantity and quality of which are likely to decrease with 

anticipated changes in climate and disturbance regimes (Westerling et al. 2006, Seager et 

al. 2007, Cook et al. 2015). 

 Effects of wildfire on amphibian populations have been studied in forest ecosystems 

(Dunham et al. 2007, Hossack et al. 2013b), but not in deserts.  In low-elevation deserts 

that have not been invaded by nonnative grasses, wildfires are generally rare and low 

intensity (McLaughlin and Bowers 1982, Brooks and Matchett 2006).  Wildfires in these 

areas are unlikely to cause direct mortality of stream-dwelling species, as fuels in and 

near stream channels are often insufficient to sustain fire.  Stand-replacing fires in forests 

at higher elevations, however, can affect species that inhabit downstream reaches because 

post-fire erosion often transports large amounts of sediment from the upper watershed to 

pools below (Parker 2006, Goode et al. 2012).  Though increases in sedimentation were 

not associated with extinctions of leopard frog populations during our study, frogs were 

less likely to recolonize sites with moderate to high levels of sediment (average sediment 

volume ≥25%; Table 1.2).  Because sediment levels declined slowly (high levels 

persisted for an average of 6.2 years at sites affected by high-elevation fires), affected 

sites were likely to remain unoccupied for many years following fire.  Our study is one of 

the first to associate amphibian declines with wildfire-caused sedimentation, yet we 
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expect these secondary effects of fire to occur more frequently as the number of severe, 

large-scale wildfires is expected to increase in the western U.S. (Westerling et al. 2006, 

Goode et al. 2012).  

 In addition to climate-related processes, amphibian declines have been attributed to a 

number of other factors including habitat loss, disease, invasions by nonnative species, 

and pollutants (Collins and Storfer 2003, Whitfield et al. 2016).  Although we found that 

declines in lowland leopard frogs were associated with drought and the downstream 

consequences of wildfire, other factors may have influenced their population dynamics.  

Batrachochytrium dendrobatidis (Bd), a fungal pathogen that causes chytridiomycosis, 

has been implicated in declines or extinctions of several montane amphibians in the 

western U.S. (Bradford 1991, Kagarise Sherman and Morton 1993, Muths et al. 2003).  

With few exceptions, most amphibian populations in the warmer deserts of the 

southwestern U.S. persist with low rates of infection (Schlaepfer et al. 2007, Savage et al. 

2011); disease-related mortality, when it occurs, is generally expected in cooler winter 

months (Forrest and Schlaepfer 2011, Savage et al. 2011).  Although we did not test for 

presence of Bd throughout the study, our analyses suggest that factors other than disease 

were the primary drivers of the declines we documented, as most local extinction events 

occurred during summer.  We note, however, that extirpation of lowland leopard frogs 

from a canyon near our study area in 2011 was linked to high rates of Bd infection 

(Savage et al. 2011).  
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Conclusions 

 As anthropogenic activities decrease the quantity and continuity of habitat for many 

species, applications for metapopulation theory are likely to increase (Hanski 1999).  In 

most spatially explicit models of metapopulation dynamics, colonization and extinction 

probabilities are assumed to vary among sites solely as a function of patch area and 

connectivity, despite evidence indicating that these dynamic processes reflect variation in 

climate, hydrology, or other environmental factors (Royle and Kéry 2007, Ray et al. 

2016).  The ability to explore these processes can be limited by the lack of data from 

periods that capture meaningful variation in environmental conditions.  For example, 

many empirical studies of occupancy dynamics in vertebrates have been based on ≤7 

years of data, which limits the extent to which environmental conditions can be linked to 

state transitions (Franken and Hik 2004, Risk et al. 2011, Heard et al. 2013, Chandler et 

al. 2015, Broms et al. 2016, Ray et al. 2016).  This limitation is especially important for 

long-lived species or for species with life stages >1 year in duration.  Although it seems 

reasonable to assume that transition rates remain constant over short time periods, 

insights about mechanisms that govern distributional dynamics are more likely to emerge 

from long-term studies, which are likely to capture a wider range of environmental 

variation.  These insights can contribute to conservation of imperiled species.  For 

example, results from our study will help managers identify locations for potential 

reintroductions of lowland leopard frogs, prioritize areas for habitat restoration based on 

the reliability of surface water, and determine whether populations should be translocated 

following catastrophic fires or similar landscape-level disturbances.
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TABLE 1.1.  Summaries of environmental covariates used to explain variation in initial 

occupancy, extinction, colonization, and detection probability of lowland leopard frogs 

surveyed in two watersheds (South, North) in the Rincon Mountain, Arizona, USA 

between 1996 and 2017.  We summarized values of covariates separately for pool 

complexes in each watershed.  For season-level covariates, we provide the mean value 

across all summer and winter seasons and for survey-level covariates we provide the 

mean value across all surveys in each spring or fall sampling period.  We used a discrete 

index to classify sediment levels (0 = low; 1 = moderate; 2 = high), Palmer Drought 

Severity Index to characterize drought (negative values indicate drought; positive values 

indicate wetter than normal conditions), and continuous indices that ranged from 0 to 1 to 

characterize water reliability and surface-water availability during each survey. 

 

   South (n = 23)  North (n = 32) 

Covariate Label Mean Range  Mean Range 

Site-level       

 No. pools npools 4.0 1, 13  3.8 1, 16 

 Elevation (m) elev 1137 962, 1357  1056 873, 1359 

 Basin area (km2) area 11.6 3.9, 32.9  7.9 1.9, 18.1 

 Water reliability reliability 0.85 0.19, 1.00  0.63 0.10, 1.00 

Season-level       

 Sediment levels sediment 0.54 0, 1  0.88 0, 2 

 Drought (prior 6 months) 6mo.PDSI 1.9 5.4, 4.5  1.6 4.6, 4.7 

 Drought (larval period) JA.PDSI 2.0 5.2, 4.4  1.7 4.6, 4.6 

 Precipitation (% normals) precip 88 16, 203  89 17, 206 

Survey-level       

 Surface-water availability water 0.84 0.00, 1.00  0.66 0.00, 1.00 

  



40 

 

TABLE 1.2.  Posterior mean and standard deviation (SD) for parameters from a dynamic 

occupancy model for lowland leopard frogs in southern Arizona, USA.  For regression 

coefficients (β), we report the proportion of samples from the posterior distribution > 0 if 

the mean is positive or < 0 if the mean is negative (PP). 

 

Parameter Mean SD PP 

Initial occupancy    

 ψ 0.15 1.31  

 βψ.area 2.68 1.67 0.99 

 βψ.pools 3.09 2.18 0.97 

 βψ.elev 0.21 1.85 0.57 

 βψ.elev2 –0.33 2.28 0.58 

Colonization    

 δ 2.47 0.55  

 βδ.area 0.87 0.40 1.00 

 βδ.rel 0.11 0.19 0.71 

 βδ.sed –0.72 0.33 0.98 

 βδ.win –1.11 0.92 0.90 

 βδ.dr 0.39 0.21 0.97 

 βδ.windr –1.13 0.98 0.88 

 βδ.precip 1.12 0.44 1.00 

 βδ.winprecip –1.11 0.53 0.99 

 θ 1.90 0.82  

Extinction    

 ε 0.13 0.71  

 βε.area 0.16 0.68 0.50 

 βε.rel –1.85 0.45 1.00 

 βε.sed –0.24 0.44 0.70 

 βε.win –1.92 0.91 0.99 

 βε.dr –0.44 0.48 0.82 

 βε.windr –1.17 0.86 0.92 

Detection    

 p 1.30 0.15  

 βp.fall 1.23 0.21 1.00 

 βp.obs –0.68 0.23 1.00 

 βp.water –0.14 0.15 0.83 

 βp.water2 –1.03 0.16 1.00 
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FIGURE 1.1.  Maps of pool complexes surveyed for lowland leopard frogs in two 

watersheds (North, South) in the Rincon Mountains.  Each black dot represents the 

approximate midpoint of a pool complex.  Areas above 1370 m elevation are shaded 

gray. 
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  1996 1997 

  J F M A M J J A S O N D J F M A M 

Sampling periods          spring      fall             

Seasons              summer     winter  

Juvenile emergence           juveniles                   

Season-level covariates                              

 
Ext: 6mo.PDSI 

                       
                        
                                     

Col: precip 
                             

                        
                                     

Col: JA.PDSI 
                   

                    
 

FIGURE 1.2.  A timeline illustrating relationships among sampling periods, seasons, and periods when we measured covariates.  

For simplicity, we illustrate these relationships from January 1996 to May 1997, a period that encompasses only the first two 

sampling periods (of 43) and seasons of the 22-year study.  Each box represents an approximate 15-day period (i.e., the first or 

second half of each month).  We surveyed for post-metamorphic leopard frogs during spring and fall sampling periods 

(diagonal hatch), and assumed colonization and extinction events occurred during the intervening summer and winter seasons 

(light gray and dark gray, respectively).  We related extinction probabilities (Ext) in summer and winter to Palmer Drought 

Severity Index averaged over the preceding six-month period (6mo.PDSI; shaded to correspond with associated season).  We 

related colonization probabilities (Col) during summer and winter to current precipitation (precip) and to drought indices 

averaged over the eight-month period leading up to and including when the most recent cohort of newly-transformed juveniles 

emerged (JA.PDSI).   
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FIGURE 1.3.  Estimated proportion of sites occupied by lowland leopard frogs in two watersheds of the Rincon Mountains, 

Arizona, USA in spring (16 May–15 Jul) and fall (1 Oct–30 Nov) sampling periods between 1996 and 2017. 
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FIGURE 1.4.  Extinction probabilities for populations of lowland leopard frogs in (a) 

summer (16 Jul–30 Sep) and (b) winter (1 Dec–15 May) as a function of mean Palmer 

Drought Severity Index (PDSI) during the previous six months and water reliability 

(permanent sites had ≥1 pools that never went dry; low-reliability sites went dry during 

75% of spring and fall sampling periods).  Negative PDSI values indicate drought; 

positive PDSI values indicate wetter than normal conditions.  To predict extinction 

probabilities, we assumed sediment levels were low and basin area was equal to the mean 

across all pool complexes.  
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FIGURE 1.5.  Baseline colonization probabilities for populations of lowland leopard frogs 

in summer and winter as a function of (a) mean Palmer Drought Severity Index (PDSI) 

during the previous larval period (Jan–Aug) and (b) precipitation during current summer 

and winter seasons.  Negative PDSI values indicate drought; positive PDSI values 

indicate wetter than normal conditions.  To predict colonization probabilities as a 

function of drought, we fixed basin area and water reliability equal to their means across 

all pool complexes, sediment levels as low, and precipitation to its mean across all pool 

complexes and seasons.  We similarly fixed basin area, reliability, sediment, and PDSI 

values to their means when predicting colonization probabilities as a function of 

precipitation.  
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FIGURE 1.6.  Seasonal estimates of the proportion of sites occupied by lowland leopard 

frogs in two watersheds of the Rincon Mountains, Arizona, USA, 1996−2014, as a 

function of Palmer Drought Severity Index (PDSI) averaged over the preceding 12 

months.  Proportion of sites occupied was positively associated with PDSI in the northern 

watershed (dashed line; slope on logit scale = 0.21, 95% CI = 0.14–0.29), but not the 

southern watershed (solid line; slope = 0.04, 95% CI = –0.03 to 0.11). 
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FIGURE 1.7.  Proportion of sites occupied over 30 years in simulated metapopulations of 

lowland leopard frogs under three climate scenarios: 1) neutral conditions, 2) persistent, 

mild drought, and 3) extreme three-year droughts occurring once per decade.  

Metapopulations were characterized by a) low water reliability and long distances 

between sites, b) high water reliability and long distances between sites, c) low water 

reliability and short distances between sites, and d) high water reliability and short 

distances between sites.  Lines represent the medians of posterior distributions.  In all 

simulations, we assumed 50% of sites were occupied in the first year. 
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CHAPTER 2: LOW SURVIVAL OF AN ARID-LAND AMPHIBIAN 

CONTRIBUTES TO POPULATION DECLINES  

 

ABSTRACT 

 Declines in populations of amphibians have been linked to a number of factors, 

including changes in climate.  Decreases in precipitation, for example, can reduce or shift 

the distribution of aquatic resources that are integral to reproduction and larval 

development of many species.  How changes in climate might affect other demographic 

parameters is less well known, particularly for species that are active year-round.  To 

explore this question, we studied survival of lowland leopard frogs (Lithobates 

yavapaiensis) in arid mountain canyons in southern Arizona, where the availability of 

surface water varies markedly within and among years.  Between 2013 and 2015, we 

surveyed frogs 3374 times in each of six stream reaches distributed among two 

watersheds and used capture-recapture methods based on in-situ photographs to identify 

individuals.  We used Cormack-Jolly-Seber models to explore how surface-water 

availability, weather, and vegetation influenced seasonal variation in survival of post-

metamorphic frogs.  Overall, mean annual survival in this dynamic environment was low 

(ϕ̂ = 0.11, 95% CI = 0.070.14).  Survival varied with ambient temperature, dew point, 

perimeter groundcover, and year, but especially with surface-water availability.  Mean 

monthly survival was high (ϕ̂ ≥ 0.88) when water levels were at or near 100% maximum 

pool depths, but declined sharply (0.12 ≤ ϕ̂ ≤ 0.85) when water levels dropped below 

50%.  Decreased survival of post-metamorphic frogs during severe drought almost 

certainly contributed to the extirpation of frogs from one watershed in 2015.  Predicted 
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increases in frequency or severity of drought will likely decrease the probability of 

lowland leopard frogs persisting in this region over the long-term, as droughts are likely 

to increase the rate of local extirpations and limit the ability of individuals to disperse 

through an increasingly arid landscape.  

 

INTRODUCTION 

 Effective conservation of rare species depends on understanding the factors that 

govern their population dynamics (Caughley and Gunn 1996).  Because local abundance 

reflects a balance between the number of individuals gained through local recruitment 

plus immigration and the number of individuals lost through mortality plus emigration 

(Williams et al. 2002), population declines can result from changes in any or all of these 

demographic parameters.  Understanding the relative contribution of different 

demographic processes to population dynamics, and the environmental factors that 

govern demography over time and space, can help to inform strategies to ameliorate 

threats effectively and stem declines.   

 Throughout the U.S. and worldwide, the abundance and distribution of many 

amphibians are declining (Stuart et al. 2004, Adams et al. 2013).  Many of these declines 

have been attributed to increases in mortality from disease (e.g., Pilliod et al. 2010, 

DiRenzo et al. 2017) or increases in mortality and decreases in immigration from habitat 

loss or fragmentation (e.g., Carr and Fahrig 2001, Harper et al. 2008).  Numerous 

declines have also been linked to recruitment failure during periods of drought or changes 

in land use that reduced the availability of surface water (e.g., Pechmann et al. 1991, 

Daszak et al. 2005, Anderson et al. 2015).  Decreases in recruitment resulting from 
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reductions in surface water are unsurprising given that most amphibians rely on water for 

reproduction and larval development (Duellman and Trueb 1986).  What is less clear, 

however, is the extent to which drought or surface-water availability affects post-

metamorphic survival and contributes to population declines (but see Grafe et al. 2004, 

Church et al. 2007, Cayuela et al. 2016) . 

 Survival rates of post-metamorphic amphibians are estimated commonly using 

capture-recapture methods, where individuals are surveyed annually during a relatively 

short breeding season (<3 months) (e.g., Church et al. 2007, Cayuela et al. 2016).  

Typically, variation in survival is related to environmental factors that are summarized 

annually, potentially masking important processes that act over shorter time scales.  

Moreover, annual capture-recapture data cannot be used to explore within-year variation 

in survival, which may be particularly important for short-lived species or for species that 

inhabit environments that allow them to remain active year-round.  

 To identify factors that govern variation in post-metamorphic survival and population 

dynamics of an arid-land amphibian, we used innovative capture-recapture methods and 

frequent surveys to characterize survival of lowland leopard frogs (Lithobates 

yavapaiensis).  Though once common in valley-bottom streams of southern Arizona, 

lowland leopard frogs are now listed as a species of species concern in Arizona, as 

groundwater depletion and reductions in streamflow have resulted in widespread declines 

and extirpations (Sredl 2005).  Many extant populations in this region are comprised of 

few individuals that inhabit isolated, arid mountain canyons with intermittent streamflow 

(Wallace et al. 2010, Zylstra et al. 2015).   
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 We surveyed lowland leopard frogs frequently in six stream reaches during a 30-

month period to explore how survival of post-metamorphic frogs varied over time and 

space as a function of environmental factors.  One of our primary objectives was to 

understand how the availability of surface water influenced survival of lowland leopard 

frogs given recent changes in climate and anthropogenic activities that have altered the 

hydrologic landscape of this arid region (Hendrickson and Minckley 1985, Grimm et al. 

1997).  In particular, the mountain canyons now inhabited by many lowland leopard frogs 

are more arid than the cienegas and permanent streams that once formed the core of their 

historical distribution in southern Arizona (Clarkson and Rorabaugh 1989, Sredl 2005).  

In addition to identifying factors that affect survival, we used estimates of survival in 

concert with estimates of reproductive output to explain the apparent extirpation of frogs 

at one site during our study.  Our findings illustrate the value of seasonal capture-

recapture data, particularly for short-lived species, and provide information to guide 

conservation strategies for species that depend on limited surface water in arid 

environments.   

 

METHODS 

Study area 

 We studied lowland leopard frogs in the Madrean Sky Island region of southern 

Arizona and northern Mexico, where isolated mountain ranges are surrounded by desert 

and semi-desert grasslands.  Specifically, we surveyed frogs in the Rincon Mountains 

east of Tucson, Arizona.  Vegetation communities range from Sonoran desertscrub and 

desert grassland below 1500 m elevation to mixed conifer forests between 2100 m and 
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2640 m elevation (Brown 1982, Bowers and McLaughlin 1987).  The Rincon Mountains 

are bisected by a ridge formation that runs SW to NE, with deeply-incised canyons 

forming the headwaters of two watersheds, one north and one south of the ridge 

(Valentine-Darby et al. 2017).  Like many mountain ranges in the region, most surface 

water is limited to bedrock pools in canyon bottoms.  Flow in most stream reaches is 

intermittent, with seasonal variation reflecting a bimodal pattern of annual precipitation 

(300–700 mm/yr, depending on elevation; Brown 1982, Bowers and McLaughlin 1987).  

In winter (Dec-Apr), pools are connected frequently by continuous flow in response to 

widespread cool-season rains, whereas in late spring (May–Jun) and to a lesser extent in 

fall (Oct–Nov), pools are isolated as stream channels between pools dry (Grimm and 

Fisher 1992, Wallace et al. 2010).  During monsoon season (Jul–Sep), localized, high-

intensity storms can trigger sporadic flash floods.  Because lowland leopard frogs in this 

region inhabit streams below approximately 1400 m elevation, we restricted surveys to 

reaches at low and middle elevations (870–1370 m).  Typically, pools in these reaches are 

<2 m deep with surface areas of 3–12 m2 and limited soil-bank development; pools 

provide habitat for post-metamorphic leopard frogs when surrounding stream channels 

dry (Wallace et al. 2010).  

 We surveyed leopard frogs in six stream reaches, three in each watershed (Table 2.1, 

Fig. 2.1).  In the south watershed, the three survey reaches were distributed across three 

canyons.  These reaches ranged from 598 m to 1944 m in length and each contained 

between 14 and 24 pools that held water in spring and fall of most years.  In the north 

watershed, we surveyed three stream reaches in the same canyon.  The lower reach (870 

m to 932 m elevation) contained 14 pools, the middle reach (942 to 1015 m elevation) 23 
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pools, and the upper reach (1063 to 1233 m elevation) 19 pools.  A minimum of 215 m 

stream distance separated each reach and we never documented leopard frogs moving 

among survey reaches. 

 

Field surveys 

 We surveyed for leopard frogs between 13 May 2013 and 8 November 2015.  We 

surveyed four reaches (three in the north watershed, one in the south watershed) in all 

years of the study and two reaches in 2014 and 2015 (Table 2.1).  Between March and 

early November, we surveyed each of the six reaches approximately once every nine days 

(range of intervals between surveys in the same reach = 160 days).  To assess frog 

activity and survival during winter, we surveyed one reach in the south watershed 

approximately once every 14 days (range = 533 days) between mid-November and 

February.  On all but two surveys, we searched for lowland leopard frogs during daylight 

hours because rugged canyons are difficult to traverse in the dark and detection 

probabilities during diurnal surveys are sufficiently high (≥0.1) to estimate survival 

(Wallace et al. 2010, Zylstra et al. 2015).  Typically, we started surveys 1–3 hours after 

sunrise and completed surveys in the late morning or early afternoon.   

 During each survey, 13 observers (mean = 1.2) traversed the survey reach, using 

binoculars to scan the perimeter of pools and emergent aquatic vegetation for leopard 

frogs with estimated snout-vent length (SVL) ≥50 mm (hereafter, post-metamorphic 

leopard frogs).  When we detected a leopard frog, one observer approached the area 

quietly and used a camera equipped with a 70–300 mm telephoto lens to photograph the 

dorsum, left flank, and right flank of the frog.  We obtained 1–7 photographs of each 
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frog, and refer to this sequence of photographs as a photoset.  Multiple photographs often 

were necessary to document spots across all three body regions, as features were 

sometimes obscured by physical obstructions (e.g., vegetation, rocks), poor lighting (e.g., 

glare), or frog posture.  In addition to surveying for post-metamorphic frogs, we scanned 

pools for leopard frog eggmasses or clusters of newly hatched tadpoles; for simplicity, we 

refer to observations of newly hatched tadpoles as eggmasses. Observers also measured 

the depth of water in each pool, and measured air temperature, relative humidity, and 

wind speed at the start and end of each survey.   

 

Identifying individuals 

 Estimating demographic parameters for populations of rare or threatened species, like 

lowland leopard frogs, is often challenging (Caughley and Gunn 1996).  Typically, 

researchers seek to minimize adverse impacts to individuals, which can be difficult when 

estimates of survival, growth, or lifetime reproductive output require repeated 

interactions with individuals.  Limiting the number of individuals studied or the 

frequency of interactions, however, lowers precision of parameter estimates (Williams et 

al. 2002).  To balance ethical and legal obligations with the need for precise estimates of 

survival and other demographic parameters, some capture-recapture studies have used 

non-invasive marks, such as unique patterns or scars that can be photo-documented 

(Langtimm et al. 2004, Morrison et al. 2011) or DNA from hair or scat (Boulanger et al. 

2004, Marucco et al. 2009).  As with previous studies of salamanders and ranid frogs 

(Bailey 2004, Ferner 2010), we identified individual leopard frogs based on their unique 

natural markings.  Unlike previous studies of amphibians, however, we used photographs 
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taken in-situ, which eliminated the need to capture individuals and allowed us to survey 

frequently without causing undue stress to animals.   

 Many studies that have used photographs to identify animals have focused on natural 

markings from one region of the body that can be captured in a single image (e.g., left 

flank; Holmberg et al. 2008, Nair et al. 2012).  Recently, this approach has been extended 

to include markings from two regions (e.g., left and right flank), where repeated 

photographs of each region can be tracked independently to estimate abundance or 

survival (Hiby et al. 2013, McClintock et al. 2013).  Because we photographed frogs in-

situ, however, we were able to document markings on three contiguous body regions: the 

dorsum, left flank, and right flank.  We refer to individual spots or small clusters of spots 

as features and the collection of all features across all three regions as a spot pattern.  

Each post-metamorphic individual has one unique spot pattern that does not change 

appreciably with age.   

 For most frogs (62%, n = 215), we were able to map all features on all three body 

regions (i.e., we were able to construct a “complete spot map” for an individual), either 

from a single photoset or from multiple photosets where features overlapped (Fig. 2.2).  

For other individuals (39%, n = 137), we were able to map features on one or more 

regions but not the entire spot pattern.  We refer to a map that included some, but not all, 

features on an individual’s spot pattern as a “partial spot map.”  Because spot patterns are 

unique, each partial spot map could represent only one frog.  It is possible, however, that 

one frog was represented by multiple, partial spot maps that did not overlap in extent 

(Fig. 2.2).   
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 To determine whether we had rephotographed (hereafter, recaptured) an individual, 

we compared photosets manually rather than using computer-based pattern-matching 

algorithms.  We chose this alternative because 1) photosets were often comprised of 

multiple photographs rather than a single image, 2) the orientation and posture of frogs 

varied greatly among photographs, and 3) bodies of leopard frogs are not laterally or 

dorso-ventrally compressed.  We concluded that two photosets represented the same 

individual when we matched ≥2 unique features definitively.  We note that it was 

possible to recapture individuals whose spot patterns had not been mapped completely if 

≥2 features within the mapped region matched.  We processed photosets chronologically, 

comparing each photoset with all complete and partial spot maps that we observed 

previously in the same watershed.  We assumed frogs could move between survey 

reaches within the same watershed but could not move between watersheds (71 km 

stream distance, 8 km straight-line distance).   

 

Encounter histories 

 Typically, data from capture-recapture surveys are assembled into encounter histories 

that indicate the occasions when individuals were recaptured.  Because we surveyed each 

reach 33–74 times during the study and rarely surveyed multiple reaches on the same 

day, there were a large number of survey occasions (259) and short intervals (1–33 days, 

median = 2 days) between survey occasions.  For frogs whose spot patterns we had 

mapped completely, it was straightforward to construct an encounter history for each 

individual, with a 1 or 0 indicating whether the individual was observed on that survey 

occasion and a “.” indicating that the reach was not surveyed on that occasion.  For frogs 
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whose spot patterns were not mapped completely, we created separate encounter histories 

for each partial spot map, recognizing that one frog could be associated with more than 

one encounter history. 

 Because the number of encounter histories might have exceeded the number of frogs 

we observed, which could bias estimates of survival (Link et al. 2010; Appendix C), we 

implemented an ad-hoc strategy to account for false rejection errors (i.e., failing to 

recognize that two partial spot maps were associated with the same frog; Morrison et al. 

2011).  False rejection errors can result in multiple encounter histories for an individual, 

often with a single encounter.  To reduce bias in estimates of survival resulting from a 

lack of independence among encounter histories (Yoshizaki 2007), we censored the 

initial observation of each spot map (Morrison et al. 2011).  This strategy resulted in the 

exclusion of all histories with a single encounter event (105 of 137 partial spot maps 

[77%] and 42 of 215 individuals with a complete spot map [20%] were excluded).  We 

discuss the trade-offs in this strategy and alternative approaches to account for potential 

bias in Appendix C.   

 

Environmental covariates 

 We anticipated that survival of leopard frogs and the probability of photographing a 

frog might vary in response to weather, hydrologic conditions, and vegetation cover 

along pool perimeters.  To characterize weather conditions during each survey, we 

calculated minimum temperature, mean percent relative humidity, and maximum wind 

speed based on measures recorded at the start and end of each survey.  To characterize 

weather conditions between survey occasions (i.e., during each survival interval), we 
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used downscaled, daily estimates of temperature and dew point from the PRISM Climate 

Group.1  For each watershed, we calculated the mean dew point and mean of daily 

minimum temperatures during each survival interval, inclusive of the start and end dates.   

 To characterize surface-water availability, we related survey-specific measurements 

of water depth to maximum pool depths.  We measured the maximum depth of each pool 

within six months of commencing surveys in each reach; when sediment levels in pools 

changed as the result of erosion or flash floods (Parker 2006), we remeasured maximum 

depths.  Each time we surveyed a pool, we related water depth to maximum pool depth, 

resulting in a proportion ranging from 0 (pool was dry) to 1 (pool was full of water).  We 

used the mean of these proportions across all pools in each reach as a survey-level index 

of surface-water availability.  To characterize availability of surface water during each 

survival interval, we computed the index based on measurements taken during survey and 

non-survey dates (68% of index values from survey dates, 32% from non-survey dates).  

We then used linear interpolation to impute missing daily values in each reach using the 

imputeTS package in R (R Core Team 2016, Moritz and Bartz-Beielstein 2017), and 

calculated the mean value for each survival interval, inclusive of the start and end dates.   

 During each spring (May–Jun) and fall (Oct–Nov) season, we estimated visually the 

percentage of each pool perimeter (<1 m from pool edge) that contained groundcover 

vegetation (0–0.5 m).  Within each of three water years (2013: May 2013–Sep 2013; 

2014: Oct 2013–Sep 2014; 2015: Oct 2014–Sep 2015), we calculated mean perimeter 

groundcover across all pools in each reach as this could affect the quality of habitat for 

                                                 
1 http://prism.oregonstate.edu; Accessed 10 Jan 2018 



 

59 

 

leopard frogs (Wallace et al. 2010) as well as the ability of observers to detect leopard 

frogs when present.  

 

Model structure and inferences 

 We used a Cormack-Jolly-Seber model to estimate apparent survival (ϕ), or the 

probability that post-metamorphic frogs survived and remained in the study area between 

consecutive survey occasions, adjusted for recapture probability (p), which we defined as 

the probability of photographing a spot pattern that we observed previously (Lebreton et 

al. 1992).  We specified the duration of each survival interval in days, and therefore 

assumed constant rates of daily survival between consecutive survey occasions.  We 

based inferences on a model that included all environmental covariates we thought had 

potential to explain variation in survival (surface-water availability, temperature, dew 

point, and perimeter groundcover) and recapture probability (surface-water availability, 

temperature, humidity, wind, and perimeter groundcover).  We included quadratic terms 

between surface-water availability and both survival and recapture probabilities to allow 

for non-linear relationships.  We also included year as a covariate to account for temporal 

variation in survival and recapture probabilities beyond that explained by weather and 

hydrologic conditions.  Specifically, we included indicator variables for water years 2014 

and 2015; we included data we collected in October and November 2015 with water year 

2015 as data were too sparse to estimate parameters for water year 2016.  We 

standardized all continuous covariates prior to analysis, and used program MARK (White 

and Burnham 1999) through the RMark package (Laake 2013) in R to estimate model 

parameters. 
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RESULTS 

Field surveys 

 Across the 30-month study period, we surveyed six stream reaches for lowland 

leopard frogs 310 times, with 64, 116, 113, and 17 surveys in water years 2013 through 

2016, respectively.  We observed between 0 and 37 leopard frogs with estimated SVL 

≥50 mm on each survey (median = 2) and photographed an average of 70% of frogs we 

observed on each survey.  We obtained 1082 photosets of individual frogs, each of which 

included between 1 and 7 photographs (mean = 2.4).  We catalogued 352 unique spot 

maps, 215 (62%) of which were complete and mapped all features of an individual, and 

137 (39%) of which were partial and mapped only a subset of features.  We observed 

81% of complete spot maps more than once (range = 2–15 observations, n = 173) and 

23% of partial spot maps more than once (range = 2–5 observations, n = 32).  The 

number of leopard frog observations in the north watershed declined over time (Table 

2.2), and we observed no post-metamorphic frogs in this watershed after June 2015.   

 We observed 97 eggmasses, 52 in late winter and early spring (FebApr; 26 

eggmasses/season) and 45 in early fall (AugOct; 15 eggmasses/season; Table 2.2).  We 

observed only 3 of 97 eggmasses (3%) in the north watershed, all of which were 

oviposited prior to fall 2014.  No leopard frog tadpoles were observed in the north 

watershed after July 2014.   

 Surface-water availability varied over time and space in ways that likely affected 

survival of leopard frogs.  Within-year variation in surface-water availability was 

substantial (Fig. 2.3); surface-water availability was lowest in June (mean = 0.43, range = 



 

61 

 

0.06–0.90 across reaches and years) and highest in March (0.98, 0.87–1.00).  Surface-

water availability also varied among years, particularly during the dry season; mean 

water levels in June were considerably higher in 2015 (0.70) than in 2013 (0.33) or 2014 

(0.21).  Although seasonal patterns in water availability were similar in both watersheds, 

the total amount of water available in any given season varied among reaches, 

particularly in the north watershed.  Large, deep pools in the highest elevation reach held 

water throughout the duration of the study (median surface-water availability = 0.90, 

range = 0.26–1.00), whereas water levels in pools at low- and middle-elevation reaches 

dropped markedly in both winter (minimums = 0.48, 0.28) and summer (0.06, 0.03) of 

2014 (Fig. 2.3). 

 

Survival and recapture probability 

 Mean annual survival of post-metamorphic leopard frogs across all sites was 0.11 

(95% CI = 0.07–0.14), which we estimated from 205 encounter histories.  Across all 

reaches and years, there was strong evidence of seasonal (within-year) variation in 

survival that was associated with variation in hydrologic conditions.  Monthly survival 

was high (mean >0.83) when surface-water availability was ≥0.6 and declined sharply as 

availability dropped below 0.6 (Fig. 2.4).  In addition, survival increased as minimum 

ambient temperature increased and as dew point decreased (Table 2.3; Fig. 2.5).  Survival 

did not vary appreciably with vegetation cover after accounting for weather and 

hydrologic conditions (Table 2.3).  Recapture probabilities averaged 0.26 (95% CI = 

0.240.28) and increased as surface-water availability decreased (Fig. 2.4).  Recapture 

probabilities also increased as ambient temperature increased, were lower where pool 
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perimeters had more vegetation cover, and were lower in 2014 than 2013 or 2015 (Table 

2.3; Fig. 2.4).  Lastly, recapture probabilities decreased slightly as wind speed increased 

(Table 2.3). 

 

DISCUSSION 

 For many amphibians that inhabit temperate environments, estimating annual survival 

between consecutive breeding seasons is sufficient to characterize population dynamics.  

For species that are short-lived, are active year-round, or have multiple or prolonged 

breeding seasons within a year, annual estimates of survival many not capture short-term 

variation in this important demographic parameter.  Underestimating interannual, and 

presumably intraannual, variability in demographic parameters can overestimate 

population growth rates, particularly for short-lived species (Morris et al. 2008).  

Therefore, understanding the extent to which survival and other demographic rates vary 

temporally, as well as the environmental factors that govern such variation, is necessary 

to assess long-term population viability and to inform conservation strategies in light of 

impending stressors, such as climate change.  

 Temporal variation in post-metamorphic survival of lowland leopard frogs reflected 

the highly dynamic nature of these mountain canyon environments.  Survival was higher 

during late spring and summer than in winter when ambient temperatures often fall below 

5 °C (Fig. 2.5, Table 2.3).  This pattern corroborated previous findings based on an 

independent source of data (long-term counts; Zylstra et al. 2015) as well as our 

incidental observations of lethargic frogs at pool edges on very cold winter mornings.  

Contrary to our expectations, however, apparent survival decreased as dew point 
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increased.  This result might reflect increased rates of emigration rather than mortality, as 

leopard frogs may have been more likely to leave survey reaches or make long-distance 

movements when risk of desiccation was lower (Chapter 1), similar to other amphibians 

in arid environments (Schwarzkopf and Alford 2002, Tingley and Shine 2011).  

 After adjusting for weather, surface-water availability accounted for much of the 

seasonal, annual, and spatial variation in post-metamorphic survival (Table 2.3).  

Whether a consequence of physiological stress, reductions in food resources, or increased 

vulnerability to predators, survival dropped precipitously when surface-water availability 

was low (Fig. 2.4), which typically occurred when ≥1 pool in a stream reach dried.  

Although other studies have linked survival of post-metamorphic amphibians to total 

annual precipitation or binary indicators of drought (Grafe et al. 2004, Church et al. 2007, 

Cayuela et al. 2016), our study provides evidence that survival rates of amphibians can 

vary markedly within a season in response to short-term, local changes in hydrologic 

conditions.   

 Unlike populations in other parts of their range, lowland leopard frogs in southeastern 

Arizona seem to be declining in both distribution and abundance (Clarkson and 

Rorabaugh 1989, Sredl et al. 1997, Witte et al. 2008, Savage et al. 2011).  Remaining 

populations are often small (<100 individuals; Sartorius and Rosen 2000, Wallace et al. 

2010, Savage et al. 2011), increasing the risk of extirpation from demographic 

stochasticity (Caughley and Gunn 1996, Melbourne and Hastings 2008).  Although we do 

not know the proximate cause of the extirpation of leopard frogs in the north watershed, 

severe drought almost certainly contributed to these declines.  Unusually dry conditions 

in the lower reaches of this watershed—a consequence of prolonged, severe drought 
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(annual precipitation in water years 2012–2014 was 58–84% of 30-year normals2)—

reduced both post-metamorphic survival and reproductive output (Table 2.2).  When 

drought conditions subsided in late 2014 and 2015, few frogs remained (we observed 

only two individuals after Aug 2014) and did not reproduce; the population subsequently 

went extinct in 2015.   

 Even during a relatively wet year in 2015, annual survival of lowland leopard frogs in 

the populations we studied was low compared to other ranids, including closely related 

species that inhabit arid environments (0.27 in Lithobates onca, Bradford et al. 2004; 

0.27 in Lithobates chiricahuensis, Howell et al. 2016).  It is unclear whether low rates of 

survival in lowland leopard frog populations are a recent phenomenon or whether 

survival rates in these populations have always been low.  Historically, populations of 

leopard frogs and other aquatic vertebrates that inhabited mountain canyons were likely 

peripheral to core populations along perennial watercourses in valley bottoms (Clarkson 

and Rorabaugh 1989, Sredl 2005, Hall and Steidl 2007).  Based on ecological theory, we 

might expect these peripheral populations to have lower and more variable densities and 

lower rates of reproduction or survival (Brown 1984).  Alternatively, survival in these 

peripheral populations might have been higher historically and only declined in the last 

several decades as the southwestern U.S. has become increasingly arid (Weiss et al. 2009, 

Balling and Goodrich 2010).  Reductions in the surface and subsurface waters that feed 

streams in these mountain canyons have likely reduced the quantity and quality of aquatic 

resources on which leopard frogs depend (Dahm et al. 2003).   

                                                 
2 National Weather Service: https://www.weather.gov/twc; Accessed 4 Sep 2017  
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 In addition to altering the hydrology of mountain canyons, long-term drying at the 

regional scale is likely to reduce the probability of lowland leopard frogs persisting in 

southern Arizona by decreasing connectivity among these isolated, remnant populations 

(Walls et al. 2013).  Until recently, dispersal of leopard frogs among stream reaches and 

canyons has allowed the species to persist in this region despite low rates of survival and 

occasional extinctions of local populations (Chapter 1).  If drought reduces the spatial 

distribution of aquatic refugia or reduces the frequency with which sites are connected 

hydrologically, however, dispersing individuals may be unlikely to reach unoccupied 

sites.  These environmental changes are likely to reduce the probability that 

metapopulations will persist over the long-term.  The impact of drought on networks of 

ponds with varying hydroperiods and the amphibians that inhabit these environments has 

been explored theoretically and empirically (e.g., Fortuna et al. 2006, Chandler et al. 

2015).  This research indicates that metapopulations are likely to persist despite frequent 

or severe drought when 1) density of inhabitable sites is high, 2) a significant proportion 

of sites are spring-fed or sufficiently deep to retain water during drought, or 3) species are 

capable of dispersing long distances (Fortuna et al. 2006, Chandler et al. 2015).  

Metapopulations of lowland leopard frogs in the Sky Island region may be less resilient 

to drought than other amphibians, however, because drought has the potential to affect 

post-metamorphic survival, recruitment, and dispersal adversely.  As sites with reliable 

surface water become increasingly rare and geographically isolated, sources of potential 

emigrants will decrease and distances among habitable sites will increase, reducing the 

chances that unoccupied sites are recolonized and increasing the probability that local 

populations go extinct.  



 

66 

 

TABLE 2.1.  Descriptions of six stream reaches in the Rincon Mountains surveyed for 

lowland leopard frogs between May 2013 and November 2015. 

 

  Elevation (m)    

Watershed 

Reach 

length (m) Min. Max. 

No. 

pools Years surveyed 

No. 

surveys 

South 598 1036 1069 24 2013–2015 74 a 

 1944 1022 1208 14 2014–2015 33 

 1104 1083 1291 18 2014–2015 38 

North 681 870 932 14 2013–2015 45 

 1229 942 1015 23 2013–2015 57 

 1011 1062 1233 19 2013–2015 63 

 
a Includes surveys between mid-November and the end of February. 
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TABLE 2.2.  Results from surveys for lowland leopard frogs in two watersheds (South, 

North) in the Rincon Mountains in water years 2013 (May 2013–Sep 2014), 2014 (Oct 

2013–Sep 2014), and 2015 (Oct 2014–Sep 2015).  We report minimum surface-water 

availability (mean water depth relative to maximum pool depth) observed in any survey 

reach, seasonal reproductive output (number of pools where eggmasses were observed 

and total number of eggmasses), maximum number of post-metamorphic leopard frogs 

(snout-vent-length [SVL] ≥50 mm) observed during a survey in any reach, and number of 

photosets. 

 

 South  North 

 2013 2014 2015  2013 2014 2015 

Number of reaches surveyed 1 3 3  3 3 3 

Minimum surface-water availability 0.26 0.09 0.30  0.16 0.03 0.43 

Spring reproduction (no. pools) a  8 14   1 0 

Spring reproduction (no. eggmasses) a  22 29   1 0 

Fall reproduction (no. pools) b 3  7 12  2 0 0 

Fall reproduction (no. eggmasses) b 9 13 21  2 0 0 

Max. count of post-metamorphic frogs 37 36 25  10 4 1 

Number of photosets 234 364 248  91 62 4 

 
a Eggmasses observed between February and April.  Reaches were not surveyed in spring 

2013.  
b Eggmasses observed between August and October.  We included observations in 

October 2014 with water year 2014 and observations in October 2015 with water year 

2015. 
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TABLE 2.3.  Parameter estimates on the logit scale, Wald Z-statistics, and associated P-

values from a model describing apparent survival and recapture probabilities of post-

metamorphic lowland leopard frogs in southern Arizona, USA between 2013 and 2015.  

Year:2014 is an indicator variable for water year 2014 (Oct 2013–Sep 2014), and 

Year:2015 is an indicator variable for the period between October 2014 and November 

2015.  All other covariates were standardized relative to their means and standard 

deviations.  See the Methods section for detailed descriptions of covariates. 

 

Parameter Covariate Estimate SE Z P 

Survival Intercept 2.61 0.39   

 Year:2014 –0.31 0.41 -0.76 0.450 

 Year:2015 –0.55 0.39 -1.41 0.159 

 Surface-water availability 0.27 0.25 1.12 0.265 

 Surface-water availability 2 –0.32 0.14 -2.37 0.018 

 Temperature 0.51 0.26 1.96 0.050 

 Dew point –0.64 0.29 -2.21 0.027 

 Perimeter groundcover –0.05 0.09 -0.59 0.555 

Recapture Intercept –0.49 0.17   

 Year:2014 –0.59 0.18 -3.28 0.001 

 Year:2015 0.04 0.19 0.22 0.826 

 Surface-water availability –0.39 0.10 -3.94 <0.001 

 Surface-water availability 2 –0.04 0.06 -0.70 0.487 

 Humidity –0.04 0.07 -0.57 0.569 

 Wind –0.09 0.07 -1.34 0.180 

 Temperature 0.13 0.06 2.19 0.029 

 Perimeter groundcover –0.20 0.05 -3.65 <0.001 
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FIGURE 2.1.  Maps of six stream reaches surveyed for lowland leopard frogs in two 

watersheds (South, North) in the Rincon Mountains. Light gray lines are 60-m elevation 

contours; areas above 1370 m elevation are shaded gray. 
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FIGURE 2.2.  Schematic of a spot pattern that was mapped completely (a) and three 

partially-mapped spot patterns (“partial spot maps”; b-d).  Boxes above the letter “L” 

depict features on the left flank, boxes above “D” depict features on the dorsum, and 

boxes above “R” depict features on the right flank.  The partial spot maps in panels (c) 

and (d) cannot represent the same frog, as they overlap in extent and have no matching 

features.  The partial spot map in panel (b) can represent the same frog as that represented 

in panel (c) or (d), however, as there is no overlap between (b) and the other partial spot 

maps (c, d).  In panel (e) we present images of a frog whose spot pattern was mapped 

completely. 
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FIGURE 2.3.  Surface-water availability (mean water depth relative to maximum pool depth) in one of the reaches in the south 

watershed and in the middle-elevation reach in the north watershed.  Vertical gray lines represent the start of each water year. 
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FIGURE 2.4.  Apparent monthly survival (a) and recapture probabilities (b) of post-

metamorphic lowland leopard frogs as a function of surface-water availability (mean 

water depth relative to maximum pool depth) and water year.  We predicted survival and 

recapture probabilities across the range of surface-water availability values we observed 

in each water year, while fixing all other covariates at their mean values. 
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FIGURE 2.5.  Apparent monthly survival of post-metamorphic lowland leopard frogs 

between October 2013 and November 2014 (i.e., water year 2014) as a function of 

minimum daily temperature and dew point.  We only predicted survival for temperatures 

that were observed when mean dew point was within 4 °C of selected values (e.g., we 

predicted survival for a mean dew point of –10 °C based on temperatures observed when 

mean dew point ranged from –14 °C to –6 °C).  We fixed surface-water and vegetation 

covariates at their observed means. 
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CHAPTER 3: A BAYESIAN STATE-SPACE MODEL FOR SEASONAL 

GROWTH OF TERRESTRIAL VERTEBRATES IN DYNAMIC 

ENVIRONMENTS 

 

ABSTRACT 

 Somatic growth determines the rate at which individuals reach sexual maturity and 

transition among life stages, which along with survival and reproduction, are principal 

factors governing population rates of change.  For short-lived species that inhabit 

dynamic environments, such as many post-metamorphic amphibians, accounting for 

seasonal fluctuations in somatic growth can improve inferences about population 

dynamics.  We describe a Bayesian, state-space formulation of a von Bertalanffy growth 

model that integrates a sinusoidal model for seasonal growth while also accounting for 

individual heterogeneity and measurement error.  We use this model to describe growth 

of canyon treefrogs, Hyla arenicolor, that inhabit arid mountain canyons in the 

southwestern United States, based on capture-recapture data from 404 individuals.  Our 

model provided unbiased estimates of characteristic growth rate, k, and mean asymptotic 

size, L∞, when growth fluctuates seasonally.  In contrast, a traditional model that assumed 

growth was constant overestimated k, biasing estimates of time to sexual maturity and 

other life stages.  For canyon treefrogs, we found strong evidence that growth varied 

seasonally and annually, with maximum growth rates during the summer monsoon 

season.  Females grew faster than males (mean difference in characteristic growth rate = 

0.52 yr-1) and reached asymptotic sizes that averaged 5.1 mm larger than males.  

Projected growth curves from the model were consistent with length-frequency 
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histograms for all treefrogs captured during each survey occasion.  Collectively, our 

results indicate that treefrogs in this region are shorter-lived and have higher rates of 

population turnover than other co-occurring amphibians.  Failure to account for seasonal 

fluctuations in growth can bias inferences, particularly when using growth-related 

parameters to describe population dynamics of fast-growing species that reproduce more 

than once per year or inhabit environments with strong seasonal signals.  We present a 

straightforward approach for using repeated length measurements from individuals of 

unknown age to estimate growth while accounting for seasonality and individual 

heterogeneity, sources of variation common in many vertebrate populations. 

 

INTRODUCTION 

Life-history traits, including rates of survival, reproduction, and somatic growth, 

govern dynamics of vertebrate populations, therefore understanding how traits vary over 

time, across space, and among individuals is essential for predicting population rates of 

change (Caswell 2001).  For many terrestrial species, research has focused on survival 

and reproduction, with less effort focused on characterizing somatic growth or age at first 

reproduction (Crouse et al. 1987, Caswell 2001, Sibly and Hone 2002).  The rate at which 

individuals reach sexual maturity or transition between distinct life stages, however, has 

important consequences for both the fitness of individuals and for dynamics of 

populations (Semlitsch et al. 1988, Stearns 1992).  For example, individuals with higher 

rates of somatic growth may be more likely to survive to sexual maturity by reducing the 

duration of earlier life stages when predation mortality is highest (Werner and Gilliam 

1984, Werner 1986).  Further, for iteroparous species, individuals that reach sexual 
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maturity earlier may increase lifetime reproductive output (Cole 1954, Lewontin 1965, 

Oli et al. 2002).  

Unlike many vertebrates, growth of most amphibians is biphasic, a consequence of 

abrupt changes in body structure at metamorphosis (Duellman and Trueb 1986).  Growth 

of pre-metamorphic, or larval, amphibians can vary markedly in response to a number of 

extrinsic factors, including density of conspecifics (Semlitsch and Caldwell 1982), 

presence of predators or competitors (Skelly 1992, Relyea 2004), temperature (Harkey 

and Semlitsch 1988), and hydrologic conditions (Rowe and Dunson 1995).  Numerous 

studies have focused on growth of individuals in early life stages because of its effect on 

age and size at metamorphosis, which can affect post-metamorphic survival, reproductive 

output, and locomotor performance (Berven and Gill 1983, Semlitsch et al. 1988, Ficetola 

and De Bernardi 2006).  Most growth of amphibians, however, occurs after 

metamorphosis (80-99% of adult size; Werner 1986).  Growth during this period affects a 

series of life-history traits, including the transition from juvenile to adult life stages, 

which can have strong effects on dynamics of some amphibian populations (Biek et al. 

2002). 

Models of somatic growth, particularly those for post-metamorphic amphibians, have 

relied traditionally on tools such as skeletochronology to relate age to body size 

(Hemelaar 1988, Tinsley and Tocque 1995, Liao and Lu 2010).  Inferences based on 

these methods, however, can be limited by sample size or high uncertainty of age 

estimates (Sullivan and Fernandez 1999, Eden et al. 2007, Sinsch 2015).  Although body 

size is measured commonly when animals are captured, such as when capture-recapture 

methods are used to estimate survival, only a few studies have explored somatic growth 
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of post-metamorphic individuals (Blackwell et al. 2003, Hamer and Mahony 2007, Lee et 

al. 2012).  These studies may be limited, in part, because traditional growth models do 

not accommodate seasonal fluctuations in growth that occurs in many temperate species 

(Martof 1956, Turner 1960).  Further, individual heterogeneity in growth can bias 

estimates of growth parameters (Sainsbury 1980, Zhang et al. 2009).  We outline an 

approach for modeling growth of post-metamorphic amphibians based on repeated 

measures of body size that overcomes these limitations.  Specifically, we describe a 

Bayesian, hierarchical formulation of the von Bertalanffy growth model to account for 

both seasonal fluctuations in growth and individual heterogeneity in growth parameters 

(Zhang et al. 2009, Tang et al. 2014).  We use a state-space framework (Kéry and Schaub 

2012) to separate measurement error from variation in growth associated with season, 

year, or differences among individuals.   

We begin with a general description of the growth model and use simulations to 

assess bias of model estimates.  We then apply the model to growth of the canyon 

treefrog, Hyla arenicolor, a small-bodied, short-lived frog that inhabits arid mountain 

canyons in the southwestern United States (Painter 2005).  Treefrogs in this region can 

reproduce twice per year, with cohorts emerging from larval stages at the beginning and 

end of the summer monsoon season (Gehlbach 1965).  Growth is likely to vary 

seasonally in treefrogs because temperature and hydrologic conditions can differ 

markedly among cohorts of newly-transformed individuals and because treefrogs retreat 

to rock crevices for several months in winter (Hammerson 1999, Baker 2010).  To make 

broader inferences about the life-history of canyon treefrogs in the region, we 

complement our estimates of growth with data from visual encounter surveys describing 
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the phenology of reproduction and recruitment events, providing new insights into 

demography and population dynamics of this understudied species. 

 

METHODS 

Growth model 

For wild animals, it is rare to be able to characterize attributes or “states” of 

individuals or populations perfectly because field methods are imperfect; for example, 

researchers can overlook individuals that are present or quantify their traits incorrectly.  

Consequently, state-space approaches have been applied increasingly to ecological data 

because they decompose survey data (e.g., counts of individuals, measures of length and 

mass) into variation attributable to the true state (i.e., the process model) and variation 

attributable to the sampling or measurement process (i.e., the observation model; Kéry 

and Schaub 2012).  The process model we developed is a growth-interval form of the von 

Bertalanffy model, modified to allow seasonal variation in post-metamorphic growth of 

amphibians (Fabens 1965, Somers 1988).  We model growth as a sine function with a 

period of one year, such that 

 𝐿𝑖,𝑡+𝑑 − 𝐿𝑖,𝑡 = (𝐿∞,𝑖 − 𝐿𝑖,𝑡)(1 − 𝑒𝑥𝑝[−𝑘𝑖,𝑡𝑑 + 𝑆(𝑖, 𝑡) − 𝑆(𝑖, 𝑡 + 𝑑)]), (3.1) 

where  

 𝑆(𝑖, 𝑡) = 𝐶𝑘𝑖,𝑡 2𝜋⁄ ∗ 𝑠𝑖𝑛[2𝜋(𝑡 − 𝑡𝑠)], (3.2) 

Li,t is length of individual i at time t (in fractions of a year after 1 Jan), d is the time 

elapsed in years between consecutive observations, L∞,i is asymptotic length of individual 

i, ki,t is the characteristic growth rate of individual i at time t, C is the magnitude of 

seasonal oscillations in the growth rate, and ts is the time (in fractions of a year) at which 
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the growth rate is maximized (Frazer and Ehrhart 1985, Somers 1988, Robins et al. 

2006).  Although commonly referred to as a growth rate, units for k are yr-1 rather than 

length/yr given that k reflects the “exponential rate of approach to asymptotic size” 

(Schnute and Fournier 1980); consequently, k is not comparable directly among species.  

In this seasonal parameterization, C ranges from 0 to 1, with a value of 1 indicating that 

growth ceased during some portion of each year and a value of 0 indicating that growth 

did not fluctuate seasonally.  Importantly, to apply this model, measurements must be 

made in more than one season per year (i.e., the duration of some intervals [d] must be <1 

year).   

 Traditionally, growth models have assumed that L∞ and k are identical for all 

individuals in a population (Fabens 1965).  Estimates of growth parameters can be 

biased, however, when models do not account for heterogeneity in growth among 

individuals, particularly in L∞ (Sainsbury 1980, Eveson et al. 2007, Zhang et al. 2009).  

Individual heterogeneity in growth parameters can be modeled as a function of measured 

covariates (e.g., ectoparasite load) or with an individual-level random effect.  We use a 

hybrid approach that allows L∞ and k to vary among groups of individuals (e.g., males 

and females or individuals at different sites) and include a random effect for L∞ to 

account for unmodeled heterogeneity within groups.  Specifically, we consider individual 

asymptotic length, L∞,i, to be a random variable drawn from a normal distribution with 

mean equal to the group mean and variance representing heterogeneity in asymptotic 

length among individuals: 

 𝐿∞,𝑖 ~ 𝑁(�̅�∞,𝑔(𝑖), 𝜎∞,𝑔(𝑖)
2 ),  
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where �̅�∞,𝑔(𝑖) is the mean asymptotic length of individuals in the group that includes 

individual i and 𝜎∞,𝑔(𝑖)
2  is the variance in asymptotic length among individuals within that 

same group.   

 We modeled the characteristic growth rate of individual i at time t with a linear 

model: 

 𝑘𝑖,𝑡 = 𝜷𝒈𝑿𝒈(𝒊) + 𝜷𝒚𝑿𝒚(𝒕), (3.3) 

where 𝜷𝒈 and 𝜷𝒚 are vectors of estimated coefficients for group- and year-level effects, 

respectively; 𝑿𝒈(𝒊) is a vector of ones and zeros indicating group membership of 

individual i and 𝑿𝒚(𝒕) is a vector of environmental conditions in year y or a vector of ones 

and zeros indicating the year of observation t.  We restrict 𝑿𝒚(𝒕) to conditions that vary 

annually (𝑿𝒚(𝒕) rather than modeling time directly as 𝑿𝒕) because we assume seasonal 

oscillations of k within years.  We specify a fixed year effect when annual data on 

environmental conditions are not available, but a random effect could also be specified.  

To increase model efficiency and ensure that all parameters are identifiable, we assume 𝑘 

to be constant among individuals in the same group and year.  

For the observation model, we compare measured and predicted growth between 

consecutive observations of each individual.  Specifically, we assume a normal 

distribution for observed growth of individual i between time t and t+d: 

 𝑦𝑖,𝑡 ~ 𝑁(𝐿𝑖,𝑡+𝑑 − 𝐿𝑖,𝑡, 𝜎∆𝐿
2 ) 

where 𝐿𝑖,𝑡+𝑑 − 𝐿𝑖,𝑡 represents the true change in length of individual i and  𝜎∆𝐿
2  represents 

the variance associated with measurement error.  Similar to other models, ours contains 

an implicit assumption that length at first capture was measured without error (Jiao et al. 

2010, Tang et al. 2014, Dzul et al. 2017).  We adopted this approach because it decreases 
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the time required for the model to converge and has minimal effect on parameter 

estimates. 

  We used simulations to evaluate the reliability of the model and to characterize bias 

in parameter estimates.  We simulated 100 datasets, each containing length measurements 

for 600 females across eight survey occasions in each of two consecutive years.  To 

ensure all individuals had ≥2 measurements in a given year, we assumed all individuals 

were recaptured during the survey immediately after they were marked; subsequently, we 

assumed an annual survival rate of 0.50 and recapture rate of 0.70.  We simulated length 

measurements assuming seasonal, but not annual variation in growth rates.  For each 

dataset, we estimated �̅�∞, 𝜎∞, k, ts, and 𝜎∆𝐿 from a seasonal model where C was fixed 

equal to one (eqn 3.1) and estimated �̅�∞, 𝜎∞, k, and 𝜎∆𝐿 from a model where growth was 

assumed constant:  

 𝐿𝑖,𝑡+𝑑 − 𝐿𝑖,𝑡 = (𝐿∞,𝑖 − 𝐿𝑖,𝑡)(1 − 𝑒−𝑘𝑖,𝑡𝑑). (3.4) 

To assess whether our seasonal model was robust to misspecification, we simulated 100 

new datasets where growth rate was constant throughout the year and estimated �̅�∞, 𝜎∞, 

k, ts, C, and 𝜎∆𝐿 from the seasonal model.  Additional details about the simulations appear 

in Appendix D. 

 

Growth of canyon treefrogs 

Study area.―We studied canyon treefrogs in the Madrean Sky Island region of 

southeastern Arizona, where isolated mountain ranges are separated by vast expanses of 

desert and semi-desert grasslands.  Specifically, we surveyed treefrogs in mid-elevation 

(850–1300 m) reaches of four canyons in the Rincon Mountains east of Tucson, Arizona 
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in Saguaro National Park.  Streams in these reaches are deeply incised, characterized by 

shallow, bedrock-lined pools.  Most pools are <2 m deep with surface areas 3–12 m2, 

limited soil-bank development, and limited aquatic vegetation (Wallace et al. 2010).  

Stream flow varies seasonally, a product of a bimodal precipitation regime (Brown 1982).  

Perennial pools are often connected by shallow riffles and runs between December and 

April in response to widespread winter rains.  Between July and September, localized and 

high-intensity monsoon storms cause sporadic flash floods.  In late spring (May–Jun) and 

late fall (Oct–Nov), stream channels between perennial pools typically remain dry 

(Grimm and Fisher 1992, Wallace et al. 2010).   

Field surveys.―We used capture-recapture methods to survey treefrogs along four 

stream reaches that ranged in length from 500 m to 2900 m.  Between April 2014 and 

June 2016, we captured canyon treefrogs on 11 different survey occasions.  During each 

occasion, we spent 4–10 days capturing treefrogs, with consecutive surveys on each reach 

separated by 1–7 months.  We captured treefrogs in spring (Apr, May, and Jun) and fall 

(late Sep–early Oct, late Oct–early Nov) when treefrogs congregated near perennial 

pools.  During the final survey occasion on each reach and when we observed <100 

treefrogs on a reach, we attempted to capture all individuals with snout-vent length (SVL) 

≥35 mm.  When we observed ≥100 treefrogs on a reach, we focused our effort on 

segments where treefrogs were present consistently and accessible to surveyors.   

We captured treefrogs by hand and released individuals after processing at the capture 

location.  For each treefrog captured, we measured SVL and classified sex of adults (SVL 

≥40 mm) based on throat color (Wylie 1981, Baker 2010).  Infrequently, individuals that 

were captured as adults ≥2 times were classified as male and female on different 
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occasions (<10% of adults).  For analysis, we used sex assigned at last capture because 

secondary sex characteristics (i.e., dark-colored throats in males) are more likely to be 

evident when individuals are sexually mature.  We marked each individual uniquely by 

injecting a 1.2 mm x 2.7 mm alphanumeric tag in the left calf, where skin was 

transparent.  We handled treefrogs with vinyl gloves and disinfected equipment between 

handling individuals to prevent spread of disease.  Our protocol was approved by the 

University of Arizona’s Institutional Animal Care and Use Committee (protocol 13-450). 

To evaluate the time required for post-metamorphic treefrogs to reach reproductive 

age and 90% of asymptotic size, we used visual encounter surveys to document 

reproduction and recruitment events.  We surveyed the same stream reaches for treefrogs 

once every 5–10 days between March and October, 2014–2015, excluding periods of 

high stream flow when reaches were inaccessible and treefrogs were difficult to detect.  

During each survey, we recorded the number and location of individuals observed in each 

stage class (eggs, tadpoles, metamorphs [Gosner stages 42–45], juveniles [estimated SVL 

<40mm], adults; Gosner 1960).  We considered observations of eggs or newly hatched 

tadpoles as evidence of reproduction and presence of metamorphs or newly emerged 

juveniles (estimated SVL <25 mm) as evidence of recruitment. 

Model selection.―To establish a model for inference for growth of canyon treefrogs, 

we began by constructing a rich model that included seasonal fluctuations in growth rates 

and allowed L∞ and k to vary with sex and k to vary with year (defined as 1 Oct–30 Sep 

to correspond with hydrologic water year, an interval used frequently in studies of stream 

systems): 
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 𝐿∞,𝑖=𝐹 ~ 𝑁(�̅�∞,𝐹, 𝜎∞,𝐹
2 )  

 𝐿∞,𝑖=𝑀 ~ 𝑁(�̅�∞,𝑀, 𝜎∞,𝑀
2 )  

 𝑘𝑖,𝑡 = 𝛽0 + 𝛽1𝑥𝑖=𝑀 + 𝛽2𝑥𝑖,𝑡=𝑦2015 + 𝛽3𝑥𝑖,𝑡=𝑦2016 (3.5) 

where 𝐿∞,𝑖=𝐹 and 𝐿∞,𝑖=𝑀 are asymptotic lengths (mm) of individual i for females and 

males, respectively; 𝑥𝑖=𝑀 is an indicator equal to one if individual i is male; and 

𝑥𝑖,𝑡=𝑦2015 and 𝑥𝑖,𝑡=𝑦2016 are indicators of water years 2015 (defined as Oct 2014–Sep 

2015) and 2016 (Oct 2015–Jun 2016), respectively, for individual i at time t.  In this 

parameterization, the intercept, 𝛽0, represents growth of females in water year 2014 

(Apr–Sep 2014).  For individuals that were never captured with SVL >40 mm and 

therefore never classified as male or female (7% of recaptured individuals), we modeled 

sex as a random variable and assumed a 50:50 sex ratio: 

 𝑥𝑖=𝑀 ~ 𝐵𝑒𝑟𝑛(0.5),      𝑖 = 1, … , 𝑛, 

where n is the number of individuals of unknown sex. 

We then evaluated whether there was sufficient evidence of seasonal fluctuations in 

post-metamorphic growth of canyon treefrogs.  We constructed a model with the same 

error structure and the same covariates for L∞ and k, but did not include a seasonal 

component (eqn 3.4).  We used deviance information criterion (DIC), a composite 

measure that reflects model fit while incorporating a penalty for added model complexity, 

to compare models and proceeded with the model that had the lower DIC (Spiegelhalter 

et al. 2002).  Finally, we assessed whether sex and year explained variation in L∞ and k.  

We constructed eight models with all combinations of covariates for L∞ and k and 

selected the model with the lowest DIC value for inference.  We predicted length of 

average treefrogs over time based on the top model, assuming 1) SVL was 22.5 mm at 
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metamorphosis (Wylie 1981), 2) metamorphosis occurred on 1 July and 1 September 

(based on our visual encounter surveys), and 3) growth rates immediately after 

metamorphosis were similar to those of individuals with SVL ≥35mm.   

Model implementation.―We specified uniform priors for mean asymptotic lengths of 

females and males:  �̅�∞,𝐹 ~ 𝑈(40, 60) and �̅�∞,𝑀 ~ 𝑈(40, 60).  We specified a uniform 

prior for growth rate of females in 2014, 𝛽0 ~ 𝑈(0, 5), and normal priors for regression 

coefficients associated with the effects of sex and year on 𝑘 (𝛽1 ~ 𝑁(0, 1), 𝛽2 ~ 𝑁(0, 1),

𝛽3  ~ 𝑁(0, 1)).  We limited variances of the prior distributions for 𝛽1, 𝛽2, and 𝛽3 because 

we expected characteristic growth rates to range between zero and five (Wylie 1981, Liao 

and Lu 2010).  We specified uniform priors for the standard deviation of growth 

measurements, 𝜎∆𝐿 ~ 𝑈(0, 10), and individual variation in asymptotic lengths, 

𝜎∞,𝐹 ~ 𝑈(0, 10) and 𝜎∞,𝑀 ~ 𝑈(0, 10), as recommended for hierarchical models (Gelman 

2006).  Finally, we assigned uniform priors on the unit interval for both C and ts.  

We fit models in JAGS executed from R using the package rjags (Plummer 2003, R 

Core Team 2016); example JAGS code is provided in Appendix E.  For each model, we 

ran three Markov chains initiated at random values for 250,000 iterations.  We discarded 

the first 50,000 iterations as burn-in and retained 1 of every 20 iterations thereafter to 

summarize the posterior distribution.  We assessed convergence by inspecting trace plots 

and Gelman-Rubin diagnostics (Gelman and Rubin 1992).  To assess goodness-of-fit, we 

generated posterior predictive distributions for two summary discrepancy measures: the 

mean and standard deviation (SD) of growth increments across all individuals and 

capture intervals (Gelman et al. 1996, Chambert et al. 2014).  We calculated one-sided 

(left-tail) posterior predictive P-values for each measure, with values near 0.5 indicating 
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adequate model fit and values near 0 or 1 indicating poor model fit.  To assess sensitivity 

of estimates to prior specifications, we ran the final model used for inference after 

increasing the upper bounds of uniform priors for 𝛽0, 𝜎∆𝐿, 𝜎∞,𝐹, and 𝜎∞,𝑀 by a factor of 

two, widening the priors for �̅�∞,𝐹  and �̅�∞,𝑀 to include values up to 80 mm, and 

increasing the standard deviation of each normal prior by a factor of two. 

 

RESULTS 

Model assessment 

For the range of values we explored, estimates of characteristic growth rate (k), mean 

asymptotic length (�̅�∞), and date of maximum growth (ts) from our model were largely 

unbiased, with mean percent relative bias ranging from –0.2% to 1.7% (Appendix D: 

Table D1).  Variance parameters, however, were overestimated consistently (Appendix 

D: Table D1).  Even when growth was constant throughout a year, our model provided 

reliable estimates of �̅�∞ and k, with mean percent relative bias <2%.  When growth 

fluctuated seasonally, our model outperformed a model where growth was assumed 

constant, as expected.  When fit to data where growth fluctuated seasonally, a model that 

assumed growth to be constant overestimated k (Appendix D: Table D1) and 

overestimated the time required to reach sexual maturity (40 mm) by 49% (7 weeks; Fig. 

3.1). 

 

Growth of canyon treefrogs 

We marked 1852 treefrogs, 404 of which (22%) we recaptured at least once.  Of the 

189 individuals recaptured that we identified as females, we recaptured 85% once, 13% 
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twice, and 3% three or more times (mean = 1.2 recaptures/female, range=1–7).  Of the 

186 recaptured males, we recaptured 76% once, 19% twice, and 5% three or more times 

(mean = 1.3 recaptures/male, range=1–5).  We surveyed four stream reaches 223 times in 

total (mean no. surveys/reach/year = 27.9, range = 26–30) and observed a bimodal 

pattern in annual reproduction and recruitment (Fig. 3.2).  Duration of the larval period 

ranged from 6–12 weeks.  For eggs oviposited in early spring (eggs observed on 41% of 

surveys between 16 Mar and 24 Apr), most post-metamorphic individuals emerged just 

prior to the onset of summer monsoon rains (metamorphs observed on 46% of surveys 

between 1 Jun and 14 Jul).  For eggs oviposited at the beginning of monsoons (eggs 

observed on 58% of surveys between 27 Jun and 31 Jul), most individuals emerged in 

early fall (metamorphs observed on 98% of surveys between 24 Aug and 17 Oct). 

Growth of treefrogs fluctuated seasonally (ΔDIC for a non-seasonal model = 58.5).  

Because there was strong evidence that treefrogs stopped growing in winter (between late 

December and March), we fixed the magnitude of seasonal oscillations in the growth rate 

(C) to 1 in our final model (>77% of samples from the posterior distribution of C were 

>0.90).  We found that mean asymptotic size varied with sex and growth rates varied 

with sex and year (ΔDIC for models that excluded any of these effects ≥2.7; Table 3.1).  

Specifically, females grew faster than males (mean difference in characteristic growth 

rate = 0.52 yr-1) and reached larger asymptotic sizes (�̅�∞,𝐹 − �̅�∞,𝑀 = 5.1 mm; Table 3.2).  

In addition, individuals of both sexes grew faster in water year 2015 than in other years 

(Table 3.2).  Projections of post-metamorphic growth indicated that treefrogs typically 

reached 90% of asymptotic length 5–11 months after metamorphosis (Fig. 3.3).  Time to 

reach asymptotic length varied somewhat with sex, cohort, and year (Fig. 3.3).  Only 
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11% of females and 22% of males we captured had an SVL within 1 mm of or greater 

than mean asymptotic length, indicating low rates of post-metamorphic survival.   

All diagnostic measures for the final model we used for inference about growth of 

canyon treefrogs indicated adequate model fit, including posterior predictive P-values of 

0.30 and 0.70 for mean and SD discrepancy measures, respectively.  There was little 

evidence of autocorrelation within chains after thinning iterations by 20.  Gelman-Rubin 

statistics for all parameters were <1.1, indicating convergence of Markov chains.  

Estimates of parameters were largely insensitive to prior specification; on average, 

posterior means differed by 2.1% (range = 0.0–11.3%) when we assumed different priors.  

 

DISCUSSION 

Sophisticated models have been developed to characterize somatic growth and 

transition rates of fish and other aquatic organisms (e.g., Robins et al. 2006, Zhang et al. 

2009, Dzul et al. 2017), but models for terrestrial vertebrates are uncommon, particularly 

for species that are not harvested, such as amphibians.  For many species, information on 

growth is lacking because wild animals are difficult to age reliably in the field.  Our 

model, however, provides a framework for estimating growth based on repeated 

measurements of body size from individuals of unknown age, data collected commonly 

during studies that use capture-recapture methods.  

With growing evidence of seasonal fluctuations or interruptions in growth of fish and 

other taxa, multiple approaches have been developed to incorporate seasonality into 

models of somatic growth, including sinusoidal models (Pitcher and Macdonald 1973, 

Somers 1988), polynomial regression (Brown 1988), Gaussian-process models 
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(Sigourney et al. 2012), and log-linear models (Dzul et al. 2017).  We adopted a 

sinusoidal approach, which is phenomenological and does not require specifying 

mechanisms that might govern seasonal fluctuations in growth.  If environmental 

conditions thought to be associated with growth were measured across seasons at the 

local scale, a mechanistic model could be used to assess the relative influence of 

environmental factors on seasonal growth patterns (e.g., Sigourney et al. 2012, Dzul et al. 

2017).  When these auxiliary data are unavailable, however, our model provides an 

approach to estimate growth while accounting for seasonal variation, a likely 

circumstance for organisms that inhabit an array of dynamic environments. 

Accounting for seasonal fluctuations in growth can have strong effects on inferences, 

particularly when growth-related parameters are used to estimate the rate of population 

change or to predict population responses to future environmental changes.  For relatively 

short-lived species that reproduce more than once per year, for example, time to sexual 

maturity might vary appreciably among cohorts that develop under different sets of 

environmental conditions, a pattern we observed in canyon treefrogs (Figs. 3.2 and 3.3).  

Accounting for seasonal fluctuations in growth may also be necessary to estimate rates of 

population change or turnover reliably for univoltine or semelparous species that inhabit 

environments with strong seasonal signals.  For these species, seasonal models provide 

unbiased estimates of growth rates during the active season whereas non-seasonal models 

provide estimates of growth rates averaged across active and non-active periods.  We 

found that models that failed to account for existing seasonal fluctuations in growth 

overestimated growth rates by up to 38%, increasing the probability of bias in estimates 
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of the time to reach sexual maturity or a particular body size that is physiologically or 

ecologically important (Fig. 3.1).  

Beyond the seasonal component, our approach incorporates several features that 

improve upon conventional von Bertalanffy models for growth.  Unlike traditional 

approaches, the hierarchical structure of our model accommodates multiple recaptures of 

individuals over time, which can be especially important when the number of recaptured 

individuals is small.  Second, we modeled individual heterogeneity in asymptotic size, 

which reduces bias in estimates of growth parameters (Appendix D: Table D1; Eveson et 

al. 2007, Zhang et al. 2009).  Third, a state-space formulation allows us to estimate 

growth while accounting explicitly for measurement error, which is likely to be 

appreciable for post-metamorphic amphibians (Hayek et al. 2001).  This feature was 

particularly appealing for canyon treefrogs, which can lose >25% of their body mass 

throughout the day while basking (Snyder and Hammerson 1993). 

Like all approaches, ours has limitations.  Although our model provided unbiased 

estimates of key parameters (asymptotic size, growth rate, and date of maximum growth), 

variance components were overestimated (Appendix D), a pattern similar to that observed 

in studies of growth in other species (Zhang et al. 2009).  Variance parameters are not 

usually of direct ecological interest, but these biases limit the ability to interpret or 

compare estimates of variance components across studies.  Should variance be a focal 

parameter in future applications of the model, additional simulations could be used to 

explore potential sources of bias and identify methods to reduce it.   

Our approach extends the von Bertalanffy growth model, which is the framework 

used most commonly to characterize growth of post-metamorphic amphibians; therefore, 
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our estimates of growth and asymptotic size are comparable with those from previous 

studies.  For example, our estimates of growth parameters (Table 3.2) are similar to those 

based on 313 canyon treefrogs from a canyon approximately 90 km NE of our study area 

(�̂�∞,𝐹 = 50.7, �̂�∞,𝑀 = 46.4, �̂� = 1.8–3.0; Wylie 1981).  This suggests that like other 

species in the Hylidae family, canyon treefrogs in southern Arizona have rapid rates of 

post-metamorphic growth, reaching sizes consistent with sexual maturity (approx. 40 

mm; Wylie 1981) in <1 year (Jameson 1956, Moravec 1990, Hamer and Mahony 2007; 

Fig. 3.3).  Our estimates, however, contrast with the suggestion that canyon treefrogs in 

Colorado wait until their third year to breed (Hammerson 1999).  This could be explained 

by differences in elevation or temperature, factors often associated with geographic 

variation in post-metamorphic growth and other demographic rates (Duellman and Trueb 

1986, Liao and Lu 2010). 

Similar to most anurans, canyon treefrogs are sexual size dimorphic, with females 

reaching larger asymptotic sizes than males (Duellman and Trueb 1986).  Interestingly, 

females in our population also grew faster than males, which could allow them to breed 

in the spring (Mar–Apr) following their first winter, regardless of whether they 

metamorphosed in late spring (Jun–Jul) or fall (Sep–Oct) of the previous year (Fig. 3.3).  

Males took 2–6 months longer than females to reach sexual maturity, therefore most 

males that metamorphosed in fall likely did not breed until the following summer (Jul; 

Fig. 3.3).  There may be strong selection for fast growth in female treefrogs given that 

low rates of survival limit the number of lifetime breeding opportunities and clutch size is 

associated positively with female body size (Wylie 1981, Duellman and Trueb 1986). 
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In addition to differences in growth between sexes, growth of treefrogs varied both 

within and among years.  Growth ceased during winter months, when individuals 

retreated to rock crevices, presumably to avoid cold ambient and water temperatures 

(Hammerson 1999), and peaked during the monsoon season in early August (Fig. 3.3).  

Further, both sexes grew at higher rates in 2015 than in other years (Table 3.2), which 

may have reflected variation in water availability.  Regional precipitation was well above 

average in water year 2015 (121% of the 30-year average) and well below average in 

2014 (67%).  Estimated growth rates were lowest between October 2015 and June 2016, 

however, when precipitation was somewhat higher than the 30-year average (117%). 

Fast growth and low survival of adults (ERZ, unpublished data) suggest high rates of 

population turnover in canyon treefrogs.  Although this combination of life-history traits 

may not be unusual for hylid frogs (Jameson 1956, Kluge 1981, Hamer and Mahony 

2007), it contrasts with other amphibians in the Sky Island region, including several toad 

species that can live 2–13 years after metamorphosis and forego breeding when 

environmental conditions are unfavorable (Tinsley and Tocque 1995, Sullivan and 

Fernandez 1999).  Comparisons of life-history traits among closely-related or co-

occurring species and inferences about population dynamics like these for canyon 

treefrogs are made possible because of intensive capture-recapture efforts.  Maximizing 

the information gained from such surveys to estimate somatic growth in addition to 

survival is not only a good use of resources, but also a way to provide novel insights 

about factors driving population change and to inform future management efforts for 

species of conservation concern.  
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TABLE 3.1.  Deviance information criterion (DIC) for models of growth in canyon 

treefrogs that evaluated the effect of sex on asymptotic size, L∞, and the effects of sex and 

year (1 Oct–30 Sept) on characteristic growth rate, k.  All models allowed for individual 

heterogeneity in L∞ and within-year, seasonal oscillations in k. 

 

L∞ k 
No. 

parameters 
DIC 

Sex Sex + year 11 1977.52 

Sex Year 10 1980.21 

Sex Sex 9 2001.63 

Sex -- 8 2000.74 

-- Sex + year 9 2003.17 

-- Year 8 2083.46 

-- Sex 7 2021.33 

-- -- 6 2086.67 
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TABLE 3.2.  Mean, standard deviation (SD), and 95% credible intervals (CRI) of posterior 

distributions for parameters in a seasonal, von Bertalanffy model of growth for canyon 

treefrogs captured in the Rincon Mountains, Arizona, USA, 2014-2016.  We fixed C, the 

magnitude of seasonal oscillations, equal to one to allow growth to cease seasonally. 

 

Parameter Description Mean SD 95% CRI 

�̅�∞,𝐹 Mean asymptotic length of females (mm) 50.98 0.59 49.93 − 52.25 

�̅�∞,𝑀 Mean asymptotic length of males (mm) 45.87 0.53 44.92 − 46.96 

𝑘2014,𝐹 Growth of females, Apr 2014–Sep 2014 2.52 0.36 1.86 − 3.26 

𝑘2015,𝐹 Growth of females, Oct 2014–Sep 2015 3.30 0.34 2.66 − 4.00 

𝑘2016,𝐹 Growth of females, Oct 2015–Jun 2016 1.85 0.28 1.35 − 2.45 

𝑘2014,𝑀  Growth of males, Apr 2014–Sep 2014 2.00 0.39 1.28 − 2.82 

𝑘2015,𝑀 Growth of males, Oct 2014–Sep 2015 2.78 0.36 2.11 − 3.52 

𝑘2016,𝑀 Growth of males, Oct 2015–Jun 2016 1.33 0.35 0.71 − 2.06 

𝑡𝑠 Day of year with maximum growth 220.01 4.91 209.99 − 229.36 

𝜎∞,𝐹 SD of female asymptotic lengths (mm) 1.14 0.63 0.11 − 2.42 

𝜎∞,𝑀 SD of male asymptotic lengths (mm) 0.85 0.57 0.05 − 2.12 

𝜎∆𝐿 Measurement error (mm) 1.67 0.06 1.55 − 1.80 
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FIGURE 3.1.  Predicted growth of individuals based on a model that allowed growth to 

vary seasonally (solid black line) and a model that assumed constant growth (solid gray 

line).  Length measurements were simulated for 600 individuals assuming growth rates 

decreased to zero during some period of the year.  Vertical dashed lines indicate the time 

at which an individual is predicted to reach sexual maturity (40 mm) based on each of the 

two models. Vertical dotted lines indicate the time at which an individual is predicted to 

reach 90% of mean asymptotic size.  Additional details about the simulations appear in 

Appendix D. 
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FIGURE 3.2.  Proportion of surveys, across all reaches and years, when we observed 

canyon treefrog eggs (top) or metamorphs (bottom) by date (gray bars).  Black lines 

represent components of a normal mixture distribution fit to the frequency data.
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FIGURE 3.3.  Predicted growth of post-metamorphic female and male canyon treefrogs emerging from larval stages with an 

SVL of 22.5 mm in late spring (1 Jul) and late summer (1 Sep), 2013-2015.  Predictions are based on a seasonal, growth-

interval form of the von Bertalanffy model, where asymptotic length differed between males and females and growth rates 

varied with sex and year (see Table 3.2 for parameter estimates).  Predicted growth is overlaid on length-frequency histograms 

for treefrogs captured at each survey occasion.  Filled bars represent length frequencies of females (top) and males (bottom); 

open bars represent length frequencies for individuals of unknown sex. 
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APPENDIX A: EVALUATING THE RELATIONSHIP BETWEEN DROUGHT 

INDICES AND SURFACE WATER AVAILABILITY 

 

METHODS 

 We explored whether drought indices explained variation in availability of surface 

water in mid-elevation reaches of arid mountain canyons.  Generally, surface-water levels 

were lowest between 16 May and 15 July (hereafter, late spring) and in November and 

December (early winter).  Therefore, we related surface-water availability during each of 

these periods to downscaled estimates of Palmer Drought Severity Index (PDSI).  We 

measured surface-water levels in May, June, July, and November during VES for leopard 

frogs and used measurements from a separate but related study for December. 

 Between 1996 and 2017, we surveyed repeatedly eight canyons in the Rincon 

Mountains, Arizona, USA during late spring and early winter; canyons were often 

surveyed more than once during each of these periods.  For each canyon, we calculated 

the minimum proportion of pools that held water during each late spring and early winter 

period after excluding any surveys when observers visited only a small section of the 

survey reach (<7 pools).  We used logistic regression to relate these proportions to PDSI 

values averaged over the preceding three-, six-, or twelve-month period; we included 

indicator variables for canyon and season (late spring versus early winter) in all models.  

 

RESULTS 

 Surface-water availability (i.e., the minimum proportion of pools with water each 

season) was associated positively with PDSI after accounting for canyon and season 
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(Table A1).  PDSI values averaged over a six-month period explained more variation in 

surface-water availability than three- or twelve-month means (Table A1).  On average, 

the odds a pool held water increased by 22% (95% CI = 16–28%) for each one unit 

increase in six-month PDSI.  

 

 

TABLE A1.  Comparison of logistic regression models exploring variation in the 

minimum proportion of pools with water in arid mountain canyons as a function of 

drought (Palmer Drought Severity Index; PDSI), season (May–Jul or Nov–Dec), and 

geographic location (canyon). PDSI values were averaged over the preceding 3, 6, or 12 

months (3mo.PDSI, 6mo.PDSI, and 12mo.PDSI, respectively). 

 

Model No. parameters AIC a ΔAIC b 

water ~ 6mo.PDSI + canyon + season 10 1032.64 0.00 

water ~ 3mo.PDSI + canyon + season 10 1035.90 3.27 

water ~ 12mo.PDSI + canyon + season 10 1039.89 7.25 

water ~ canyon + season 9 1090.31 57.67 
 

a AIC = Akaike information criterion 
b ΔAIC = AIC relative to the most parsimonious model 
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APPENDIX B: VARIATION IN DETECTION PROBABILITY OF LOWLAND 

LEOPARD FROGS ON VISUAL ENCOUNTER SURVEYS AS A FUNCTION OF 

COVARIATES 

 

 
 

FIGURE B1.  Probability of experienced observers detecting ≥1 post-metamorphic lowland 

leopard frogs as a function of surface-water availability during visual encounter surveys 

in spring (16 May–15 Jul) and fall (1 Oct–30 Nov), 1996–2017. 
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APPENDIX C: ACCOUNTING FOR BIAS IN ESTIMATES OF SURVIVAL OF 

LOWLAND LEOPARD FROGS 

 

One of the fundamental assumptions underlying capture-recapture methods is that marks 

are not lost, overlooked, or misidentified (Williams et al. 2002).  This assumption can be 

violated, however, when photographic data are used to identify and “recapture” 

individuals.  If false rejection errors occur (here, failing to recognize that two partial spot 

maps are associated with the same frog), the number of encounter histories will exceed 

the number of individuals observed, resulting in estimates of survival that are negatively 

biased (Morrison et al. 2011).  Although false acceptance errors might occur (here, 

incorrectly assuming features were from the same frog when in fact, they were part of 

spot patterns from two different frogs), these types of errors tend to be rare (Morrison et 

al. 2011; ERZ, unpublished data), therefore we did not account explicitly for this 

potential source of bias. 

 

METHODS 

 We identified a range of strategies to address potential bias associated with false 

rejection errors.  First, we could assume false rejection errors occurred rarely and elect 

not to account for such errors (i.e., use all encounter histories, based on all survey 

occasions and photosets).  Although a tenuous assumption, most capture-recapture 

studies that rely on photographic data have adopted this strategy, ignoring the potential 

for bias (but see Morrison et al. 2011, Hiby et al. 2013, McClintock et al. 2013).  Second, 

we could restrict analyses to only those encounter histories associated with individuals 
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whose spot patterns were mapped completely (i.e., features mapped over all three body 

regions).  Although this strategy might reduce or even eliminate identification errors, 

sample sizes would be reduced and estimates of survival could nevertheless be biased if 

the individuals associated with those encounter histories were not representative of the 

larger population.  Third, we could censor the initial observation of all individuals and 

partial spot maps, thereby excluding capture histories with a single encounter event. This 

approach was developed by Morrison et al. (2011) to address false rejection errors 

resulting from low-quality photographic images and was based on the assumption that 

low-quality images are likely to result in superfluous histories, each with a single 

encounter.  When false rejection errors result from incomplete information rather than 

poor image quality, as in our study, censoring initial encounters may reduce but not 

eliminate this potential bias, as partial spot maps could be encountered more than once 

and retained in analyses.  In addition to the three alternatives listed above, we 

investigated whether methods developed recently for “bilateral” data (Wilson et al. 1999, 

Corkrey et al. 2008, Link et al. 2010, Hiby et al. 2013, McClintock et al. 2013) could be 

extended to photographic studies where identification was based on patterns or markings 

on three regions of the body (dorsum, left flank, right flank).  We determined that for our 

study, with three body regions and >240 survey occasions, model likelihoods would be 

prohibitively complex, therefore we did not pursue this alternative. 

 To compare how methods to account for bias could affect parameter estimates, we 

implemented each of the three strategies detailed above to estimate survival of post-

metamorphic leopard frogs.  Specifically, we created three sets of encounter histories: 1) 

histories for all individuals and partial spot maps that included all observations 
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(uncensored), 2) histories for only those individuals whose spot patterns were mapped 

completely, including all observations of each individual (uncensored), and 3) histories 

for all individuals and partial spot maps, excluding the initial observation (censored; 

Table C1).  For each set of encounter histories, we estimated apparent monthly survival 

based on a null model (i.e., constant survival and recapture probability) and a model that 

allowed survival to vary with surface-water availability, temperature, dew point, and 

perimeter groundcover and allowed recapture probability to vary with surface-water 

availability, temperature, humidity, wind, perimeter groundcover, and year (see the 

Methods section in Chapter 2 for descriptions of covariates). 

 

RESULTS AND DISCUSSION 

 As expected, estimates of survival based on censored encounter histories were 

slightly higher and less precise than estimates based on uncensored encounter histories of 

all individuals and partial spot maps (Table C1).  Estimates based on censored histories 

were 4% lower than estimates based on only those individuals whose spot patterns were 

mapped completely.  Methods used to account for bias did not seem to affect inferences 

about the factors governing variation in survival over space and time, as regression 

coefficients from analyses that used censored encounter histories were similar to 

regression coefficients from both analyses that used uncensored encounter histories 

(Table C1). 

 Although our use of in-situ photographs introduced the possibility of identification 

errors, we viewed these costs as reasonable given that non-invasive methods allowed us 

to survey frogs multiple times per year, providing valuable insights about the factors that 
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govern seasonal variation in survival of lowland leopard frogs.  Among the strategies that 

could be used to account for these errors, censoring methods reduced potential sources of 

bias while incurring minimal costs associated with precision of parameter estimates.  

Although surely imperfect, this approach seemed preferable to those that ignored known 

sources of bias or used only a subset of individuals that may not have been representative 

of the larger population. 
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TABLE C1.  Parameter estimates from models evaluating post-metamorphic survival of lowland leopard frogs based on 1) 

uncensored encounter histories for all individuals and partial spot maps, 2) uncensored encounter histories for only those 

individuals whose spot patterns that were mapped completely, and 3) censored encounter histories for all individuals and 

partial spot maps.  We report estimates of monthly apparent survival, ϕ̂, and associated coefficients of variation (CV) from a 

null model, and regression coefficients (β) on the logit-scale, relating monthly apparent survival to surface-water availability 

(Water), temperature, dew point, and perimeter groundcover from a more general model.  We provide 95% confidence 

intervals for each parameter estimate.  

 

 All histories, uncensored 

Histories for individuals with 

completely-mapped spot 

patterns only, uncensored All histories, censored 

No. encounter histories 352 215 205 

ϕ̂  0.81 (0.79 to 0.83) 0.86 (0.84 to 0.88) 0.82 (0.80 to 0.85) 

CV(ϕ̂) 1.4% 1.3% 1.6% 

β.Water 0.17 (–0.17 to 0.51) 0.28 (-0.15 to 0.70) 0.19 (–0.25 to 0.63) 

β.Water2 –0.31 (–0.53 to –0.10) –0.28 (–0.53 to –0.03) –0.36 (–0.63 to –0.10) 

β.Temperature 0.33 (–0.05 to 0.70) 0.42 (–0.02 to 0.86) 0.58 (0.06 to 1.11) 

β.Dew point –0.38 (–0.78 to 0.01) –0.49 (–0.95 to –0.03) –0.69 (–1.24 to –0.14) 

β.Groundcover 0.01 (–0.13 to 0.15) 0.09 (–0.07 to 0.26) –0.05 (–0.23 to 0.13) 
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APPENDIX D: SIMULATIONS TO ASSESS BIAS OF PARAMETER 

ESTIMATES IN GROWTH MODELS 

 

METHODS 

We simulated data to evaluate the reliability of the growth model and to characterize 

bias of parameter estimates.  We assumed all individuals captured were females and did 

not include covariates on growth parameters (e.g., year effects) to simplify comparisons 

of estimates from a model that included seasonal fluctuations in growth with estimates 

from a model that did not allow seasonal fluctuations in growth.  

We assumed captures occurred each month between March and October for two 

consecutive years (16 total occasions) and 40 new females were marked on each of the 

first 15 occasions, resulting in a total of 600 individuals.  Length at first capture ranged 

from 35 to 54 mm, with values ≥50 mm observed rarely.  To ensure all individuals had 

≥2 length measurements in a given year, we assumed all individuals were recaptured 

during the survey immediately after they were marked.  After the first recapture, we 

simulated recapture data based on an annual survival rate of 0.50 and recapture rate of 

0.70.  We simulated length measurements during each recapture assuming seasonal 

fluctuations in growth with �̅�∞ = 50 mm, 𝜎∞= 1 mm, k = 2 yr-1, ts = 0.62 (15 Aug), C = 1, 

and 𝜎∆𝐿= 1 mm (Table D1).  

For each dataset, we estimated �̅�∞, 𝜎∞, k, ts, and 𝜎∆𝐿 from a seasonal model where C 

was fixed to one (eqn 3.1) and in addition, estimated �̅�∞, 𝜎∞, k, and 𝜎∆𝐿 from a model 

where growth was assumed constant (eqn 3.4).  We used the same priors as those used in 

the analysis of the canyon treefrog data.  For each simulated dataset and model used for 
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estimation, we ran three Markov chains for 6000 iterations.  After discarding the first 

1000 iterations as burn-in we retained 1 of every 5 iterations to summarize the posterior 

distribution.  Gelman-Rubin statistics for all parameters were ≤1.1.  For each parameter 

estimate associated with a simulated data set, we calculated relative bias by subtracting 

the true value from the posterior mean and dividing by the true value.   

Finally, to assess the value of modeling individual heterogeneity in asymptotic length, 

we estimated L∞, k, ts, and 𝜎∆𝐿 for the same 100 simulated data sets using a model that 

assumed no variation in L∞ among individuals.  To assess whether the seasonal model 

was robust to misspecification, we simulated 100 new datasets where growth rate was 

constant throughout the year and estimated �̅�∞, 𝜎∞, k, ts, C, and 𝜎∆𝐿 from a seasonal 

growth model.   

 

RESULTS 

For the range of values we simulated, estimates of characteristic growth rate (k), 

mean asymptotic length (�̅�∞), and date of maximum growth (ts) from our model had low 

bias (mean percent relative bias ranged from –0.2% to 1.7%; Table D1).  Variance 

parameters, however, were consistently overestimated.  On average, measurement 

error, 𝜎∆𝐿, was overestimated by 14% and estimates of variance associated with 

individual heterogeneity in asymptotic length, 𝜎∞, were 29% greater than simulated 

values.  Despite relatively high bias in variance parameters, estimation of individual 

heterogeneity was beneficial given that models without this component resulted in 

negatively biased estimates of k, the parameter of primary interest (Table D1).  

Importantly, when simulated growth varied seasonally, a model that assumed constant 
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growth overestimated k (Table D1), overestimated the time required to reach sexual 

maturity (40 mm) by 7 weeks, and underestimated the time required to reach 90% of 

asymptotic length by >11 weeks (Fig. 3.1).  

Even when simulated growth was constant throughout a year, our model provided 

reliable estimates of �̅�∞ and k (mean percent relative bias <2%).  In these scenarios, 

posterior distributions of C were heavily skewed towards zero (97% of distribution <0.1), 

indicating little evidence for seasonal fluctuations in growth rates, as expected.   

 

 

TABLE D1.  Results of simulations used to assess bias of parameter estimates from growth 

models when simulated growth rates fluctuated seasonally and asymptotic length varied 

among individuals.  Parameters were estimated from three models: 1) a model that 

allowed for seasonal growth and individual heterogeneity (truth), 2) a model that allowed 

for seasonal growth but no individual heterogeneity, and 3) a model with constant growth 

rates and individual heterogeneity.  For each estimating model, we present the mean of 

parameter estimates and mean percent relative bias (%RB) across 100 simulated datasets.  

 

  Season,  

heterogeneity 

Season,  

no heterogeneity 

Constant, 

heterogeneity 

Parameter 

Sim. 

value Mean %RB Mean %RB Mean %RB 

�̅�∞ 50 49.93 –0.14 50.09 0.19 49.62 –0.76 

k 2 2.03 1.67 1.92 –4.17 2.56 28.17 

ts 0.62 0.62 –0.22 0.62 –0.46   

𝜎∞ 1 1.29 28.71   1.37 37.40 

𝜎∆𝐿 1 1.14 13.60 1.22 22.15 1.29 29.14 
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APPENDIX E: EXAMPLE JAGS CODE FOR A SEASONAL MODEL OF 

GROWTH 

 

Data used in the model: 

nind:  number of frogs 

ncap:  vector with the number of captures of each frog 

nunk: number of frogs of unknown sex 

L:  matrix [dimensions = nind*max(ncap)] with measured length of each frog 

on each occasion it was captured.  Sorted with frogs of unknown sex in the 

first nunk rows. 

growthinc:  matrix [nind*(max(ncap)-1))] with measured growth of frogs during each 

capture interval.  

tyear: matrix [nind*max(ncap)] with capture dates for each frog, calculated in 

fractions of a year. 

int.y:  matrix [nind*(max(ncap)-1))] with length of capture intervals for each frog, 

calculated in fractions of a year. 

sex:  vector listing the sex of each frog (1=male, 0=female, NA=unknown), with 

NAs listed first. 

wy15:  matrix [nind*max(ncap)] indicating whether capture of each frog occurred 

in water year 2015 (1 = 2015, 0 = 2014 or 2016) 

wy16:  matrix [nind*max(ncap)] indicating whether capture of each frog occurred 

in water year 2016 (1 = 2016, 0 = 2014 or 2015) 

 
 

#--- JAGS model 

 

model{ 

 for(i in 1:nind){ 

  for(j in 2:ncap[i]){ 

    growthinc[i,j-1] ~ dnorm(growth_mu[i,j-1],meas_tau) 

    growth_mu[i,j-1] <-   

      (Linf[i]-L[i,j-1])*(1-exp(-(k[i,j-1]*ints.y[i,j-1] -  

       C*k[i,j-1]/(2*pi)*sin(2*pi*(tyear[i,j-1] - ts)) + 

       C*k[i,j-1]/(2*pi)*sin(2*pi*(tyear[i,j-1] +   

  ints.y[i,j-1]-ts))))) 

    k[i,j-1] <- b0 + b1.male*sex[i] + b2.2015*wy15[i,j-1] + 

 b3.2016*wy16[i,j-1]   

  } #j 

  Linf[i] ~ dnorm(Linf_mu[sex[i]+1],Linf_tau[sex[i]+1]) 

 } #i 

 

 for(w in 1:nunk){ 

  sex[w] ~ dbern(0.5) 

 } #w 
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 for(s in 1:2){ 

  Linf_mu[s] ~ dunif(40,60) 

  Linf_sd[s] ~ dunif(0,10) 

  Linf_tau[s] <- 1/(Linf_sd[s]*Linf_sd[s]) 

 } #s 

     

 b0 ~ dunif(0,5) 

 b1.male ~ dnorm(0,1) 

 b2.2015 ~ dnorm(0,1) 

 b3.2016 ~ dnorm(0,1) 

     

 pi <- 3.14159265359 

 ts ~ dunif(0,1) 

 C ~ dunif(0,1) 

     

 meas_sd ~ dunif(0,10) 

 meas_tau <- 1/(meas_sd*meas_sd) 

} #model 
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