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ABSTRACT

Anthropogenic change has altered the ecological landscape upon which modern plant
communities havassembled, causing changes@mmunityy composition and upsetting interspecific
interactions. Yet, the study of these effects has proved challenging due to the many ways in which
communityscale change can be characterized, and due to the difficultynitifyifeg the biological
mechaisms whth best describe those changes across all members of the community. Despite these
challenges, concepts from both functional trait ecology and population genetics offer opportunities to
provide insight into which spedere most capable of changingandem with the environment. In this
dissertation, | attempt to address these challenges by testing (1) how trait differences between native and
introduced species explain changes in community composition, (2) whethéc ganiation and/or traits
explain changes in population size within a community, and (3) whether variation in population genetic
parameters is explained by environmental variables and/or demographic history.

| begin by presenting an analysis of a diass plant community showingat directional change
in community composition is caused by shifts in abundance within the introduced component of this
community. The native components of this community show no change in composition over time. This
work use long term data for a commiymexperencing extreme drought for which previous work linked
declines in species richness to declines in specific leaf area (SLA), a trait associated with drought
resistance. | also find that changes in community compositava correlated with SLA. Ingatantly, the
species most strongly associated with compositional change are also some of the most abundant species in
this community, which demonstrates how abundant species shape environmental change and raises the
guestionof how well these analyses deibe the dynamics of less common species in the community.

In my second chapter, | present further analysis of the same community, which suggests that the
relationship between changes in abundance and SLA only applie@ fmodt common species. Other
mechanisres may then have stronger explanatory power for changes in abundancecofessn

species. Metrics of genetic diversity are the strongest predictor of abundance changes for five species in



this community. My resultsugigest that it will be valuablfor fuure work to explore whether genetic
diversity generally predicts the performance of populations across species and communities, and whether
genetic diversity is beneficial because of the direct effect it can havelierdual fithess or becauséits
contribution to rapid adaptation under stressful conditions.

Finally, in my last chapter, | show that effective population sizesg®toss the range of an
invading weedCentaurea solstitialisare correlated with blo population age and the clatic
environment. This pattern matches theory for the genetics of range expansion, which predicts increased
genetic drift closer to the expansion front. Variation in adaptability produced during range expansion has
implicatiors for invading species, butsal for pecies undergoing range shifts in response to climate
change. In both cases, it is expected that lowdrdkh colonization dynamics should reduce the ability
for expanding population to evolve adaptively to novel mments. Additionally, lowee in mare
ecologically marginal habitats should further reduce the likelihood of adaptation to changing
environments in these populatioi®gether with the previous chapters, these analyses reveal important
effects of bothrait-environment mismatches dugenett variables on the potential for populations to

persist and grow under changing environments



INTRODUCTION

Communities of species are now routinely experiencing altered environments, primarily resulting
from anthropogenic activity (Parmesamnd Ydie 2003, NoguéBravo and Rahbek 2011, Garcia et al.
2014, Korell et al. 2019). Individual species are expected to persist within their current range either
because they possess traits already suited to themewranent or because they have thiitgbto
adapt to novel conditions (Jump and Pefiuelas 2005, Bellard et al. 2012, Moritz and Agudo 2013,
Lustenhouwer et al. 2019). It remains unclear how the likelihood of adaptive responses will vary across
species whin a community and how interactiowgthin a community can in turn affect these
outcomes. The consequences of environmental change have been studied empirically either as
responses of individual species or in terms of community summary statistics spetias richness or
trait distributins (eg Inouye 2008, Harrison et al. 2015, Martin et al. 2015, Hansen et al. 2018), but
rarely have both individual and community scale impacts been considered together. This impedes our
ability to apply what we haveérned about communigcale change tihe ®ts of species that
comprise those same communities. In this thesis, | explore how functional traits and genetic variation
vary across species and populations, and how this ecological and genetic variatiampaght

persistence through time.

Theimpacs of anthropogenic environmental change have been studied extensively in community
ecol ogy. For example, in the herbaceous communit|
flowering phenology across the comnity are associated with changes ia ttming of snowpack melt
(Inouye 2008). Earlier flowering makes plants susceptible to frost damage (Inouye 2008) and can result
in mismatches with pollinator phenology (Memmott et al. 2007, Hegland et al. 2009, Kaididea
2013), both of which reduce skset.Simulated warming experiments deployed worldwide have
provided a glimpse of many more changes that can be expected in plant communities (Henry and

Molau 1997, Robinson et al. 1998, Grime et al. 2000). Theseimqes have documented changes in



community productivity (Cantarel et al. 2013, Carlyle et al. 2014), species diversity (Klanderud and
Totland 2005), the abundance of plant functional types (Klanderud and Totland 2005, Jagerbrand et al.

2009), and distribtions of functional traits (Borner at. 2008).

Community ecology theory predicts that environmental change will increase the invasibility of
communities by reducing the relative fithess of competitively dominant native species or creating open
niche spce from reductions of native poputats ($rea and Chesson 2002, Wolkovich and Cleland

2011) and the presence of novel environmental conditions (Parmesan and Yohe 2003, Bridle and Vines
2007, Atkins et al. 2010). Invading species may also have greataityaipr coping with

environmental cange through greater phenotypic plasticity, ability to adapt to novel conditions, or
pre-adaptation to altered environments (Bossdorf et al. 2005, Davidson et al. 2011 -Maofitenegro

et al. 2012, Chen et al. 20M/plkovich et al. 2013).

The first clapterof my dissertation describes the impacts of climate change on the community
composition of two distinct, but eaccurring grasslands in Mclaughlin Reserve (Napa and Lake Co,
CA). | specifically test the hypothestihat invasive species are functidpaifferent from native

species, and are responding differently to environmental change. | use ordination methods to identify
whether there has been significant, directional change in the composition of these c@arandit

then identify the species vdh ae most strongly associated with change using a simple machine
learning algorithm. | test for how changes in community structure can be attributed to native and
introduced species and identify how changes in ehtihese community subsets are asdediavih

specific leaf area (SLA; an ecologically relevant trait) (Harrison et al. 2015). | find that community
change over time is largely explained by changes in invasive species, suggesting important functional

differences between native and invasivecssgroups.

Genetic diversity and adaptation should also influence population responses to environmental change
(Ellstrand and Elam 1993, Jump et al. 2009, Frankham 2010, Poirier et al. 2019). Adaptive evolution

offers one avenue by which otherwise imfset populations could withstand environmental stress



produced by environmental change, either in response to alterations to the selective environment in
their native range or to novel habitats that they disperséJatop and Pefiuelas 2005, Bellard et al

2012 Moritz and Agudo 2013, Lustenhouwer et al. 2019). Native and invasive species have both been
shown to exhibit rapid adaptive evolution in response to ecological changes. In native species, rapid
evolution has een documented in response to theatffefreal and simulated climate change (e.g.
Bradshaw et al. 2001, Balanyé et al. 2006, VVan Doorslaer et al. 2007, Thompson et al. 2013).
Populations with greater genetic diversity also tend towards having grefitédual mean fithess as

well, eitherfrom the individual benefits of increased heterozygosity or by having individuals which can
achieve high fitness across different habitat conditions (Pamilo and Palsson 1998, Reed and Frankham
2003, Da Silva et al. 2@) Velando et al. 2015). Genetic disity can also have substantial impacts on
community structure and diversity (Booth et al. 2003, Wimp et al. 2007, Crawford and Rudgers 2012).
Populations with greater genotypic diversity are expected to also cordatermiunctional diversity

(Van Valen1965,Neuhauser et al. 2003, Whitham et al. 2003). Yet, surprisingly given its potential
importance for understanding community responses to environmental change, assessments of
population genetic metrics acrossawmurring species within communities appaobe nonexistent at

this time.

The second chapter of my dissertation uses long term data collected at McLaughlin Reserve to compare
the ability of population sizes, traits, and genetic diversity to predict changbandance during

extreme drought. collect single nucleotide polymorphism (SNP) data for five Asteraceae species,

which are used to calculate observed and expected heterozygosity, individual fixation indices, the
percent of polymorphic loci, and reiks effective population sizes for daspees. | then test for

correlations between these genetic metrics, SLA, and initial abundance with changes in abundance for
these five species. Except for effective population size, all genetic metrics are edriBlhese metrics

are better predicterof population trajectories then SLA, evidence that genetic diversity could be a

useful predictor of population changes in communities. | then use data from across the entire
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community to test whether the importandédéumctional traits for predicting papation size changes

was dependent on the starting abundance. | find that SLA was important for predicting population size
changes in common species, but not rare species. These results corroborate work perfonaed in ot
another system, which found thedit-environment relationships are strongest for the most common

species (Ge et al. 2019).

Given that genetic diversity can impact the success of populations under changing environments, it is
important to understarttie factors that determine populatigenetc characteristics across

environments and time. Particularly, under climate change populations will not persist under
equilibrium population genetic conditions when the current distributions of species shitictoor

expand following changes olimate (Lesica and McCune 2004, Pomara et al. 2014, Tjaden et al.
2018). Nonnative species in communities are also already present having recently undergone the
process of range expansion, making these species tmeesting how genetics changes dgrihis

process and how it could contribute to adaptability in invading populations. Understanding of the
factors shaping population genetics of the-egnilibrium population dynamics across the range of
invading speies will be especially informative f@redicting population and community responses to

climate change.

In expanding populations, sequential founding events at the leading edge act as repeated sampling
events which reduce genetic diversity and increasenignitude of genetic drift. The coiméd dfect

of increased genetic drift and sequential founder events can result in the process of allele surfing
(Excoffier and Ray 2008). During surfing, alleles present in the individuals which push the population
forward fix at the leading edge of thegulaton over the course of expansion. The specific alleles
which fix are random and will vary along the range front. Allele surfing will result in increased
differentiation and decreased effective population sizewNich describes the strength of geioedrift

in a population (Kimura 1964, Charlesworth 2009, Sung et al. 204®unger populations closer to

range edges heory and experimentation have both demonstrated that populations with geedser N
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show geater response to selection in accomdawih the reduction in stochastic allele fluctuations
(Ohta 1992, Slotte et al. 2010). Thus expansion dynamics are expected to limit the potential for

populations to adapt to novel environments because of greaeiayérift closer to range edges.

In my third chapter of my dissertation, | use SNP data for populations of the noxiouertdirea
solstitialisto compare estimates ot Bcross the range expansion in its invaded range in California. |
test for a carelation between Nand the age of eagopuation estimated from herbarium records, with
the expectation that younger populations closer to the range edge will have lowaishl test for
correlations between the climatic environment agdaith the &pectation that in areas where trait
environment matches are greatest we should also find populations with largeréoihd that the
climatic environment and population age additively predict relatineaNies, which provides some of
the first corrobaating evidence in natural populatidios genetic models of range expansion.
Additionally, in this chapter | demonstrate that estimates.@aN vary substantially as a result of the

specific loci which have been sampled and establish methods for adlglithese statistical issues

The analges inmy dissertation reveal effects of both traitvironment mismatches and genetic
variables on the potential for populations to persist and grow under changing environments. Genetic
and functional traits are likglto interact, and to differ in impamce 6r abundant vs. rare species in a
community. These findings highlight the need for an integrategecitionary approach to

understanding responses to climate change at the community scale.
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Abstract

Introduced species are a common feature of modern plant communities and experience
environmental challenges alongside native species. Changes to the environment may reveal
distinct species-environment relationships for native and introduced components of plant
communities. Extreme environmental change, such as drought, is predicted to result in declines
in native species and increased opportunities for invasion, but empirical support for these ideas
remains mixed. We tested for differences in the response of native and invaded species to
environmental changes by analyzing a long-term dataset of species abundance in California
grasslands collected during a period of severe drought. Sampling sites included a combination
of stressful serpentine soils, which are resilient against invasion and maintain diverse native
species assemblages, and more benign nonserpentine soils, which are heavily invaded and
harbor low levels of native species cover. We found a significant correlation between sampling
year and species composition for nonserpentine sites, but not for serpentine sites. These
patterns were repeated when only introduced species were included in the analysis but no
pattern of change was found for native species. The species most strongly associated with
directional change on nonserpentine soils were three invasive Eurasian grasses, Bromus
hordaceus, Taeniatherium caput-medusae, and Avena fatua. Differences in species
composition on both serpentine and nonserpentine soils were significantly correlated with
specific leaf area, a trait which has been linked to drought tolerance in these communities,
although changes in abundance for the three Eurasian grasses most strongly associated with
change did not consistently follow this pattern. Our analyses indicate relatively stable native
community composition and strong directional change in introduced species composition,
contradicting predictions for how native and introduced species will respond to environmental

shifts, but supporting the hypothesis that native and invading species groups have important



functional differences that shape their relationships to the environment.

20
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Introduction

Species introductions are ubiquitous features of modern biological communities, in some

cases representing major components of biomass and species composition (Simberloff 1996;

Bax et al. 2003; Powell et al. 2011; Vila et al. 2011; Roy et al. 2016). Considerable efforts have

been made to understand how introduced species establish and become invaders by
investigating how they differ from the native species in their recipient communities (Rejmanek

and Richardson 1996; Lee and Bell 1999; Sol et al. 2002; Van Kleunen et al. 2010; Kimball et

al. 2014). Explanations for the establishment of introduced species in novel habitats often focus
on how species are able to occupy niche or functional space that is available either because
native species have not evolved to exploit those resources, or because changing environments

have opened additional niche space (Lyons and Schwartz 2001; Seabloom et al. 2003; Davis et

al. 2011; Dlugosch et al. 2015). Explanations for invasion to high abundance emphasize that

nonnative species might escape from native antagonists, have increased competitive ability,
and the capacity to monopolize or more efficiently utilize limiting resources in the environment

(Shea and Chesson 2002; MacDougall et al. 2009; van Kleunen et al. 2015). These hypotheses

rely on the idea that native and nonnative species in a community have different functional
ecologies, although evidence demonstrating such a distinction has been inconsistent and rarely

neatly delineates functional differences between native and invading species (Thompson and

Davis 2011; Kempel et al. 2013; Leffler et al. 2015).

Changes in the environment can be leveraged to better understand interspecific

differences (Urban et al. 2012; Guisan et al. 2014) including those between native and

introduced species. Climatic shifts have been shown to affect community composition

(Cannone et al. 2007; Cantarel et al. 2013), diversity (Yang et al. 2011; Harrison et al. 2015),

productivity (Arft et al. 1999; Rustad et al. 2001; Carlyle et al. 2014), and phenological or

functional traits (Bradley et al. 1999; Kimball et al. 2010; Walther 2010). These changes suggest
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that there are differences in the functional responses of individual species to environmental
change, such that any functional differences between native and invading species are likely to
result in divergent trajectories of these community components over time.

Climate is a ubiquitous force in shaping plant communities (Inouye 2008; Kimball et al.

2010; Wright et al. 2015), and anthropogenic climate change specifically is expected to make

habitats more stressful, shuffling biological communities due to climatically driven range shifts,

and causing local extirpation of native species (Parmesan 2006; Jump and Penuelas 2005;

Menzel et al. 2006; Lurgi et al. 2012; Franklin et al. 2016). Climatic stress is expected to

negatively impact the native component of biological communities either directly or from

changes in species interactions (Van der Putten et al. 2010; Adler et al. 2012), food webs

(Barton et al. 2009; Bannerman et al. 2011), and host-pathogen-vector relationships (Anderson

et al. 2004; Garrett et al. 2006). The effects of environmental change on communities have

been demonstrated through experimental manipulation (Philip Grime et al. 2000; Jagerbrand et

al. 2009; Wolkovich et al. 2012) as well as through natural responses to climatic variation

(Zheng et al. 2006; Elmendorf et al. 2015). Given that responses to climatic stress have been

observed, long-term surveys of species abundances could be leveraged to better illuminate

fundamental differences between the ecological roles of native and introduced species.
Perturbations to the environment are expected to increase opportunities for invasion

when they promote disturbance, reduce the relative fitness or abundance of maladapted native

species, or disrupt niche relationships (Shea and Chesson 2002; Wolkovich and Cleland 2011).

Introduced species may be better able to respond to shifts in the environment if they possess

greater adaptive capacity or plasticity (Molina-Montenegro et al. 2012; Chen et al. 2013;

Wolkovich et al. 2013); properties which may also contribute to invasion (Bossdorf et al. 2005;

Davidson et al. 2011). These ideas remain largely theoretical or are based on studies which

focus on a small number of species responding to environmental treatments. Studies of long-

term community dynamics could be particularly informative for testing both whether introduced
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species are functionally distinct, and specifically whether these species are uniquely benefiting
from environmental change relative to native species.
In California, grassland ecosystems have been radically transformed through land use

changes and subsequent invasion by exotic plants (Talbot et al. 1939; Murphy and Ehrlich

1989). This conversion began with the introduction of cattle and early 20th century farming
practices to the region. Cattle reduced native plant populations while non-native weeds were

introduced as cattle feed or forage contaminants in the mid 1800s (Menke 1989; Stromberg and

Griffin 1996; Burcham 1956). Currently, introduced species comprise the majority of cover and

biomass of these communities, although native species typically have similar species richness

(Harrison et al. 2015). Many of the rare, intact native communities exist on stressful serpentine

soils, which are distinct in their high heavy metal content, low water holding capacity, and low

available nitrogen and phosphorus (Walker and B 1954; Kruckeberg 1984). Experiments have

demonstrated that the stressful nature of these soils has contributed to their resilience against

invasion (Huenneke et al. 1990; Harrison and Inouye 2002; Burge et al. 2016). The high native

richness of these relict communities has also made them a conservation priority for the region

(Murphy and Ehrlich 1989).

Environmental change has been identified as one of the major threats to the remnant

native biodiversity in California grasslands (Harrison et al. 2008; Loarie et al. 2008; Damschen

et al. 2010). Across much of the North American West, the severity of drought is predicted to

increase in this already arid region (IPCC 2014; Griffin and Anchukaitis 2014; Robeson 2015;

Swain et al. 2016). California recently experienced a decade-long drought through the early
2000s, culminating in some of the lowest annual and seasonal precipitation on record from 2012

through 2014 (Copeland et al. 2016). In California grasslands, water may act as a limiting

resource, either directly or by affecting the availability of soil nutrients, with consequences for

competitive outcomes (Seabloom et al. 2003; Enloe et al. 2004; Dukes et al. 2005; Everard et

al. 2010). There is also evidence that drought has affected functional trait distributions of annual
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plant communities by favoring trait values that are expected to improve drought tolerance, such

as lower specific leaf area (SLA) (Harrison et al. 2010; Hulshof et al. 2013; Eskelinen and

Harrison 2015).

Here we test for divergent patterns of community change in native and invading plants in
California grasslands during this recent period of extreme drought. We conduct a new analysis
which leverages a long-term plant community dataset collected by Harrison and colleagues
(2015) in California across a mosaic of serpentine and nonserpentine grasslands. In a previous
analysis of data from 2000-2014, Harrison et al. (2015) reported that species richness across
both soil types declined, a pattern driven primarily by reductions in the abundance of rare,
drought intolerant native forbs. The decline in species richness coincided with community-wide
reductions specific leaf area (SLA), which is significantly correlated with winter precipitation and

is consistent with community-wide response to drought (Harrison et al. 2015).

We use abundance data taken in this study from 2006-2016 to examine community
compositional and functional change in a multivariate framework, and to identify any differential
responses of native and introduced species to this period of extreme environmental conditions.
Multivariate analyses offer the opportunity to examine shifts in community-wide patterns of
abundance, which might not be reflected in presence/absence changes that underlie trends in
species richness. We use nonmetric multidimensional scaling (NMDS) to compare communities,
splitting each community into its native and exotic components. This allowed us to describe the
compositional change within each group independently of the other, because NMDS uses rank
based abundances to calculate compositional differences. This is likely to be particularly
important for detecting changes in the composition of native species on nonserpentine soils and
introduced species on serpentine soils, which often represent minor components of their
respective communities. We also use two separate tools to identify the individual species most
strongly associated with directional change: gradient boosted models (GBM), a regression

based machine learning tool, and principal component analysis (PCA) of the cumulative
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changes in species abundances over time.

We consider serpentine and nonserpentine communities separately given their distinct
composition and ecology. We test for differences in community composition for all pair-wise
year by year comparisons using permutational analysis of variance and then for long-term,
directional changes in community composition across multivariate space. We also assemble
SLA trait values for the complete community, and test for directional change in this key
functional trait. We ask whether native species dominate multivariate community change during
drought, particularly through declines in abundance, in the same way that they dominated
declines in species richness in previous analyses, and whether compositional change is

associated with shifts to species with lower SLA, particularly non-native species.

Methods
Field Survey Data and Study Site

The long-term data used for this study were collected by Harrison et al. (2015) and are
reanalyzed here with the addition of new survey data for 2015 and 2016. The field data were
collected at the University of California McLaughlin Reserve, California, USA (Napa and Lake
Co;N 38A52Nj fivn lbrg) Rrndl6tdN@stablished in 2000. The region has a
mediterranean-type climate, with the majority of annual rainfall occurring between the fall
(October) and spring (April) seasons. Annual precipitation at the reserve has decreased in this

region from 2003 to 2016, culminating in years with some of the lowest rainfall on record

(Harrison et al. 2015a; Copeland et al. 2016). Annual plant communities within the reserve
occupy stressful soils derived from serpentine rock and relatively fertile nonserpentine soils.
Serpentine soils possess high levels of heavy metals (Mg and Ni), low levels of N and Ca, and

have low water holding capacity compared to nonserpentine soils (Proctor and Woodell 1975;

Marrs and Proctor 1976; Kruckeberg 2006). Nonserpentine grasslands in California are heavily

invaded by non-native grasses and forbs, primarily introduced from Eurasia (Jackson 1985;
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Mooney et al. 1986; Baker 1989). Serpentine soils are comparatively resilient against invasion

(Huenneke et al. 1990; Going et al. 2009; Eskelinen and Harrison 2014) with low exotic species

abundance. Previous work in these systems has shown that the plant communities found on the
two soil types are distinct and respond differently to experimental manipulation of resources

(Kruckeberg 1954; Whittaker 1954; Brady et al. 2005).

Long-term data were collected across 80 sites within the reserve (38 serpentine, 42
nonserpentine) spaced at least 50m apart. Each site was surveyed along a 40m transect with
five permanent 1 m? plots. From 2006 onward, species abundance was quantified with visual
estimates of percent cover in each plot. Abundance prior to 2006 was recorded only as

presence/absence and was not used in this study.

Trait Data

Measurements of specific leaf area (SLA) (leaf area in mm? / leaf dry mass in g) were
collected by Harrison et al. (2015) for 111 species on serpentine and nonserpentine soils using
protocols from Cornelissen et al. (2003). Many of the exotic species found at McLaughlin
Reserve were not included in this survey, and SLA values for some species were only quantified
on either serpentine (20) or nonserpentine (11) soils. When species lacked SLA measurements
taken within McLaughlin Reserve, we either calculated a mean SLA value from all observations
available in the Botanical Information and Ecology Network (BIEN) database or used SLA

measurements from (Stevens et al. 2015), which were collected across a mixture of serpentine

and nonserpentine sites in California using similar methods (Table SX). For species with SLA
values measured on only one soil type, we used that SLA value for both soil types. There were
55 species for which no SLA value was available. Community weighted SLA values were
calculated for each plot as the sum of =each
cover. Site level SLA values were averaged over the 5 plots. A Wilcoxon rank sum test was

used to compare the distribution of SLA values for introduced and native species, with separate

speci
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tests for serpentine and nonserpentine communities.

Community change over time

For comparison to previous analyses (Harrison et al. 2015) which were conducted over a
different timeframe (2000-2014), we tested whether changes in species richness from 2006 to
2016 were consistent with their previous observations. We used generalized linear models with
species richness as the dependent variable, year as a fixed variable and site as a random

variable with a poi sb mppadkags (Bates bt al.t201d4)in Rweysiomg t he 6

3.5.3 (R Core Team 2013). We considered total species richness, native richness, and

introduced species richness on serpentine and nonserpentine sites separately.
For abundance analyses, cover data for each site was averaged across all 5 plots for
further analyses. Compositional differences between sites for 2006 to 2016 were evaluated with

non-metric multidi mensi on al(Fiek etall 1982;:Kruskdl £964b:af t e r 6 NMD

Shepard 1962) wi t h v & 9 gackage v2.5-4 in R (Dixon 2003). Ordinations were constrained

to two dimensions for ease of visualization and use in downstream analyses, and were
conducted using Bray-Curtis distances with weighted average scores.

The quality of an NMDS ordination is most often represented as its stress, the
cumulative standardized differences between the original distance matrix and the matrix
representing differences in ordination space modeled via a stepwise, monotonically increasing

function (Kruskal 1964a). Stress increases with the number of observations in the analysis,

however, and may not be appropriate for evaluating the quality of NMDS ordinations of large

datasets, such as those with over 100 observations (Clarke 1993; Dexter, et. al 2018), as we

have in this study. Instead, we compared NMDS output to permutation-based ecological null
communities as suggested by Dexter et al. (2018). Null communities were produced by
randomly shuffling species observations to produce a novel distance matrix using the

@ecosfimudt i onvégapmtklaged i n swsh_swaipp@mutatioremetiod
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(Dixon 2003). Stress values from the original dataset were then compared to the distribution of
stresses for 99 null communities with a z-distribution. Significant results from this test indicate
that NMDS is able to depict an underlying ecological pattern within the real data, which is not

present in null communities (Dexter et al., 2018). We performed these analyses separately for

serpentine and non-serpentine communities, and for exotic and native plants each within
serpentine soils and nonserpentine soils (6 analyses in total).

To visualize differences between years, ellipses were plotted representing 30%
confidence intervals for each year. To test for directional changes in community composition
across time, and in traits, we fit explanatory vectors for year and weighted SLA onto all
significant community NMDS plots with the function envfit in the vegan package (Dixon 2003).
To test for any effect of year on community composition, and for the duration of time required to
detect this difference, we used a permutation based analysis of variance (PERMANOVA
function from the & e g ackage) to compare the pairwise difference in species abundances
from two different years to 999 pairs of randomly shuffled communities. This was repeated for

all pairwise year-to-year comparisons for serpentine and nonserpentine communities.

Identification of species most responsible for community differences

Individual species contributions to community change cannot be extracted from NMDS
axes, which are non-linear, and so we used a machine learning approach to identify which
species best predicted community change in NMDS ordination space. We used Gradient
Boosted Models (GBM) to predict NMDS centroid values for each year and along the two NMDS
axes. Generally, GBMs are a class of machine learning tool which produce a prediction model,
in this case predicting NMDS axis values for yearly centroids from species cover data, in the
form of decision trees, similar to random forest models. The predictive power of the decision
tree is optimized by producing a secondary loss function, which describes the difference

between predicted and observed values, and then by using derivatives to find parameter values
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which minimize the loss function. To test the predictive ability of GBM outputs, the dataset was
randomly split into a itornasi nmpienrg yseeatr )( la nodf toebssteirnvga s
per year) prior to running the GBM. The ability of the GBM to accurately predict NMDS axis
values with the testing data was calculated as the mean squared error, with better runs
possessing lower error. We ran each GBM simulation 1000 times, because the optimization
algorthm has the potential to get stuck at Igomdal mi ni
from the R package gbm v2.1.5 (Ridgeway et al. 2006). Each model run included 4500 trees
(n.trees = 4500), with only one way interactions (interaction.depth =1), a minimum of three
observations on terminal nodes (n.minobsinnode = 3), and a learning rate of 0.1 (shrinkage =
0.1). Parameters were opti mizedcakety aggage (Kuhbnt he Ot r a
2008).

We also performed a principal component analysis on the cumulative change in species

abundances over ti mmcompds i (RCHKRd Trean 2018)nWetextracted the

top 5 species loadings for the first two PC axes and compared these with the GBM predictions.

Results

The ten years of observation between 2006 and 2016 included 239 species, the majority
of which were native. On serpentine soils there were 190 species (148 native, 42 exotic), and on
nonserpentine soils there were 173 species recorded (128 native, 51 introduced). Harrison et al.
observed species richness declines on both serpentine and nonserpentine soils from 2000-
2014, and we verified that these patterns did not change in our dataset spanning 2006 to 2016
(Table S1, Figure S1). Reductions in the richness were significant for both native and exotic
species on both serpentine and nonserpentine soil (Table S1). Species richness for native
species declined at a faster rate than introduced species on nonserpentine soils (regression
slope for native spp.=-0.354, for introduced spp. = -0.18; Figure S1). On serpentine soils, native

species richness declined more slowly than introduced species richness (regression slope for
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native spp. = 0.20, for introduced spp. = 0.33; Figure S1).

In both serpentine and nonserpentine habitats, we found significant differences between
communities across years (PERMANOVA: serpentine: F=6.6, P < 0.001; nonserpentine:
F=30.8, P < 0.001). Moreover, the majority of all possible pairwise comparisons of composition
between years were significantly different (nonserpentine: 44/55 comparisons; serpentine: 38/55
comparisons; Figure S2). Comparisons of community composition across consecutive years
were significant for 70% of all tests on nonserpentine soil and 50% of all tests on serpentine
soils.

Ordination of nonserpentine sites had significantly lower stress than null communities
(z=-41.1, P<0.01; Figure S3). When vectors for year and site-level SLA were fit in NMDS space,
both showed significant correlations with community composition (year: r>=0.102, P < 0.001;
SLA: r?=0.075, P < 0.001; Figure 1B). Additionally, the vectors for year and SLA were oriented
at an obtuse angle (2 =159.3°) implying a negative relationship between them in NMDS space.
Ordination of native species on nonserpentine soils was not better than null communities (z=1.0,
P=0.31; Figure 2A, Figure S3) while ordination for exotic species was significantly better than
null (z=-21.2, P<0.01; Figure 2B, Figure S3). Additionally, there was no significant correlation
between differences in NMDS space and year (r>=0.0112, P=0.077), or SLA (r’=0.0025,
P=0.543). Similar to results for the entire community, both year and weighted-SLA were
significant when mapped onto NMDS space for exotic, nonserpentine plants (year: r’=0.148, P
< 0.001; SLA: r’=0.075, P < 0.001; Figure 2B), with a negative relationship between them
(#=137.9°).

NMDS ordination for the serpentine community from 2006 to 2016 yielded significantly
lower stress than null communities (stress = 0.24, z=-66.6, P<0.01; Figure S3), supporting the
presence of underlying ecological structure. When we fit vectors onto NMDS space, there was
no significant directional correlation of community structure with year (r>=0.005, P = 0.34), while

there was a significant correlation with site-level SLA (r?=0.093, P < 0.001; Figure 1A). Results
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were similar when only the native component of the serpentine community was analyzed;
NMDS ordination had lower stress than null communities (stress = 0.25, z=-47.8, P<0.01,
Figure S3) and fitted vectors for year and SLA were non-significant and significant respectively
(Year: r’=0.007, P = 0.262; SLA: r?>=0.121, P < 0.001; Figure 2A).

For exotic species on serpentine soil, NMDS ordination did not produce a significantly
better fit than for null communities (stress = 0.22, z=-.45, P= 0.43; Figure S3), but this may be
due to the unusual structure of the species matrix. Although stress for this ordination was lower
than the majority of null communities, random permutation of the data yielded 15 out of 99 runs
with lower stress, including one run with stress very close to zero, which could result from the
outsized influence of a small number of observations on the ability of the NMDS algorithm to
reach find the best possible solution. Performing the ordination in three dimensions did not
resolve this behavior, and the algorithm failed to converge in more than half of all attempted
ordinations due to the composition of a small number of sites around the periphery of the
ordination space. Although NMDS ordination did not perform better than null communities, fitted
vectors for year and community-weighted SLA were both significant (year: r>=0.071, P < 0.001;
SLA: r?=0.051, P < 0.001; Figure 3B). Year and SLA were also positively correlated in NMDS
space with an angle of & =44.4° between them.

To identify the species most responsible for community change in the nonserpentine
community we used gradient boosted models to predict changes along NMDS axes from a
subset of species abundance data. Model mean squared error for predictions along NMDS axis
1 ranged from 0.077 to 0.101 with an average of 0.088, and mean squared error along NMDS
axis 2 ranged from 0.065 to 0.085 with an average of 0.074. GBM models consistently assigned
the greatest weights for predictive ability to a set of common exotic and invading species. Along
NMDS axis 1, the highest weighted species for all 1000 GBM models was Bromus hordaceus,
followed by Taeniatherium caput-medusae, and Avena fatua (Figure 4A), all of which are annual

Eurasian grasses common to invaded western landscapes. These three grasses were also the
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most important species for making accurate predictions along NMDS axis 2, but with less
difference among them (Figure 4B). Native species were rarely ranked in the top five species for
accurate predictions along either NMDS axis, with two native species identified as infrequent
rank 4 and 5 predictors for NMDS axis 1 (Clarkia purpurea and Dichelostemma capitatum) and
axis 2 (Holocarpha virgata and Lupinus bicolor).

We conducted PCA ordination on the cumulative differences in species abundances
over time. Axis loadings for PC axis 1 and 2 were largest for the same three introduced grasses
identified by GBM analysis; B. hordaceous, T. caput-medusae, and A. fatua (Figure 5) The set
of five species with the greatest loading along the first and second PC axes did not include
native species. Two of these species, B. hordaceus and T. caput-medusae, decreased in
abundance over the survey period, while A. fatua increased (Figure S5). The SLA for all three
grasses was above the mean SLA for plants in this community (A. fatua: 314 mm?/g; B.
hordaceous: 311 mm?/g; T. caput-medusae: 245 mm?/g; mean: 245 mm?/g; Figure S5). Overall,
introduced species on both nonserpentine and serpentine soils had significantly greater SLA
than native plants (honserpentine: W=4715, P<0.001; serpentine: W=4964, P<0.001) (Figure

S4).

Discussion

Introduced species are now common features of plant communities, but their functional
differences from native species (if any) remains a poorly resolved question in ecology. By
analyzing a long-term plant community dataset, we find that directional change in community
composition occurring during a period of unprecedented drought is primarily attributable to
shifting abundances of introduced species. These changes were correlated with reductions in
SLA, a functional trait which is negatively correlated with performance under drought conditions

(Harrison et al. 2010; Sandel et al. 2010; Dwyer et al. 2014). Corresponding patterns of

directional change were not observed in the native component of these plant communities,
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despite a significant association between SLA and differences in native community composition.
Our results point to unique functional differences between native and introduced species which
may only be evident in the presence of long-term environmental stress.

Water is a limiting resource in California grasslands, and the years of this study had

some of the lowest total annual rainfall on record (Copeland et al. 2016), which has been

associated with reduced abundance of drought intolerant species and communities with lower

weighted SLA (Harrison et al. 2015). Our analysis of nonserpentine sites also captured this

relationship between community change and SLA. Directional change was negatively correlated
with weighted SLA in NMDS space on nonserpentine soil when we considered the entire
community or only introduced species. The abundant, introduced grasses in this system are
known to compete strongly for water which affects their growth and fecundity (Suttle et al.
2007). Water addition has also been shown to negate the competitive effect of introduced

grasses on native grass growth and fecundity (Hamilton et al. 1999). Native species as a whole

did not undergo directional change on nonserpentine sites, which could be explained by their
already lower SLA values and greater drought tolerance. A similar study of community change
at these sites found greater variability in species richness in response to annual differences in
precipitation on heavily invaded nonserpentine communities than on serpentine communities
and that greater community stability was linked to communities with more drought tolerant

species (Fernandez-Going et al. 2012). Our results support the idea that introduced species

may generally be constrained to functional niche space that is more novel for the community
and more likely to be lost or gained under environmental stress and variation (Goergen and

Daehler 2002; Diez et al. 2012: Wolkovich and Cleland 2014).

Gradient boosted models and PCA of cumulative changes in species abundance
provided further evidence that introduced species, and invading annual grasses specifically, are
most strongly associated with directional change. We identified the grasses A. fatua, B.

hordaceus, and T. caput-medusae as the most influential species for producing accurate GBM
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predictions and the species with the greatest axis loadings in a PCA of cumulative change in
species abundance. Avena fatua quadrupled in abundance by the end of the survey (not
including an outlier year in 2015 when its cover increased by an order of magnitude), while B.
hordaceus, and T. caput-medusae became less abundant. We expected the species most
strongly associated with directional change to increase or decrease based on their SLA values
in accordance with community wide patterns. Of these three grasses only the high SLA, T.
caput-medusae matched the community wide pattern by decreasing over the course of the
study. The other grasses have almost identical SLA values that are close to the community
median, but these species exhibited differing population trajectories. Other traits might be useful
for explaining the changes in cover for these two species. Phenology traits, for example, can act
as alternative mechanisms for coping with drought through drought escape (Sherrard and

Maherali 2006; Franks 2011) and the efficacy of specific drought tolerance strategies may also

change with the competitive environment (Fotelli et al. 2001; Maestre et al. 2009).

SLA was significantly related to compositional differences for the NDMS ordinations of
serpentine plants which performed better than null communities (all plants and native plants
only). There was no directional change in these sites, so SLA based differences are likely a
product of persistentmicohabi t at variration. The &édharshnessédé o
consequences for plant community traits and may have greater effects than variation in annual

precipitation (Johnston and Proctor 1981; Wright et al. 2006; Eskelinen and Harrison 2014).

This underlying structure in soil composition could mask signals of community change in the

context of our analyses, where we did not track the behavior of individual sites. It is also

possible that plants growing on these soils are less strongly affected by drought due to

adaptation for serpentineds naturally | ow water h
does not significantly impact serpentine plant communities without nutrient supplementation,

and the addition of both water and nitrogen decreases the abundance of low SLA species on

these soils (Eskelinen and Harrison 2015). Studies conducted on infertile limestone soils have
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also found that these plant communities are resilient to warming and drought due to a suite of

traits which facilitate persistence in environments with scarce resources. (Philip Grime et al.

2000; Grime et al. 2008). Our results contribute to this small body of work suggesting that plant
communities on stressful soils may be preadapted to some environmental shifts and extremes

(Philip Grime et al. 2000; Tielborger et al. 2014; Harrison et al. 2015b).

We had predicted that directional change would be more strongly associated with native
species, given previous work finding that reductions in species richness were the result of the
loss of rare native forbs across serpentine and nonserpentine communities and the high

variability in abundance of native forb cover (Fernandez-Going et al. 2012; Harrison et al. 2015).

Our inclusion of additional sampling from 2015 and 2016 did not change patterns of species
loss on nonserpentine soils. Surprisingly, we found differing patterns of compositional change
across these two communities which appears to be related to the relative dominance of
introduced species. The discrepancy between patterns of compositional change and richness
loss may result from how individual species are weighted in NMDS analysis. Considerations of
richness weigh each species equally, regardless of abundance. NMDS ordination performed
with Bray-Curtis distances reduces the influence of common species by using rank order
abundance, but rare species will still have relatively small individual effects in highly diverse
communities such as those considered here. On heavily invaded nonserpentine soils,
introduced species comprise the majority of plant cover and biomass while native species often
represent ~0.1% of plant cover and occur infrequently across sampling sites. The drop out of
rare native species from individual plots will therefore have small effects on our analyses of
community composition, which will be dominated by shifts in abundant species. The introduced
species found on nonserpentine soils are also common across all sampling sites (e.g. there is
low s-diversity), which may also increase our ability to detect signals of change in this subset of
the community relative to native species on nonserpentine or serpentine communities with

higher a-diversity.
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Our analyses of community composition do suggest that abundant native and introduced
plants occupy different functional niches resulting in compositionally stable native communities
and unstable introduced communities in the presence of environmental extremes. Theoretical
models of how native and introduced species will respond to environmental change assume

change in native communities will create opportunities for invasion (Shea and Chesson 2002;

Wolkovich and Cleland 2011), but native species within this system are compositionally stable.

Greater functional diversity has been shown to confer resistance to invasion in plant

communities (Pokorny et al. 2005; Hooper and Dukes 2010), and rare or uncommon species

can have disproportionate importance in producing these effects (Zavaleta and Hulvey 2004;

Hulvey and Zavaleta 2012). In our analyses, the loss of rare native species is not associated

with overall increases in the abundance of introduced species. Rather, introduced species
appear to trade-off with one another in abundance in response to extreme drought while native
communities remained compositionally stable. Similar relationships between native and
introduced species were observed in European plant communities where native species
dynamics were stable and changed in accordance with landscape scale environmental
variation, whereas patterns of change in newly arrived exotic species were more stochastic and

associated with short term climatic variation (Latombe et al. 2018). Fluctuating abundance of

introduced species do not appear to result in the recovery of native populations as a result, at
least on short timescales, and instead allow for other introduced species to become more
compositionally dominant.

Compositional changes during a period of exceptional drought could be particularly
informative for understanding plant community responses to long term climate change. Rare but
extreme events can exhibit some of the strongest selection on populations inducing phenotypic

change that far outlasts the duration of the selective event (Brown and Brown 1998; Bailey and

van de Pol 2016; Grant et al. 2017) with significant consequences for community composition

(Thibault and Brown 2008; Boucek and Rehage 2014). Introduced species will prove particularly
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useful for studying the process of climate adaptation if they possess unique functional traits
combinations which have been lost in native species through a history of extreme selective
events.

Functional differences between native and introduced species have been central to the
theory of biological invasions dating back to Darwin (Darwin 1859) with empirical support from

experimental microcosm studies (Zavaleta and Hulvey 2004; Hulvey and Zavaleta 2012), but

less consistent support from the field (Meiners 2007; Moles et al. 2012; van Kleunen et al.

2015). We found that extreme drought in California grasslands revealed functional differences
between native and introduced species. In particular, drought revealed trade-offs in abundance
among dominant introduced species, and stability among common native species, suggesting
that extreme environmental events are favoring certain functional types but not invading species
as a whole. These patterns were only apparent in association with long-term responses to
environmental change, which may be essential for observing consistent differences between

native and invader function.
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Tables and Figures

Figure 1. Nonmetric multidimensional scaling ordinations in species space from 2006 to 2016
with fitted vectors for year and community weighted specific leaf area (blue arrows). Individual
sites (dots) and 30% confidence ellipses for each year are colored by year. On serpentine sites
(A), differences in site-level species composition are significantly correlated with community
weighted specific leaf area (P < 0.001), but not the year in which the survey was performed (P =
0.32). In nonserpentine sites, both year and community weighted specific leaf area were
significantly correlated with compositional differences (P < 0.001 for both effects), and point in
opposite directions, which indicates that year and specific leaf area may be negatively
correlated in ordinated space.
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Figure 2. Nonmetric multidimensional scaling ordinations in species space for native (A) and
exotic (B) species on nonserpentine soils from 2006 to 2016 with fitted vectors for year and
community weighted specific leaf area (blue arrows). Individual sites (dots) and 30% confidence
ellipses for each year are colored by year. Differences in site-level species composition are not
significantly correlated with community weighted specific leaf area or year for native species (A)
(Year: P=0.077; SLA: P=0.542), but are both significantly correlated for exocic species (B)
(Year: P<0.001; SLA: P<0.001). The relationship between SLA and year was negative for exotic
species.
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Figure 3. Nonmetric multidimensional scaling ordinations in species space for native (A) and
exotic (B) species on serpentine soils from 2006 to 2016 with fitted vectors for year and
community weighted specific leaf area (blue arrows). Individual sites (dots) and 30% confidence
ellipses for each year are colored by year. For native species (A), differences in site-level
species composition are significantly correlated with community weighted specific leaf area (P <
0.001), but not the year in which the survey was performed (P = 0.26). Year and community
weighted specific leaf area were significantly correlated with compositional differences in exotic
species (P < 0.001 for both effects). The vectors for these effects point in similar directions,
indicating a positive relationship between them in ordination space.
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Figure 4. Results from 1000 gradient boosted models which predicts NMDS year centroids in
figure X from individual nonserpentine site-level observations. Species are ranked by their order
of importance for producing accurate predictions. A) predictions along NMDS axis 1; B)
predictions along NMDS axis 2.
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Supplemental Material

Table S1. Changes in species richness for different plant communities estimated using
generalized linear mixed models.

Soil estimate z-value P-value

Monserpentine

All -0.024 -7.6 <0.001

Mative -0.033 -7.09 <0.001

Introduce -0.017 -3.94 <0.001
Serpentine

All -0.019 -6.68 =0.001

Mative -0.016 -4.98 <0.001

Introduce -0.034 -5.143 <0.001
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possible pairs of years between 2006 and 2016 years. For example, for each community there
are ten l-year difference comparisons, and one 10-year comparison. Orange = Nonserpentine
sites, Grey = Serpentine sites. Pairwise comparisons were performed using permutation based
analysis of variance (PERMANOVA).
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Figure S3. Distribution of NMDS ordination for null communities on serpentine and
nonserpentine soils. Ordination values for for observed communities are depicted as vertical
lines. P-values are calculated from z-scores.
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Abstract

Trait-environment relationships and measurements of genetic diversity are both
commonly used to assess and predict changes in population responses to periods of
environmental change. These two types of data are typically considered separately, making it
difficult to assess their relative impacts on population growth. We used plant abundance data
collected over a decade from a California serpentine grassland community to test if
measurements of genetic diversity and a key functional trait (specific leaf area; SLA) predict
changes in species abundance for five Asteraceae species during a period of extreme drought.
For these focal species, we used linear models to find that metrics of genetic diversity has
significant relationships with changes in population size, but SLA did not. We also found that
initial starting abundance was positively correlated with population trajectories. When we
extended analyses of SLA and starting abundance to the entire community, we found that SLA
was correlated with changes in abundance for the most common species (which were generally
in decline) and had no relationship for the rare species. This study is one of the few to assess
the population-level impacts of genetic diversity across multiple members of a biological
community, and our results highlight the potential importance of genetic diversity in predicting
responses to environmental change at the community scale. Our results also suggest that traits
are useful for predicting species abundances in some cases but might influence only the most

common species.
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Introduction

Anthropogenic impacts on landscapes, climate, and ecosystems has put innumerable
species at risk of extinction and altered the character of biological communities (Jump and
Pefiuelas 2005, Damschen et al. 2010, Dawson et. al 2011, Moritz and Agudo 2013).
Reductions in range and population size that result from anthropogenic activity are commonly
identified in individual species (Lesica and McCune 2004, Wake et. al 2008, Lawson et al. 2010,
Garcie et al. 2014, Pomara et al. 2014), but it is reasonable to assume that co-occurring species
are simultaneously affected by anthropogenic change (Gilman et al. 2010, Kardol et al. 2010).
Climate change, for example, is expected to impact the abundance, demography, phenology,
and trait distributions of entire plant communities simultaneously, with differing impacts on the
individual species that make up those communities (Shea and Chesson 2002, Wolkovich and
Cleland 2010). While, conservation research is often understandably focused on single at-risk
species, there is clearly an increasing need for understanding how the ecological and
evolutionary effects of anthropogenic change operate across communities of species and

impact conservation needs and priorities at this scale.

Decades of conservation research has demonstrated that the impacts of anthropogenic
change on the fitness of individuals and populations can be shaped by the genetic diversity of
those population (Turelli and Ginsburg 1983, Elistrand and Elam 1993, Jump et al. 2009,
Frankham 2010, Keller and Taylor 2010, Poirier et al. 2019). In general, individuals with greater
homozygosity and genetic load have lower survival, reproductive output, and can be susceptible
to environmental variation (Pamilo and Palsson 1998, Reed and Frankham 2003, Da Silva et al.
2006, Velando et al. 2015). These effects then scale at the population level to impact population
growth. The confluence of low genetic diversity and a small population can also result in

extinction vortices in which low population growth in the face of allee effects, environmental and
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demographic stochasticity results in greater inbreeding depression and the accumulation of
deleterious alleles, leading to threats of extirpation (Gilpin and Soule 1986, Benson et al. 2019).
Notably, a global comparison of threatened and non-threatened taxa found that threatened
species had significantly lower heterozygosity than non-threatened species, with the largest

differences found across angiosperm plants (Spielman et al. 2004).

Genetic diversity is expected to be an important factor in determining responses to
climate change (Pauls et al. 2004). Fitness costs of low genetic diversity can be magnified
during environmental change, worsening demographic outcomes (Markert et al. 2010,
Ambruster and Reed 2005). Populations with less genetic diversity are also expected to adapt
poorly to environmental change, because favorable alleles may be absent in the population, or
present predominantly in deleterious genomic backgrounds that reduce their fithess advantage
(Filteau et al. 2015, Bleuven et al. 2016). In experiments with evolutionary rescue, in which
maladapted populations must adapt in order to avoid extirpation, microbial populations with
greater heterozygosity were more likely to survive and achieve positive growth rates (Lachapelle
and Bell 2012, Bell 2013, Ramsayer et al. 2013). What is less well known is how well these
processes play out in real biological communities, in which interspecific interactions and trait-
environment mismatches could diminish the value of genetic diversity for responding to

environmental change (Bailey et al. 2014).

From an ecological perspective, community scale responses to environmental change
are increasingly explored within the framework of functional traits. This approach allows for
prediction of community scale change based on the expectation that the environment will favor
certain traits or trait values. These approaches in community ecology are derived from niche
theory and empirical observations demonstrating the importance of trait-environment

relationships for population dynamics and species coexistence (Gleason 1926, Weiher and
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Keddy 1995, Chesson 2000, Petchey and Gaston 2002, Fargione and Tilman 2005, Violle et al.
2012). Trait values have been successfully used to predict the relative fitness of individual
species (Violle et al. 2007, Kimball et al. 2012, Lasky et al. 2014) and species distributions
(Tremlova et al. 2007, Wittmann et al. 2016, Smith et al. 2017). For instance, phenology traits
have been shown to be important for shaping responses to climate change in alpine
ecosystems (Inouye 2008, Kudo and Ida 2013, Prevéy et al. 2019) and for determining species

range limits (Chuine and Beaubiene 2001).

How genetic diversity could compensate for deficiencies in functional traits to determine
species responses to environmental change remains an unsettled question (Chevin et al. 2010).
In most theoretical work, genetic diversity and traits are entangled, and the fithess benefits of
greater genetic diversity are not considered outside of their relationship to traits under selection
(Orr and Unckless 2014). Genetic diversity is modeled as the distribution of alleles that
contribute to environmental matching, and the trait-environment mismatch is represented as the
selection coefficient acting on these alleles (Orr and Unckless 2014, Bay et al. 2017). Although
we certainly expect genetic diversity to contribute to evolutionary responses in this manner, it is
also possible for some metrics of genetic diversity, such as heterozygosity, to provide fitness
increases independent of some traits which are crucial for environmental matching, such as
many phenological traits. Nonetheless, we might expect that if genetic diversity contributes
strongly to population fitness, it should outweigh the impact of a larger trait-environment
mismatch. Experiments in evolutionary rescue have shown that in extreme scenarios,
populations with greater genetic diversity have higher population growth rates even while
maladapted and undergo extirpation less frequently during the process of adaptation (Ramsayer
et al. 2013). Where both low genetic diversity and poorly matched functional traits decrease
species performance, the probability of decline and extirpation should be highest. Thus genetic

diversity should interact with key functional traits to shape shifts in community composition over
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time.

We explored genetic and functional trait predictors of performance across a plant
community in California, USA. In California, severe drought over the last two decades has
resulted in substantially lower winter precipitation, an essential resource for herbaceous plants
in this arid climate (Seabloom et al. 2003; Enloe et al. 2004; Dukes et al. 2005; Everard et al.
2010). These conditions are consistent with long-term climate projections for the region, and
provide a foreshadowing of plant community dynamics with climate change. At McLaughlin
Reserve (Lake, Davis Co., CA), long-term plant cover surveys began in 2006 and have
continued through 2016, during which there was a gradual decrease in winter precipitation that
culminated in a 1 in 10,000 year drought event (Robeson 2015). These data have demonstrated
significant changes in the plant community at McLaughlin Reserve, including reduced species
richness due to the decreased occurrence of rare endemic species (Harrison et al. 2015), loss
of phylogenetic diversity (Li et al. 2019), and reductions in functional diversity (Miller et al.
2019). These alterations to the plant community at McLaughlin are of special conservation
interest because of the presence of rare serpentine soils, which are patchily distributed across
the region (Kruckberg 1984). These soils contain high levels of heavy metals, low nutrient
levels, and have low water holding capacity making them resistant to invasion by exotic species
and home to rare remnant endemic communities (Walker 1954, Huenneke et al. 1990; Harrison

and Inouye 2002; Burge et al. 2016).

Functional trait distributions have been shown to be shifting during this period at
McLaughlin Reserve. Over time, community wide specific leaf area (SLA) has decreased and
this change is correlated with the decline in total midwinter precipitation (Harrison et al. 2015).
SLA describes the ratio of leaf area to leaf dry mass, and lower SLA species tend to have

smaller, thicker leaves commonly associated with adaptations to drought (Harrison et al. 2010,
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Bussotti et al. 2015, Greenwood et al. 2017). There is evidence that a significant reduction in
species richness during drought was caused by the drop-out of rare, high SLA species (poorly
adapted to drought) from sampling sites (Harrison et al. 2015). Despite this evidence for the
importance of SLA in describing changes at this site, it is not known how well SLA predicts the

demographic trajectories of individual species across the community.

In contrast to functional traits, there is little information available to infer how genetic
diversity is contributing to population dynamics at McLaughlin Reserve. In comparison to more
widespread species, serpentine endemics are expected to possess low genetic diversity
(Kruckberg 1991, Brady et al. 2005). Yet, surveys of genetic diversity in serpentine plant
endemics in California have found that they often possess high observed heterozygosity and
strong population structure (Dolan 1995, Wolf et al. 2000a, Wolf et al. 2000b, Henss et al.
2013), possibly due to historically stable population sizes and the distribution of patchy
serpentine substrate (Calsbeek et al. 2003). The distribution of genetic variation across species,
and the mechanisms which explain that variation, within serpentine communities are unknown.
If serpentine plant species at McLaughlin Reserve are similarly high in genetic diversity, then we
might predict that functional traits, rather than genetic characteristics, will be more important in

shaping responses to the environmental changes.

To test for the influence of genetic diversity and functional traits on species dynamics
during environmental stress, we gathered genome-wide single nucleotide polymorphism (SNP)
data for five native plants from McLaughlin Reserve (Table 1). These plants are all commonly
observed on serpentine soils, and are herbaceous, outcrossing species which share a late-
summer flowering phenology. We characterized the percent of polymorphic loci (P), observed
heterozygosity (Ho), expected heterozygosity (He), relative effective population sizes (Ne), and

the proportion of genetic variance captured within individuals (Fis) for each species. We



65

combined these data with long term census data from 2006 to 2016 to test whether genetic
diversity, population size, or the SLA functional trait predict population trajectories of our five
focal species during environmental stress. We then expanded our scope to test if these
relationships between population trajectories and population sizes or SLA, are mirrored across

the whole community, explicitly considering relationships within different classes of abundance.

We present tests of several specific predictions. For genetic variables where high
diversity and low inbreeding should have positive effects on populations, we predict that Ho, He,
P, and Ne will be positively and Fis negatively associated with change in abundance over time.
We also predict that initial abundance will be correlated with genetic diversity and similarly
associate positively with population growth. For SLA, we predict that this key functional trait will
have a negative association with abundance change, given that species with low SLA values
are expected to perform better under drought. For analyses of the whole community, we predict
that population trajectories of the most abundant species will be better predicted by initial
abundance or SLA than for less abundant species for which small population sizes create
barriers to growth under environmental change. Alternatively, we might find no support for these
relationships, particularly if genetic diversity is not limiting, if traits other than SLA are more

important, or if population trajectories are largely stochastic in the community during this time.

Methods

Study system and long term data

This study was conducted on grassland meadows at McLaughlin Reserve (Napa and
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Lake Co., CA) which covers an area of 2,776 ha. The region is characterized by a Mediteranean
climate with the majority of precipitation occurring between the fall (October) and spring (April)
followed by hot, dry summers (Harrison et al. 2015). Herbaceous plant communities at the
reserve exist upon a matrix of stressful serpentine soils and relatively benign nonserpentine

soils with compositional differences that reflect this variation (Kruckeberg 1954; Whittaker 1954;

Brady et al. 2005). Serpentine soils are notable for their high levels of heavy metals such as

nickel and magnesium; low levels or calcium, nitrogen, and potassium; and low water holding
capacity. These difficult growing conditions have resulted in low invasion success and high
levels of endemism on serpentine soils, including many threatened and endangered plant
species in California (Proctor and Woodell 1975; Marrs and Proctor 1976; Kruckeberg 2006,
Eskelinen and Harrison 2014). As of 2017, McLaughlin Reserve holds one plant listed as
federally endangered; 14 plants listed as rare, threatened, or endangered in California or
elsewhere (rank 1B on California Native Plant Society [CNPS] Rare Plant Ranking System); and
30 species listed as species with limited distribution of conservation concern (CNPS rank 4)

(Riordan and Rundel 2019).

Long term surveys of serpentine plant community cover began in 2006 across 38 sites
(Harrison et al. 2015). Each site was surveyed along a 40m linear transect by sampling five
evenly spaced permanent 1m? plots. Cover estimates were assessed visually, with a minimum
cover assignment of 0.01. Annual sampling occurred in April and June. A total of 191 plant
species were observed from 2006 to 2016 (42 exotic, 149 native), of which 171 (36 exotic, 135

native) were observed over multiple years and could be included in analyses.

Annual abundance for each species was calculated as mean cover across all 38 sites.
To characterize changes in species abundance from 2006 to 2016 we fit a linear model to the

changes in mean abundance over time, excluding years in which the species was not observed
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(i.e. had a zero entry). Population changes over time were characterized as the slopes from

these best fit lines.

Measurements of SLA for 130 species were gathered from published literature.
Measurements made on site by Harrison et al. (2015) were available for 85 native species, 76 of
which were measured on serpentine soils with the remainder measured at nonserpentine sites.
Measurements for four more species were obtained from Stevens et al. (2015), which were
made on serpentine soils in the region, but outside of McLaughlin Reserve. The remaining 40
measurements were averaged across SLA values from the BIEN database (Maitner et al. 2018;

http://bien.nceas.ucsb.edu/bien/), leaving 39 species with no SLA estimates.

Sampling for genetic analysis

All sampling for genetic analysis occurred at McLaughlin Reserve in July 2015 and May
2016. We collected green leaf tissue for five herbaceous species in the Asteraceae:
Calycadenia pauciflora A. Gray, Grindelia camporum Greene, Helianthus exilis A. Gray,
Hemizonia congesta DC., and Lessingia ramulosa A. Gray. We selected outcrossing annuals or
short-lived perennials in Asteraceae for this study to control for the effects of mating system, life
history, and phylogeny. All five species also share a similar phenology, with germination in the
autumn and flowering in late spring and continuing through the summer drought after most other

herbaceous plants have senesced.

We sampled 40 individuals of each species across two sites (20 individuals per site).
Sampling sites were different for each species. Calycadenia pauciflora and Lessingia ramulosa
are found primarily on slopes comprised by soils with more exposed rock. Grindelia camporum,

Helianthus exilis, and Hemizonia congesta were observed more often in flat areas closer to
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ephemeral stream banks (personal observation). To avoid sampling closely related individuals,

leaf tissue was collected from individuals spaced at least 5m apart along a linear transect.

After collection, tissue was dried in coin envelopes prior to DNA extraction. We used a
modified CTAB DNA extraction protocol (Webb and Knapp 1990) to isolate DNA for all five plant
species. The 27 individuals from each species (135 individuals total) with the greatest total
extracted DNA were then selected for sequencing. Genomic libraries were prepared using a
modified version of Peterson et al. (2012) double digest restriction associated digest protocol,
modifications detailed in Barker et al. (2017). Libraries for each species were prepared
multiplexed across two lanes of the lllumina NextSeq platform (lllumina Inc., San Diego, CA,
USA). Reads were demultiplexed and cleaned using the software SNOWHITE 2.0.2 (Dlugosch
et al. 2013) which removes primer and adapter contaminants. Barcode recognition sites were
trimmed from each read and then further trimmed to a uniform length of 135bp for R1 reads and

110 bp for R2 reads based on average read quality scores.

We used the software STACKS v 1.48 (Catchen et al. 2011; Hohenlohe et al. 2011,
Catchen et al. 2013) to identify putative alleles and calculate metrics of population genetic
diversity. To group reads together inttwme 6stacks©éd,
polymorphisms (-M parameter), a maximum of two alleles per locus (-X), and a minimum
coverage depth of five (-m). A catalogue of SNPs was then produced allowing for two
polymorphisms between individuals within a stack (-n) and requiring that loci were sequenced
across 90% of individuals (-r). STACKs denovo_map.pl pipeline was then used to calculate Ho,
Fis, and P. We used values of H, and Fis calculated across all sites to best represent genome-
wide patterns of genetic variation. Relative estimates of contemporary (not historical) Ne were
made using variable sites and the linkage disequilibrium method (Waples & Do 2008)
implemented in the program NeEstimator v.2.01 (Do et al. 2014) with rarefaction fits used to

generate relative values as per Braasch et al. (2019; Chapter 3), using a standardized sample
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size of 10 individuals for relative values.

Relationships of genetic and trait data to abundance trajectories

We first used linear models to test for correlations between all potential predictor
variables of population trajectories (Ho, He, Fis, Ne, P, SLA, and starting abundance), to identify
covarying parameters and reduce the number of variables tested for relationships with
population trajectories. Starting abundance was estimated as the natural logarithm of annual
mean cover for each species in the year they were first observed in the dataset. We then used
individual linear models to test for the relationship between population trajectories from 2006 to

2016 and independent predictors.

To analyze trends across entire serpentine community, we used phylogenetic
generalized least squares analyses (PGLS; Symonds and Blomberg 2014) to separately test for
correlations between population trajectories, starting abundance, and SLA. The influence of
phyl ogenetic relatedness is calculated as e, with
correlations, to a maximum value of 1, perfect phylogenetic correlation. To perform this analysis
we used a comprehensive phylogeny encompassing all land plants based on molecular data
from Zanne et al. (2014). PGLS analyses were performed using the package caperv. 0.5.2in R

(Orme 2013).

We found only weak effects of phylogeny on our analyses (see Results). We therefore
chose to perform all model tests using ordinary least squares, because PGLS will not allow for
interaction terms. Initial population size is predicted to influence the sensitivity of species
trajectories to other variables. Using linear models, we first tested for the relationship between

the natural logarithm of starting abundance and population trajectories. We then binned the
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community into two abundance categories for analysis: common and rare. Species with starting
abundances above the 75th quartile (mean cover greater than 0.26%) were classified as
common. All other species which were classified as rare. In total 44 species were classified as
common and 127 were classified as rare. SLA measurements were not available for four
common species (9.1%) and 38 rare species (30%) (Fig. 1). To test if the relationship between
population trajectory and functional traits depends on abundance, we tested for a significant
interaction between abundance categories and SLA. To more fully explore this interaction, we
then fit independent linear and quadratic models of population trajectories and SLA for each
abundance category. After identifying Bromus hordeaceus as an outlier in these analyses using
the studentized residuals analysis, we re-fit linear and quadratic models without this species. All

analyses were conducted in R v3.5.3 (R Core Team 2013).

Results

Analyses for five focal Asteraceae

Population genetic metrics varied twofold or more among species and were consistently
largest in H. congesta and lowest in G. camporum, with ranges of Ho: 0.0011 - 0.0024; He:
0.0014 - 0.0024; P: 0.86 - 2.16; and Fis: 0.0013 - 0.0046 (Table 1). Estimates of relative N. were
less variable and ranged from 19.1 - 25.8, with the lowest values for Helianthus and Hemizonia
and the highest for G. camporum (Table 1). Population trajectories from 2006 to 2016 ranged

from a decline of -0.02 in G. camporum to an increase of 0.16 in H. congesta (Table 1).

Four of our genetic parameters, Ho, He, P, and Fis were significantly correlated with one
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another (Table S1; Figure 2C, D). H, was selected as representative of this group for
comparison to population trajectories. There were no significant correlations among the

remaining variables: N, starting abundance, and SLA (Table S1, Figure 2A,B).

Ho was significantly correlated with changes in abundance over time, as was initial
population size (Table 2). As predicted, H, and population trajectories had a positive correlation
(Fig. 3C). Initial abundance was also positively correlated with population trajectories (Table 2,
Fig. 3B). Ne and SLA were not significantly correlated with changes over time for the five focal

Asteraceae (Table 2).

Whole Community Analyses

Across the entire serpentine community, SLA values ranged more than an order of
magnitude from 2.55 to 796, with a mean and median of 250.1 and 223.8 respectively (Fig. S1).
Population trajectories ranged from -1.11 for Bromus hordeaceus, a common species with
above average SLA value of 333, to 0.18 for Trifolium fucatum, a species categorized as having

intermediate abundance and close to median SLA of 258.5.

There was weak phylogenetic signal for starting abundance ( = 0) and SLA ( = 0.098),
so all remaining analyses were performed with ordinary least squares analysis. There was a
significant, negative relationship between starting abundance and population trajectories (F1.169
=76.6, P <0.001) (Fig. 4). Population trajectories for all species were negatively correlated with
SLA (F1127 = 4.49, P = 0.036). To test for an interaction between SLA and starting abundance,
we classified the species with starting abundance above the 75th percentile (starting abundance

greater than 0.26% cover) as common and all other species as rare. We chose to represent
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abundance as a categorical variable because most of the variation in population trajectories was
present in the most common species and to facilitate interpretation of the analysis. The effects
of starting abundance, SLA, and their interaction had significant relationships with population
trajectories (Full model: F3125 = 9.2, P <0.001) (Table 3). When the correlation between SLA
and population trajectory was considered separately for common and rare species, we found a
positive linear relationship between SLA and population trajectories for common species (F13
=6.33, P=0.02), but no significant effect for rare species (F15:=1.83, P=0.14) (Fig. 5). Quadratic

fit was not significantly different from a linear fit (P=0.29).

In the set of common species, we found significant support for Bromus hordeaceus as
an outlier for describing the relationship between SLA and population trajectories for linear and
guadratic models (linear model: studentized residual=-4.7, Bonferroni corrected P=0.002;
guadratic model: studentized residual=-11.5, Bonferroni corrected P<0.001). After removal of B.
hordeaceus, the quadratic model performed significantly better than the linear model (P=0.002).
Removal of B. hordeaceus also improved the fit of the quadratic model (F236=14.7, P<0.001)

(Fig. S2).

Discussion

Understanding the consequences of environmental change is a central goal of
community ecology and conservation biology, but these disciplines tend to focus on different
predictors of species abundance. Using long-term data from a plant community experiencing
extreme drought, we found that metrics of genetic diversity were significant predictors of

changes in abundance across multiple non-threatened species. For these same species we
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found that SLA, an important functional trait in this community, did not predict abundance
changes. Our results have implications for how we study community scale changes which
frequently are focused around the role of functional traits. When we examined the entire plant
community, we found that it was the most common species that had the strongest relationship
between SLA and population trajectories. These results support the hypothesis that functional
traits may be useful for predicting how abundance changes during environmental stress for only
the most common members of a community. We conclude that genetic diversity shows promise
for predicting abundance changes across entire communities in response to environmental

change.

Experiments using individual populations have repeatedly established the importance of
genetic diversity in population responses to environmental stress (Lachapelle and Bell 2012, Bell
2013, Ramsayer et al. 2013, Poirier et al. 2019). We found that during a period of extreme, once-
in-10,000 year drought, species with greater heterozygosity had more positive population
trajectories. In fact, H. congesta and L. ramulosa, which had the largest H, and He, increased in
abundance during this stressful period. We did not find a significant relationship between
abundance changes and Ne, but this could be a result of a narrow range of Ne estimates produced
for our five focal species. Interspecific comparisons of genetic diversity in nature have found
populations with larger population sizes also generally have greater genetic diversity and are less
likely to be classified as threatened (Frankham 1996, Lammi 1999, Spielman et al. 2004), but to
our knowledge these are the first results which report genetic diversity as an explanatory factor
for population responses to stress across a biological community. Importantly, we do not suggest
that management for higher genetic diversity should necessarily be the goal of conservation
plans, given recent evidence that historically small populations can lose viability by the
introduction of once purged deleterious genetic variation (Kyriazis et al. 2019). Rather, genetic

diversity is a metric that may be useful for predicting how abundance of individual species may
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change during periods of environmental stress. Additionally, our study tested for the relationship
between abundance changes and genetic diversity across a small subset of the serpentine plant
community, and focused on species that are reproductively, phylogenetically, and functionally
similar. A more comprehensive study with greater sampling across a more diverse set of species
is needed before our results can be generalized with confidence. If our results are indeed
repeatable, they point toward the importance of an otherwise understudied factor in community
change and offer a simple metric by which to predict and understand an otherwise complex

system, especially where it is difficult to identify key functional traits.

In a broad survey of phylogeographic studies in California, serpentine endemic plants
were noted for their relatively high genetic variance (Dolan 1995, Wolf et al. 2000a, Wolf et al.
2000b, Henss et al. 2013), and our results do not contradict those findings. The values of
genome-wide heterozygosity that we report are relatively large among those published for other
organisms using whole genome RAD-seq SNPs. For example, In BlackZooted Albatrosses
(Phoebastria nigripes), a near-threatened seabird distributed throughout the North Pacific,
reported H, values ranged from 0.00059 to 0.00063, roughly half the size we report for the five
Asteraceae species in our analysis (Dierickx et al. 2015). Estimates in two hybridizing marmoset
species in Brazil were similarly low, 0.0002 and 0.0004 (Malukiewicz et al. 2016). Yet our Ho
estimates were an order of magnitude smaller than was observed in coyote (Canis latrans)
populations, including two populations at the leading edge of a range expansion where genetic
diversity is expected to be low (Heppenheimer et al. 2018). In the plant Panax notoginseng
(Araliaceae), the range of intraspecific estimations of H, (0.0011 - 0.0017) was similar to the
range of interspecific values we obtained for our five species (Pan et al. 2016). Thus, our focal
species are not exceptionally low in genetic diversity, suggesting that even relatively high levels
of diversity can still be associated with differences in the relative performance of populations

over time.
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Across the five focal Asteraceae Ho and Fis were positively correlated, such that the
individuals with the greatest H, also possessed the highest Fis. We expected that these
summary statistics would be negatively correlated, given that greater observed heterozygosity is
typically associated with lower inbreeding and Fis values (Wright 1922, Keller and Waller 2002).
We note that the species with greater H, also tended to have a greater proportion of
polymorphic loci (P). Thus, it appears that where species have more variation among individuals
(contributing to a higher P and H¢), observed heterozygosity is increasing but at a slower rate,
leading to higher estimates of inbreeding. A potential cause of this pattern is a recent increase
of a subset of lineages within the genetically diverse population (Maruyama and Fuerst 1984,
Harpending and Rogers 2000, Excoffier et al. 2009). Notably, in Hemizonia congesta, the

species with greatest H, and Fis also had the most positive population trajectory.

We selected our focal species to control for as many potential confounding variables in
our analysis as possible, but this limits our ability to make strong inferences about community
wide patterns. Including species that are more likely to inbreed or are phylogenetically unrelated
will be important for describing the full distribution of genetic variance within the community, and
how that variance relates to abundance changes (Hamrick and Godt 1996, Charlesworth 2003).
This will require greatly increased sampling to be able to estimate and account for these
potentially confounding factors. Our choice to sample species with similar ecological strategy
(flowering phenology) might also have reduced our ability to capture important community wide
variance in SLA values. All five species had lower than average SLA values, excluding the
species we expect to be most negatively impacted by drought. Yet, previous analyses with
these long-term data demonstrated a linear relationship between community-wide SLA and
drought which does not differ for low and high SLA species (Harrison et al. 2015). We observe a

similar linear relationship between SLA and population trajectories. Importantly, the potential for
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interactions between SLA and genetic diversity could not be captured by our analysis due to the
constraints our sampling placed on the distribution of genetic variance and trait values in our
analysis. For example, we lack confidence to make inferences about species with very high
genetic diversity but also high, and presumably maladaptive, SLA. We hope that our work
presented here motivates additional research to assess the relative roles of genetic diversity
and more commonly considered explanations for community scale responses to environmental

change.

Previous analyses of these data linked reductions in species richness to the low SLA of
some rare species (Harrison et al. 2015), but we did not find a relationship between SLA and
population trajectories for rare species. Rare species are expected to naturally oscillate in and
out of sampling plots, and stochastic changes in the abundance estimates of rare species
causes relatively large changes in their recorded abundance from year to year (MacKenzie et al.
2005). This behavior counteracts the ability to accurately model population trajectories for these
species, because of greater differences between observed and actual abundance. We therefore
exercise caution in asserting that SLA is not descriptive of population size changes for the rarest

species in this community.

We observed that for common species, species with the lowest and greatest SLA were
more likely to decrease during the observation period. This supports our hypothesis that
functional traits will be best at predicting population responses to environmental change in the
most abundant species, where other factors that affect small populations are less likely to
obscure these relationships. Moreover, the common species in our dataset were generally
experiencing population declines, which would be consistent with stronger trait-environment
mismatches in species that are well adapted to the historical environment and not to current

drought conditions. The importance of trait-environment relationships for structuring the
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common species in a community was also identified in a recent study of winter annual plants in
the Sonoran Desert (Ge et al. 2019). In that study, a functional trait trade-off strongly predicts
population dynamics for the most common species, but trait-environment relationships weaken
as increasingly rare species are included in the analysis. Nevertheless, that analysis as well as
previous work in our system (Harrison et al. 2015), both indicate that population dynamics of

some of the rarest species in the system are also associated with their trait values.

We also observed a general pattern of decreasing population trajectories with increasing
starting abundance across all species in the community, which suggests that different
responses to this drought period could be part of historical coexistence patterns in this
community. Coexistence between competitors within a community is facilitated by negative
frequency dependent population growth (Clark and McLachlan 2003, HilleRisLanbers et al.
2012). This is related to the invasibility criterion, in which low density species encounter
relatively little competition and increase in frequency compared to high density species which
decline due to high intraspecific competition or predation (Armstrong and McGehee, Chesson
and Ellner 1989, Chesson 2000). The patterns we observed of decreasing population
trajectories with increasing starting abundance suggest that stabilizing mechanisms could be
operating in this community. Previous work has shown that over the period of observation this
community has indeed been compositionally stable, despite periods of drought (Chapter 1). The
more negative population trajectories for more common species could reflect the temporal
dynamics of this system in which species that achieve high abundance during periods when

water availability is higher then experience declines during regular periods of drought.

It is important to clarify that our measurements of population trajectories are not
equivalent to per capita growth rates (lambda or r) typically used in demographic models.

Population trajectories in our analyses reflect changes in abundance on a linear scale, which we



78

chose in order to explore connections to previous analysis of abundance changes across
species in this community (Harrison et al. 2015, Harrison et al. 2018, Miller et al. 2019, Chapter
1). In this way, a 1% increase in proportional cover is equivalent for both the rarest and most
common species in a community. Estimates of proportional cover, such as those available for
the McLaughlin plant community, are also not directly equivalent to census population sizes
used to construct demographic models. This is especially true in annual plant communities,
where large changes in cover could reflect plastic responses of seed bank germination to the
environment rather than demographic ones (Berg and Ellers 2010, Firn et al. 2012, Funk et al.
2017). Demographic models could indeed be useful for better modeling how climate, traits, and
genetic diversity impact changes in cover for individual species. Cover data has not traditionally
been used in the framework of demographic models, but recent work has shown that cover data
can be appropriate for studying vegetational demography at the landscape scale (Tredennick et
al. 2017). For example, work on sagebrush demography across the North American Great Basin
used cover data to show that populations in cold climates responded positively to above
average temperatures while populations in warm climates responded negatively (Kleinhesselink

and Adler 2018).

Surprisingly, we did not observe a significant relationship between initial population size,
genetic diversity, or contemporary Ne across our focal species. Across the entire serpentine
community starting population sizes were predictive of population trajectories, with more
abundant species experiencing greater declines. Yet, starting abundance had a positive
relationship with population trajectories for our five focal species. If genetic diversity is indeed an
important predictor of population size changes we should then expect that abundance and
genetic diversity are not positively correlated across the entire community as well. The expected
relationship between population sizes and genetic diversity can become decoupled through

multiple mechanisms (Lewontin 1974, Leffler et al. 2014), including differences in life history
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traits across species (Romiguier et. al 2014), selective sweeps (Corbet-Detig et al. 2015), and
recent population size changes (Harpending and Rogers 2000, Excoffier et al. 2009).
Additionally, we sampled at the end of our study period a decade after observations began, and
genetic parameters may have changed over this period. Yet, our results suggest that despite
these complications, gene diversity might have general predictive power for the potential of
species to persist through environmental change, and we encourage more studies of this type in

communities with long term population datasets to test these relationships more broadly

Genetic diversity has long been identified as a critical factor in conservation biology
(Frankham 1996, Lammi 1999, Spielman et al. 2004), and is expected to play an important role
in the responses of natural populations to environmental change (Reusch et al. 2004). We found
genetic diversity to be a strong predictor of population responses to a decade of environmental
stress, and that genetic metrics were more strongly correlated with population size changes
than a key functional trait in this community. Our results highlight the importance of
incorporating perspectives from conservation genetics into the study of community ecology to
understand how biological communities will respond to climate change and other anthropogenic

disturbances.



80

References

Armbruster P, Reed DH (2005) Inbreeding depression in benign and stressful environments.
Heredity 95:235i 242

Armstrong RA, McGehee R (1980) Competitive Exclusion. Am Nat 115:1511 170

Bailey JK, Genung MA, Ware |, et al (2014) Indirect genetic effects: an evolutionary mechanism
linking feedbacks, genotypic diversity and coadaptation in a climate change context. Funct Ecol
28:871 95

Barker BS, Andonian K, Swope SM, et al (2017) Population genomic analyses reveal a history
of range expansion and trait evolution across the native and invaded range of yellow starthistle
(Centaurea solstitialis). Mol Ecol 26:11311 1147

Bay RA, Rose N, Barrett R, et al (2017) Predicting Responses to Contemporary Environmental
Change Using Evolutionary Response Architectures. Am Nat 189:463i 473

Bell G (2013) Evolutionary rescue of a green alga kept in the dark. Biol Lett 9:20120823

Benson JF, Mahoney PJ, Vickers TW, et al (2019) Extinction vortex dynamics of top predators
isolated by urbanization. Ecol Appl 29:e01868

Tredennick AT, Hooten MB, Adler PB (2017) Do we need demographic data to forecast plant
population dynamics? Methods Ecol Evol 8:5411 551

Bleuven C, Landry CR (2016) Molecular and cellular bases of adaptation to a changing
environment in microorganisms. Proc Biol Sci 283.:_https://doi.org/10.1098/rspb.2016.1458

Brady KU, Kruckeberg AR, Bradshaw HD Jr (2005) Evolutionary Ecology of Plant Adaptation to
Serpentine Soils. Annu Rev Ecol Evol Syst 36:2431 266

Bussotti F, Pollastrini M, Holland V, Briggemann W (2015) Functional traits and adaptive
capacity of European forests to climate change. Environ Exp Bot 111:9171 113

Braasch J, Barker BS, Dlugosch KM (2019) Expansion history and environmental suitability
shape effective population size in a plant invasion. Mol Ecol 28:254671 2558

Burge DO, Thorne JH, Harrison SP, et al (2016) Plant diversity and endemism in the california
floristic province. Madrofio 63:3i 206

Calsbeek R, Thompson JN, Richardson JE (2003) Patterns of molecular evolution and
diversification in a biodiversity hotspot: the California Floristic Province. Mol Ecol 12:10217 1029

Catchen JM, Amores A, Hohenlohe P, et al (2011) Stacks: building and genotyping Loci de
novo from short-read sequences. G3 1:1711 182

Catchen JM, Hohenlohe PA, Bassham S, et al (2013) Stacks: an analysis tool set for population
genomics. Mol Ecol 22:3124i 3140

Charlesworth D (2003) Effects of inbreeding on the genetic diversity of populations. Philos


https://doi.org/10.1098/rspb.2016.1458
https://doi.org/10.1098/rspb.2016.1458

81

Trans R Soc Lond B Biol Sci 358:1051i 1070

Chesson P (2000) Mechanisms of Maintenance of Species Diversity. Annu Rev Ecol Syst
31:343i 366

Chesson PL, Ellner S (1989) Invasibility and stochastic boundedness in monotonic competition
models. J Math Biol 27:117i 138

Chevin L-M, Lande R, Mace GM (2010) Adaptation, plasticity, and extinction in a changing
environment: towards a predictive theory. PLoS Biol 8:e1000357

Chuine |, Beaubien EG (2001) Phenology is a major determinant of tree species range. Ecol
Lett 4:5001 510

Clark JS, McLachlan JS (2003) Stability of forest biodiversity. Nature 423:6351 638

Corbett-Detig RB, Hartl DL, Sackton TB (2015) Natural selection constrains neutral diversity
across a wide range of species. PLoS Biol 13:1002112

Damschen El, Harrison S, Grace JB (2010) Climate change effects on an endemic-rich edaphic
flora: resur veyi ngSiskybsitas {Oregon, UBA).IEcolibgy R1e36081 3619

Da Silva A, Luikart G, Yoccoz NG, et al (2006) Genetic diversity-fithess correlation revealed by
microsatellite analyses in European alpine marmots (Marmota marmota). Conserv Genet
7:371i1 382

Dawson TP, Jackson ST, House JI, et al (2011) Beyond predictions: biodiversity conservation in
a changing climate. Science 332:53i 58

Dierickx EG, Shultz AJ, Sato F, Hiraoka T (2015)
Japanese Black footed Albatrosses (Phoebastria nigripes) using double digest RADseq:
implications for conservation. Evolutionary

Dlugosch KM, Lai Z, Bonin A, et al (2013) Allele identification for transcriptome-based
population genomics in the invasive plant Centaurea solstitialis. G3 3:359i 367

Do C, Waples RS, Peel D, et al (2014) NeEstimator v2: re-implementation of software for the
estimation of contemporary effective population size (Ne) from genetic data. Mol Ecol Resour
14:209i 214

Dolan RW (1995) The Rare, Serpentine Endemic Streptanthus morrisonii (Brassicaceae)
Species Complex, Revisited Using Isozyme Analysis. Syst Bot 20:338i1 346

Dukes JS, Chiariello NR, Cleland EE, et al (2005) Responses of grassland production to single
and multiple global environmental changes. PLoS Biol 3:€319

Enloe SF, DiTomaso JM, Orloff SB, Drake DJ (2004) Soil water dynamics differ among
rangeland plant communities dominated by yellow starthistle (Centaurea solstitialis), annual
grasses, or perennial grasses. Weed Sci 52:9291 935

Ellstrand NC, Elam DR (1993) Population Genetic Consequences of Small Population Size:
Implications for Plant Conservation. Annu Rev Ecol Syst 24:217i 242



82

Eskelinen A, Harrison S (2014) Exotic plant invasions under enhanced rainfall are constrained
by soil nutrients and competition. Ecology 95:682i 692

Everard K, Seabloom EW, Harpole WS, de Mazancourt C (2010) Plant water use affects
competition for nitrogen: why drought favors invasive species in California. Am Nat 175:85i 97

Excoffier L, Foll M, Petit RJ (2009) Genetic consequences of range expansions. Annual Review
of Ecology

Fargione J, Brown CS, Tilman D (2003) Community assembly and invasion: an experimental
test of neutral versus niche processes. Proc Natl Acad Sci U S A 100:89161 8920

Filteau M, Hamel V, Pouliot M-C, et al (2015) Evolutionary rescue by compensatory mutations is
constrained by genomic and environmental backgrounds. Mol Syst Biol 11:832

Firn J, Prober SM, Buckley YM (2012) Plastic Traits of an Exotic Grass Contribute to Its
Abundance but Are Not Always Favourable. PLoS One 7:e35870

Frankham R (1996) Relationship of Genetic Variation to Population Size in Wildlife. Conserv
Biol 10:1500i 1508

Frankham R (2010) Challenges and opportunities of genetic approaches to biological
conservation. Biol Conserv

Funk JL, Larson JE, Ames GM, Butterfield BJ (2017) Revisiting the H oly G rail: using plant
functional traits to understand ecological processes. Birth Defects Res C Embryo Today

Ge XYM, Scholl JP, Basinger U, Huxman TE (2019) Functional trait trade off and species
abundance: insights from a multi decadal study. Ecology

Gilman SE, Urban MC, Tewksbury J, et al (2010) A framework for community interactions under
climate change. Trends Ecol Evol 25:3251 331

Gilpin ME, Soulé ME (1986) Minimum viable populations: Processes of extinction. In: Soulé ME
(ed) Conservation Biology: The Science of Scarcity and Diversity. Sinauer Associates,
Sunderland, Massechusets, pp 19i 34

Gleason HA (1926) The Individualistic Concept of the Plant Association. Bull Torrey Bot Club
53:71 26

Greenwood S, Ruiz-Benito P, Martinez-Vilalta J, et al (2017) Tree mortality across biomes is
promoted by drought intensity, lower wood density and higher specific leaf area. Ecol Lett
20:539i 553

Hamrick JL, Godt MJW (1996) Effects of life history traits on genetic diversity in plant species.
Philos Trans R Soc Lond B Biol Sci 351:1291i 1298

Harpending H, Rogers A (2000) Genetic perspectives on human origins and differentiation.
Annu Rev Genomics Hum Genet 1:36171 385

Harrison S, Damschen El, Grace JB (2010) Ecological contingency in the effects of climatic
warming on forest herb communities. Proc Natl Acad Sci U S A 107:193621 19367



83

Harrison SP, Gornish ES, Copeland S (2015) Climate-driven diversity loss in a grassland
community. Proc Natl Acad Sci U S A 112:8672i 8677

Harrison S, l nouye BD (2002) High b diversity
Biodiversity & Conservation 11:1869i 1876

Harrison SP, LaForgia ML, Latimer AM (2018) Climate-driven diversity change in annual
grasslands: Drought plus deluge does not equal normal. Glob Chang Biol 24:17827 1792

Henss JM, Moeller JR, Theim TJ, Givnish TJ (2013) Spatial scales of genetic structure and
gene flow in Calochortus albus (Liliaceae). Ecol Evol 3:1461i 1470

Heppenheimer E, Brzeski KE, Hinton JW, et al (2018) High genomic diversity and candidate
genes under selection associated with range expansion in eastern coyote (Canis latrans)
populations. Ecol Evol 8:12641i 12655

HilleRisLambers J, Adler PB, Harpole WS, et al (2012) Rethinking Community Assembly
through the Lens of Coexistence Theory. Annual review of. https://doi.org/10.1146/annurev-
ecolsys-110411-160411

Hohenlohe PA, Amish SJ, Catchen JM, et al (2011) Next-generation RAD sequencing identifies
thousands of SNPs for assessing hybridization between rainbow and westslope cutthroat trout.
Mol Ecol Resour 11:1177 122

Huenneke LF, Hamburg SP, Koide R, et al (1990) Effects of Soil Resources on Plant Invasion
and Community Structure in Californian Serpentine Grassland. Ecology 71:478i 491

Inouye DW (2008) Effects of climate change on phenology, frost damage, and floral abundance
of montane wildflowers. Ecology 89:353i 362

Jump AS, Marchant R, Pefiuelas J (2009) Environmental change and the option value of
genetic diversity. Trends Plant Sci 14:511 58

Jump AS, Pefiuelas J (2005) Running to stand still: adaptation and the response of plants to
rapid climate change. Ecol Lett 8:1010-1020

Kardol P, Cregger MA, Campany CE, Classen AT (2010) Soil ecosystem functioning under
climate change: plant species and community effects. Ecology 91:7671 781

Keller SR, Taylor DR (2010) Genomic admixture increases fitness during a biological invasion. J
Evol Biol 23: 1720-1731

Keller LF, Waller DM (2002) Inbreeding effects in wild populations. Trends Ecol Evol 17:23071
241

Kimball S, Gremer JR, Angert AL, et al (2012) Fitness and physiology in a variable environment.
Oecologia 169:3191 329

Kleinhesselink AR, Adler PB (2018) The response of big sagebrush (Artemisia tridentata) to
interannual climate variation changes across its range. Ecology 99:11397 1149

Kruckberg, R A (1954) The ecology of serpentine soils Ill. Plant species in relation to serpentine



84

soils. Ecology 35:267i 274

Kruckeberg AR (1984) California Serpentines: Flora, Vegetation, Geology, Soils, and
Management Problems. University of California Press. Berkeley

Kruckeberg AR (2006) Introduction to California soils and plants: serpentine, vernal pools, and
other geobotanical wonders. University of California Press Berkeley

Kudo G, Ida TY (2013) Early onset of spring increases the phenological mismatch between
plants and pollinators. Ecology 94:2311i 2320

Kyriazis CC, Wayne RK, Lohmueller KE (2019) High genetic diversity can contribute to
extinction in small populations. bioRxiv 678524

Lachapelle J, Bell G (2012) Evolutionary rescue of sexual and asexual populations in a
deteriorating environment. Evolution 66:35081 3518

Lammi A, Siikamaki P, Mustajarvi K (1999) Genetic Diversity, Population Size, and Fitness in
Central and Peripheral Populations of a Rare Plant Lychnis viscaria. Conserv Biol 13:1069i1
1078

Lasky JR, Uriarte M, Boukili VK, Chazdon RL (2014) Trait-mediated assembly processes predict
successional changes in community diversity of tropical forests. Proc Natl Acad SciU S A
111:56161 5621

Lawson DM, Regan HM, Zedler PH (2010) Cumulative effects of land use, altered fire regime
and climate change on persistence of Ceanothus verrucosus, a rare, fire dependent plant
species. Glob Chang Biol

Leffler EM, Bullaughey K, Matute DR, et al (2012) Revisiting an old riddle: what determines
genetic diversity levels within species? PLoS Biol 10:e1001388

Lesica P, McCune B (2004) Decline of arctic-alpine plants at the southern margin of their range
following a decade of climatic warming. J Veg Sci 15:679i 690

Lewontin, R. (1974) The Genetic Basis of Evolutionary Change. Columbia University Press,
New York

Li D, Miller JED, Harrison S (2019) Climate drives loss of phylogenetic diversity in a grassland
community. Proc Natl Acad Sci U S A 116:199891 19994

MacKenzie DI, Nichols JD, Sutton N, et al (2005) Improving inferences in population studies of
rare species that are detected imperfectly. Ecology 86:11017 1113

Maitner BS, Boyle B, Casler N, et al (2018) The bien r package: A tool to access the Botanical
Information and Ecology Network (BIEN) database. Methods Ecol Evol 9:373i 379

Malukiewicz J, Boere V, Fuzessy LF, et al (2014) Hybridization effects and genetic diversity of
the common and black-tufted marmoset (C allithrix jacchus and C allithrix penicillata)
mitochondrial control region. Am J Phys Anthropol 155:5221 536

Markert JA, Champlin DM, Gutjahr-Gobell R, et al (2010) Population genetic diversity and



85

fitness in multiple environments. BMC Evol Biol 10:205

Marrs RH, Proctor J (1976) The response of serpentine and non-serpentine Agrostis stolonifera
to magnesium and calcium. J Ecol 9531 964

Maruyama T, Fuerst PA (1984) Population bottlenecks and nonequilibrium models in population
genetics. I. Allele numbers when populations evolve from zero variability. Genetics 108:745-763

Miller JED, Li D, LaForgia M, Harrison S (2019) Functional diversity is a passenger but not
driver of drought related plant diversity losses in annual grasslands. J Ecol 107:2033-2039

Moritz C, Agudo R (2013) The future of species under climate change: resilience or decline?
Science 341:5041 508

Orme D, Freckleton R, Thomas G, Petzoldt T (2013) The caper package: comparative analysis
of phylogenetics and evolution in R. R package version 5:1i 36

Orr HA, Unckless RL (2014) The population genetics of evolutionary rescue. PLoS Genet
10:1004551

Pamilo P, Palsson S (1998) Associative overdominance, heterozygosity and fitness. Heredity 81
(Pt 4):381i 389

Pan Y, Wang X, Sun G, et al (2016) Application of RAD Sequencing for Evaluating the Genetic
Diversity of Domesticated Panax notoginseng (Araliaceae). PLoS One 11:€0166419

Pauls SU, Nowak C, Balint M, Pfenninger M (2013) The impact of global climate change on
genetic diversity within populations and species. Mol Ecol 22:925i 946

Peterson BK, Weber JN, Kay EH, et al (2012) Double digest RADseq: an inexpensive method
for de novo SNP discovery and genotyping in model and non-model species. PLoS One
7:€37135

Poirier M-A, Coltman DW, Pelletier F, et al (2019) Genetic decline, restoration and rescue of an
isolated ungulate population. Evol Appl 12:13181 1328

Prevéy JS, Rixen C, Riger N, et al (2019) Warming shortens flowering seasons of tundra plant
communities. Nat Ecol Evol 3:4571 52

Proctor J, Woodell SRJ (1975) The Ecology of Serpentine Soils. In: MacFadyen A (ed)
Advances in Ecological Research. Academic Press, pp 2551 366

Pomara LY, LeDee OE, Martin KJ, Zuckerberg B (2014) Demographic consequences of climate
change and land cover help explain a history of extirpations and range contraction in a declining
snake species. Glob Chang Biol 20:20877 2099

Prevéy JS, Rixen C, Rlger N, et al (2019) Warming shortens flowering seasons of tundra plant
communities. Nat Ecol Evol 3:451 52

Ramsayer J, Kaltz O, Hochberg ME (2013) Evolutionary rescue in populations of Pseudomonas
fluorescens across an antibiotic gradient. Evol Appl 6:608i 616



86

Reed DH, Frankham R (2003) Correlation between fitness and genetic diversity. Conserv Biol
17:2301 237

Reusch TBH, Ehlers A, Hammerli A, Worm B (2005) Ecosystem recovery after climatic
extremes enhanced by genotypic diversity. Proc Natl Acad Sci U S A 102:28261 2831

Riordan EC, Rundel PW (2019) Evaluating the Future Role of the University of California
Natural Reserve System for Sensitive Plant Protection under Climate Change

Robeson SM (2015) Reuvisiting the recent California drought as an extreme value. Geophys Res
Lett 42:6771i 6779

Romiguier J, Gayral P, Ballenghien M, et al (2014) Comparative population genomics in animals
uncovers the determinants of genetic diversity. Nature 515:2611 263

Seabloom EW, Harpole WS, Reichman OJ, Tilman D (2003) Invasion, competitive dominance,
and resource use by exotic and native California grassland species. Proc Natl Acad SciU S A
100:133841 13389

Shea K, Chesson P (2002) Community ecology theory as a framework for biological invasions.
Trends Ecol Evol 17:1701 176

Smith AB, Alsdurf J, Knapp M, et al (2017) Phenotypic distribution models corroborate species
distribution models: A shift in the role and prevalence of a dominant prairie grass in response to
climate change. Glob Chang Biol 23:4365i 4375

Spielman D, Brook BW, Frankham R (2004) Most species are not driven to extinction before
genetic factors impact them. Proc Natl Acad Sci U S A 101:152611 15264

Stevens JT, Safford HD, Harrison S, Latimer AM (2015) Forest disturbance accelerates
thermophilization of understory plant communities. J Ecol 103:1253i 1263

Tredennick AT, Hooten MB, Adler PB (2017) Do we need demographic data to forecast plant
population dynamics? Methods Ecol Evol 8:541i 551

Tremlova K, Miinzbergova Z (2007) Importance of species traits for species distribution in
fragmented landscapes. Ecology 88:965i 977

Turelli M, Ginzburg LR (1983) Should individual fitness increase with heterozygosity? Genetics
104:191-209

Velando A, Barros A, Moran P (2015) Heterozygosity--fitness correlations in a declining seabird
population. Mol Ecol 24:10071 1018

Violle C, Enquist BJ, McGill BJ, et al (2012) The return of the variance: intraspecific variability in
community ecology. Trends Ecol Evol 27:244i 252

Violle C, Navas M-L, Vile D, et al (2007) Let the concept of trait be functional! Oikos 116:882i
892

Wake DB, Vredenburg VT (2008) Are we in the midst of the sixth mass extinction? A view from
the world of amphibians. Proceedings of the National Academy of Sciences 105:114661 11473



87

Walker BR, (1954) Factors affecting plant growth on serpentine soils. Ecology 35:259i 266

Waples RS, Do C (2008) Idne: a program for estimating effective population size from data on
linkage disequilibrium. Mol Ecol Resour 8:753i 756

Webb DM, Knapp SJ (1990) DNA extraction from a previously recalcitrant plant genus. Plant
Mol Biol Rep 8:180

Weiher E, Keddy PA (1995) Assemblj rules, null models, and trait dispersion: new quesabns
from old patterns. Oikos 74:159i 164

Whittaker RH (1954) The Ecology of Serpentine Soils. Ecology 35:258i 288

Wittmann ME, Barnes MA, Jerde CL, et al (2016) Confronting species distribution model
predictions with species functional traits. Ecol Evol 6:873i 879

Wolf AT, Harrison SP, Hamrick JL (2000a) Influence of Habitat Patchiness on Genetic Diversity
and Spatial Structure of a Serpentine Endemic Plant. Conserv Biol 14:4541 463

Wolf AT, Howe RW, Hamrick JL (2000b) Genetic diversity and population structure of the
serpentine endemic Calystegia collina (Convolvulaceae) in northern California. Am J Bot
87:1138i 1146

Wolkovich EM, Cleland EE (2014) Phenological niches and the future of invaded ecosystems
with climate change. AoB Plants 6.:_https://doi.org/10.1093/aobpla/plu013

Wright S (1922) Coefficients of Inbreeding and Relationship. Am Nat 56:3301 338

Zanne AE, Tank DC, Cornwell WK, et al (2015) Corrigendum: Three keys to the radiation of
angiosperms into freezing environments. Nature 521:380


https://doi.org/10.1093/aobpla/plu013
https://doi.org/10.1093/aobpla/plu013

88

Tables and Figures

Table 1. Genetic and ecological variables for the five focal Asteraceae used in this study. This
includes the number of individuals with enough sequence data to include in STACKs SNP
discovery (N), the total number of polymorphic loci (SNPs), the total number of RAD sequences
(tags) with at least one polymorphism (N Polymorphic Tags), average observed heterozygosity
(Ho), average expected heterozygosity (He), percentage of polymorphic loci (P), within individual
fixation (Fis), relative effective population sizes (N¢), average percent cover in 2006 (Starting
Abundance), and specific leaf area (mm? leaf area / g dry mass) (SLA).

N Polymorphic Starting
Species N SNPs Tags H, H, P F. N. Abundance SLA
Calycadenia paucifiora 27 1909 688 0.0012 0.0016 1.0013 0.0021 21.2 0.97 99.7
Grindelio camporum 22 6253 2548 0.0011 0.0014 0.8587 0.0013 25.8 0.58 154.8
Helianthus exilis 26 2444 559 0.0015 0.0018 1.6476 0.0025 19.1 0.06 195.1
Hemizonia congesta 27 2394 438 0.0024 0.0024 2.1578 0.0046 19.1 3.71 175.3
Lessingia ramulosa 26 5772 1420 0.0016 0.0022 1.5983 0.003 22.6 0.77 227.7

Table 2. Summary statistics for all independent linear models describing the relationship
between population trajectories and five explanatory variables tested using five focal
Asteraceae. Significant models are indicated in bold. All models have degrees of freedom 1,3.

Indepdendent Vairable Coefficient F value P value

Observed Heterozygosity (H,) 56.9 41.5 0.007
Relative Effective Population Size (N} - 1.25 0.35
Ln Starting Abundance 0.03 13.84 0.033
Specific Leaf Area - 0.1 0.77

Table 3. Summary statistic for the original least squares model describing the linear
relationships between population trajectories as the dependent variable and SLA, starting
abundance as a two-level categorical variable, and their interaction as independent variables.

Effect Coefficient t-value P-value
SLA -0.0009 -4.55  <0.0.001
Rarity '

(Common-Rare) -0.158 -2.76  0.007
SLA*Rarity

(Common-Rare) 0.0008 3.97 =«0.0001
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Fig 1. Histogram of starting abundances for serpentine community plants at McLaughlin
Reserve. Shading indicates the availability of SLA estimates for each species. Vertical grey

lines show abundance cutoff for species classified as rare (less than 0.26) and common (greater
than 0.26).
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Fig. 2 Heterozygosity in five focal Asteraceae species is not correlated with A) SLA (P = 0.53) or
B) starting abundance (P= 0.13), but is significantly correlated with other genetic metrics
including the C) percent of polymorphic loci (P: P = 0.016) and D) the individual fixation index
(Fis: P =0.002).
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Fig. 3 The correlations between population trajectories and potential predictor variables. A)
Drought tolerance measured as SLA is not correlated with abundance changes in these five
species (P = 0.77). B) Starting abundances did predict overall changes (P = 0.03), C) as did
observed heterozygosity (P = 0.007). D) Relative Ne was not predictive of population trajectories
(P =0.35).
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Fig. 4 Changes in species abundances across the serpentine community at McLaughlin
Reserve are correlated with metrics of abundance (P<0.001). Average cover for each species in
the first year it was recorded are negatively correlated with population trajectories.
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Fig 5. The relationship between SLA and population trajectory during severe drought differs
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between SLA and population trajectories for all remaining species in the community (red line,
triangles) (P = 0.19).
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Supplemental Material

Table S1. Summary statistics for all independent linear models describing the correlations
between observed heterozygosity and five explanatory variables tested using five focal
Asteraceae. Significant models in bold. All models have degrees of freedom 1,3.

Dependent Variable Indepdendent Vairable Coefficient F value P value

Observed Heterozygosity (H,)

Expected Heterozygosity (H.) 1.13 14.86 0.03
Percent Polymorphic Loci (P) 0.0009 24.87 0.016
Individual Fixation index (F;) 0.41 82.11 0.003
Relative Effective Population Size (M) - 2.16 0.24
Log Starting Abundance - .37 0.13
Specific Leaf Area - 0.51 0.53
Expected Heterozygosity (H)
Percent Polymorphic Loci (P) 0.0007 17.7 0.025
Individual Fixation index (F;) 0.32 27.8 0.013
Relative Effective Population Size (M.} - 1.54 0.3
Log Starting Abundance - 1.99 0.25
Specific Leaf Area - 1.53 0.3
Percent Polymorphic Loci (P)
Individual Fixation index (F;) 403 23.7 0.017
Relative Effective Population Size (M) - 3.91 0.14
Log Starting Abundance - 1.15 0.36
Specific Leaf Area - 1.46 0.31
Individual Fixation index (F;)
Relative Effective Population Size (M.} - 2.86 0.19
Log Starting Abundance - 4.15 0.13
Specific Leaf Area - 0.46 0.55
Relative Effective Population Size (M)
Log Starting Abundance - 0.24 0.66
Specific Leaf Area - 0.04 0.86

Log Starting Abundance
Specific Leaf Area - 0.05 0.83
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Fig. S1 Histogram of SLA values for serpentine community plants at McLaughlin Reserve.
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values for the five focal Asteraceae species which have paired genetic data.
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Fig. S2 The quadratic fit (green line) for the relationship between population trajectory and SLA
for common species on serpentine soils at McLaughlin Reserve (P<0.001). The model was fit
was after removal of Bromus hordeaceus (arrow and red point), a significant outlier in this
analysis.



97

APPENDIX C

Title

Expansion historand environmental suitability shape effective populagipa in a plant invasion

Authors

Joseph E Braasch*
Brittany SBarker?
Katrina M Dlugosch

! Department of Ecology & Evolutionary Biology niversity of Arizona, Tucson, AZ, USA

2Integrated Plant Protection Center and Department of ktittie, Oregon State Universjt¢ovralis
OR

* Author for correspondence
PO Box 210088, Tucson, AZ, 85 2tel: 520336-7623 / fax: 526621-9190 /

jbraascli@email.arizona.edu

Intended Journal

This work has been published in Molecular Ecology

Keywords

Centaureasolstitialis, climatic niche, ddRADsedinkage disequilibrium B range expansion, yellow
starthistle



L))

Received: 13 August 2018 ‘ Revised: 2 April 2019 Accepted: 4 April 2019
Check for
DOI: 10.1111/mec.15104 updates

ORIGINAL ARTICLE

WILEY EEESNYEee,

Expansion history and environmental suitability shape
effective population size in a plant invasion

Joseph Braasch!

1Department of Ecology and Evolutionary
Biology, University of Arizona, Tucson,
Arizona

2Integrated Plant Protection Center and
Department of Horticulture, Oregon State
University, Corvallis, Oregon

Correspondence

Joseph Braasch, Department of Ecology and
Evolutionary Biology, University of Arizona,
Tucson, AZ.

Email: jbraasch@email.arizona.edu

Funding information

National Institute of General Medical
Sciences, Grant/Award Number:
#K12GMO000708 ; National Science
Foundation, Grant/Award Number:
#1750280; U.S. Department of Agriculture,
Grant/Award Number: #2015-67013-23000
and #2017-67011-26034

1 | INTRODUCTION
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Abstract

The margins of an expanding range are predicted to be challenging environments for
adaptation. Marginal populations should often experience low effective population
sizes (N,) where genetic drift is high due to demographic expansion and/or census
population size is low due to unfavourable environmental conditions. Nevertheless,
invasive species demonstrate increasing evidence of rapid evolution and potential
adaptation to novel environments encountered during colonization, calling into ques-
tion whether significant reductions in N, are realized during range expansions in na-
ture. Here we report one of the first empirical tests of the joint effects of expansion
dynamics and environment on effective population size variation during invasive
range expansion. We estimate contemporary values of N, using rates of linkage dise-
quilibrium among genome-wide markers within introduced populations of the highly
invasive plant Centaurea solstitialis (yellow starthistle) in North America (California,
USA), and within native Eurasian populations. As predicted, we find that N, within
the invaded range is positively correlated with both expansion history (time since
founding) and habitat quality (abiotic climate). History and climate had independent
additive effects with similar effect sizes, indicating an important role for both factors
in this invasion. These results support theoretical expectations for the population
genetics of range expansion, though whether these processes can ultimately arrest

the spread of an invasive species remains an unanswered question.

KEYWORDS
Centaurea solstitialis, climatic niche, ddRADseq, linkage disequilibrium N,, range expansion,
yellow starthistle

2015; Elam, Ridley, Goodell, & Ellstrand, 2007; Gonzalez-Martinez,
Ridout, & Pannell, 2017; Welles & Dlugosch, 2018). Small population

Adaptation is expected to be a critical component of how species
respond to novel environmental conditions, such as those encoun-
tered during colonization and range expansion (Bock et al., 2015;
Colautti & Barrett, 2011; Griffith & Watson, 2006; Hamilton, Okada,
Korves, & Schmitt, 2015; Kirkpatrick & Barton, 1997; Mayr, 1963). At
the same time, it has been suggested that colonizing species might
experience small population sizes that limit the ability of founding
populations to respond to natural selection (Dlugosch, Cang, et al.,

sizes could result from both founder events and maladaptation to
novel environments. A failure to adapt under these conditions could
slow or limit range expansion and contribute to the formation of
range limits (Bridle & Vines, 2007; Eckert, Samis, & Lougheed, 2008;
Polechova & Barton, 2015; Polechova, 2018; Sexton, Mcintyre,
Angert, & Rice, 2009). These effects are currently an active area of
theoretical and experimental research (Gilbert et al., 2017; Sziics,
Melbourne, Tuff, Weiss-Lehman, & Hufbauer, 2017; Sziics, Vahsen,
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et al., 2017), but empirical observations of the dynamics of popula-
tion size and its influence on evolution during ongoing range expan-
sions is scant (Ramakrishnan, Musial, & Cruzan, 2010; Wootton &
Pfister, 2015).

Population genetic models predict that deleterious alleles may
become fixed during range expansion due to the strong effects
of genetic drift during colonization (Lehe, Hallatschek, & Peliti,
2012; Peischl, Dupanloup, Kirkpatrick, & Excoffier, 2013; Peischl,
Kirkpatrick, & Excoffier, 2015), ultimately resulting in failure to
adapt (Henry, Bartofi, & Travis, 2015; Polechova, 2018; Polechové
& Barton, 2015). Range expansions are expected to involve a series
of founding events (repeated sampling events) as new populations
establish beyond the current range boundary, resulting in reduced
effective population size (N,) and increased sampling effects as the
range boundary advances (Le Corre & Kremer, 1998; Excoffier, 2004;
Slatkin & Excoffier, 2012). In particular, low N, at the leading edge
can cause random alleles, including deleterious mutations, to “surf”
to high frequency regardless of patterns of selection (Excoffier, Foll,
& Petit, 2009; Excoffier & Ray, 2008; Hallatschek & Nelson, 2010;
Moreau et al., 2011; Peischl et al., 2013; Travis et al., 2007). This can
create an “expansion load” of deleterious alleles at the wave front,
although beneficial mutations can also surf to high frequency and
aid in local adaptation (Peischl et al., 2013, 2015). The effects of
range expansion on adaptation have been empirically observed with
greatest detail in bacterial culture, where manipulative experiments
have shown that the strength of genetic drift is key to determining
whether allele surfing promotes or hinders adaptation (Bosshard et
al., 2017; Gralka et al., 2016; Hallatschek & Nelson, 2010).

Environmental conditions should also shape N, during range
expansion via their impact on population (census) size and demog-
raphy. If leading edge environments are different than those expe-
rienced by source populations, then founding genotypes will not
be preadapted and are likely to experience lower absolute fitness.
Unfavourable conditions and low fitness may lead to lower abun-
dance and/or fluctuations in population size, reducing N, relative to
larger or more stable populations (Crow & Morton, 1955; Frankham,
1996; Kimura & Crow, 1963; Wright, 1938). In a rare empirical exam-
ple, Micheletti and Storfer (2015) found that streamside salaman-
der (Ambystoma barbouri) populations on the periphery of the range
were also on the margins of their climatic niche and tended toward
lower N_. Similarly, peripheral populations of the North American
annual plant Arabidopsis lyrata possess greater genetic load and
appear to exist at their ecological, and perhaps evolutionary limits
(Willi, Fracassetti, Zoller, & Buskirk, 2018). These studies address a
set of long-debated hypotheses proposing that range limits form in
part because they consist of ecologically and/or genetically marginal
populations (Chuang & Peterson, 2016; Kirkpatrick & Barton, 1997;
Phillips, 2012), which lack the capacity to acquire adaptations that
are necessary to support further expansion (i.e., the “central-mar-
ginal”, “centre-periphery” and “abundant centre” hypotheses; (Eckert
et al., 2008; Pironon, Villellas, Morris, Doak, & Garcia, 2015; Sagarin
& Gaines, 2002). Importantly, all of these hypotheses share the pre-
diction that colonization will be associated with reduced response
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to selection for ecological reasons without requiring additional pop-
ulation genetic changes caused by expansion alone. The relative
importance of these two factors (environment and expansion) for
shaping N, at range margins is unknown, but both have the potential
to reduce opportunities for local adaptation.

Although N, has long been used as a fundamental measure of the
scale of genetic drift in populations (Charlesworth, 2009; Kimura,
1964; Kimura & Crow, 1963; Ohta, 1992; Robertson, 1960; Wright,
1931), little is known about how N, changes during the process of
range expansion. Most empirical population-level estimates come
from the field of conservation genetics, where NE is used to infer the
potential for genetic drift to exacerbate the decline of threatened
populations (Frankham, 1996; Lynch, Conery, & Burger, 1995; Sung,
Ackerman, Miller, Doak, & Lynch, 2012). These studies have demon-
strated that N, can be highly variable within species, sensitive to
local demography and modes of reproduction, and poorly predicted
by census size (Frankham, 1995; Palstra & Ruzzante, 2008; Turner,
Wares, & Gold, 2002). For example, in recovering Chinook salmon
(Orcorhynchus tshawytscha) populations, Shrimpton and Heath
(2003) found up to a three-fold difference in both N, and its ratio
with census size across spawning sites. While low N, is generally
expected in declining populations, many of the same demographic
factors are likely to affect N, in founding populations (Allendorf &
Lundquist, 2003; Colautti, Alexander, Dlugosch, Keller, & Sultan,
2017).

Despite the potential obstacle low N, might pose to adaptation,
many species - including large numbers of invaders—have been
successful at colonization and show evidence of adaptive evolu-
tion during range expansion (Colautti & Barrett, 2011; Colautti &
Lau, 2015; Dlugosch & Parker, 2008a, 2008ba,b; Li, She, Zhang,
& Liao, 2015; Linnen, Kingsley, Jensen, & Hoekstra, 2009; Rice &
Mack, 1991; Vandepitte et al., 2014). Additionally, detailed studies
of range expansion have found evidence of serial founding events
and associated increases in genetic drift (Gracid et al., 2013; Peischl
et al., 2018; Pierce et al., 2014; Ramakrishnan et al., 2010; White,
Perkins, Heckel, & Searle, 2013), and it is notable that few invasions
appear to have expanded beyond the fundamental niches of their
native range (Petitpierre et al., 2012; Tingley, Vallinoto, Sequeira, &
Kearney, 2014). Taken together, it appears that adaptive evolution
might be achievable in many invading species, but that perhaps ex-
pansion load and ecological mismatch may act, either independently
or in concert, to prevent expansion in some cases. An understanding
of how founding dynamics and marginal environments shape N, in
individual wave front populations is needed to connect theoretical
expectations to observed patterns of successful range expansion.

Here we estimate contemporary N, for populations of the obli-
gately outcrossing annual plant Centaurea solstitialis (yellow starthis-
tle) across its invasion of California (USA) and its native range in
Eurasia. In California, C. solstitialis was initially introduced in the
mid 19th century into the San Francisco Bay area as a contaminant
of alfalfa seed (DiTomaso, Kyser, & Pitcairn, 2006; Gerlach, 1997).
Colonization by C. solstitialis resulted in a weak genetic bottleneck
thatis characterized by reduced private allele richness but no change
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FIGURE 1 The distribution of rarefied effective population size (N,), climatic principal component (PC) gradients, and population age (in
years) across Centaurea solstitialis populations in Eurasia and California. In all panels, circles indicate sampled populations with a diameter
proportional to N,. PC1 is positively correlated with annual temperature and temperature of the driest quarter and negatively correlated
with seasonal differences in total radiation in the native (a) and invaded (c) ranges. PC2 is positively correlated with seasonal differences in
temperature and negatively correlated with annual precipitation and seasonal differences in precipitation in the native (b) and invaded (d)
ranges. In the California invasion, population age (e) reflects a history of expansion beginning in the San Francisco Bay area and expanding
first to the North and then to the South and East of the state. Abbreviations in (e) correspond to populations in Table S1 [Colour figure can

be viewed at wileyonlinelibrary.com]

in total allelic richness, nucleotide diversity, or observed hetero-
zygosity (Barker, Andonian, Swope, Luster, & Dlugosch, 2017). By
the mid 20th century, the species was rapidly expanding through
California's Central Valley and Sierra Nevada foothill grasslands, and
the current leading edge of this invasion lies above 4,000 m in ele-
vation along the west side of the Sierra Nevada Mountains (Pitcairn,
Schoenig, Yacoub, & Gendron, 2006). In the North American inva-
sion, habitat quality is often linked to the climatic environment, with
warmer and drier habitats frequently supporting the densest C. sol-
stitialis populations (Pitcairn et al., 2006; Swope & Parker, 2010).
During expansion, C. solstitialis has crossed climatic gradients that
are largely independent in direction from the pathway of coloniza-

tion (Figure 1), allowing us to quantify the influence of both climatic

environment and expansion history (time since founding) on esti-
mates of N, across populations.

We used Restriction-site Associated DNA sequencing (RADseq)
to estimate contemporary N in C. solstitialis populations sampled at
a single time point. In addition to testing for the joint influence of
expansion dynamics and climatic conditions on N, in this system, we
explored solutions for general problems associated with using large
genome-wide marker data sets to estimate N,. Linkage disequilib-
rium N, {LD-N,) is a powerful method for inferring contemporary N,
from single time sampled data, and does so by utilizing the frequency
of statistical linkage across loci (Gilbert & Whitlock, 2015; Waples &
Do, 2008). This method requires that loci segregate independently of
each other, and while RADseq is widely used to produce population
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genetic data sets in nonmodel systems (Catchen et al., 2017; Narum,
Buerkle, Davey, Miller, & Hohenlohe, 2013), it is likely to violate this
assumption of independence, resulting in biased calculations of N,.

We used marker resampling and rarefaction approaches to im-
prove inferences of variation in N_ across populations. We tested for
effects of expansion history (time since founding) and habitat quality
(climatic environment) on rarified N, estimates, and compared these
values to those from populations in the native range. We also ex-
plored whether estimates of genetic diversity could predict values
of N, given that nonequilibrium population dynamics may in the
short term decouple contemporary N, from its expected long-term
effects on genetic variation (Alcala, Streit, Goudet, & Vuilleumier,
2013; Epps & Keyghobadi, 2015; Nei, Maruyama, & Chakraborty,
1975; Varvio, Chakraborty, & Nei, 1986). By testing for evidence of
historical and ecological effects on N, our goal is to shed light on the
factors shaping fundamental parameters of evolution during coloni-
zation and range expansion.

2 | MATERIALS AND METHODS

2.1 | Study species

Yellow starthistle (Centaurea solstitialis) is an obligately outcross-
ing, diploid annual plant, native to a broad region of Eurasia. Plants
grow as basal rosettes with a deep taproot, then bolt and produce
up to several hundred flowering heads (capitula), which can collec-
tively produce thousands of small (under 2 mg) seeds per individual
(Graebner, Callaway, & Montesinos, 2012; Hierro, Eren, Villarreal, &
Chiuffo, 2013). Reproduction is by seed only (there is no clonal re-
production), and seeds are either unadorned (outer florets) or have a
small (2 mm) bristle-like pappus that appears to be better adapted for
animal (including human) dispersal than for wind dispersal (Gerlach,
1997; Roche, 1991; Sun & Ritland, 1998). Over 80% of seeds germi-
nate within the first year, and while seeds can remain viable within
the soil for up to 10 years, most natural seed banks appear to be de-
pleted in three years without new input (Benefield, DiTomaso, Kyser,
& Tschohl, 2001; Callihan, Prather, & Northam, 1993; Joley, Maddox,
Supkoff, & Mayfield, 1992).

Seeds of C. solstitialis were introduced to the Americas as a con-
taminant of alfalfa seed (Gerlach, 1997), and have formed dense
invading populations and semi-arid grasslands of North and South
America (DiTomaso et al., 2006). Invading populations are persistent
and difficult to control (Aslan et al., 2009; Matzek & Hill, 2012).
Genotypes from invaded regions have evolved larger seeds, larger
biomass, faster growth rates, shorter time to flowering, and greater
reproductive output than those from the Eurasian native range
(Dlugosch, Cang, et al., 2015; Eriksen, Desronvil, Hierro, & Kesseli,
2012; Widmer, Guermache, Dolgovskaia, & Reznik, 2007). Invading
populations in the Americas achieve densities that are more than an
order of magnitude higher than those in the native range (Andonian
et al., 2011; Uygur, Smith, Uygur, Cristofaro, & Balciunas, 2004).

The first recorded introduction of C. solstitialis in North American
occurred in the San Francisco Bay area of California, USA in 1869
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(Pitcairn et al., 2006). Records indicate a subsequent expansion east-
ward into the Central Valley of California, then southward to San
Diego, northward to southern Oregon, and further east to the Sierra
Nevada mountains where the expansion remains active (DiTomaso
et al., 2006; Gerlach, 1997). There are also additional invading pop-
ulations in the interior Pacific Northwest, but previous genetic work
indicates that these are the product of separate introductions, and
the California invasion is composed of a single expansion of geno-
types originally from western Europe (Barker et al., 2017). Our work
focuses on the California invasion.

Within California, coastal populations (closest to the initial in-
troduction) are composed of smaller plants and reach densities that
are an order of magnitude lower than those in the Central Valley
and Sierra Nevadas (Swope & Parker, 2010; Swope, Satterthwaite,
& Parker, 2017). Seed addition studies indicate that coastal popula-
tions are near carrying capacity despite their lower densities, while
Central Valley and Sierra Nevada populations are seed limited and
have the capacity to achieve higher densities (Swope & Parker, 2010).
Multiple biocontrol agents have been introduced to California, but
have only been effective at controlling population growth in low
density coastal populations, where a small decrease in vital rates
has a large effect on population growth (Swope et al., 2017). In the
Central Valley and Sierra Nevadas, compensatory growth and high
plant densities limit the impact of biocontrol, and density dependent
reproduction in C. solstitialis results in seed production that is inde-
pendent of individual density across sites (Swope & Parker, 2010).

2.2 | Genomicdata

Genome-wide markers for C. solstitialis in this study were sampled
from single nucleotide polymorphisms in double-digest RADseq
(ddRADseq; Peterson, Weber, Kay, Fisher, & Hoekstra, 2012),
previously published by Barker et al. (2017); Dryad https://doi.
org/10.5061/dryad.pf550. All sequences were obtained from C. sol-
stitialis individuals germinated in the laboratory from wild collected
seed. Seeds were sampled in 2008 from maternal plants along a
linear transect in each population, with >1 m separation between
individuals. For each population, we grew at least 14 individuals that
originated from different maternal plants, from a total of 12 invad-
ing populations in California and seven native populations in Europe
(451 individuals total; Table S1). Sampled populations spanned the
extent of the Californian invasion (Figure 1e).

Briefly, sequence data published by Barker et al. (2017) were
generated as follows. Genomic DNA was extracted with a modified
CTAB protocol (Webb & Knapp, 1990) and fragmented using Pst1
and Msel restriction enzymes. Samples were individually barcoded,
cleaned and size selected for fragments between 350 and 650 bp.
Size selected fragments were amplified through 12 PCR cycles and
sequenced on an lllumina HiSeq 2000 or 2,500 platform (lllumina
Inc., San Diego, CA, USA) to generate 100 bp paired-end reads.
Reads were demultiplexed with custom scripts and cleaned with the
package snowHITE 2.0.2 (Dlugosch, Lai, Bonin, Hierro, & Rieseberg,
2013) to remove primer and adapter contaminants. Barcode and
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enzyme recognition sequences were removed from individual reads,
and bases with phred quality scores below 20 were clipped from the
3’ end. Reads were trimmed to a uniform length of 76 base pairs. The
R2 (reverse) reads from the data set were removed due to variable
quality, and all analyses in this study were conducted using R1 (for-
ward) reads only.

We used the denovo_map.pl pipeline in stacks 1.20 (Catchen,
Amores, Hohenlohe, Cresko, & Postlethwait, 2011; Hohenlohe,
Amish, Catchen, Allendorf, & Luikart, 2011) to identify putative al-
leles within individuals, allowing a maximum of two nucleotide poly-
morphisms when merging stacks (-M parameterin sTacks), a maximum
of two alleles per locus (-X), and a minimum coverage depth of five
(-m). A catalogue of loci and single nucleotide polymorphisms (SNPs)
was generated across individuals, allowing two polymorphisms (-n)
between individuals within a stack. The population.pl module in
sTacks was used to calculate the population level nucleotide diversity
(7) (Allendorf, 1986; Nei & Li, 1979). We restricted our analyses to
loci that were sequenced in 80% of individuals within a population
and in 90% of all populations (-r and -p parameters, respectively).

2.3 | EstimatesofN,

We used SNPs identified by stacks to calculate N, for each popula-
tion using a method based on linkage disequilibrium among loci with
a correction for missing data (Waples & Do, 2008) implemented in
the program NeesTiMATOR v.2.01 (Do et al., 2014). This method derives
estimates of N, from the frequency of statistical linkage among loci
and has been shown to be one of the best predictors of N, (here-
after LD—NB) for markers sampled at a single time point (Gilbert &
Whitlock, 2015; Wang, 2016; Waples, 2016). The LD-N, method is
not strongly influenced by the total genetic diversity in the sample
(Charlesworth, 2009; Do et al., 2014), making it particularly well
suited to analyses of invading populations where low genetic di-
versity might arise from founder effects unrelated to the number
of individuals currently reproducing in the population. We used a
minimum allele frequency threshold of 0.05 for including a locus in
the analyses, which was the lowest threshold that did not result in
excessive loss of loci and infinite estimates of N, at some study sites.

The ddRADseq data set consisted of thousands of SNPs across
the genome, 622 of which passed our screening requirements. Some
of these loci were located in the same RAD 76bp sequence, and we
expect that these and many others do not segregate independently
in our data set, either due to physical proximity or the influence of se-
lection on multi-locus allele combinations (C. solstitialis has a genome
size of 850 Mbp, distributed across eight chromosomes [Bancheva &
Greilhuber, 2006; Widmer et al., 2007]). We generated an initial es-
timate of N, using one randomly sampled locus from each sequence
(Table S1). To minimize the likelihood of our estimates including
physically linked loci, we resampled random sets of 20 polymorphic
SNPs from unique sequences to obtain distributions of LD-N, es-
timates for each population. We chose to use 20 loci because this
is typical of previous studies that have estimated LD-N, (England,
Cornuet, Berthier, Tallmon, & Luikart, 2006; Gilbert & Whitlock,

2015; Waples, 2006; Waples & Do, 2008), and it is highly conser-
vative relative to the genome size and number of chromosomes in
C. solstitialis(Bancheva & Greilhuber, 2006; Gaut, Wright, Rizzon,
Dvorak, & Anderson, 2007; Widmer et al.,, 2007). Substantial in-
creases in locus sampling would require a genetic map to ensure loci
were not in physical linkage. Each population was resampled 30,000
times. Sampling distributions were generally lognormal and spanned
at least four orders of magnitude (Figure S1). We therefore used me-
dian values from these distributions for subsequent analyses.

We observed a strong, positive effect of the number of indi-
viduals sampled in each population on median LD-N, (F1‘17 = 9.36,
p =0.007). Unequal sampling has been shown to decrease the accu-
racy of LD-N, estimates (England et al., 2006; Waples, 2006), and
NEESTIMATOR implements a corrective algorithm to address this prob-
lem (Do et al., 2014). To account for persistent sampling effects, we
produced rarefaction curves of median N, estimated by subsampling
different numbers of individuals (10 to the maximum number avail-
able per population) after marker resampling. As above, each marker
resampling consisted of 30,000 N, estimates with 20 loci. Median
estimates did not asymptote at our maximum sampling effort and
increased linearly (see Results). We fit a linear mixed model with
random intercept and slopes implemented in the LMe4 package in R
(Bates, Maechler, Bolker, & Walker, 2015) to obtain population spe-
cific functions which describe the relationships between the number
of individuals sampled in each population and median LD-N, val-
ues. The estimated slope and intercepts for each population were
extracted from the model and used to calculate rarefied N, for each
population at a standard value of 10 individuals (our minimum rar-
efaction size). We explored the relationship between rarified N, and
measures of genome-wide marker variation using nucleotide diver-
sity (#) at variable sites, as calculated in stacks. We used linear regres-
sion to predict # from N, among invading populations, and among
native European populations for comparison.

24 | Effects of expansion history and climate on N,

We tested for an effect of population age since founding on the
rarified N, of invading populations. We estimated the date of
colonization for each population by searching the Jepson Online
Herbarium (http://ucjeps.berkeley.edu/) for records of C. solstitia-
lis in California since its first record in 1869. For each sampling
location, we used the earliest date on record for the county, or
for an adjacent county when the sampling location was closer
to older collection records there. These dates were subtracted
from the year of our seed collections (2008) to produce values
of population age used in subsequent analyses. Using herbaria re-
cords to assign population ages in this manner may not represent
the true population age because of the time between population
founding and the first records of the population. Nevertheless,
C. solstitialis has a relatively well-documented invasion history in
California (858 specimens on record, 577 records with GPS data,
61 records prior to 1930 in the Jepson Herbarium), and our popu-
lation age estimates are in line with historical reconstructions of
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a general pattern of expansion out from initial establishment in
the San Francisco Bay area first to the Central Valley and then to
the North, East, and South (DiTomaso et al., 2006; Gerlach, 1997;
Pitcairn et al., 2006).

We also tested for the influence of the climatic environment on
rarefied N, in both invading and native populations. Increasingly se-
vere droughts reduce fecundity and density in invading C. solstitialis
populations (Sheley & Larson, 1994; Swope & Parker, 2012), implicat-
ing arole for climatic variation in demographic performance. To quan-
tify the climatic gradients that might be most relevant to C. solstitialis
ecology, we used principal component (PC) axes of climatic variation
across C. solstitialis collection sites in North America and Europe, as
previously identified by Dlugosch, Cang, et al. (2015) (Figure $1). This
PCA was performed on CliMond variables at 18.5 x 18.5 km resolu-
tion (Kriticos et al., 2012), extracted from a spatially thinned set of
occurrence records from western North America (185 records) and
Eurasia (372 records). CliMond data were chosen for this analysis be-
cause they are available worldwide, and include variables that vary
strongly across the range of C. solstitialis (particularly solar radiation
[Dlugosch, Cang, et al., 2015]). The full CliMond data set (35 vari-
ables) included many strongly correlated climatic variables across the
range of C. solstitialis, and these were reduced to seven representa-
tive variables (Figure $1). The first two PC axes explained over 72%
of variation in these variables (Dlugosch, Cang, et al., 2015). Larger
values along the first PC climate axis (PC1) generally indicate sites
with higher temperatures and lower seasonality in total solar ra-
diation. Larger PC2 values indicate lower annual precipitation and
greater seasonality in temperature. Greater seasonal variation in
temperature has been shown to be related to ecologically important

traits (plant size and drought tolerance) in C. solstitialis in both the
native and invaded ranges (Dlugosch, Cang, et al., 2015).

To quantify the contributions of both population age and climatic
environment to variation in rarified N, for the invaded range, we
used a general linear model with N, as the dependent variable and
population age, climate PC1, climate PC2, and their interactions as
explanatory variables. We constructed a separate model of rarified
N, in native range populations using only PC1 and PC2 as explani-
tory variables, since no information about population age is available
for the native range. We used model decomposition and F-scores
to identify the best fit model. To explore the relative effect of each
variable and their interactions on Ne, effect sizes were calculated as
partial eta-squared values, which partition the total variance in a de-
pendent variable among all independent variables (analogous to R?
in multiple regression), using the best fit linear model with the func-
tion “eTasq” in the R package “nepLors” version 1.3-1 (Fox, Friendly,
& Monette, 2008). Partial-eta squared values are standardized for
differences in scale of the independent variables. We also tested for
an overall difference in the rarified N, of invading and native popula-
tions using a Wilcoxon signed-rank test and a Monte Carlo exact test
implemented with the “coiN” package in R (Hothorn, Hornik, Wiel, &
Zeileis, 2006). All statistical analyses were conducted in R version
3.4.1 (R Development Core Team, 2017).

3 | RESULTS

Estimates of LD-N, varied widely depending on which set of 20 loci

were subsampled (Figure 52). Distributions of subsampled LD-N,
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estimates spanned at least four orders of magnitude within each
population. Distributions peaked strongly around median estimates
(Figure S2). Median estimates of LD-N, prior to rarefaction varied
from 19.5 to 38.5 across the California invasion (Table $1). In gen-
eral, estimates were higher in central and northern California and
decreased to the East and South (Figure 1). In native populations,
median N, estimates ranged from 16.2 to 42.7, with three popula-
tions with lowest LD-N, located on the western side of the range
in Spain (Figure 1). Median estimates were consistently lower than
estimates based on all sequences, and differed in rank order among
populations (Table S1).

We found a strong association between median LD-N, and the
number of individuals sampled across our populations (rQﬁm =0.32,
Fy47 = 9.36, p = 0.007). Rarefaction sampling produced positive
relationships between LD-N, and the number of individuals re-
sampled within each population (Figure 2). Slopes in the linear
mixed model ranged from ~0.11 to 1.19. Importantly, rarefaction
removed the significant effect of sampling effort on N, values (rar-
efied N, vs. total sample size; rzam =012, F ,; =347, p = 0.08).
Rarefaction fits predicted a consistent rank order of LD-N, among
populations, where differences among populations were the
smallest in magnitude at our minimum sampling of 10 individuals
(Figure S3). Therefore, we expect our rarified N, estimates to be
conservative for tests of relationships between N, and explana-
tory variables.

Both climate and population age predicted rarified N, in invad-
ing populations. The best fit linear model (Full model: rzEdJ =046,
F(4,8) =4.09, p = 0.0493) included significant, additive effects of pop-
ulation age and PC2 (Figure 3; Table 1). Population age and PC2 were
both positively correlated with rarified N, values, indicating that N,
is largest in older populations and habitats with more temperature
seasonality and lower precipitation. Age and PC2 were not signifi-
cantly correlated (Fuc =2.42,p=0.15), and the model did not violate
linear model assumptions of normality with no autocorrelation in the
residuals (Figure 54). PC2 had a greater influence on rarified N, val-
ues than age, based on its larger standardized effect size (Table 1),
although this difference was small. In contrast, rarified N, of native
range populations was not predicted by either climatic PC variable
(Full model: rzam =0.2314, F,; = 1.90, p = 0.23; Interactions: PC1:
p=0.13,PC2:p=0.20).

Invading populations included a narrower range of rarified N, val-
ues, nested within the distribution observed for native populations
(Figure S5), and there was no significant difference between rarified
N, values in the native and invaded ranges (Wilcoxon signed rank
test: W = 43, p = 0.97; Monte-Carlo one-way exact test: p = 0.93).
Nucleotide diversity (r) also did not differ between the native and
invaded ranges (r2adJ = -0.04, Fy,q
to15= -1.5, p = 0.15). There was no significant relationship between
zand N, ininvading populations (r2am =-0.037,F 10=0.59,p = 0.46)
and there was a positive, marginally significant relationship between
=043, Fy 5 = 545, p = 0.067),
despite a smaller number of sampled populations from this range
(Figure S6).

= 0.78, p = 0.55; region term:
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FIGURE 3 Rarefied N, values are predicted by the second
principal component (PC2) of climatic variability (a) and population
age (b) in invading Centaurea solstitialis populations. Rarefied N, is
positively correlated with PC2, for which larger values represent
lower annual precipitation and greater seasonality in temperature
(p =0.011), and with population age (p = 0.037). Lines show linear
model fits and shading indicates the 95% confidence interval.
Points represent partial residuals after accounting for other
variables in the linear model [Colour figure can be viewed at
wileyonlinelibrary.com]

4 | DISCUSSION

Here we report empirical evidence for the joint effects of both range
expansion and climatic environment on contemporary N, in natural
populations. We produced rarified estimates of LD-N, across 12 pop-
ulations in the invaded range of C. solstitialis and found a significant
positive relationship between population age and N, a result in line
with theoretical expectations for the population genetics of expanding
populations (Excoffier et al., 2009; Excoffier & Ray, 2008; Hallatschek,
Hersen, Ramanathan, & Nelson, 2007; Lehe et al., 2012; Moreau et al.,
2011; Peischl et al., 2013; Peischl et al., 2015). We also found evidence
that spatial variation in climatic conditions had a significantimpact on
N, which was independent of population age. The effects of range ex-
pansion and climate were similar in magnitude in our study system,
suggesting that both of these factors have been important for shaping
evolutionary outcomes in invading populations, though their relative
impact should be expected to vary across different scales of time and
environment (e.g., the effect of age over time may diminish or the ef-
fect of climate may vary over both space and time) (Excoffier & Ray,
2008; Gilbert et al., 2017; Wegmann, Currat, & Excoffier, 2006).
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TABLE 1 Individual effects for the best fit linear model
explaining rarefied effective population size (N,) in invading
populations of Centaurea solstitialis, as a function of climatic
principal component variables (PC1, PC2) and population age (Age)

Invaded range

populations

_— Standard t- Effect
Effect Coefficient error value  p-value size
PCA1 1.4503 0.4831 -0.66 0.5278 0.0516
PCA2 -0.3187 0.4376 2.50 0.0106 0.5786
Age 0.0288 0.0115 3.31 0.0369 0.4387

We emphasize that our rarified LD-N, values do not reflect a “true”
N, value for the populations in our study. Rather, rarified estimates here
represent relative values of N, and are useful for comparisons among
populations. We expect asymptotic LD-N, values for these popula-
tions to be larger, because we observed no asymptote with rarefac-
tion for any of the populations in our study. However, our maximum
estimates are similar to values reported in other plant and animal spe-
cies using the same approach (Alvarez, Lourenco, Oro, & Velo-Antén,
2015; Coyer, Hoarau, Sjatun, & Olsen, 2008; Shrimpton & Heath, 2003;
Wang, Huang, & Long, 2013). We note the LD-N, estimation method
itself also has a tendency to underestimate known values of N, in simu-
lations (Gilbert & Whitlock, 2015), such that the true number of breed-
ing individuals is likely higher than an asymptotic estimate.

Our resampling revealed that N, estimates in C. solstitialis vary
by at least four orders of magnitude when different sets of loci are
used. This variation is expected given that particular sets of loci will
capture different effects of physical linkage, history of selection, and
chance sampling effects (Daly, Rioux, Schaffner, Hudson, & Lander,
2001; Flint-Garcia, Thornsberry, & Buckler, 2003; Remington et al.,
2001). Resampling allowed us to leverage many combinations of loci
across the genome to identify a well defined peak in the distribution
of N, estimates. A resampling approach is likely to be generally useful
for RAD-seq and other popular methods used to generate genome-
wide marker data sets, particularly where a complete reference ge-
nome is not available to determine the physical arrangement of loci.

After accounting for population and marker sampling, we found a
significant effect of population age on differences in N, across invading
populations. Rarefied N, estimates were lower in younger populations,
which fits with expectations that a subset of individuals will contribute
to range expansion (Excoffier & Ray, 2008) and that genetic drift will be
larger at the leading edge (Lehe et al., 2012; Peischl et al., 2013, 2015).
Estimates of contemporary N, from C. solstitialis invading populations
were within the distribution that we observed among native popula-
tions, which suggests that this species did not experience a large initial
genetic bottleneck during its introduction to California, nor exception-
ally low N, during range expansion (relative to values observed in native
populations). This lack of evidence for a strong genetic bottleneck is in
line with models of historical demography by Barker et al. (2017), who
inferred little reduction in N, and the maintenance of genetic diver-
sity during the colonization of the Americas by C. solstitialis. In general,
introduced species often lack strong genetic bottlenecks (Dlugosch,
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Anderson, Braasch, Cang, & Gillette, 2015; Dlugosch & Parker, 2008a,
2008ba,b; Uller & Leimu, 2011), and our results demonstrate that spe-
cies which avoid genetic bottlenecks at introduction may still expe-
rience significant declines in N, during range expansion. Importantly,
invading populations of C. solstitialis in California are an order of mag-
nitude higher in density than native populations (Andonian et al., 2011;
Uygur et al., 2004), indicating that the fraction of the census popula-
tion that is contributing to the evolutionary effective population in the
invasion is much lower than in the native range.

We also observed an independent positive relationship between
climatic PC2 and N, of invading C. solstitialis populations, consistent
with an impact of habitat suitability on N_. High PC2 values reflect
greater variation in seasonal temperatures and lower total annual pre-
cipitation, which typify areas of especially high C. solstitialis density in
California (Dlugosch, Cang, et al., 2015). Previous studies in this sys-
tem have proposed that C. solstitialis success stems from a lack of ef-
fective competitors in more drought prone habitats (Dlugosch, Cang,
et al., 2015), due in part to the extensive conversion of these habitats
to rangeland (Menke, 1989; Stromberg & Griffin, 1996). Other studies
within the California invasion, however, have found that water avail-
ability (both naturally occurring and experimentally manipulated) is
strongly and positively correlated with C. solstitialis density and fecun-
dity (Enloe, DiTomaso, Orloff, & Drake, 2004; Eskelinen & Harrison,
2014; Hulvey & Zavaleta, 2012; Morghan & Rice, 2006), suggesting
that fitness should be highest in wetter areas. Our results are most
consistent with the landscape pattern of abundant C. solstitialis in
drier areas, and might therefore reflect differences in human land use
and the availability of native competitors across the invaded range. An
underlying relationship between N, and land use in the invasion could
also explain why we did not find the same relationship with climate
in the native range. Alternatively, native populations are more likely
to be locally adapted, which could disrupt any relationships between
climatic patterns, habitat quality, and N,, particularly at the large geo-
graphic scale of our sampling in the native range.

Differences in rarified N, among invading populations were not pre-
dicted by nucleotide diversity (x). Nonequilibrium populations such as
the invasions here are unlikely to have had sufficient time to reach equi-
librium diversity at a given N, and will also have been changing in size
over time (Alcala et al., 2013; Epps & Keyghobadi, 2015; Nei et al., 1975).
Notably, we did find a marginally significant positive relationship be-
tween xand N, in native range populations (despite a smaller population
sample size), which have had more time to stabilize in population size
and reach mutation-drift equilibrium. Moreover, rare alleles contribute
important equilibrium genetic variation (Luikart, Allendorf, Cornuet, &
Sherwin, 1998) and native C. solstitialis populations have been previously
shown to harbour more rare alleles than invading populations in North
America (Barker et al,, 2017). There is also a tendency for RAD-seq to
underestimate = in more diverse genomes (Arnold, Corbett-Detig, Hartl,
& Bomblies, 2013; Cariou, Duret, & Charlat, 2016), although given the
loss of rare alleles from invading populations, we might expect this to
affect native populations more strongly than invading populations.

Our results support the prediction that both range expansion and
habitat quality can increase the genetic drift experienced by leading
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edge populations. There is particular interest in whether these effects
can hinder adaptation, slow further colonization, and establish static
range boundaries (Birzu, Hallatschek, & Korolev, 2018; Bosshard et
al., 2017; Lehe et al., 2012; Marculis, Lui, & Lewis, 2017; Peischl et
al.,, 2013, 2015). Recent studies have demonstrated a link between
differences in historical values of N, and differences in the efficacy
of selection across species (Jensen & Bachtrog, 2011; Slotte, Foxe,
Hazzouri, & Wright, 2010; Strasburg et al., 2011), and both theoreti-
caland experimental studies of bacteria have shown that the process
of range expansion can reduce contemporary N, and impose limits to
adaptation and further colonization at the expansion front (Gralka et
al,, 2016; Hallatschek & Nelson, 2010; Lehe et al., 2012; Peischl et al.,
2013, 2015). Natural populations of Arabidopsis Iyrata demonstrate
some of these effects, with greater genetic load in range edge pop-
ulations associated with a lack of adaptation along an environmental
cline (Willi et al., 2018). Limits to range expansion are expected to be
sensitive to the specifics of evolutionary parameters in natural popu-
lations, including the magnitudes of N, and selection, the amount and
scale of gene flow across the expansion, and the genetic architec-
ture of adaptive variation (Gralka et al., 2016; Hallatschek & Nelson,
2010; Lehe etal., 2012; Peischl et al., 2013, 2015).

The expansion ecology of C. solstitialis in California does not
support the existence of maladapted edge populations. Populations
of C. solstitialis close to the range edge can achieve higher densities
than older, more interior populations (Swope et al., 2017), which runs
counter to expectations of high genetic load. Additionally, evolution
of increased growth and earlier flowering appears to be enhancing
the invasiveness of C. solstitialis (Dlugosch, Cang, et al., 2015), sug-
gesting that reduced N, at the range edge has not created a barrier
to adaptation and further expansion. Additional studies are needed
to test for quantitative connections between expansion dynamics
and the role of adaptation in this system, including detailed analyses
of dispersal patterns (including biased dispersal of particular pheno-
types; Shine, Brown, & Phillips, 2011), trait and fitness differences,
and demographic performance across populations. The availability
of adaptive variation and the degree to which this is a limiting factor
in species invasions is an active area of debate (Bock et al., 2015;
Ellstrand & Schierenbeck, 2000; Rius & Darling, 2014), and should
be particularly relevant to the colonization of habitats requiring sig-
nificant niche evolution. The results reported here emphasize that an
understanding of the evolutionary mechanisms that generate bound-
aries to range expansion in natural populations will require evaluating
evidence not only for the availability of adaptive variation (Dlugosch,
Cang, et al., 2015), but also for an effective response to selection.
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