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Abstract  19 

Increasing anthropogenic demands for freshwater have altered many aquatic systems, including the drying of 20 

formerly perennial streams. The discharge of treated effluent has returned perennial flow in some of these streams, 21 

especially in arid and semi-arid regions, but the ability of treated effluent to support diverse aquatic communities is 22 

poorly understood. We examined the potential of treated effluent to create aquatic invertebrate habitat using the 23 

effluent-dependent Santa Cruz River in southern Arizona, USA as a case study. We identified 92 invertebrate taxa 24 

across our 10 sampling sites and 2 sampling dates. Community composition was primarily shaped by water quality 25 

but also by stream drying (on daily time scales) and benthic substrate. Specifically, Linear Mixed-Effects models 26 

revealed a strong positive relationship between dissolved oxygen and taxonomic richness and a strong negative 27 

relationship between stream drying and invertebrate density. Although there are unique challenges to biota in 28 

effluent-dependent systems, our results suggest that treated wastewater could be managed to augment or recreate 29 

aquatic habitats that have been otherwise diminished or lost.  30 
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Introduction 34 

 As anthropogenic demand for freshwater continues to grow, alterations to natural lotic ecosystems will 35 

become more severe and environmental consequences more pronounced (Bischel et al., 2013; de Graff et al., 2019). 36 

However, there are artificial sources of water that can support these important habitats. The discharge of treated 37 

effluent into stream systems is a common practice across the globe (Tchobanoglous et al., 2003) and has created or 38 

augmented baseflow in many streams in arid and semi-arid regions (Brooks et al., 2006; Bischel et al., 2013; Luthy 39 

et al., 2015). However, the extent to which the physical and chemical properties of treated effluent can support 40 

aquatic communities is not well understood. 41 

Previous research on water quality in effluent-fed streams has identified many challenges to ecological 42 

communities (Hamdhani et al. 2020). For example, nutrient loading from wastewater treatment plants can lead to 43 

toxic levels of ammonia (Monda et al., 1995; Aristi et al., 2015) and is a common cause of eutrophication (Martí et 44 

al., 2009; Bischel et al., 2013). In turn, eutrophication reduces dissolved oxygen and may affect aquatic communities 45 

more strongly than nonpoint sources of pollution (Carey & Migliaccio 2009). Effluent discharge also can alter 46 

thermal regimes by increasing stream temperatures (Kinouchi et al., 2007; Plumlee et al., 2012), which could 47 

extirpate thermally sensitive taxa and result in decreased levels of dissolved oxygen.  48 

In addition to these water quality issues, effluent inputs can change the natural flow regime (e.g. 49 

magnitude, frequency, and timing of flows) of a system (Bischel et al., 2013). Specifically, effluent discharge 50 

volume follows a cyclic pattern based on daily water use, which can result in artificial, diurnal pulses (Chesner & 51 

Pai, 1981; Butler & Graham, 1995; Enfinger & Stevens, 2006). However, it is not currently known how these 52 

impacts might translate to aquatic ecosystems. In streams that depend entirely on effluent for baseflow, diurnal 53 

discharge fluctuations can result in daily drying events in reaches downstream of wastewater treatment plants; such 54 

drying is likely to affect aquatic biodiversity in those reaches (Datry, 2012; Datry et al., 2014). 55 

 Without knowledge of the potential ecological benefits of discharging effluent into streams, water 56 

managers may choose one of many competing uses, resulting in reductions or elimination of “environmental” flows 57 

from effluent (Brooks et al., 2006; Bischel et al., 2013). Treated effluent is not only discharged into streams, but also 58 

has a wide variety of uses including agricultural irrigation and industrial cooling (Plumlee et al., 2012). As a result, 59 

there is a need to assess the biological and ecological value of effluent-dependent streams and to develop biological 60 

monitoring criteria for these unique systems (Boyle & Fraleigh, 2003).  61 
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In this case study, we examined aquatic invertebrate communities, and how they vary with water quality 62 

and flow conditions, in the effluent-dependent Santa Cruz River in southern Arizona, USA. Historically, portions of 63 

the Santa Cruz River had naturally perennial flow, but they became ephemeral in the 1930s due to diversions and 64 

extensive groundwater pumping (Logan, 2002). Discharge from wastewater treatment plants has provided a new 65 

source of perennial flow in two reaches of the river near the city of Tucson (Johnson et al., 2015). Our research aim 66 

was to identify the primary factors shaping aquatic invertebrate community structure in these effluent-dependent 67 

reaches to better understand the ability of effluent systems to support biota. We expected that richness, density, and 68 

composition of invertebrate communities would be driven by a combination of water quality and flow intermittence 69 

unique to effluent systems. Specifically, we hypothesized that taxonomic richness, invertebrate density, and relative 70 

abundances of sensitive taxa would be positively correlated with dissolved oxygen and negatively correlated with 71 

ammonia concentrations and stream drying. We also hypothesized that the relative abundances of tolerant taxa 72 

would be positively correlated with ammonia concentrations, and stream drying, and negatively correlated with 73 

dissolved oxygen levels. As effluent-dependent streams become more common globally (Bischel et al., 2013), there 74 

is a need to understand their potential management as anthropogenic aquatic habitat.  75 

 76 

Materials and Methods 77 

Site description 78 

 The Santa Cruz River Basin comprises 22,000 km2 of southern Arizona, USA and northern Sonora, Mexico 79 

(Webb et al., 2014). The climate of the basin is characterized by hot summers (mean July temperature ± SD: 30 ± 80 

1.0°C) and moderately cool winters (mean January temperature ± SD: 11 ± 1.6°C). The annual mean precipitation 81 

for this region is low (~300 mm), and rainfall is bimodal: August and December are the wettest (mean ± SD: 54 ± 82 

35.2 mm and 24 ± 26.3 mm, respectively), and May and June are the driest (mean ± SD: 4 ± 6.3 mm and 6 ± 9.6 83 

mm, respectively) (data time range: 1948–2018, provided by NOAA NCDC Climate Data Online 84 

[http://ncdc.noaa.gov/]).  85 

 The present-day lower Santa Cruz River is now ephemeral, with groundwater levels approximately 80 m 86 

below the streambed (Carlson et al., 2011). However, perennial surface flow occurs at two reaches that are 87 

supported by effluent (Fig. 1). The shorter of the two perennial study reaches (~5 km long) is supported by the Agua 88 

Nueva Water Reclamation Facility (WRF), which was constructed in 1951, upgraded in 2013, and discharges ~30 89 
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million liters of effluent into the river each day (Sonoran Institute, 2017). The larger of the two reaches (~30 km 90 

long) is supported by the Tres Ríos WRF, which was built in 1978, upgraded in 2013, and discharges ~115 million 91 

liters of effluent into the river each day (Sonoran Institute, 2017). Since 2014, both WRFs have discharged high 92 

quality, tertiary-treated (as opposed to primary or secondary) effluent into the river (Dong et al., 2015; Johnson et 93 

al., 2015). Discharge from these WRFs exhibits strong diurnal fluctuations due to changes in water usage within the 94 

service area. As a result, flows increase and decrease two-fold within a typical 24-hour period (Fig. 2). In addition to 95 

flow from the WRFs, both study reaches experience seasonal floods, which can surpass 280 m3/s, from precipitation 96 

runoff. Multiple large floods can occur during the summer monsoon season (July–September), but heavy winter 97 

rains (December–March) may also cause flooding (Fig. 2). Our two study reaches are separated by ~1.5 km of 98 

ephemeral channel and are only connected during floods. Stream depth in these reaches typically varies from 0.1 to 99 

1 m and width from 4 to 10 m; dominant substrates include sand, gravel, and cobble.    100 

 101 

Data collection 102 

 We measured basic water quality and substrate parameters and collected aquatic invertebrates from 10 sites 103 

along the two effluent-dependent reaches of the lower Santa Cruz River (Fig. 1). We sampled in two different 104 

months: December 2017 and April 2018. Sampling events occurred at least 44 days after high-flow events (>2.5 105 

m3/s) to reduce confounding influences from flood disturbances. Sampling sites were spaced an average of 3.89 km 106 

(±1.12 SD) apart and occurred where public land access allowed. While most sampling sites have perennial flow, 107 

our downstream-most sites in the Tres Ríos reach experience intermittent flow during dry or warm seasons (Fig. 1). 108 

We sampled all sites during the “low-flow” portion of each sampling date, as determined by the timing of the lowest 109 

effluent discharge volume from the WRFs. 110 

  We measured the following water quality parameters at each site: dissolved oxygen (DO) (mg/L) (Apera 111 

Instruments AI480 DO850 probe), pH, temperature (°C), total dissolved solids (TDS) (mg/L), conductivity (μS/cm) 112 

(Apera Instruments SX823-B multiprobe), salinity (ppt) (Apera Instruments Salt20 meter), and ammonia (NH3 113 

mg/L), nitrate (NO3 mg/L), and phosphate (PO4 mg/L) measured in triplicate (YSI 9300 Photometer). At each site, 114 

we also sampled invertebrates along a 150 m reach following the reach-wide benthic sampling protocol (Ode et al., 115 

2016). Briefly, this method creates a composite sample from 11 kicks (0.09 m2 each, using 500 μm D-net) in various 116 

habitats (e.g. riffles, runs, pools) in proportion to their occurrence across the 150 m reach, for a total area sampled of 117 
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1.08 m2 per site reach. We made visual estimates of substrate size and composition (e.g. silt, sand, gravel, pebble, 118 

cobble) in each area sampled. We also collected edge samples using 500 μm D-nets. Edge samples were a composite 119 

of five sweeps (covering ~0.33 m2 each) through submerged vegetation along the banks; the five sweeps were 120 

spaced roughly equally along the 150 m reach. Edge samples were qualitative in nature and were used to detect taxa 121 

that may have been missed in the reach-wide benthic samples. For richness analyses, we combined taxa lists from 122 

edge and benthic samples to determine total taxonomic richness for each reach. We preserved all samples in 95% 123 

ethanol and enumerated and identified individuals to the most practical taxonomic level, which was usually genus 124 

for insects and family or order for non-insects. Numerous keys were used for these identifications including 125 

Hungerford, 1948; Cook, 1974; Merritt et al., 2008; Westfall & May, 1996; Larson et al., 2000; Needham et al., 126 

2000; Thorp & Covich 2009; and Andersen et al., 2013, among others.  127 

Finally, we used a combination of data from two US Geological Survey (USGS) stream gages (09486500 128 

and 09486520, 15 min resolution) combined with time-lapse photography of staff gages (using trail cameras, 30 min 129 

resolution) to quantify drying regimes. Staff gages and trail cameras were placed at all sites along the Tres Ríos 130 

reach that did not have USGS gages. We ground-truthed gages to ensure zero discharge was accurate. Preliminary 131 

observations showed that the sites furthest from the Tres Ríos WRF experienced repeated drying, which might 132 

influence invertebrate communities. Although the downstream-most portion of the Agua Nueva reach experienced 133 

flow intermittence, our two sites on this reach were perennial.  134 

 135 

Data analysis  136 

 We quantified the total richness and density of aquatic invertebrates at each reach, as well as relative 137 

abundances of individual taxa and of two broad categories of taxa: (1) Gastropods, Oligochaeta, and Diptera 138 

(GOLD), which include many tolerant species, and (2) Ephemeroptera, Plecoptera, and Trichoptera (EPT), which 139 

are generally sensitive (Mandaville, 2002; Buffagni, et al., 2006; Chang et al., 2014). For each sampling date, we 140 

used linear regression to examine longitudinal changes with increasing distance from WRFs in these taxa, as well as 141 

in water quality parameters, including dissolved oxygen, temperature, pH, TDS, conductivity, and concentrations of 142 

ammonia, nitrate, and phosphate. Significance of linear regression was determined by alpha = 0.05. To test our 143 

hypotheses, we used Linear Mixed-Effects (LME) models to determine if six invertebrate metrics (total taxonomic 144 

richness, density, and relative abundances of GOLD, Ephemeroptera, Trichoptera, and combined EPT) could be 145 
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predicted by two abiotic variables: dissolved oxygen and number of hours that the reach was dry in the week before 146 

sampling. To account for potential confounding influence of benthic substrate composition (Williams & Mundie, 147 

1978; Quinn & Hickey, 1990), we also included proportion of fine sediment (silt and sand combined) as a third 148 

predictor in our models. Although we measured additional abiotic variables, overfitting concerns with our small 149 

sample size (n=19) prevented us from using all variables as potential predictors in the models—we chose these three 150 

abiotic variables based on their known importance in shaping aquatic invertebrate communities.  151 

LME models were run in the statistical program R (version 3.5.1: R Core Team, 2019) with the package 152 

‘nlme’ (Linear and Nonlinear Mixed Effects Models, version 3.1: Pinheiro et al., 2019) (Pinheiro & Bates, 2000). 153 

Relative abundances of GOLD, Ephemeroptera, Trichoptera, and combined EPT were logit transformed as was fine 154 

sediment composition to improve normality. Each of the six invertebrate metrics was then modeled using dissolved 155 

oxygen concentration (DO), hours dry in the week before sampling (Drying), and logit transformed % fine sediment 156 

(Fine Sediment) as predictors with sampling site (Site) as a random factor: [invertebrate metric] ~ DO + Drying + 157 

Fine Sediment, random = Site. Using the ‘dredge’ function within R package ‘MuMIn’ (Multi-Model Inference, 158 

version 1.43: Bartón, 2019), we used Akaike information criterion corrected for small sample size (AICc) to identify 159 

and rank the best model(s) to explain each invertebrate metric (Anderson & Burnham, 2002; Burnham & Anderson, 160 

2004). An estimation of variance explained by each model was reported using pseudo, conditional R2 values, 161 

hereafter referred to as pseudo R2 (Nakagawa & Schiezelzeth, 2013; Nakagawa et al., 2017). Pseudo R2 values were 162 

obtained by using the ‘rsquared’ function within R package ‘piecewiseSEM’ (Piecewise Structural Equation 163 

Modeling, version 2.1: Lefcheck & Freckleton, 2016).  164 

Variation in community composition across the 10 sites and 2 sampling dates was visualized with non-165 

metric multidimensional scaling (NMDS) in PC-ORD version 5.0 (McCune & Mefford, 1999), with Bray-Curtis 166 

distance as the measure of community dissimilarity. Prior to NMDS analyses, we square-root transformed taxon 167 

abundances to reduce the influence of highly abundant taxa and removed taxa that only occurred in a single sample 168 

unit (McCune & Grace, 2002). Relationships between measured environmental variables and NMDS axes were 169 

assessed using Pearson’s correlation coefficients. We also assessed Pearson’s correlation coefficients between taxon 170 

abundances and NMDS axis values to describe the gradients in community composition visualized by the 171 

ordination. Finally, we tested for differences in community composition between the two sampling dates using 172 

multi-response permutation procedure (MRPP: Mielke & Berry, 2001). 173 
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 174 

Results 175 

Environmental variables 176 

 In both the Agua Nueva and Tres Ríos reaches, water temperature was warm on both sampling dates (18–177 

28°C), with temperatures at sites further from the WRFs usually higher in April and lower in December (Table 1). 178 

Dissolved oxygen was more variable in April (4.3–10.8 mg/L) than December (6.7–9.0 mg/L) but was often lowest 179 

near the effluent outfalls. The pH (7.6–8.8) was slightly basic and was consistently lowest near the WRFs regardless 180 

of sampling date. No clear longitudinal trends were apparent with TDS, conductivity, nitrate, or phosphate (Table 1), 181 

and salinity varied little among sites (range: 5 to 6 ppt). The only significant longitudinal model for water quality 182 

was for ammonia, which decreased with distance from effluent outfall in the Tres Ríos reach in December (R2 = 183 

0.59, p = 0.026). Finally, benthic substrate varied among sampling sites. Fine substrate composition (silt and sand) 184 

ranged from 30–50% in the Agua Nueva reach and from 10–70% in the Tres Ríos reach. Sites 2, 3, and 9 had ≥50% 185 

fine substrate. The greatest proportion of cobble substrate occurred at sites 5 and 6 and ranged from 20–40%.  186 

USGS gage records showed that baseflow in the Tres Ríos reach fluctuated daily from 0.7 to 1.6 m3/s near 187 

the outfall and from 0 to 0.6 m3/s 27 km downstream (Figs. 2, 3). As a result of daily fluctuations in discharge from 188 

the Tres Ríos WRF, the three farthest downstream sites were seasonally intermittent. Our time-lapse photography 189 

revealed that these three sites experienced drying events in the week prior to both December and April sampling. 190 

Drying (hours/day) was more severe in April than December, and was highest at the downstream-most site, 30 km 191 

from the Tres Ríos WRF (Fig. 4). Drying across these three intermittent sites ranged from a mean of 1.0 (± 0.9 SD) 192 

hour/day in December to a mean of 9.3 (± 6.3 SD) hours/day in April, with the downstream-most site drying for 193 

17.0 hours/day. Extended dry periods at the downstream-most site prevented us from measuring water quality or 194 

sampling aquatic invertebrates at that site in April.  195 

 196 

Invertebrate density and richness 197 

 In the longer Tres Ríos reach (sites 3–10), the lowest invertebrate densities for both sampling dates 198 

occurred at sites that experienced drying prior to sampling (Fig. 5a). No clear longitudinal trends were seen with 199 

densities in the Tres Ríos reach. At the two sites in the Agua Nueva WRF reach, densities were higher near the 200 
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outfall. The LME model indicated that density was negatively related to DO, drying, and the proportion of fine 201 

sediment across our sites (pseudo R2 = 0.68, weight = 1.000) (Table 2). 202 

In both reaches, taxonomic richness was lowest at the sites closest to the WRF outfall, regardless of season 203 

(Fig. 5b). The highest richness observed overall (43 taxa) was at our farthest downstream site (30 km from Tres Ríos 204 

WRF) in December. The highest richness in April (38 taxa) was observed at 19 km, our farthest downstream site 205 

without flow intermittence (Fig. 5b). In the Agua Nueva reach, site richness values (25–34 taxa) were within the 206 

range of those found in the longer Tres Ríos reach. AICc selection revealed two models explaining taxonomic 207 

richness with AICc ∆<2. In the highest performing model (pseudo R2 = 0.78, weight = 0.650) dissolved oxygen was 208 

positively related to richness, and in the second model (pseudo R2 = 0.80, weight = 0.350) a positive relation to 209 

dissolved oxygen was selected again as well as a negative relationship with fine sediment composition (Table 2).  210 

 211 

Invertebrate community composition  212 

Eighty-seven invertebrate taxa were identified from the longer Tres Ríos reach, and 50 taxa were found in 213 

the shorter Agua Nueva reach (see Appendix 1). The most diverse orders were Diptera (41 taxa), Coleoptera (16 214 

taxa), and Odonata (13 taxa). Chironomidae was the most diverse family with a total of 23 taxa. EPT taxa included 215 

the mayflies Callibaetis, Camelobaetidius, and Fallceon, and the caddisflies Helicopsyche, Hydroptila, 216 

Nectopsyche, Protoptila, and Smicridea; no stoneflies were found. All eight EPT taxa were observed in the Tres 217 

Ríos reach, but only Callibaetis, Fallceon, and Hydroptila were found in the shorter Agua Nueva reach. Across all 218 

sites and dates, the dominant taxa by relative abundances were Polypedilum, Chironomidae (29%), Fallceon, 219 

Baetidae (18%), Rheotanytarsus, Chironomidae (12%), and Simulium, Simuliidae (8%).  220 

The combined relative abundances of EPT taxa varied from 2% to 67% across all samples, and values were 221 

generally lower in the Agua Nueva reach than in the longer Tres Ríos reach (Fig. 6c). With rankings by AICc ∆<2, 222 

our EPT relative abundance model was positively correlated with dissolved oxygen (pseudo R2 = 0.22, weight = 223 

0.365), however the intercept performed best (weight = 0.635) suggesting that our measured environmental 224 

parameters included in the model were not strongly influential (Table 2). The relative abundance of Trichoptera 225 

varied between sampling dates, with an average of 15% (± 22% SD) in December and 4% (± 5% SD) in April. This 226 

relative abundance displayed a unimodal trend in December peaking at ~10 km downstream from the outfall (Fig. 227 

6b). In our Trichoptera model rankings, relative abundance was negatively correlated with fine sediment (pseudo R2 228 
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= 0.45, weight = 0.495), but the intercept performed best (weight = 0.505) indicating our model predictors were not 229 

strongly influential (Table 2). Relative abundances of Ephemeroptera generally increased with distance from the 230 

WRFs in December; however, they exhibited a unimodal trend with a peak of 63% at 19 km downstream of the Tres 231 

Ríos WRF in April (the last site before flow intermittence began) (Fig. 6a). Our Ephemeroptera model performed 232 

poorly: no predictors were selected (Table 2).   233 

GOLD relative abundances were highest close to the outfalls and at sites that dried in the week prior to 234 

sampling. Two km downstream of the Tres Ríos WRF, GOLD relative abundances were 97% in December and 89% 235 

in April (Fig. 6d) and tended to decrease with increasing distance downstream, except in April when values sharply 236 

increased beginning at 24 km downstream of the WRF (at sites that experienced an average of 8.39 hours dry per 237 

day in the week prior to sampling). The highly tolerant genus Chironomus (Chironomidae) was only present within 238 

5 km of the WRF outfalls. Its relative abundances ranged from 6 to 20% in December and 0 to 11% in April. For the 239 

GOLD relative abundance model, dissolved oxygen was negatively correlated (pseudo R2 = 0.21, weight = 0.417), 240 

but the intercept performed best (weight = 0.583) once again suggesting that our predictors were not strongly 241 

influential (Table 2).  242 

NMDS ordination revealed overall community differences among all samples and sampling dates (Fig 7.; 243 

stress = 0.15, final instability = 0.00001, p = 0.004, R2 = 0.80). Axis 1 described a gradient from samples with 244 

abundant Chironomidae (e.g. Polypedilum, Rheotanytarsus), oligochaetes, and broad-shouldered water striders 245 

(Rhagovelia) to samples with abundant water scavenger beetles (Tropisternus) (Table 3). Axis 2 described a 246 

gradient from samples with abundant caddisflies (Smicridea), moths (Petrophila), mayflies (Camelobaetidius), 247 

damselflies (Ischnura), and true flies (e.g. Hemerodromia, Cladotanytarsus) to samples dominated by true flies 248 

(Dolichopodidae, Ceratopogonidae, Forcipomyia, Culicoides), snails (Physidae), water boatmen (Trichocorixa), and 249 

ostracods (Table 4). Axis 1 was positively correlated with the distance downstream from the outfalls (r = 0.71), 250 

while axis 2 was negatively correlated with the percent of cobble substrate and positively correlated with the percent 251 

of fine substrate (r = -0.59 and 0.58, respectively). Immediately below both WRFs, community composition shifted 252 

positively along axis 1 and negatively along axis 2, exhibiting lower abundances of some Chironomidae taxa and 253 

higher abundances of more sensitive taxa, such as Ephemeroptera and Trichoptera. However, this trend reversed 254 

itself ~8 km downstream of the Tres Ríos WRF, before shifting back far to the positive along axis 1 and 2, at sites 255 

>16 km downstream of the WRF. Sites furthest from the Tres Ríos WRF experienced drying in the week preceding 256 
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sampling (Fig. 7), and community samples from these reaches were characterized by higher abundances of lentic 257 

taxa (e.g. snails (Physidae), water boatmen (Trichocorixa): Table 4). MRPP results indicated that community 258 

composition did not vary significantly between the two sampling dates (A = 0.03, p = 0.06). 259 

 260 

Discussion 261 

Our case study builds on a growing but still relatively small body of literature (Hamdhani et al. 2020, e.g. 262 

Boyle & Fraleigh, 2003; Halaburka et al., 2013; Arnon et al., 2015) examining the ecological impacts of discharging 263 

treated effluent into streams. We documented a relatively high diversity of invertebrates in the lower Santa Cruz 264 

River, considering that 100% of its baseflow comes from effluent. Our results indicate that invertebrate communities 265 

in this river are primarily shaped by water quality (i.e. dissolved oxygen) but also by drying and sediment 266 

composition. Although there are unique challenges to biota in effluent-dependent systems, our results suggest that 267 

treated wastewater could be managed to augment or recreate aquatic habitats that have been otherwise diminished or 268 

lost. 269 

 270 

Invertebrate taxa 271 

 We identified 92 invertebrate taxa from our sampling efforts, which was higher than anticipated given 272 

findings from previous studies in other effluent-dominated streams. When adjusted for taxonomic resolution, 273 

average taxonomic richness in the lower Santa Cruz River was 1.5 - 6 times higher than those observed from 274 

effluent-fed streams in California and Europe (Canobbio et al., 2009; Halaburka et al., 2013; Arce et al., 2014; 275 

Burdon et al., 2016). However, Ortiz & Puig (2007) identified a taxa richness range in a Spanish effluent-fed stream 276 

that was similar to what we observed in the lower Santa Cruz. Furthermore, Boyle & Fraleigh (2003) reported 277 

richness values in the effluent-dependent upper Santa Cruz River (70 km south of our study sites) similar to those 278 

we observed in the lower Santa Cruz. There are no naturally perennial reaches of the Santa Cruz that can serve as 279 

reference sites for these various effluent-dependent reaches, but comparisons with two perennial rivers (San Pedro 280 

River and Babocomari River) 100 km southeast of our study river may be informative. Bogan et al. (2013) found 281 

similar levels of reach-scale richness (35–45 taxa) when they sampled a similar benthic area (~1 m2) in reaches of 282 

these rivers. These findings suggest that at least some reaches of the effluent-dependent Santa Cruz River approach 283 

the richness levels of natural rivers in the region.  284 
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 Chironomidae were numerically dominant in the Santa Cruz River, and oligochaetes were ubiquitous, as 285 

has been observed in other arid effluent-fed streams (Boyle & Fraleigh, 2003; Ortiz & Puig, 2007; Canobbio et al., 286 

2009). Effluent-fed streams may favor invertebrates with short lifespans and high reproductive rates, as is typical of 287 

species of Chironomidae and Oligochaeta (Ortiz & Puig, 2007). However, oligochaetes represented only 6% of the 288 

total abundance we observed in the Santa Cruz River. In contrast, oligochaetes were the most abundant taxon (55% 289 

relative abundance) in an Israeli effluent-dominated stream (Arnon et al., 2015) and are often among the most 290 

dominant taxa in effluent-fed systems globally (Hamdhani et al., 2020). Oligochaetes may be less dominant in the 291 

Santa Cruz River due to a combination of competition from abundant Chironomidae (Brinkhurst & Kennedy, 1965; 292 

Martin et al., 2007) and the relative lack of fine benthic sediment in some of our study sites (Marshall & 293 

Winterbourn, 1979; Lin & Yo, 2008).  294 

 We found eight EPT taxa in the lower Santa Cruz River, with at least some Ephemeroptera or Trichoptera 295 

occurring in all of our study reaches. Some previous studies reported zero EPT taxa in effluent-fed reaches (e.g. in a 296 

small, high-quality effluent stream in California: Halaburka et al., 2013). In an effluent-fed stream in Israel, 297 

Ephemeroptera only appeared after significant improvements to water quality were made (Plecoptera and 298 

Trichoptera were not present in the region: Arnon et al., 2015). In the Santa Cruz River, EPT were dominated by 299 

genera in the families Baetidae and Hydropsychidae, similar to observations from an effluent-fed stream in Italy 300 

(Canobbio et al., 2009). No Plecoptera were found in the Santa Cruz River, despite Mesocapnia arizonensis 301 

(Baumann & Gaufin) (Capniidae) being abundant in tributaries to the lower Santa Cruz and tolerant of stream drying 302 

(Bogan, 2017). The elevated temperatures of effluent may be inhospitable to Plecoptera (Boyle & Fraleigh, 2003; 303 

Plumlee et al., 2012). 304 

 305 

Factors shaping community structure  306 

 Given taxonomic differences in pollution tolerance (Bonada et al., 2006), water quality dynamics play a 307 

large role in shaping invertebrate communities in effluent-dominated streams. Nutrient loading from treated 308 

wastewater (Carey & Migliaccio, 2009; Plumlee et al., 2012) can result in lower dissolved oxygen levels close to 309 

effluent outfalls, as we observed in the Santa Cruz River. However, nutrient cycling, photosynthesis, and greater air 310 

diffusion from turbulence work to increase dissolved oxygen levels downstream of outfalls (Boyle & Fraleigh, 311 

2003). These gradients in dissolved oxygen can result in strong community gradients in effluent-fed systems. 312 
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Although we did not observe a longitudinal dissolved oxygen gradient, we only found the low oxygen-tolerant 313 

midge Chironomus close to outfalls, where oxygen levels were lowest, as has been reported in similar studies (Boyle 314 

& Fraleigh, 2003; Arnon et al., 2015). Farther downstream from outfalls, taxa with higher oxygen needs (e.g. EPT) 315 

became more abundant. In fact, dissolved oxygen was a positive predictor of taxonomic richness in the Santa Cruz 316 

River, and it exhibited the strongest relationship of all our models (Table 2). Effluent discharge is known to be a 317 

source of oxygen stress and can shape invertebrate communities based on oxygen tolerance (Bunzel et al, 2013). By 318 

limiting a diversity of taxa and subsequently reducing competition, low dissolved oxygen levels could increase 319 

overall invertebrate density. For example, dissolved oxygen was a negative predictor of invertebrate density in our 320 

models (Table 2) and was likely influenced by high abundances of tolerant Chironomidae. 321 

Although water quality improved downstream from effluent outfalls in the lower Santa Cruz, reaches 322 

furthest from outfalls experienced flow intermittence. Stream drying is known to strongly shape aquatic invertebrate 323 

community structure both regionally and globally (Bogan et al., 2013; Datry et al., 2014). In our study, communities 324 

at sites that experienced drying were characterized by higher abundances of water scavenger beetles (Tropisternus), 325 

which have some resistance to desiccation (Velasco & Millán, 1998) and are strong aerial dispersers (Bogan & 326 

Boersma, 2012). The relative abundances of GOLD taxa also increased in intermittent sites compared to perennial 327 

sites just upstream (Fig. 6d), most likely due to the ability of many dipterans (e.g. Chironomidae) to recolonize 328 

quickly each day via drift (Davies, 1976; Bruno et al., 2013). Relative abundances of EPT declined in drying reaches 329 

(Fig. 6b), which is unsurprising as many EPT taxa are not resistant to desiccation (del Rosario & Resh, 2000; Datry, 330 

2012).  331 

No previous studies have examined the effect of complete stream drying and rewetting on daily time scales, 332 

so we can only look to broader literature on stream drying to make comparisons with our data. In general, increased 333 

duration of stream drying results in decreases of both invertebrate density and taxonomic richness (Fritz & Dodds, 334 

2004; Datry, 2012; Datry et al., 2014). Also, ephemeral wetlands have been shown to have lower taxonomic 335 

richness and higher proportions of taxa with short life cycles and high dispersal abilities than adjacent, permanent 336 

wetlands (Boda et al., 2018). In the Santa Cruz River, LME models revealed a negative influence of drying on 337 

invertebrate density, which is not surprising considering the limits of recolonization on sub-daily time scales. 338 

However, stream drying did not appear to affect the other five aquatic invertebrate metrics we tested. This 339 

unexpected result may be an artifact of our small sample size (n=19) and methods, as our sites did not have a 340 
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balanced drying gradient but rather were highly skewed towards perennial flow. Future studies in effluent-dependent 341 

streams should examine invertebrate community changes across a broad range of daily drying intensities.  342 

Finally, benthic substrate has long been known to influence invertebrate community composition (Williams 343 

& Mundie, 1978; Quinn & Hickey, 1990). Our models revealed a negative relationship of both taxonomic richness 344 

and overall invertebrate density with fine sediment composition, as well as a negative relationship with Trichoptera 345 

relative abundance (Table 2). Additionally, NMDS ordination revealed that taxa such as caddisflies (Smicridea), 346 

mayflies (Camelobaetidius), and aquatic moths (Petrophila) were positively associated with larger cobble substrate, 347 

while taxa such as ostracods, biting midges (Ceratopogonidae, Forcipomyia), and water boatmen (Trichocorixa) 348 

were associated with finer sediment (Table 4). Our observations are in accordance with other studies that have noted 349 

how fine sediments may limit taxonomic and functional diversity in effluent-fed streams (Arnon et al., 2015; Mor et 350 

al., 2019). 351 

 352 

Management implications and research needs 353 

 Effluent-fed streams are modified habitats that present challenges for environmental managers who want to 354 

support diverse ecosystems. First, the type of effluent and level of dilution in the receiving stream is an essential 355 

factor to consider, as the biotic impacts of effluent can change with composition, treatment standards, and dilution 356 

rates (Martí et al., 2009; Grantham et al., 2012; Mezzanotte et al., 2013; Burdon et al., 2016). Our study represents a 357 

scenario in which there is zero dilution of high-quality effluent for the majority of the year. Our limited results, and 358 

those of Boyle & Fraleigh (2003), suggest that the length of effluent-dependent streams in arid climates could be an 359 

important consideration for sensitive invertebrate taxa. Small-volume (i.e. shorter) effluent-dependent streams may 360 

be fundamentally limited in their ability to support sensitive taxa due to limited natural remediation of excess 361 

nutrients and low dissolved oxygen levels. Second, when effluent comprises 100% of baseflow in streams, diurnal 362 

patterns in effluent discharge result in daily stream drying in downstream-most reaches, making these portions less 363 

hospitable to many aquatic taxa. Engineering mechanisms are available to depress the magnitude of these diurnal 364 

fluctuations (e.g. constructed wetlands: Brown et al., 2011), but the cost may be prohibitive for many utilities. 365 

Although not a focus of this study, effluent can be a point source of contaminants of emerging concern, including 366 

pesticides (Bunzel et al., 2013), pharmaceutical byproducts (Dong et al., 2015; Grabicova et al., 2015), and 367 

microplastics (Ziajahromi et al., 2016; Foley et al., 2018), all of which can be detrimental to aquatic biota. These 368 
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issues should be weighed when considering potential management options. Finally, biomonitoring programs need to 369 

be developed for these unique streams. Metrics developed to monitor natural streams may not work effectively in 370 

effluent-fed systems as water quality is often dramatically different and appropriate reference sites may be 371 

unavailable (Boyle & Fraleigh 2003; Brooks et al., 2006).  372 

With population growth and climate change, natural streams face great uncertainty (Dudgeon et al., 2006; 373 

de Graff et al., 2019). However, effluent supplies will increase with continued urban growth (Martí et al., 2009), and 374 

this additional treated wastewater could be managed to augment or recreate aquatic habitat where natural flow has 375 

diminished or been lost (Brooks et al., 2006; Martí et al., 2009; Bischel et al., 2013). Despite potential shortcomings 376 

(e.g. water quality and flow dynamics), effluent should receive more research attention as a potential tool of aquatic 377 

conservation in our era of global change.  378 

 379 

References 380 

Andersen, T., P. S. Cranston & J. H. Epler. (Eds.), 2013. Chironomidae of the Holarctic Region: Keys and 381 

Diagnoses. Larvae. Scandinavian Entomology. 382 

Anderson, D. R. & K. P. Burnham, 2002. Avoiding pitfalls when using information-theoretic methods. The Journal 383 

of Wildlife Management 66: 912–918. 384 

Arce, E., V. Archaimbault, C. P. Mondy & P. Usseglio-Polatera, 2014. Recovery dynamics in invertebrate 385 

communities following water-quality improvement: taxonomy-vs trait-based assessment. Freshwater Science 33(4): 386 

1060–1073. 387 

Arnon, S., N. Avni & S. Gafny, 2015. Nutrient uptake and macroinvertebrate community structure in a highly 388 

regulated Mediterranean stream receiving treated wastewater. Aquatic Sciences 77(4): 623–637. 389 

Bartoń, K., 2019. MuMIn: Multi-Model Inference. R package version 1.43.15. URL: https://CRAN.R-390 

project.org/package=MuMIn 391 

Bischel, H. N., J. E. Lawrence, B. J. Halaburka, M. H. Plumlee, A. S. Bawazir, J. P. King, J. E. McCray, V. H. Resh 392 

& R. G. Luthy, 2013. Renewing urban streams with recycled water for streamflow augmentation: hydrologic, water 393 

quality, and ecosystem services management. Environmental Engineering Science 30(8): 455–479. 394 



 
16 

Boda, P., Móra, A., Várbíró, G. & Z. Csabai, 2018. Livin' on the edge: the importance of adjacent intermittent 395 

habitats in maintaining macroinvertebrate diversity of permanent freshwater marsh systems. Inland Waters, 8(3): 396 

312–321. 397 

Bogan, M. T, 2017. Hurry up and wait: life cycle and distribution of an intermittent stream specialist (Mesocapnia 398 

arizonensis). Freshwater Science 36(4): 805–815. 399 

Bogan, M. T. & K. S. Boersma, 2012. Aerial dispersal of aquatic invertebrates along and away from arid-land 400 

streams. Freshwater Science 31(4): 1131–1144. 401 

Bogan, M. T., K. S. Boersma & D. A. Lytle, 2013. Flow intermittency alters longitudinal patterns of invertebrate 402 

diversity and assemblage composition in an arid-land stream network. Freshwater Biology 58(5): 1016–1028. 403 

Bonada, N., N. Prat, V. H. Resh & B. Statzner, 2006. Developments in aquatic insect biomonitoring: a comparative 404 

analysis of recent approaches. Annual Review of Entomology 51: 495–523. 405 

Boyle, T. P. & H. D. Fraleigh Jr, 2003. Natural and anthropogenic factors affecting the structure of the benthic 406 

macroinvertebrate community in an effluent-dominated reach of the Santa Cruz River, AZ. Ecological 407 

Indicators 3(2): 93–117. 408 

Brinkhurst, R. O. & C. R. Kennedy, 1965. Studies on the biology of the Tubificidae (Annelida, Oligochaeta) in a 409 

polluted stream. The Journal of Animal Ecology, 429–443. 410 

Brooks, B. W., T. M. Riley & R. D. Taylor, 2006. Water quality of effluent-dominated ecosystems: 411 

ecotoxicological, hydrological, and management considerations. Hydrobiologia 556(1): 365–379.   412 

Brown, J., B. Start, D. Stanisic, M. Ternack, R. Wass & J. Coughenour, 2011. Tres Ríos constructed wetlands: 413 

maximizing beneficial reuse while balancing demands of diverse stakeholder needs. WIT Transactions on Ecology 414 

and the Environment 145: 723–735. 415 

Bruno, M. C., A. Siviglia, M. Carolli & B. Maiolini, 2013. Multiple drift responses of benthic invertebrates to 416 

interacting hydropeaking and thermopeaking waves. Ecohydrology 6(4): 511–522. 417 

Buffagni, A., Erba, S., Cazzola, M., Murray-Bligh, J., Soszka, H. & P. Genoni, 2006. The STAR common metrics 418 

approach to the WFD intercalibration process: Full application for small, lowland rivers in three European countries. 419 



 
17 

In The ecological status of European rivers: evaluation and intercalibration of assessment methods, 379–399. 420 

Springer, Dordrecht. 421 

Bunzel, K., M. Kattwinkel & M. Liess, 2013. Effects of organic pollutants from wastewater treatment plants on 422 

aquatic invertebrate communities. Water Research 47(2): 597–606. 423 

Burdon, F. J., M. Reyes, A. C. Alder, A. Joss, C. Ort, K. Räsänen, J. Jokela, R. I. Eggen & C. Stamm, 2016. 424 

Environmental context and magnitude of disturbance influence trait-mediated community responses to wastewater 425 

in streams. Ecology and Evolution 6(12): 3923–3939. 426 

Burnham, K. P. & D. R. Anderson, 2004. Multimodel inference understanding AIC and BIC in model 427 

selection. Sociological Methods & Research 33: 261–304. 428 

Butler, D. & N. J. D. Graham, 1995. Modeling dry weather wastewater flow in sewer networks. Journal of 429 

Environmental Engineering 121(2): 161–173. 430 

Canobbio, S., V. Mezzanotte, U. Sanfilippo & F. Benvenuto, 2009. Effect of multiple stressors on water quality and 431 

macroinvertebrate assemblages in an effluent-dominated stream. Water, Air, and Soil Pollution 198: 359–371. 432 

Carey, R. O. & K. W. Migliaccio, 2009. Contribution of wastewater treatment plant effluents to nutrient dynamics in 433 

aquatic systems: a review. Environmental Management 44(2): 205–217. 434 

Carlson, M. A., K. A. Lohse, J. C. McIntosh & J. E. McLain, 2011. Impacts of urbanization on groundwater quality 435 

and recharge in a semi-arid alluvial basin. Journal of Hydrology 409: 196–211. 436 

Chang, F. H., Lawrence, J. E., Rios-Touma, B., & V. H. Resh, 2014. Tolerance values of benthic macroinvertebrates 437 

for stream biomonitoring: assessment of assumptions underlying scoring systems worldwide. Environmental 438 

Monitoring and Assessment 186(4): 2135–2149. 439 

Chesner, W. H. & M. Pai, 1981. Hourly diurnal flow variations in publicly-owned wastewater treatment facilities. 440 

EPA-600/S2-81-218. U.S. Environmental Protection Agency.  441 

Cook, D. R, 1974. Water mite genera and subgenera. Memories of the American Entomological Institute 21: 1–860. 442 

Datry, T, 2012. Benthic and hyporheic invertebrate assemblages along a flow intermittence gradient: effects of 443 

duration of dry events. Freshwater Biology 57(3): 563–574. 444 



 
18 

Datry, T., S. T. Larned, K. M. Fritz, M. T. Bogan, P. J. Wood, E. I. Meyer & A. N. Santos, 2014. Broad-scale 445 

patterns of invertebrate richness and community composition in temporary rivers: effects of flow intermittence. 446 

Ecography 37: 94–104. 447 

Davies, B. R, 1976. The dispersal of Chironomidae larvae: a review. Journal of the Entomological Society of 448 

Southern Africa 39(1): 39–62. 449 

de Graaf, I. E., T. Gleeson, L. R. van Beek, E. H. Sutanudjaja & M. F. Bierkens, 2019. Environmental flow limits to 450 

global groundwater pumping. Nature 574(7776): 90–94. 451 

del Rosario, R. B. & V. H. Resh, 2000. Invertebrates in intermittent and perennial streams: is the hyporheic zone a 452 

refuge from drying?. Journal of the North American Benthological Society 19(4): 680–696. 453 

Dong, B., A. Kahl, L. Cheng, H. Vo, S. Ruehl, T. Zhang, S. Synder, A. E. Sáez, D. Quanrud & R. G. Arnold, 2015. 454 

Fate of trace organics in a wastewater effluent dependent stream. Science of the Total Environment 518: 479–490. 455 

Dudgeon, D., A. H. Arthington, M. O. Gessner, Z. I. Kawabata, D. J. Knowler, C. Lévêque, R. J. Naiman, A. Prieur-456 

Richard, D. Soto, M. L. J. Staissny & C. A. Sullivan, 2006. Freshwater biodiversity: importance, threats, status and 457 

conservation challenges. Biological Reviews 81(2): 163–182. 458 

Enfinger, K. L. & P. L. Stevens, 2006. Sewer Sociology–The Days of Our (Sewer) Lives. Proceedings of the Water 459 

Environment Federation, WEFTEC Dallas, Texas, USA 2006: 6962–6974. 460 

Foley, C. J., Z. S. Feiner, T. D. Malinich & T. O. Höök, 2018. A meta-analysis of the effects of exposure to 461 

microplastics on fish and aquatic invertebrates. Science of the Total Environment 631: 550–559. 462 

Fritz, K. M. & W. K. Dodds, 2004. Resistance and resilience of macroinvertebrate assemblages to drying and flood 463 

in a tallgrass prairie stream system. Hydrobiologia, 527(1): 99–112. 464 

Grabicova, K., R. Grabic, M. Blaha, V. Kumar, D. Cerveny, G. Fedorova & T. Randak, 2015. Presence of 465 

pharmaceuticals in benthic fauna living in a small stream affected by effluent from a municipal sewage treatment 466 

plant. Water Research 72: 145–153. 467 

Grantham, T. E., M. Cañedo-Argüelles, I. Perrée, M. Rieradevall & N. Prat, 2012. A mesocosm approach for 468 

detecting stream invertebrate community responses to treated wastewater effluent. Environmental pollution 160: 95–469 

102. 470 



 
19 

Halaburka, B. J., J. E. Lawrence, H. N. Bischel, J. Hsiao, M. H. Plumlee, V. H. Resh & R. G. Luthy, 2013. 471 

Economic and ecological costs and benefits of streamflow augmentation using recycled water in a California coastal 472 

stream. Environmental Science & Technology 47(19): 10735–10743. 473 

Hamdhani, H., D. E. Eppehimer & M. T. Bogan, 2020. Release of treated effluent into streams: A global review of 474 

ecological impacts with a consideration of its potential use for environmental flows. Freshwater Biology. (In Press). 475 

Hungerford, H. B, 1948. The Corixidae of the Western Hemisphere (Hemiptera). The University of Kansas Science 476 

Bulletin 32: 5–827. 477 

Johnson, B. R., J. Phillips, G. Smith & J. Sherlock, 2015. Using Step-Feed to Improve Secondary Effluent Ammonia 478 

Control. Proceedings of the Water Environment Federation, WEFTEC, Chicago, Illinois, USA, 2015: 2784–2796. 479 

Kinouchi, T., H. Yagi & M. Miyamoto, 2007. Increase in stream temperature related to anthropogenic heat input 480 

from urban wastewater. Journal of Hydrology 335: 78–88. 481 

Larson, D. J., Y. Alarie & R. E. Roughley, 2000. Predaceous diving beetles (Coleoptera: Dytiscidae) of the Nearctic 482 

Region, with emphasis on the fauna of Canada and Alaska. NRC Research Press. 483 

Merritt, R. W., K. W. Cummins & M. B. Berg, 2008. An Introduction to the Aquatic Insects of North America. 4th 484 

Edition. Kendall Hunt Publishing, Iowa, USA. 485 

Mezzanotte, V., Fornaroli, R., Canobbio, S., Zoia, L. & M. Orlandi, 2013. Colour removal and carbonyl by-486 

production in high dose ozonation for effluent polishing. Chemosphere, 91(5): 629–634. 487 

Lefcheck, J. S. & R. Freckleton, 2016. Piecewise SEM: piecewise structural equation modelling in R for ecology, 488 

evolution and systematics. Methods in Ecology and Evolution 7(5): 573–579. 489 

Lin, K. J. & S. P. Yo, 2008. The effect of organic pollution on the abundance and distribution of aquatic 490 

oligochaetes in an urban water basin, Taiwan. Hydrobiologia 596(1): 213–223. 491 

Logan, M. F, 2002. The lessening stream: an environmental history of the Santa Cruz River. University of Arizona 492 

Press, Tucson, USA. 493 

Luthy, R. G., D. L. Sedlak, M. H. Plumlee, D. Austin & V. H. Resh, 2015. Wastewater-effluent-dominated streams 494 

as ecosystem-management tools in a drier climate. Frontiers in Ecology and the Environment 13(9): 477–485. 495 

Mandaville, S. M., 2002. Benthic macroinvertebrates in freshwaters: Taxa tolerance values, metrics, and protocols. 496 

Nova Scotia: Soil & Water Conservation Society of Metro Halifax. 497 



 
20 

Marshall, J. W. & M. J. Winterbourn, 1979. An ecological study of a small New Zealand stream with particular 498 

reference to the Oligochaeta. Hydrobiologia 65(3): 199–208. 499 

Martí, E., J. Aumatell, L. Godé, M. Poch & F. Sabater, 2004. Nutrient retention efficiency in streams receiving 500 

inputs from wastewater treatment plants. Journal of Environmental Quality 33(1): 285–293. 501 

Martí, E., J. L. Riera & F. Sabater, 2009. Effects of wastewater treatment plants on stream nutrient dynamics under 502 

water scarcity conditions. In Water scarcity in the mediterranean (pp. 173–195). Springer, Berlin, Heidelberg. 503 

Martin, P., E. Martinez-Ansemil, A. Pinder, T. Timm & M. J. Wetzel, 2007. Global diversity of oligochaetous 504 

clitellates (“Oligochaeta”; Clitellata) in freshwater. Hydrobiologia 595: 117–127. Springer, Dordrecht. 505 

McCune, B. & J. B. Grace, 2002. Analysis of ecological communities. MJM Software Design: Gleneden Beach, 506 

USA. 507 

McCune, B. & M. J. Mefford, 1999. PC-ORD: Multivariate analysis of ecological data; Version 4 for Windows. 508 

MJM software design. 509 

Mielke, P. W. & K. J. Berry, 2001. Description of MRPP. In Permutation Methods (pp. 9–65). Springer, New York, 510 

USA. 511 

Monda, D. P., D. L Galat & S. E. Finger, 1995a. Evaluating ammonia toxicity in sewage effluent to stream 512 

macroinvertebrates: I. A multi-level approach. Archives of Environmental Contamination and Toxicology 28(3): 513 

378–384. 514 

Mor, J. R., S. Dolédec, V. Acuña, S. Sabater & I. Muñoz, 2019. Invertebrate community responses to urban 515 

wastewater effluent pollution under different hydro-morphological conditions. Environmental Pollution 252: 483–516 

492. 517 

Nakagawa, S., P. C. Johnson & H. Schielzeth, 2017. The coefficient of determination R 2 and intra-class correlation 518 

coefficient from generalized linear mixed-effects models revisited and expanded. Journal of the Royal Society 519 

Interface, 14(134). 520 

Nakagawa, S. & H. Schielzeth, 2013. A general and simple method for obtaining R2 from generalized linear mixed-521 

effects models. Methods in Ecology and Evolution, 4(2): 133–142. 522 

Needham, J. G., M. J. Westfall Jr & M. L. May, 2000. Dragonflies of North America. Scientific Publishers, Inc.. 523 



 
21 

Ode, P. R., A. E., Fetscher & L. B. Busse, 2016. Standard operating procedures for the collection of field data for 524 

bioassessments of California wadeable streams: Benthic macroinvertebrates, algae, and physical habitat. California 525 

State Water Resources Control Board Surface Water Ambient Monitoring Program: Sacramento, USA. 526 

Ortiz, J. D. & M. A. Puig, 2007. Point source effects on density, biomass and diversity of benthic 527 

macroinvertebrates in a Mediterranean stream. River Research and Applications 23(2): 155–170. 528 

Pinheiro, J. C. & D. M. Bates, 2000. Linear mixed-effects models: basic concepts and examples. Mixed-effects 529 

models in S and S-Plus, 3–56. 530 

Pinheiro, J. C., Bates, D. M., DebRoy, S. & D. Sarkar, 2019. nlme: Linear and Nonlinear Mixed Effects Models. R 531 

package version 3.1-142, URL: https://CRAN.R-project.org/package=nlme. 532 

Plumlee, M. H., C. J. Gurr & M. Reinhard, 2012. Recycled water for stream flow augmentation: Benefits, 533 

challenges, and the presence of wastewater-derived organic compounds. Science of the Total Environment 438: 534 

541–548. 535 

Quinn, J. M. & C. W. Hickey, 1990. Magnitude of effects of substrate particle size, recent flooding, and catchment 536 

development on benthic invertebrates in 88 New Zealand rivers. New Zealand Journal of Marine and Freshwater 537 

Research 24(3): 411–427. 538 

R Core Team, 2019. R: A language and environment for statistical computing. R Foundation for Statistical 539 

Computing, Vienna, Austria. URL: https://www.R-project.org/. 540 

Sonoran Institute, 2017. A living river: Charting wetland conditions of the lower Santa Cruz River 2016 water year. 541 

[https://sonoraninstitute.org/files/Living-River-Charting-Wetland-Conditions-of-the-Lower-Santa-Cruz-River-2016-542 

Water-Year-1.pdf]. 543 

Tchobanoglous, G., F. L. Burton & H. D. Stensel, 2003. Wastewater engineering: treatment and reuse. McGraw 544 

Hill: New York, USA. 545 

Thorp, J. H. & A. P. Covich. Eds, 2009. Ecology and classification of North American freshwater invertebrates. 546 

Academic Press. 547 

Velasco, J. & A. Millán, 1998. Insect dispersal in a drying desert stream: Effects of temperature and water loss. The 548 

Southwestern Naturalist 43(1): 80–87. 549 

Webb, R. H., J. L. Betancourt, R. R. Johnson, R. M. Turner & B. L. Fontana, 2014. Requiem for the Santa Cruz: an 550 

environmental history of an Arizona river. University of Arizona Press: Tucson, USA. 551 



 
22 

Westfall, M. J. & M. L. May, 1996. Damselflies of North America. Vol. 649. Scientific Publishers: Gainesville, 552 

USA. 553 

Williams, D. D. & J. H. Mundie, 1978. Substrate size selection by stream invertebrates and the influence of 554 

sand. Limnology and Oceanography 23(5): 1030–1033. 555 

Ziajahromi, S., P. A. Neale & F. D. Leusch, 2016. Wastewater treatment plant effluent as a source of microplastics: 556 

review of the fate, chemical interactions and potential risks to aquatic organisms. Water Science and Technology 557 

74(10): 2253–2269. 558 

  



 
23 

Figures  

 

Fig 1 Map of study area of the lower Santa Cruz River with the black dotted line indicating ephemeral reaches, the 

solid blue line indicating perennial effluent flow, and the solid orange indicating seasonally intermittent effluent 

flow. Sampling locations are denoted by white circles, and the locations of the water reclamation facilities (WRFs) 

and USGS gages are labeled 
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Fig 2 Lower Santa Cruz River hydrographs from April 2017 to March 2018, with discharge measured in cubic 

meters per second (log transformed). The blue line is data from USGS gage #09486500 at Cortaro Road (Site 3), 2 

km downstream from the effluent outfall, and the orange line is data from USGS gage #09486520 (Site 9), 27 km 

downstream from the effluent outfall. Summer monsoon precipitation events are responsible for peak flows 

observed in both reaches in July and August. Inset a is a detailed hydrograph of the week prior to our December 

sampling period, and inset b is the week prior to our April sampling period   
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Fig 3 Paired photos illustrating the fluctuations in discharge in the lower Santa Cruz River within a 24-hour period. 

Photos a and b illustrate the daily high flow and low flow periods, respectively, of a perennial reach near the 

effluent outfall of the Tres Ríos WRF (Site 4). Photos c and d illustrate high and low flow periods, respectively, in 

an intermittent reach 24 km downstream of the effluent outfall (Site 8)  
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Fig 4 Drying duration measured in hours per day at our three most downstream sites (8–10) with locations denoted 

by color, as measured in the week prior to a December sampling and b April sampling 
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Fig 5 a Invertebrate density (individuals/m2) and b total taxonomic richness at sampling sites with increasing 

distance downstream from the Tres Ríos WRF outfall. December samples are denoted by the color blue and April 

samples with orange. The black outlines on some data points identify sites that experienced drying within the week 

prior to sampling   
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Fig 6 Relative abundance (%) of a Ephemeroptera, b Trichoptera, c combined EPT taxa, and d combined GOLD 

taxa at sampling sites with distance downstream from Tres Ríos WRF outfall on the x axis. December denoted by 

the color blue and April with orange. The black outline indicates sites that experienced drying within the week prior 

to sampling  
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Fig 7 NMDS plot of all invertebrate samples with blue identifying December and orange April and with dotted lines 

denoting the Agua Nueva reach and the Tres Ríos reach with solid lines. Locations of the outfalls are indicated with 

the corresponding WRF label, arrows indicate the direction of flow along the longitudinal gradient. Black outlines 

on the three sample points on the right side of the plot indicate flow intermittence at those sites in the week prior to 

sampling
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Table 1: Water quality measurements from 10 sites along the lower Santa Cruz River with December in shaded columns and April in unshaded columns. These 

sites include effluent from two separate WRFs at varying distances downstream from the effluent outfall (Distance) and include dissolved oxygen (DO), 

temperature (Temp), pH, TDS, conductivity, ammonia concentration (Ammonia), nitrate concentration (Nitrate), and phosphate concentration (Phosphate). No 

values are available for Site 10 in April as it was dry during the sampling effort. 

 

Site  

 

WRF 

 

Distance 

(km) 

 

DO  

(mg/L) 

 

Temp  

(°C) 

 

pH 

 

TDS  

(mg/L) 

 

Conductivity 

(μS/cm) 

 

Ammonia 

(mg/L) 

 

Nitrate 

(mg/L) 

 

Phosphate 

(mg/L) 

1 Agua  0.3 6.8 5.7 26 27 7.6 7.6 785 836 1105 1178 3.17 0.76 0.95 2.72 1.18 1.98 

2 

3 

4 

5 

6 

7 

8 

Agua 

Tres 

Tres 

Tres 

Tres 

Tres 

Tres 

4 

2 

5 

10 

16 

19 

24 

7.1 

6.7 

8.2 

7.7 

8.9 

8.9 

6.9 

4.3 

5.4 

7.7 

8.7 

10.8 

8.7 

9.5 

18 

25 

23 

22 

22 

22 

22 

28 

25 

25 

24 

24 

28 

27 

7.9 

7.9 

8.2 

8.1 

8.4 

8.6 

8.8 

7.7 

7.6 

8.0 

8.2 

8.5 

8.6 

8.7 

828 

844 

840 

842 

845 

843 

839 

848 

796 

799 

800 

800 

806 

803 

1167 

1188 

1183 

1185 

1189 

1187 

1182 

1194 

1121 

1125 

1124 

1127 

1133 

1132 

5.01 

0.24 

0.25 

0.11 

0.13 

0.07 

0.07 

1.23 

0.20 

0.04 

0.09 

0.04 

0.09 

0.01 

4.95 

1.48 

1.82 

1.35 

1.81 

1.29 

2.02 

6.13 

1.99 

2.02 

1.73 

1.16 

3.79 

1.89 

0.61 

3.63 

3.67 

3.70 

3.70 

3.43 

3.53 

2.87 

5.67 

5.20 

5.47 

5.67 

5.60 

5.13 

9 Tres 27 8.5 7.2 22 30 8.6 8.4 829 806 1182 1135 0.10 0.06 1.34 2.54 3.50 5.07 

10 Tres 30 9.0 NA 21 NA 8.4 NA 836 NA 1168 NA 0.12 NA 1.46 NA 3.57 NA 
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Table 2: Summary of Akaike’s Information Criterion, corrected for small sample size (AICc), for Linear Mixed-Effects models explaining variation in total 

taxonomic richness (Richness), invertebrate density (Density), Logit transformed Ephemeroptera relative abundance (Ephemeroptera), Logit transformed 

Trichoptera relative abundance (Trichoptera), Logit transformed EPT relative abundance (EPT), and Logit transformed GOLD relative abundance (GOLD) with 

explanatory variables dissolved oxygen (DO), total hours dry in the week before sampling (Drying), and Logit transformed fine sediment composition (Fine 

Sediment) with sampling site as a random factor in the model. Only models with ∆AICc < 2 are summarized. Inclusion of a predictor variable and its direction 

are noted by +/–. In some instances, the intercept performed best (no predictors were selected). As estimators of variance explained pseudo, conditional R2 values 

(R2) are reported for models that included predictors. Weight is scaled from 0 to 1 and estimates the probability that a model is best among all others considered. 

 

 

Model 

 

R2 

 

Rank 

 

DO 

 

Drying 

 

Fine Sediment 

 

df 

 

logLik 

 

AICc 

 

∆AICc 

 

Weight 

Richness 0.78 1 +   4 -51.105 113.067 0.000 0.650 

 0.80 2 +  − 5 -49.847 114.309 1.242 0.350 

Density 

Ephemeroptera 

Trichoptera 

 

EPT 

 

GOLD 

 

0.68 

 

 

0.45 

 

0.22 

 

0.21 

1 

1 

1 

2 

1 

2 

1 

2 

− 

 

 

 

 

+ 

 

− 

− 

 

 

 

 

 

 

 

− 

 

 

− 

 

 

 

 

6 

3 

3 

4 

3 

4 

3 

4 

-143.214 

-34.215 

-38.989 

-37.380 

-32.304 

-31.229 

-32.190 

-30.899 

305.428 

76.030 

85.577 

85.617 

72.208 

73.315 

71.981 

72.654 

0.000 

0.000 

0.000 

0.040 

0.000 

1.106 

0.000 

0.673 

1.000 

1.000 

0.505 

0.495 

0.635 

0.365 

0.583 

0.417 
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Table 3: Pearson’s correlation coefficients between taxon abundances and NMDS ordination axis 1. Only taxa with | r | ≥ 0.5 are reported.  

    
 

Taxon Axis 1 r 

Polypedilum -0.83 

Rhagovelia -0.68 

Rheotanytarsus -0.66 

Thienemanniella cf. xena -0.55 

Oligochaeta -0.52 

Tropisternus lateralis 0.50 
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Table 4: Pearson’s correlation coefficients between taxon abundances and NMDS ordination axis 2. Only taxa with | r | ≥ 0.5 are reported.  

    
 

Taxon Axis 2 r 

Smicridea -0.77 

Petrophila -0.70 

Ischnura -0.58 

Hemerodromia -0.56 

Cladotanytarsus -0.55 

Camelobaetidius -0.53 

Ferrissia -0.51 

Dolichopodidae 0.50 

Ceratopogonidae 0.50 

Forcipomyia 0.55 

Trichocorixa calva 0.56 

Physidae 0.57 

Culicoides 0.57 

Ostracoda 0.60 
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Appendix 1: A complete list of the taxa identified from 10 sites along the lower Santa Cruz River in December 2017 and April 2018.  

 

Type  

 

Order 

 

Family 

 

Taxon  

Insect 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Coleoptera 

 

 

 

 

 

 

 

 

 

 

 

 

 

Diptera 

 

 

Dryopidae 

Dytiscidae 

 

 

 

 

 

Elmidae 

Haliplidae 

Hydraenidae 

Hydrophilidae 

 

 

 

Ceratopogonidae 

 

 

Helichus 

Copelatus chevrolati Aubé 

Hygrotus 

Laccophilus fasciatus Aubé 

Liodessus obscurellus (Le Conte) 

Thermonectus nigrofasciatus (Aubé) 

Thermonectus succinctus (Aubé) 

Microcylloepus 

Peltodytes disperses Roberts 

Gymnocthebius 

Enochrus pygmaeus (Fabricius) 

Hydrophilus triangularis Say 

Tropisternus lateralis (Fabricius) 

Tropisternus mexicanus Laporte de Castelnau 

Atrichopogon 

Bezzia / Palpomyia 

Ceratopogon 
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Chironomidae 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Culicoides 

Forcipomyia 

Probezzia 

Chironomus 

Cladopelma 

Cladotanytarsus 

Corynoneura 

Cricotopus-Orthocladius 

Cryptochironomous 

Cryptotendipes 

Dicrotendipes 

Eukiefferiella 

Larsia 

Nilotanypus 

Orthocladiinae 

Paramerina 

Parasmittia 

Pentaneura 

Polypedilum 

Psuedochironomus 
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Ephemeroptera 

 

 

Hemiptera 

 

 

 

 

 

 

Dolichopodidae 

Empididae 

Ephydridae 

Muscidae 

Psychodidae 

 

Sciomyzidae 

Simuliidae 

Tabanidae 

Tipulidae 

Baetidae 

 

 

Belostomatidae 

Rheotanytarsus 

Tanypus 

Tanytarsus 

Thienemanniella cf. xena 

Thienemannimyia group 

Tvetenia bavarica group 

Dolichopodidae 

Hemerodromia 

Ephydridae 

Limnophora 

Maruina 

Pericoma 

Sciomyzidae 

Simulium tribulatum (Zetterstedt) 

Chrysops 

Limonia / Ormosia 

Callibaetis 

Camelobaetidius 

Fallceon 

Belostoma flumineum Say 
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Lepidoptera 

Odonata 

 

 

 

 

 

 

 

 

 

Trichoptera 

 

 

Corixidae 

Naucoridae 

Notonectidae 

Veliidae 

 

 

Crambidae 

Aeshnidae 

Calopterygidae 

Coenagrionidae 

 

 

Gomphidae 

 

Libellulidae 

 

 

Glossosomatidae 

Helicopsychae 

Hydropsychidae 

Trichocorixa calva (Say) 

Ambrysus occidentalis La Rivers 

Notonecta indica Linnaeus 

Mesovelia 

Microvelia 

Rhagovelia 

Petrophila 

Anax 

Hetaerina 

Argia 

Ischnura 

Telebasis 

Erpetogomphus 

Progomphus 

Brechmorhoga 

Libellula 

Perithemis 

Protoptila 

Helicopsyche 

Smicridea 
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Non-Insect 

 

 

Amphipoda 

Cladocera 

Collembola 

Copepoda 

Gastropoda 

 

 

Hirudinea 

Oligochaeta 

Ostracoda 

Sarcoptiformes 

Trombidiformes 

Hydroptilidae 

Leptoceridae 

Hyalellidae 

Cladocera 

Collembola 

Copepoda 

Planorbidae 

Lymnaeidae 

Physidae 

Hirudinea 

Oligochaeta 

Ostracoda 

Trhypochthoniidae 
 
Hygrobatidae 

Hydroptila 

Nectopsyche 

Hyalella 

Cladocera 

Collembola 

Copepoda 

Ferrissia 

Lymnaeidae 

Physidae 

Hirudinea 

Oligochaeta 

Ostracoda 

Mucronothrus 

Hygrobates 

 


