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ABSTRACT 

The highly endemic and unique fishes’ native to the American Southwest are suffering substantial 

population declines due to changes in natural flow regimes, alteration to instream habitat, and a legacy of 

nonnative fish introductions. Here I quantify habitat for native and nonnative Arizona fishes and how fish 

use of habitat features changed over time, following an extreme flood. In 2019, the Verde River of central 

Arizona, experienced its single-largest flooding event of the past decade. This provided me the unique 

opportunity to quantify fish abundance, population structure, and habitat utilization pre- and post- a high 

magnitude flood in a major river of this region. Using previously collected habitat use-nonuse data from 

2017 and comparing that with data from 2019, I assessed change to the fish community and interannual 

variability in fish microhabitat selection. Additionally, using data collected through PAED electrofishing 

and a literature review, I developed type-I and type-III habitat suitability criteria (HSC) for fishes of the 

Verde River, Arizona. Following the flood of February, native fish captures increased from 0.6% of total 

catch to 55.6% of total catch (P < 0.00). The increase in native fish catch per unit effort (CPUE) was 

exclusive to age-0 Roundtail Chub and age-0 Sonora Sucker. Native fish captures were concentrated at 

upstream river locations. Catch per unit effort of nonnative fishes remained stable. My evaluation of 

habitat utilization by fish of the Verde River indicates that microhabitat utilization is subject to 

interannual variability; however, this variability was minimal, with the utilization of microhabitats 

remaining within a relatively narrow range across sampling years and locations. I identified ontogenetic 

shifts in habitat use within species and differential habitat use among species. Native adult Roundtail 

Chub, Sonora Sucker, and Desert Sucker were found to occupy the deepest of pool habitats with flow 

velocities of 0.00 m3/s to 0.47 m3/s; however, Desert Sucker utilize larger substrates and flows up to 0.53 

m3/s. Adult nonnative fishes, Common Carp and Black Bass were found in shallower and slower water 

than native fishes, but evidence from gill net surveys suggests the use of deeper pool environments. Age-0 

fishes of species; Roundtail Chub, Sonora Sucker, Desert Sucker, and Black Bass selected for shallower 

and slower waters than their adult counterparts, displaying remarkable similarity in habitat use. The 

crowding of multiple species < 100 mm TL in shallow, slow velocity environments suggests that habitat 
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selection of small-bodied fishes may be a response to predation risk and is likely to increase the 

occurrence of negative interspecies interactions. My research provides an additional case-history that the 

protection of flood is vital to the conservation of the imperiled native fishes of the American Southwest, 

while my evaluation of the interannual variability in habitat use suggests HSC remains stable from year-

to-year even after an extreme disturbance event. Defining HSCs for both native and nonnative fishes of 

the Verde River provides a template for habitat restoration and conservation activities in a future defined 

by climatic and hydrologic uncertainty. 
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CHAPTER 1. FISH ABUNDANCE AND POPULATION STRUCTURE PRE- AND POST- HIGH 

MAGNITUDE FLOODING IN AN ARIZONA RIVER 

INTRODUCTION 

Anthropogenic alteration to waterways of arid-land systems is responsible for the rapid decline, 

and in cases, extirpation of a large proportion of the ichthyofauna in xeric regions, including the desert 

Southwest. (Minckley and Meffe 1987; Eby et al. 2003; Propst et al. 2008; Ruhi et al. 2015; Ruhi et al. 

2016; Rogosch et al 2019). Of the 31 unique fish species native to the southwestern United States, 25 (> 

80%) have experienced a significant decline, if not extirpation, and less than 50% of the region’s overall 

fish population is composed of native fishes (Rahel 2000; Bunn and Arthington 2002; Olden and Poff 

2005; Turner and List 2007). Human-induced climate change, resource exploitation, and habitat 

degradation have aided the advance of exotic fishes resulting in the rapid decline of Arizona’s native fish 

community (Bunn and Arthington 2002; Olden et al. 2006; Turner and List 2007; Datry et al. 2014; Pool 

and Olden 2014). However, where a reduction and alteration of flow has been shown to competitively 

advantage nonnative fishes, aspects of the natural flow regime, specifically high-magnitude spring-floods, 

may favor the abundance and trigger reproduction in native fishes. (Minckley and Meffe 1987; Baltz and 

Moyle 1993; Lytle and Poff 2004; Gido et al. 2013; Ruhi et al. 2015; USGS 2018; Rogosch et al. 2019).  

The flow regime of a stream environment is a primary force driving the biotic structure of aquatic 

systems (Bonar and Mercado-Silva 2010; Gido et al. 2013). The natural flow regime of rivers within the 

desert Southwest is characterized by extremes. Periods of water scarcity are punctuated by high 

magnitude, “flashy” floods, orders of magnitude greater than baseflow. The unique native fishes of this 

region have evolved with these flows, developing specific life history, morphological, and behavioral 

adaptations allowing them to not only survive but rely on these conditions to complete their full life cycle 

(Lytle and Poff 2004; Olden et al. 2006; Propst et al. 2008; Bonar and Mercado-Silva 2010). Previous 

research has found a relationship between high-magnitude flow events and native fish spawning activity, 

with the recruitment of native fishes “strongly and primarily” influenced by mean annual river discharge 

from January through May (Stefferud et al. 2011). Consistent with these findings, Brouder (2001), using 
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backpack electrofishing, reported mean catch per unit effort (CPUE) in age-1 Roundtail Chub to increase 

from 0.00 fish/1000 s to 40.00 fish/1000 s in years following high-magnitude spring flooding. High-

magnitude spring floods trigger reproduction in Roundtail Chub Gila robusta, Sonora Sucker Catostomus 

insignis, Desert Sucker Catostomus clarkii, and Razorback Sucker Xyrauchen texanus, promote the 

availability of spawning habitats, create habitat heterogeneity, and improve habitat connectivity (Bonar 

and Mercado-Silva 2010). Though the underlying mechanisms responsible for the native fish response to 

flooding are uncertain (Brouder 2001), previous research has concluded that high-magnitude flows have a 

direct impact on native fish populations and are likely to be a vital component in their conservation (Baltz 

and Moyle 1993; Brouder 2001; Eby at al. 2003; Gido et al. 2013; Ruhi et al. 2016).  

 Large floods may also disadvantage nonnative fishes (Minckley and Meffe 1987; Eby et al. 2003; 

Rogosch et al. 2019). Multiple studies suggest that nonnative fishes are unable to resist “flashy” floods 

and that a reduction in nonnative fish abundance is observed following such flow events (Eby et al. 2003; 

USGS 2018; Rogosch et al. 2019). Consistent with this hypothesis, Minckley and Meffe (1987) observed 

a reduction in the abundance and richness of the nonnative fish community following a flood in Aravaipa 

Creek, Arizona, crediting floods with that system’s ability to withstand invasion. Yet, evidence of this 

differential selection is rare and often limited to canyon-bound stretches of small river systems where 

refuge from disruptive flows is sparse (Propst et al. 2008). In contrast with the observed response in 

Aravaipa Creek, multiple studies have found that nonnative fishes were unresponsive to flow extremes 

(Propst et al. 2008; Ruhi et al. 2015). In studies in which a reduction of nonnatives was observed, the 

reduction was transient with nonnative fishes returning rapidly to a pre-disturbance level (Pool and Olden 

2014). 

Nonnative fish dominate the fish community in altered environments with the susceptibility of 

invasion mediated by a river system’s proximity to urban development, water diversions or 

impoundments, and agriculture (Turner and List 2007). Possessing “generalist” behavioral patterns 

allowing for the exploitation of a range of environments, nonnative fishes often display a compensatory 
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response to a reduction in “specialist” native fishes triggered by the alteration of natural environments and 

the addition of novel predators. Native fishes can resist invasion in streams with limited human 

disturbance (Baltz and Moyle 1993). However, few, if any, arid-land river systems of this region remain 

unmodified (Rinne 1994; Sabo et al. 2010). Conservation of native fishes is optimized when focused on 

the identification and enhancement of rivers with an extant native fish population, and the restoration of 

rivers that have retained characteristics that are likely to promote native fish abundance, namely a natural 

flow regime and low levels of human disturbance (Turner and List 2007).  

The Verde River is one of the largest remaining perennial streams in the desert Southwest that 

supports a native fish community; however, populations of these fish are severely depressed (Rinne et al 

1998; Brouder et al. 2000; Verde Comprehensive Plan 2004). Of the 12 native species that have 

historically occupied this river, only three native fishes remain as components of the fish community: 

Roundtail Chub, Sonora Sucker, and Desert Sucker (Gibson et al. 2015; Rogosch 2019). Despite 

alteration to the fish community, the natural flow regime of the Verde River remains relatively unaltered 

prior to its impoundment at Horseshoe Reservoir (river kilometer (rkm) 200). In February 2019, the 

Verde River experienced a flood of 1,415.84 m3/s (50,000 ft3/s), roughly three-orders of magnitude 

greater than median baseflow values (Figure 1.1). This was the largest flood of the decade, and the 4th 

largest flood recorded on the Verde River since 1988. A flood of this magnitude should play a significant 

role in restructuring the abiotic and biotic characteristics of this river, with the potential to trigger native 

fish spawning and reduce populations of nonnative fishes (Minckley and Meffe 1987). This flood 

presented me the opportunity to investigate the abundance and population structure of a fish community 

containing both native and nonnative fishes in a major river of the desert Southwest pre-and post- a major 

natural disturbance event. 

The goal of my research was to conduct a detailed case-history of change to fish abundance and 

population structure from 2017 to 2019, a period in which a major flooding event impacted the Verde 

River. My research objectives were to 1. investigate changes to the abundance of native and nonnative 
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fishes of adult and juvenile age-classes, pre-and post-flood; 2. investigate how the distribution of native 

and nonnative fishes changed with location upstream-to-downstream in a section of the Verde River; and 

3. evaluate changes to two microhabitat variables, substrate composition, and overhead canopy cover, 

from pre- to post-flood. This research provided a snapshot-view into how the biological and physical 

features of a desert-river ecosystem are structured in response to a large flooding event and how the fish 

community may respond to future disturbance. 

METHODS 

Study Site  

The Verde River flows for 274 rkm from its origins at Big Chino Wash (1325 masl) to its 

terminus at the confluence with the Salt River (402 masl; Averitt et al. 1994; Brouder et al. 2000; Bonar 

et al. 2004; Ruhi et al. 2015; USGS 2018). The river forms the boundary between the Tonto, Coconino, 

and Prescott National Forests. The Verde River is part of the Gila River Basin, and at a larger scale, the 

Lower Colorado River Basin. For the first 200 rkm the Verde mainstem, hereafter referred to as the Upper 

Verde, is free-flowing, at which point it is impounded by Horseshoe Reservoir (Averitt et al. 1994). This 

unobstructed condition has allowed for a relatively natural flow regime, which includes a variable and 

flashy hydrograph, periodic high magnitude flood events, and a bimodal distribution of precipitation 

(Averitt et al. 1994; USFS 2004; Serrat-Capdevilla et al. 2012). The major anthropogenic impacts on the 

Upper Verde River are climate change, livestock grazing, water diversions, and surface and groundwater 

pumping in support of agriculture and municipalities throughout the basin (Rinne et al. 1998; Turner and 

List 2007; Ruhi et al. 2016). Historically, twelve native fish species occupied the Verde River (Rinne et 

al. 1998). Extant native species include the Roundtail Chub Gila robusta, Sonora Sucker Catostomus 

insignis, Desert Sucker Catostomus clarkii, Longfin dace Agosia chrysogaster, and Speckled Dace 

Rhinichthys osculus. The modern-day fish community is dominated by a suite of nonnative species, 

including Red Shiner Cyprinella lutrensis, Black Bass Micropterus spp., Common Carp Cyprinus carpio, 
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Rainbow Trout Oncorhynchus clarkii, multiple catfish (Ictaluridae), and other members of the sunfish 

(Centrarchidae) and minnow (Cyprinidae) families. 

Data Collection 

Surveys were conducted during daylight (0700 hr to 1700 hr) at baseflow in June of 2017 and 

June of 2019. Flows ranged from 1.42 m3/s (50 CFS) to 1.70 m3/s (60 CFS; Figure 1.1; USGS Gage 

09506000). 

I collected fish over a particular habitat type using prepositioned areal electrofishing devices 

(PAEDs). Preposition areal electrofishing devices reduce fright bias, allow for multispecies analysis, and 

are useful in quantifying fish abundance as it relates to discrete microhabitat conditions (Bovee 1983; 

Bain et al. 1985). I placed the PAED frame on the streambed. I then allowed the PAED to sit undisturbed, 

while technicians remained out-of-sight, for a minimum 11 min (Bain et al. 1985). Following the waiting 

period, an operator energized the PAED unit for a minimum of 15 s or until otherwise signaled by the 

netter. Immobilized fish were netted by a technician who entered the stream, in stealth, from downstream 

of the PAED location. I identified captured fish to species and measured fish to a total length (TL) prior to 

releasing fish at, or near, their original capture location. Each PAED placement was considered a 

sampling unit. All sampling units were geolocated using Garmin eTrex GPS units accurate to 15 m, 95% 

of the time, with accuracy of 5 m common under normal conditions (GarminUSA).  

Sampling occurred at three individual access points, Beasley Flats, Childs River Access, and 

Sheeps Bridge (Figure 1.2). Beasley Flats was the most upstream location, Childs River Access is ~ 23 

rkm downstream of Beasley Flats, and Sheeps Bridge is ~ 83 rkm downstream of Beasley Flats. I sampled 

90 sampling units in both 2017 and 2019, 30 at each access point, resulting in 180 total sampling units at, 

what from hereafter will be known as, fixed sampling units.  Additionally, I sampled 592 supplemental 

sampling units at random locations spread throughout the Upper Verde. These additional sampling units 
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facilitated a broader understanding of change to the fish community throughout a continuous reach of the 

river.  

To quantify changes to the physical stream environment, I measured substrate composition and 

overhead canopy cover within each sampling unit (Bovee 1986; Bonar et al. 2010; Nemec 2019; Lee 

2019). I obtained habitat measurements regardless of whether fish were captured within the sampling unit. 

I quantified substrate composition as per methods outlined in Bain and Stevenson (1999) (Bovee 1986, 

Table 1.1). Overhead canopy cover was quantified using a spherical densiometer. I obtained overhead 

canopy cover measurements in four directions, upstream, downstream, towards the left bank, and towards 

the right bank, as described in Lemmon (1956). Overhead cover was limited to overhead vegetation; cliff-

faces, bridges, and other obstructions were not included in this analysis.  

My sampling was limited by stream depth as we were unable to consistently electrofish in waters 

> 1.5 m deep. Furthermore, the netting of immobilized fish in deep water was complicated by poor 

visibility due to water turbidity. Therefore, I defined the sampling frame as waters < 1.5 m in depth 

(Bower and Freeman 1998).  

Data Analysis: Pre- and Post- Flood Abundance and Community Composition 

To compare the fish community from 2017 sampling to 2019 sampling, I calculated a relative 

abundance based on captures of each species by dividing the number of captured fish of interest by the 

total number of fish captured. Age-0 fishes were classified as fish < 100 mm TL (Brouder 2001; Rees et 

al. 2005; Pilger et al. 2010), and adults/ subadults were classified as those >100 mm TL and will from 

hereafter be referred to as adult fishes (Griffith and Tiersch 1989; Brouder et al. 2000; Brouder 2001; 

Rees et al. 2005; Remshardt and Fisher 2009; Pilger 2010). This separation by size-class was not done for 

Red Shiner; therefore, all Red Shiner were analyzed in one grouping, irrespective of size.  

I calculated a mean CPUE and an associated standard error for fish species/age-class based on an 

equal effort of 90 sampling units surveyed in both 2017 and 2019. I used a series of species-specific 
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paired t-tests (n = 90) to test the null hypothesis that there was no difference in mean CPUE from the 

2017 sampling year to the 2019 sampling year. I grouped Largemouth Bass Micropterus salmoides, 

Smallmouth Bass Micropterus dolomieu, and Redeye Bass Micropterus coosae as one species complex, 

Black Bass. These bass species hybridize within the Verde River, thus complicating field identification 

(Jenney, unpublished).  

To validate observations observed at the 90 fixed sampling units located at the three access 

points, I calculated a mean CPUE for native and nonnative fish at the 584 supplemental sampling units. I 

compared CPUE of both native and nonnative fishes between sampling years using a two-sample t-test, 

testing the null hypothesis that there was no difference in mean CPUE from the 2017 sampling year to the 

2019 sampling year. 

To gain insight into the distribution of fish throughout Wild and Scenic reach of the Upper Verde, 

I used a one-way ANOVA to test whether mean CPUE of native and nonnative fishes differed among the 

three access points in which fixed sampling units were located: Beasley Flats, Childs River Access, and 

Sheeps Bridge. Only data from the 2019 sampling effort was used in this analysis of native and nonnative 

fish distribution. Prior to the ANOVA, I added an arbitrary amount (0.05) to each observation to account 

for excess zeros allowing me to log-transform the positively skewed response variable, CPUE. If a 

significant difference between mean CPUE of native or nonnative fishes was observed, I used posthoc 

pairwise t-tests to compare CPUE between each of the three access points using a Bonferroni adjustment. 

To validate observations at the three access points, I geolocated native and nonnative fish captures from 

2019 supplemental sampling with the use of geographic information system software (ESRI 2019) to 

identify and visualize patterns of native and nonnative fish distribution throughout the “Wild” section of 

the Upper Verde. 

Data Analysis: Pre- and Post- Flood Change to the Stream Environment 
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To investigate change to the physical microhabitat characteristics of the river, I compared 

substrate composition and overhead canopy cover from 2017 to 2019 at the 90 fixed sampling units. I 

calculated the mean and standard deviation for microhabitat variables at each of the three sampling access 

points and used this data to test the null hypothesis that the mean substrate composition and overhead 

canopy cover remained unchanged from the 2017 sampling year to the 2019 sampling year using a series 

of paired t-tests. Only microhabitat variables substrate composition and overhead canopy cover were used 

in this analysis, as other microhabitat features fluctuate considerably with flow magnitude at the time of 

sampling and likely do not reflect change related to flooding. 

RESULTS 

Fish Abundance / Population Structure: Fixed Sampling 2017-to-2019 

Total catch at 180 individual sampling units surveyed in 2017 and 2019 was 441 individual fish 

captures of 9 species (3 native | 6 nonnative; Table 1.2). Total sampling effort resulted in a CPUE of 2.45 

fish/PAED and revealed a compositional change to the fish community from 2017 pre-flood sampling to 

2019 post-flood sampling. At fixed locations, mean CPUE in 2017, irrespective of species or size class, 

was 1.78 fish/ PAED. We found some evidence that mean CPUE increased (µdif = 1.344,  95% CI = -0.81 

to 3.35 fish/PAED) in 2019 to 3.12 fish/ PAED (paired t-test, t89= 1.24, two-sided P = 0.218). 

The increase in overall fish captures corresponded to an increase in the number of native fishes 

captured across sampling years. Native fish CPUE increased (µdif = 1.64, 95% CI = -0.34 to 3.62 

fish/PAED) from 0.01 fish/PAED in 2017 to 1.65 fish/PAED in 2019 (paired t-test, t89 = 1.649, two-sided 

P = 0.10; Table 1.3). Native fish relative abundance increased from 0.6% of total catch to 53% of total 

catch.  

Age-0 Roundtail Chub and Sonora Sucker represented the bulk of the increase in native fish 

captures (Table 1.4; Figure 1.3). Age-0 Roundtail Chub CPUE increased from 0.00 fish/PAED in 2017 to 

0.29 fish/PAED (µdif = 0.288, 95% CI = 0.050 to 0.520 fish/PAED) in 2019 (paired t-test, t89= 2.560, two-
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sided P = 0.016). Evidence suggests that age-0 Sonora Sucker experienced a similar increase, as CPUE 

was 0.00 fish/PAED in 2017 (µdif = 1.320,  95% CI = -0.610 to 3.250 fish/PAED), increasing to 1.32 

fish/PAED in 2019 (paired t-test, t89= 1.361, two-sided P = 0.177). The increase in Sonora Sucker CPUE 

failed to achieve statistical significance due to high variance among sampling units. Age-0 Desert Sucker 

abundance appeared to increase (µdif = 0.04,  95% CI = -0.044  to 0.133 fish/PAED); however, remained 

low in 2017 (CPUE = 0.00 fish/PAED) and 2019 (CPUE = 0.044 fish/PAED), as measured by change to 

CPUE (paired t-test, t89= 1.00, two-sided P = 0.320). No age-0 native fishes outside of these three species 

were captured in either sampling year.  

Adult native fishes were rare within our study (Table 1.5, Figure 1.3). In 2017, one adult Desert 

Sucker was captured (CPUE = 0.01, SE = 0.01) as part of sampling at fixed locations. Adult Roundtail 

Chub, Sonora Sucker, and Desert Sucker were absent from sampling at fixed locations in 2019.  

Nonnative fish CPUE remained stable (µdif = -0.300, 95% CI = -1.140  to 0.540 fish/PAED) 

across sampling years (paired t-test, t89 = -0.712, two-sided P = 0.481; Table 1.3); however, the relative 

abundance of nonnative fish declined from 99.4% of all captures in 2017 to 47.0% of captures in the 2019 

sampling year.  

Age-0 nonnative fish CPUE remained unchanged from the 2017 to 2019 sampling years at fixed 

locations (Table 1.4; Figure 1.3). Captures of age-0 Common Carp were low, but stable across sampling 

years (µdif = -0.05, paired t-test, t89 = -1.300, two-sided P = 0.198). Age-0 Black Bass were abundant in 

both 2017 (CPUE = 0.23 fish/PAED) and 2019 (CPUE = 0.29 fish/PAED) and CPUE remained stable 

from pre- to post-flood condition (µdif = 0.06, paired t-test, t89 = 0.62, two-sided P = 0.603). Age-0 fishes 

of the species Flathead Catfish and Green Sunfish were not present in 2017 sampling, but were present, 

albeit in low numbers in 2019 (CPUE = 0.01 fish/PAED). 

Adult Common Carp CPUE declined (µdif = -0.416, 95% CI = -0.69 to -0.14 fish/PAED) from 

0.46 fish/PAED in 2017 to 0.04 fish/PAED in 2019 (paired t-test, t89 = -2.987, two-sided P = 0.004; Table 
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1.5; Figure 1.3). All captures of Common Carp from 2017 sampling occurred at the most downstream 

access point, Sheeps Bridge. In 2019, adult Common Carp were captured at both upstream access points, 

Childs River Access and Beasley Flats, albeit in low numbers. Captures of adult Black Bass, Red Shiner, 

and Flathead Catfish remained unchanged across sampling years. Red Shiner was the most abundant 

species captured in both the 2017 and 2019 sampling seasons. Green Sunfish and Channel Catfish were 

captured in low (CPUE ≤ 0.02 fish/PAED) numbers in both sampling years. 

Fish Abundance / Population Structure: Supplemental Sampling 2017-to-2019 

Observations from 584 supplemental sampling units (300 sample units in 2017, 284 sample units 

in 2019) mirror what was observed at the fixed sampling locations (Table 1.6). Native fish CPUE 

increased (µdif = 1.034 fish/PAED, 95% CI = 0.710 to 1.350 fish/PAED) by nearly 30-fold from the 2017 

(CPUE = 0.037 fish/PAED) sampling year to the 2019 (CPUE = 1.071 fish/PAED) sampling year (two-

sample t-test, t583 = 6.336, two-sided P = <0.001). The increase was exclusive to age-0 Roundtail Chub 

and age-0 Sonora Sucker. I found no change (µdif = -0.018 fish/PAED, 95% CI = -0.358 to 0.323 

fish/PAED) to the CPUE of nonnative fish from the 2017 (CPUE = 1.00 fish/PAED) sampling year to the 

2019 (CPUE = 0.982 fish/PAED) sampling year (two-sample t-test, t583 = 0.102, two-sided P = 0.919). 

Distribution of Native and Nonnative Fishes  

The increase in native fishes was greatest at the most upstream location, Beasley Flats (Figure 

1.4). Of all native fishes captured in 2019, 97% were captured here (CPUE = 4.80 fish/PAED, SE = 

1.696), with only ~ 3% of captures occurring at Sheeps Bridge (CPUE = 0.17 fish/PAED, SE = 0.049), 

the most downstream sampling location. No native fishes were captured at the Childs River Access 

(CPUE = 0.00 fish/PAED) location during either sampling year (Figure 1.4). A one-way ANOVA 

analysis revealed that both native (one-way ANOVA, F2,87 = 6.166, two-sided P = 0.003) and nonnative 

fish CPUE (one-way ANOVA, F2,87 = 6.166, two-sided P = 0.003) was different among fixed sampling 

units (Table 1.7, Table 1.8). Post-hoc pairwise comparisons using a Bonferroni adjustment indicate that 
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CPUE of native fishes at Beasley Flats was significantly greater than native fish CPUE at Childs River 

Access (two-sided P = 0.003) and Sheeps Bridge (two-sided P = 0.065). Nonnative fish CPUE was 

significantly lower at the most upstream location, Beasley Flats (CPUE = 0.17 fish/PAED,  two-sided P = 

<0.001) than nonnative fish CPUE at Childs River Access (CPUE = 1.80 fish/PAED,  two-sided P = 

0.065) and Sheeps Bridge (CPUE = 2.43 fish/PAED, two-sided P = 0.065). Observations from 

supplemental sampling units revealed a similar relationship, as the relative abundance of native fishes was 

greatest at upstream sampling locations, decreasing downstream through a discrete ~32 rkm river reach 

(Figure 1.5).  

Habitat Availability and Distribution 

Change to the availability of physical microhabitat features, substrate composition and overhead 

canopy cover, was variable dependent on river location (Table 1.9). No change to mean substrate size 

from 2017 to 2019 was observed at Beasley Flats or Childs River Access; however, farthest downstream 

(Sheeps Bridge) mean substrate particle size was reduced by 0.703 (23.6%) on the modified Wentworth 

Scale (paired t-test, t29 = 2.556,  two-sided P = 0.016). Mean overhead canopy cover was reduced by 54% 

from 2017 to 2019, decreasing from 0.67 in 2017 to 0.31 in 2019 (paired t-test, t29 = 7.722, two-sided P = 

<0.001). At individual sites, overhead canopy cover declined at both Beasley Flats (paired t-test, t29 = 

5.80, two-sided P < 0.001), and Sheeps Bridge (paired t-test, t29 = 14.04, two-sided P < 0.001). The 

reduction in overhead canopy cover was most pronounced at the most downstream sampling location 

(Sheeps Bridge), where the mean overhead canopy was reduced by 62%, from 0.81 in 2017 to 0.31 in 

2019.  

DISCUSSION 

Evidence from a snapshot of the fish community, combined with data and conclusions from past 

research, suggests that the observed increase in age-0 native fishes is related to a spawning event 

triggered by the flood of February 2019. This association between flood and native fish abundance has 
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been established for many native fishes of the desert Southwest (Tyus and Karp 1989; Minckley and 

Marsh 2009, Fraser et al. 2019). Under this hypothesis, large floods should result in a native fish 

spawning event and, therefore, an increase to CPUE of age-0 native fishes shortly thereafter (Rinne et al. 

1998; Brouder et al. 2000; Brouder 2001; Rinne and Miller 2006; Craven et al. 2010; Ruhi et al. 2015). 

My research provides another, recent example, that the CPUE of age-0 native fishes increased drastically 

following the largest flood of more than a decade. This is further substantiated by sampling at 

supplemental sampling units in which we observed a 30-fold increase in native fish captures, largely due 

to increases in age-0 Roundtail Chub and Sonora Sucker.  

 Roundtail Chub and Sonora Sucker adult fish were absent from sampling at fixed sampling units 

and rare at supplemental sampling units; however, the large influx of age-0 fishes suggest that populations 

of these native fish remain sufficient to respond to flood events. Age-0 fishes were congregated, often in 

large numbers, at the margins of the stream along vegetated streambanks (AZGFD 2002), resulting in 

high variance among sampling units. The large increase in Sonora Sucker CPUE failed to reach statistical 

significance due to the capture of 80 individuals at a single sampling unit adjacent to a vegetated 

streambank; however, it is our opinion, that the increase of age-0 Sonora Sucker is biologically 

meaningful and suggests Sonora Sucker spawned following February’s flood (Brouder 2001, AZGFD 

2002, Craven et al. 2010). This is again substantiated by supplemental sampling in which no age-0 Sonora 

Sucker were captured in 2017 and 52 individuals were captured in 2019. Interestingly, the increased 

abundance of native fishes, as represented by CPUE, was not universal across species. Captures of Desert 

Sucker remained low, and Longfin Dace and Speckled Dace were absent from sampling. As fluvial 

obligates, these species utilize increased water velocities consistent with riffle and run macrohabitats 

which may result in reduced plasticity in habitat selection and increased sensitivity to habitat alteration 

(Rinne 1992; Bonar et al. 2010; Nemec 2019). Native fishes that can persist in pool environments, namely 

Sonora Sucker and Roundtail Chub, may display increased resistance to flow alteration (Rinne 1992; 

Minckley and Marsh 2009; Booth and Hairston 2013). 
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Alternative explanations for the observed interannual increase in age-0 native fishes include slight 

temporal or spatial differences in 2017 and 2019 sampling. Considerable evidence allows me to reject 

these alternatives. Native fishes of the desert Southwest time spawning activity to coincide with the 

receding limb of early-spring floods, and fry emerge from substrates shortly thereafter (Minckley and 

Marsh 2009). As sampling in both 2017 and 2019 occurred in June at baseflow, it is improbable that 

sampling in 2017 preceded fry emergence. Additionally, sampling in 2019 occurred as near to 2017 

sampling units as handheld GPS technology would allow. Supplemental sampling provided additional 

evidence that the increased abundance of age-0 native fishes was exclusive to 2019 and is likely related to 

the flooding that preceded sampling.  

Despite not sampling 2018, we believe that native fish abundance would have been low and age-0 

native fishes absent, mirroring what was observed in the 2017 non-flood sampling year. In 2018, a 

recurring Arizona Game and Fish monitoring program found no native fishes in the Wild and Scenic 

Upper Verde (AZGFD, personal communication, 5/2019), a stretch of river in which native fish were 

abundant in 2019. Additionally, if spawning and recruitment of any meaningful magnitude did occur in 

the years we did not sample, we would expect age-1 fishes to be represented in both the 2017 and 2019 

catch (Brouder 2001). This was not the case, as juvenile native fishes of intermediate size (151-250 mm; 

Brouder 2001) were absent from all sampling. The absence of intermediate-sized (age-1) fishes is not 

unexpected under the assumption that spawning and recruitment are related to the occurrence of flood, as 

no major flooding events occurred in either 2016 or 2018, the years preceding our sampling efforts. The 

last major spring-flood (≥ 10,000 CFS) to impact the Verde River occurred in 2015. Fish produced in 

response to that flood are likely responsible for the influx of age-0 fishes observed in 2019 as that cohort 

would be of spawning age and condition. As recruitment is largely nonexistent in non-flood years, it is 

possible that periodic inputs of native fish associated with flood, are responsible for sustaining the native 

fish populations of the Verde River (Brouder 2001). It should be noted that the flow magnitude required 
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to trigger reproduction is unknown; however, Brouder (2001) found CPUE to increase linearly as a 

function of flow magnitude.   

The abundance of age-0 native fish was the result of reproduction within the mainstem Verde 

River, though some input from tributaries is to be expected. The two largest tributaries of the Upper 

Verde, Fossil Creek and the East Verde River, are located downstream of Childs River Access (USFS 

2004). If native fishes were produced in tributaries and washed into the mainstem river, we would expect 

concentrations of age-0 native fishes to have been most pronounced at these locations. These tributaries 

were distant from where we observed the greatest CPUE of age-0 native fishes. The capture of a single 

adult male Roundtail Chub displaying spawning colors via supplemental sampling provides further 

evidence of an instream spawning event. Additionally, evolving in systems in which high magnitude flow 

events are aspects of the natural flow regime, it is unlikely that a substantial number of age-0 native fishes 

would experience extreme displacement from their stream of origin (Meffe 1984). This suggests that the 

age-0 native fish observed within the Verde River were produced in the Verde River.   

The mechanisms that trigger spawning following large floods are cryptic (Craven et al. 2010). 

Multiple studies have found Roundtail Chub, Sonora Sucker, and Desert Sucker to spawn on the receding 

limb of the hydrograph, crediting high magnitude flows (Brouder 2001; Minckley and Marsh 2009), 

and/or the temperature fluctuation associated with flood flows (Fraser et al. 2019), as triggers for 

reproduction (Gido et al. 2013). This life-history strategy would enable native fishes to synchronize 

spawning to periods when spawning habitats, specifically clean gravel substrates in riffles, are at their 

maximum (Lytle and Poff 2004; Propst and Gido 2004). Our research, finding a significant interannual 

reduction to mean substrate particle size at the most downstream sampling location, may give credence to 

this hypothesis. The transportation and deposition of sediment fines from upstream to downstream 

locations would “clean” spawning gravels, increasing interstitial spaces upstream; habitats vital to the 

protection and oxygenation of fish eggs (Brouder 2000; Brouder et al. 2006; Bonar and Mercado-Silva 

2010; Craven et al. 2010). Spawning on the receding limb of the hydrograph is also likely to result in 
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larval emergence to correspond with periods of abundant off-channel habitat (Gido et al. 2013). Large 

floods, as evidenced by the reduction in overhead canopy cover and the observation of large debris piles, 

leave the confines of the active stream channel, restructuring riparian habitats. This process results in the 

creation of off-channel, shallow, low-flow environments, ideal native fish rearing habitat (Gido et al. 

2012).  

Evidence of high-magnitude floods selecting against nonnative species is abundant throughout 

the Southwest (Minckley and Meffe 1987; Rinne 1994; Whitney et al. 2014; Rogosch et al. 2019). 

Consistent with these findings, I observed a significant reduction to Common Carp, a large-bodied 

nonnative cyprinid, adapted to low-flow velocity environments (Butler and Wahl 2010). A similar 

reduction to Common Carp was observed in Aravaipa Creek following major flooding (Minckley and 

Meffe 1987). In contrast, Black Bass, and Red Shiner captures remained stable from pre-flood to post-

flood condition, suggesting flood had no impact on two of the most harmful species to native species 

persistence (Rinne 1991; Olden and Poff 2005; Lee 2019). Black Bass and Red Shiner utilize and tolerate 

elevated flow velocities (Edwards et al. 1987; Ward et al. 2003). These pre-adaptations are likely to 

increase these species’ resistance to high magnitude, flashy flows associated with flooding (Ward et al. 

2003; Gaston et al. 2012; Whitney et al. 2014). Additionally, the Verde River is a relatively large river 

with an abundance of refuge, including a large floodplain and vast pools. A reduction to nonnative fishes 

may be unique to canyon bound reaches of small streams and this response may be muted on larger river 

systems of the desert Southwest (Minckley and Meffe 1987; Propst et al. 2008; Ruhi et al. 2015).  

Our sampling at both fixed and supplemental sampling units revealed a distributional pattern; 

native fish were concentrated at upstream locations, with CPUE decreasing as one proceeds downstream. 

Rinne et al. (1997) observed a similar distribution of fishes, concluding that the changes to the fish 

community reflected human-induced changes to the river system. The Verde River is increasingly 

degraded at downstream locations, thus creating conditions that favor the dominance of nonnative fishes 

to the detriment of native fishes (Rinne et al. 1997). The concentration of age-0 native fishes at the most 
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upstream location may reflect the preflood distribution of native fishes of spawning condition. 

Alternatively, 3.2 rkm downstream of our most upstream sampling location, where native CPUE was 

highest and nonnative CPUE was lowest, sits Verde Falls. It is possible that nonnative fishes were 

displaced downstream by the flood of 2019 and that the falls act as a barrier preventing the rapid 

recolonization of nonnative fish populations upstream.  

Management Implications 

This study provides a detailed case history of changes to the fish community and the physical 

environment that occurred before and after a large flood on a major Southwestern river. Increasingly, 

water users are litigating for the rights to harvest floods, as it is assumed that flood is part of the 

hydrograph that is least likely to affect the fish and wildlife. Laypeople unconnected with the river, but 

making decisions on water use, are often unfamiliar with the importance of these floods for the ecology of 

native ecosystems. Therefore, even though the connection between high-magnitude flow events and 

native fish spawning has previously been established (Minckley and Meffe 1987; Brouder 2001; 

Minckley and Marsh 2009; Craven et al. 2010; Fraser et al. 2019); additional case studies of the effects of 

these hydrological events and their benefits, enable people to make more informed decisions about water 

management.    

 We stress the importance of maintaining annual flow variability (Eby et al. 2003; Whitney et al. 

2014; Poff 2017), with a specific focus on high-magnitude flooding events of the late-winter and spring 

(Propst and Gido 2004; Ruhi et al. 2006; Propst et al. 2008). Conservation efforts have largely focused on 

maintaining a minimum baseflow (Neary and Rinne 1998), as this has been identified as the critical point 

of survival for fishes. However, survival is insufficient to maintain native fish populations. For these 

fishes to persist in perpetuity, successful reproduction and recruitment events, closely tied to high-

magnitude flooding, are necessary (Brouder 2001; Stefferud et al. 2011; Gido et al. 2013). A corollary 

benefit to these flows is that they may reduce populations of some large-bodied nonnative fishes 

(Minckley and Meffe 1987; Propst et al. 2008). 
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The continued presence of nonnative fishes in the Verde River will likely preclude native fish 

recovery of substantial consequence (Clarkson et al. 2004; Marks et al. 2010). Because of this, it is my 

opinion that, though protection and/or restoration of spring-flood is vital, it is, by itself, insufficient to 

recover native fish populations. Conservation of fishes’ native to the desert Southwest must focus on the 

maintenance of spring floods that promote spawning activity while also mitigating against the impacts of 

introduced fishes (Pool and Olden 2014; Poff 2017).  
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TABLES 

Table 1.1: Modified Wentworth Substrate Classification Scale (Bain and Stevenson 1999) 

 

Substrate type Particle Diameter Range 

(mm) 

Sample Code 

 

Boulder >256 5 

Cobble 64-256 4 

Pebble 16-63 3 

Gravel 2-15 2 

Sand 0.06-1 1 

Silt/Clay <0.059 0 
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Table 1.2: Total number of fish captured (N) at fixed sampling units by family and species with an included 

relative abundance (R.A.; [Proportion of Total Captures]). Fixed sampling is total catch at the  90 sampling 

units sampled in both 2017 2019 (180 total sampling units). * represents native species to the Verde River, 

AZ.  

 

  Combined 2017 

and 2019 

Sampling 

2017 Sampling 2019 Sampling 

Family Species N % N % N % 

Cyprinidae        

 Roundtail Chub* 26 0.06 0 0.00 26 0.09 

 Red Shiner 168 0.38 80 0.50 88 0.31 

 Common Carp 52 0.12 47 0.29 5 0.02 

Catostomidae        

 Desert Sucker* 5 0.01 1 0.01 4 0.01 

 Sonora Sucker* 119 0.27 0 0.00 119 0.42 

Ictaluridae        

 Flathead Catfish 9 0.02 4 0.03 5 0.02 

 Channel Catfish 3 0.01 2 0.01 1 0.00 

Centrarchidae        

 Black Bass 56 0.13 25 0.16 31 0.11 

 Green Sunfish 3 0.01 1 0.01 2 0.01 

    Total 441  160  281  
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Table 1.3: Results from paired t-tests (n = 90) comparing native, nonnative, and total CPUE between the 

2017 and 2019 sampling years. These tests were completed irrespective of species size and includes all 

native and nonnative fish captured as part of this project. Sampling was completed at 30 individual 

sampling units located at 3 access points, totaling 90 sampling units that were sampled in both 2017 and 

2019 with the use of PAEDs. 95% C.I. shows the 95% confidence interval of the true difference between 

2017 and 2019 CPUE. H0: CPUE2017 = CPUE2019. HA: CPUE2017 ≠ CPUE2019 

 

 Native Fish Nonnative Fish Total Fish Captures 

 2017 2019 2017 2019 2017 2019 

Mean CPUE 0.011 1.655 1.788 1.466 1.778 3.122 

Mean Dif 1.644 -0.300 1.344 

T-Statistic 1.649 -0.712 1.24 

P – Value 0.100 0.481 0.218 

95% C.I. -0.340 

 3.620 

-1.140 

 0.540 

-0.810 

 3.350 

 

 

Table 1.4: Age-0 (< 100 mm TL) species-specific paired t tests (n = 90) comparing CPUE from 2017 

sampling to 2019 sampling. Sampling was completed at 30 individual sampling units located at 3 access 

points, totaling 90 sampling units that were sampled in both 2017 and 2019 with the use of PAEDs. Mean 

Dif is the difference between 2019 CPUE and 2017 CPUE data. 95% C.I. shows the 95% confidence 

interval of the true difference between 2017 and 2019 CPUE. H0: µ2017 = µ2019. HA: µ2017 ≠ µ2019. 

 Roundtail 

Chub 

Sonora 

Sucker 

Desert Sucker Black Bass Common 

Carp 

Green Sunfish Flathead 

Catfish 

 2017 2019 2017 2019 2017 2019 2017 2019 2017 2019 2017 2019 2017 2019 

Mean 

CPUE 

0.000 0.288 0.000 1.320 0.000 0.040 0.233 0.288 0.060 0.011 0.000 0.011 0.000 0.011 

Mean Dif 0.288 1.320 0.044 0.055 -0.049 0.011 0.011 

T-Statistic 2.460 1.361 1.000 0.622 -1.300 1.000 1.000 

P- Value 0.016 0.177 0.320 0.603 0.198 0.320 0.320 

95% C.I.  0.050 

0.520 

-0.610 

 3.250 

-0.044 

 0.133 

-0.160 

 0.250 

-0.140 

 0.030 

-0.010 

 0.030 

-0.010 

 0.030 
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Table 1.5: Adult/subadult (> 100 mm TL) fish species-specific paired t tests (n = 90) comparing CPUE from 2017 sampling to 2019 sampling. 

Sampling was completed at 30 individual sampling units located at 3 access points, totaling 90 sampling units that were sampled in both 2017 and 

2019 with the use of PAEDs. Mean Dif is the difference between 2019 CPUE and 2017 CPUE data. 95% C.I. shows the 95% confidence interval 

of the true difference between 2017 and 2019 CPUE. H0: CPUE2017 = CPUE2019. HA: CPUE2017 ≠ CPUE2019 

 

 Roundtail 

Chub 

Sonora 

Sucker 

Desert 

Sucker 

Black Bass Common 

Carp 

Green 

Sunfish 

Red Shiner Flathead 

Catfish 

 

 2017 2019 2017 2019 2017 2019 2017 2019 2017 2019 2017 2019 2017 2019 2017 2019 

Mean CPUE 0.000 0.000 0.000 0.000 0.011 0.000 0.040 0.056 0.456 0.040 0.011 0.011 0.880 0.978 0.040 0.056 

Mean Dif 0.000 0.000 -0.011 0.016 -0.416 0.000 0.098 0.016 

T Statistic - - -1.000 0.376 -2.987 0.000 0.212 0.332 

P- Value - - 0.320 0.708 0.004 1.000 0.833 0.746 

95% C.I. - 

- 

- 

- 

-0.030 

 0.010 

-0.048 

 0.070 

-0.685 

-0.138 

-0.031 

 0.031 

-0.740 

 0.942 

-0.055 

 0.078 
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Table 1.6: Results from supplemental sampling two-sample t tests (n = 584) comparing native and 

nonnative CPUE between the 2017 and 2019 sampling years. These tests were completed irrespective of 

species size and includes all native and nonnative fish captured as part of this project. Sampling was 

completed at 584 supplemental sampling units, 300 in 2017 and 284 in 2019, randomly located within the 

Upper Verde River. 95% C.I. shows the 95% confidence interval of the true difference between 2017 and 

2019 CPUE. H0: CPUE2017 = CPUE2019. HA: CPUE2017 ≠ CPUE2019 

 

 Native Fish Nonnative Fish 

 2017 2019 2017 2019 

Mean CPUE 0.037 1.071 1.000 0.982 

Mean Dif 1.034 -0.018 

T -Statistic 6.336 0.102 

P –Value <0.001 0.919 

95% C.I. 0.710 

1.350 

-0.358 

 0.323 

 

 

Table 1.7: (a.) ANOVA table comparing mean native fish CPUE between sampling units located at the 

three access points, from upstream to downstream, Beasley Flats, Childs River Access, and Sheeps 

Bridge. A small value (0.05) was added to each response to account for excess zeros. Data was log 

transformed prior to analysis. (b.) If the F-statistic was significant, a post hoc pairwise t-test using a 

Bonferroni adjustment was used to compare mean CPUE between the individual access points (CPUE in 

parentheses). 

Native Fish df Sum Sq Mean Sq F-Statistic P - Value 

Location 2 27.974 13.987 6.166 0.003 

Residuals 87 197.347 2.268   

 

Post Hoc Pairwise Comparisons: Bonferroni Adjustment 

 Beasley Flats (4.80 fish/PAED) Childs (0.00 fish/PAED) 

Childs (0.00 fish/PAED) 0.003 - 

Sheeps Bridge (0.17 fish/PAED) 0.065 0.822 
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Table 1.8: (a.) ANOVA table comparing mean nonnative fish CPUE between sampling units located at 

the three access points, from upstream to downstream, Beasley Flats, Childs River Access, and Sheeps 

Bridge. A small value (0.05) was added to each response to account for excess zeros. Data was then log 

transformed prior to analysis. (b.) If the F-statistic was significant, a post hoc pairwise t-test using a 

Bonferroni adjustment was used to compare mean CPUE between the individual access points (CPUE in 

parentheses). 

Nonnative 

Fish 

df Sum Sq Mean Sq F-Statistic P - Value 

Location 2 77.546 38.768 12.629 <0.001 

Residuals 87 269.197 3.094   

 

Post Hoc Pairwise Comparisons: Bonferroni Adjustment 

 Beasley Flats (0.17 fish/PAED) Childs (1.80 fish/PAED) 

Childs (1.80 fish/PAED) < 0.001 - 

Sheeps Bridge (2.43 fish/PAED)    0.003 0.457 

 

  



35 

 

Table 1.9: Paired t-tests comparing available microhabitat variables substrate composition and overhead 

canopy cover at the three fixed sampling locations. Mean, minimum, maximum, and variance are reported 

for each location as it concerns (a.) substrate composition (Wentworth Scale; Table 1.1) and (b.) overhead 

canopy cover H0: Change in mean (Mean Dif), paired t-test test statistic, and associated P-values are 

reported. Beasley Flats is the most upstream of the access points, Childs River Access is 27 rkm 

downstream of Beasley Flats, and Sheeps Bridge is 80 rkm downstream of Beasley Flats.  

a. 

Substrate 

Beasley Flats Childs River 

Access 

Sheeps Bridge Overall 

 2017 2019 2017 2019 2017 2019 2017 2019 

Mean 2.97 3.34 2.97 3.00 2.79 2.08 2.91 2.81 

Min 0.00 0.00 0.00 0.00 0.00 0.30 0.00 0.00 

Max 5.00 5.00 5.00 5.00 4.70 4.10 5.00 5.00 

Variance 1.36 1.69 1.91 2.13 1.47 1.33 1.55 1.96 

Mean Dif 0.373 0.030 -0.703 -0.100 

T-Statistic 1.364 0.108 -2.556 -0.609 

P- Value 0.183 0.915 0.016 0.5443 

 

b. 

Overhead 

Cover 

Beasley Flats Childs River 

Access 

Sheeps Bridge Overall 

 2017 2019 2017 2019 2017 2019 2017 2019 

Mean 0.63 0.22 0.56 0.53 0.81 0.31 0.67 0.31 

Min 0.23 0.00 0.04 0.13 0.26 0.00 0.04 0.00 

Max 0.95 0.99 0.96 0.99 0.96 0.66 0.96 0.99 

Variance 0.06 0.08 0.10 0.07 0.03 0.03 0.07 0.08 

Mean Dif -0.415 -0.026 -0.645 -0.362 

T-Statistic -5.800 -0.326 -14.041 -7.722 

P- Value <0.001 0.747 <0.001 <0.001 
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FIGURES 

 

 

Figure 1.1: USGS Camp Verde station (09506000) hydrograph from January 1, 2017 through December 

31, 2019. The hydrograph displays discharge within the Verde River over the two-year study period. The 

solid line is measured discharge, while the dotted line represents the median daily discharge over a 41-

year period. Discharge is measured in cubic feet per second (f3/s) with cubic meter per second (m3/s) 

displayed under in parentheses (USGS 2020). 
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Figure 1.2:  Map of the Verde River and the three access points sampled in both 2017 and 2019. 30 

individual sampling units were surveyed at each access point in both 2017 and 2019 resulting in a total of 

180 sampling units. White circles represent the 3 access points from upstream to downstream Beasley 

Flats, Childs River Access, and Sheeps Bridge.  
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Figure 1.3:  Catch per unit effort by species for 2017 sampling in light grey and 2019 sampling in dark 

grey. Dotted bars represent native fishes to the Verde River, AZ. Changes to CPUE are displayed for a. 

age-0 fish (juvenile < 100 mm TL) captured at 90 fixed locations in both the 2017 and 2019 sampling 

years, and for b. Adult fish (> 100 mm TL) captured at 90 fixed locations in both the 2017 and 2019 

sampling years. 

a. 

b. 
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Figure 1.4: Relative abundance of native and nonnative fish captured at the three fixed sampling 

locations in 2017 and 2019, including a combination of catch at the three fixed locations on the far right 

of the figure.  The most upstream sampling location (Beasley Flats) is on the far left of the figure, while 

the most downstream location is on the right (Sheep Bridge).  White dottedbars represent native fishes 

and dark bars represent nonnative fishes.  
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Figure 1.5: Proportional catch of native and nonnative (a.) age-0 (juvenile) fishes and (b.) adult fishes 

from 2019 sampling (284 supplemental sampling units) through a 33.8 km reach of the Verde River, AZ, 

from Clear Creek River Access to Childs River Access. Each pie-chart represents a grouping of sampling 

units within 2000 m of river.  

 

a. b. 
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CHAPTER 2. INTERANNUAL VARIABILITY OF FISH HABITAT UTILIZATION WITHIN 

AN ARIZONA RIVER 

INTRODUCTION 

A tenet of conservation ecology is a comprehensive understanding of habitats used and selected 

for by an individual species (Al-Chokhachy and Budy 2007; Mannan and Steidl 2013). The spatial 

distribution of fish throughout a stream is non-random (Teresa and Casatti 2013), with species selecting 

specific environments that provide adequate resources for survival, growth, and reproduction, while 

minimizing external sources of mortality, e.g., predation (Rosenfeld and Hatfield 2006; Bonar and 

Mercado-Silva 2010; Davis and Wagner 2016). Under an ideal free distribution model, individuals 

arrange themselves in the spatial environment to maximize their fitness (Rosenfeld and Hatfield 2006). In 

accordance with this theory, it is assumed that habitats of better quality will support a greater density of 

individuals, and therefore, the maximization of such habitats will increase the abundance and distribution 

of a target species (Rosenfeld and Hatfield 2016). Habitat suitability criteria (HSC), a spatial prioritization 

tool that has been a standard in fisheries conservation (Al-Chokhachy and Budy 2007; Pool et al. 2013), 

allows for the translation of physical and hydraulic characteristics of the stream environment, into indices 

of habitat quality (Thomas and Bovee 1993; Bonar et al. 2010). This methodology allows for the 

identification of habitats preferentially used and selected for by a target species. 

However, the progression of human-induced climate change and population growth has 

irreparably altered reference conditions, potentially diminishing the utility of previously developed HSC 

(Rajagopal and Gupta 2011; Jaeger et al. 2014; Poff 2017; Rogosch et al. 2019). The American Southwest 

has become hotter and drier, with this trend likely to continue (USGCRP 2018). An increase in air 

temperatures, a reduction to snowpack, and a concurrent increase in human demand for water will result 

in more frequent and severe water shortages of longer duration, fundamentally altering waterways of this 

region (Rajagopal and Gupta 2011; Rogosch et al. 2019). Alteration to instream habitat will impact 

aquatic species’ abundances and distributions. Furthermore, shifts to the biological and environmental 

stressors acting upon each species is likely to alter instream microhabitat utilization (Freeman et al. 1999). 
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Habitat suitability criteria based upon reference conditions that no longer exist may misguide 

conservation efforts (Poff 2017), with uncertainty resulting in management missteps.  

Diminished abundance and distribution of native fishes further complicates or prevents the 

development of stream-specific HSC. At low species density, high quality habitats that would otherwise 

be occupied, remain vacant, biasing use-nonuse studies (Rosenfeld 2003). This is further complicated by 

the local extirpation of some native fish populations. For example, on the Verde River in Arizona, the last 

Razorback Sucker Xyrauchen texanus was collected in 1954 (Creef et al. 1992). Spikedace Meda fulgida, 

Loach Minnow Rhinichthys cobitis, and Colorado Pikeminnow Ptychocheilus lucis have experienced 

similar extirpations from streams throughout their range (Hyatt 2004; Rinne and Miller 2004). However, 

efforts to reestablish and conserve populations of these endemic species remain reliant upon accurate 

habitat data to guide conservation and management actions.  

An individual of a species has a biological and ecological predisposition to select for specific 

habitat types, known as a species fundamental niche. However, a species realized niche, or habitat 

selection under the prevailing environmental and community dynamics of their resident stream, 

introduces variability (Rosenfeld 2003). As a result, species-specific HSC has been found to have limited 

transferability outside of the stream in which it was originally developed (Williams et al. 1999; Strakosh 

et al. 2003; Nemec 2019), diminishing the utility of HSC to inform management at different locations. 

While many studies have concluded that HSC are rarely transferable among streams, few studies have 

examined the transferability of HSC for fishes to different temporal and spatial locations within a 

common stream. Furthermore, almost no information is known about this subject in the American 

Southwest.  

My research addressed whether habitat associations, specifically habitat use, selection, and HSC, 

developed for Black Bass Micropterus spp., Common Carp Cyprinus carpio, and Red Shiner Cyprinella 

lutrensis, three prevalent nonnative species on the Verde River, can inform habitat use, selection, and 

HSC at different spatial and temporal locations within the same river system. To determine whether 



43 

 

habitat associations are valid through space and time within a river system , I compared habitat use, 

selection, and HSC from 2017 to 2019. Sampling in 2017 was spread over the full length of the Verde 

River (~200 rkm), concentrated at access points. Sampling in 2019 occurred within a discrete 38 rkm 

reach of river. Additionally, the Verde River experienced a major flooding event between my 2017 and 

2019 sampling efforts, altering both the biological and physical characteristics of the river environment 

(Jenney CH1). This allowed me to (1) evaluate the interannual variability of species-specific habitat use, 

selection, and HSC to determine how well HSC developed in one year applies to future years following a 

major disturbance event, and (2) evaluate how habitat use, selection, and HSC developed at random 

locations scattered throughout a river system translate to those developed within single discrete stretch of 

river. Knowledge of the how habitat associations translate across space and time within a river system can 

aid in management efforts, as areas with known populations of rare species can be targeted and 

extrapolated to different spatial locations, data from multiple years can be pooled to achieve robust 

sample sizes, and the temporal lifespan of HSC can be extended. 

METHODS 

Study Site 

The Verde River flows for 274 km from its origins at Big Chino Wash (1325 masl) to its terminus 

at the confluence with the Salt River (402 masl; Averitt et al. 1994; Brouder et al. 2000; Bonar et al. 

2004; Ruhi et al. 2015; USGS 2018). The river forms the boundary between the Tonto, Coconino, and 

Prescott National Forests. The Verde River is part of the Gila River Basin, and at a larger scale, the Lower 

Colorado River Basin. For the first 200 km the Verde mainstem, hereafter referred to as the Upper Verde, 

is in free-flowing condition, at which point it is impounded by Horseshoe Reservoir (Averitt et al. 1994). 

This unobstructed condition has allowed for the retention of a relatively natural flow regime, which 

includes a variable and flashy hydrograph, periodic high magnitude flood events, and a bimodal 

distribution of precipitation (Averitt et al. 1994; USFS 2004; Serrat-Capdevilla et al. 2012). As a result of 

the river’s free flowing condition, its scenery, historic and cultural values, and rich fish and wildlife, 65.2 
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km of river was federally protected as Wild and Scenic in 1984. The major anthropogenic impacts to the 

Upper Verde River are climate change, livestock grazing, water diversions, and surface and groundwater 

pumping in support of agriculture and municipalities throughout the basin (Rinne et al. 1998). The Verde 

River contains one of the few remaining native fish communities within Arizona (Rinne et al. 1998). 

Extant native species include the Roundtail Chub Gila robusta, Sonora Sucker Catostomus insignis, 

Desert Sucker Catostomus clarkii, Longfin dace Agosia chrysogaster, and Speckled Dace Rhinichthys 

osculus. Historically, natural populations of Razorback Sucker Xyrauchen texanus, Colorado Pikeminnow 

Ptychocheilus lucius, Spikedace Meda fulgida, Loach Minnow Rhinichthys cobitis, Gila Chub Gila 

intermedia, Gila Trout Oncorhynchus gilae, and Gila Topminnow Poeciliopsis occidentalis occ. resided 

within Verde River, but have not been observed recently. The modern fish community is dominated by a 

suite of nonnative species, including: Red Shiner Cyprinella lutrensis, Black Bass Micropterus spp., 

Common Carp Cyprinus carpio, Rainbow Trout Oncorhynchus clarkii, catfish (Ictaluridae), and other 

members of the sunfish (Centrarchidae) and minnow (Cyprinidae) families.  

Data Collection 

I used data collected by Nemec (2019) and Lee (2019) in June 2017 and surveyed using the same 

techniques in June 2019 in the Upper Verde River. Surveys were conducted during daylight (0700 hr to 

1700 hr) at baseflow, with flows ranging from 1.42 m3/s (50 CFS) to 1.70 m3/s (60 CFS; USGS Gage 

09506000).  

I collected fish over a particular habitat type using prepositioned areal electrofishing devices 

(PAEDs). Each individual PAED was considered a sampling unit. PAEDs reduce fright bias, allow for 

multispecies analysis, and are useful in quantifying fish abundance as it relates to discrete microhabitat 

conditions (Bain et al. 1985; Bovee 1986). I constructed PAEDs using two 1.5 m long, 1.3 cm diameter, 

steel pipes, separated by 1.0 m, creating a 1.5 x 1.0 m rectangular frame. This frame was connected to a 

15.24 m (50-ft), 12-gauge extension cord that was run downstream of the PAED and connected to a 

Sportsman 2,000/1,400 W gasoline powered portable generator (BuffaloTools, O’Fallon, Missouri). This 
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generator supplied 120 V to each PAED frame, as measured by a multimeter. I placed the PAED frame on 

the streambed at random locations. I then allowed the PAED to sit undisturbed, while technicians 

remained out-of-sight for a minimum 11 min (Bain et al. 1985). Following the wait period, an operator 

energized the PAED unit for a minimum of 15 s or until otherwise signaled by the netter. Immobilized 

fish were netted by a technician that entered the stream, in stealth, from downstream of the PAED 

location. I identified captured fish to species and measured fish (TL) prior to releasing fish at, or near, 

their original capture location. 

In 2017, 30 sampling units were randomly placed at 10 individual access points spread 

throughout the length of the upper Verde River (~200 km) resulting in 300 individual sampling units  

(Lee 2019; Nemec 2019). This data was compared to 2019 sampling, in which I sampled 292 sampling 

units placed at random locations in a discrete 38 km stretch of river which encompassed the “Scenic” 

section of the “Wild and Scenic” Verde River. (Figure 2.1). Additionally, 90 sampling units were sampled 

in both 2017 and 2019 at fixed locations within the “Wild and Scenic” reach of river, a total of 180 

sampling units over the two-year sampling period. Overall, sampling units totaled 390 in 2017 and 382 in 

2019, a combined total of 772 sampling units over the two-year sampling period. All sampling units were 

recorded and identified using Garmin eTrex GPS units accurate to 15 m, 95% of the time, with accuracy 

of 5 m common under normal conditions (GarminUSA). 

To quantify habitat use and selection I measured depth, flow velocity, substrate composition, and 

overhead canopy cover within each PAED frame (Bovee 1986; Bonar et al. 2010; Nemec 2019; Lee 

2019). I obtained habitat measurements regardless of whether fish were captured within the sampling unit, 

allowing for a habitat use-nonuse analysis (Keating and Cherry 2004). I measured depth using a 1.5 m 

USGS top-setting wading rod (Rickly Hydrological, Columbus, Ohio) and flow velocity at 60% of total 

depth using USGS pygmy flow meters with Aqua-CMD current meter digitizers or Marsh-McBirney 

electromagnetic flow meters (Hach Company, Loveland, Colorado). I placed a 1 m chain with markings 

every 10 cm at random locations within the PAED frame and estimated substrate size at each demarcation 
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according to a modified Wentworth Scale (Table 2.1; Bain et al. 1985; Bovee 1986). I then averaged the 

ten substrate classifications to calculate one substrate score for each sampling unit (Bain et al. 1985). 

Next, I quantified overhead canopy cover using a spherical densiometer. I obtained overhead canopy 

cover measurements in four directions, upstream, downstream, towards the left bank, and towards the 

right bank, as described in Lemmon (1956). Overhead cover was limited to overhead vegetation; cliff-

faces, bridges, and other obstructions were not included in this analysis.  

Our sampling was limited by stream depth as we were unable to consistently electro-fish in 

waters exceeding 1.5 m deep. Therefore, I defined our sampling frame as waters less than 1.5 m deep 

(Bower and Freeman 1998).  

Data Analysis 

Sample size sufficient (≥ 20 PAED locations) to investigate habitat associations in both 2017 and 

2019 was only achieved for two fish species: Red Shiner, Common Carp, and one species/age-class 

complex, age-0 Black Bass (< 100 mm TL). This species complex included three individual species: 

Smallmouth Bass Micropterus dolomieu, Largemouth Bass Micropterus salmoides, and Redeye Bass 

Micropterus coosae. This grouping was necessary as basses < 100 mm TL were difficult to 

morphologically differentiate in field conditions due to Smallmouth Bass and Redeye Bass hybridization 

(Pipas and Bulow 1998) which is common within the Verde River (Jenney and Peatman, unpublished). 

My analysis of fish habitat associations from 2017 sampling to 2019 sampling focused exclusively on 

these species/ species grouping.  

Data Analysis: Microhabitat Use: 2017-to-2019 

I used a Kruskal-Wallis nonparametric analysis to test for rank-sum homogeneity in mean 

microhabitat use from the 2017 sampling season to the 2019 sampling season. The nonparametric test was 

used due to non-normal distribution of errors and heteroscedasticity. Using species-specific habitat use 

data, I sorted used microhabitat variables, depth, flow velocity, substrate composition, and overhead 

canopy cover, in ascending order by sampling year, then plotted habitat use for 2017 and 2019 as side-by-
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side histograms. I ran individual Kruskal-Wallis tests for each species and microhabitat variable to 

evaluate change to mean habitat use of depth, flow velocity, substrate composition, and overhead canopy 

cover from one sampling season to another based on ranked sums.  

Data Analysis: HSC Transferability 2017-to-2019 

I developed HSC at the individual species-level using a one-sided χ²-test to quantify microhabitat 

selection and use as it relates to depth, flow velocity, substrate composition, and overhead canopy cover 

(Bovee 1986) for both 2017 and 2019 habitat data. Presence, or use, was defined as a fish being detected 

within a sampling unit, and absence, or nonuse, was defined as a failure to detect a species at an 

individual sampling unit. The dataset of available microhabitat conditions was generated from the set of 

390 sampling units surveyed in 2017 and 382 sampling units surveyed in 2019. I sorted occupied 

locations and identified the central 50% of these locations as optimal habitat. A one-sided χ²-test, using 

counts of occupied vs. unoccupied cells within the optimal habitat range was used to test the hypothesis 

that fish are nonrandomly distributed throughout the environment and preferentially select for specific 

habitat types over those available. Selection was considered significant if P ≤ 0.05. If P was not 

significant, the central 50% (optimal habitat) was still reported, but the range of habitat suitability criteria 

was expanded incrementally by 10% (central 60%, central 70%, central 80%) until significance was 

achieved and selections was inferred. I reported significant values as habitat suitability criteria for the 

individual species and species complex. If significance was not achieved, it was assumed that the specific 

microhabitat variable was not being selected.  

To test the transferability of HSC from one sampling year to another I tested the fit of the 2017 

HSC for depth, flow velocity, substrate composition, and overhead canopy cover to 2019 use/nonuse data, 

and then reversed the relationship and tested the 2019 HSC to 2017 use/nonuse data, as per methods 

outlined in Thomas and Bovee (1993). This analysis was used to evaluate how well use-nonuse data from 

one sampling year fit HSC values developed in a different year. Transferability was tested using a 2 x 2 

contingency table of occupied and unoccupied cells within the defined range of microhabitat values. 
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Using a directional χ² test, I tested the null hypothesis that fish were present at sites within the minimum 

and maximum HSC range in the same proportion as they occupied sites outside of that range.  

Data Analysis: Resource Selection Probability Functions: 2017-to-2019  

 I evaluated selection by developing resource selection probability functions (RSPF) using use-

nonuse data collected via random sampling to develop logistic regression models. Data from both 2017 

sampling and 2019 sampling were combined into one dataset. The binary logistic regression (LOGIT 

link) was used to model the relationship between the log odds of fish presence and microhabitat variables: 

depth, substrate composition, overhead canopy cover, and sampling year. Within this model,  “use” 

indicated that a specific species was detected within the sampling unit and  “nonuse” indicated that a 

species was not detected within the sampling unit. To test for interactions between explanatory variables, 

I tested for correlation. If explanatory variables displayed strong correlation values (r > 0.75) they would 

be removed from the final model. When no strong correlation between explanatory variables was found, I 

proceeded with the logistic regression model. RSPFs were developed independently for juvenile (<100 

mm TL) and adult (>100mm TL) Black Bass and Common Carp. This size separation was not done for 

Red Shiner. All coefficients (slopes) were back-transformed to the odds-scale prior to reporting. Model fit 

was reported using McFadden’s pseudo-R2. McFadden’s R2 values ranging from 0.20 to 0.40 represent an 

excellent model fit (Veall and Zimmerman 1996). Next, I used an area under the curve analysis (AUC) to 

evaluate model accuracy. The minimum AUC value of 0.5 represents no relationship and a maximum 

AUC value of 1.0 represents a perfect match between the data and the model. An AUC score of 0.7 – 0.8 

would represent a model that is useful, despite imperfect accuracy (Fielding and Bell 1997). All analyses 

were completed using R Studio Version 1.2.5033 (RStudio Team 2019).  

RESULTS 

Interannual Variability in HSC and Habitat Use 
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 My habitat analysis suggests that microhabitat use, selection, and HSC of an individual species is 

likely to shift in response to variability in the environment, however, remains relatively constant across 

space and time within a common river system  (Table 2.2). Common Carp selected for deep and slow 

waters in both 2017 and 2019. In 2017, Common Carp selected for depths from 0.58 m to 0.90 m with 

velocity ranging from 0.00 m3/s to 0.07 m3/s. Common carp displayed selection for low to moderate 

levels of overhead canopy cover ranging from 33% to 48%, with no selection for substrate. In 2019, 

Common Carp selected for depths ranging from 0.32 m to 0.99 m with velocities ranging from 0.00 m3/s 

to 0.07 m3/s. Again, Common Carp selected for low to moderate levels of overhead cover from 17% to 

43%, with no selection for substrate composition. No differences in Common Carp use of depth (µdif = 

0.06 m, KW = 0.12, P = 0.73), flow velocity (µdif = 0.04 m3/s, KW = 0.06, P = 0.79), substrate 

composition (µdif = 0.21 , KW = 0.48, P = 0.49), or overhead canopy cover (µdif = 0.03, KW = 0.84, P = 

0.36; Figure 2.2) was observed. Common Carp disproportionately selected for pool macrohabitat types 

over riffle and run macrohabitats in both 2017 and 2019.  

 Red Shiner selected for shallow waters with the highest flow velocity of any species encountered 

in both the 2017 and 2019 sampling seasons. In 2017, Red Shiner selected for depths of 0.23 m to 0.40 m 

and flow velocities that ranged from 0.15 m3/s to 0.52 m3/s. Selection for overhead canopy cover was 

broad, ranging from 14% to 96%, yet selection for substrate was relatively narrow, ranging from 2.30 

(gravel) to 3.70 (large pebble to cobble). In 2019, Red Shiner selected for depths ranging from 0.32 m to 

0.50 m and velocities from 0.13 m3/s to 0.47 m3/s. No selection for substrate composition nor overhead 

cover was observed in the 2019 sampling season. Red Shiner use of depth increased by 0.11 m from 2017 

(µ = 0.31 m) to 2019 (µ = 0.42 m; KW = 14.37, P < 0.001) and use of overhead cover declined by 0.35 

from 2017 (µ = 0.66) to 2019 (µ = 0.31; KW = 28.85, P < 0.001; Figure 2.3). I found no difference in the 

use of flow velocity (µdif = 0.05 m3/s , KW = 0.83, P = 0.36) or substrate composition (µdif = 0.39 , KW = 

2.45, P = 0.12) between sampling years.  Roughly 50% of all Red Shiner were captured in riffles, 40% 
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were captured in runs, and 10% were captured in pool macrohabitats in both 2017 and 2019 sampling 

seasons.  

Age-0 Black Bass selected for shallower than available waters of moderate velocities. In 2017, 

age-0 Black Bass utilized depths ranging from 0.28 m to 0.51 m with flow velocities of 0.13 m3/s to 0.35 

m3/s. Preferred sites consisted of overhead cover ranging from 8% to 96% and  substrate composition 

from 1.20 (sand) to 3.00 (pebble). In 2019, age-0 Black Bass utilized depths ranging from 0.33 m to 0.53 

m and flow velocity ranging from  0.02 m3/s to 0.19 m3/s. Use of overhead cover ranged from 15% to 

48%, yet utilization of substrates was broad, from 1.00 (sand) to 4.80 (cobble/boulder). Some evidence 

suggests age-0 Black Bass used waters of increased depth from 2017 (µ = 0.41 m) to 2019 (µ = 0.47 m) 

(µdif = 0.06 m, KW = 3.32, P = 0.07; Figure 2.4). Age-0 Black Bass used slower waters (µdif = 0.11 m3/s) 

in 2017 (µ = 0.25 m3/s) than in 2019 (µ = 0.13 m3/s; KW = 22.96, P < 0.001); however, age-0 Black Bass 

used larger substrate sizes (µdif = 0.81) from 2017 (µ = 2.23) to 2019 (µ = 3.04; KW = 15.63, P < 0.001). 

Age-0 Black Bass use of overhead canopy cover decreased from 2017 (µ = 0.63) to 2019 (µ = 0.31; KW = 

49.34, P < 0.001). Age-0 Black Bass were predominantly found to occupy pools (27%) and runs (67%) in 

2017; however, sampling in 2019 found Black Bass in pools (40%), runs (32%), and riffles (27%).  

Transferability of HSC 

 I found 50% of Common Carp HSC to be transferable from 2017 to 2019 and from 2019 to 2017. 

In both analyses, flow velocity and overhead cover were transferable between the sampling seasons; 

however, HSC for depth and substrate composition were not transferable.  

 Fifty percent of HSC developed for Red Shiner was found to be transferable in both 2017 and 

2019, yet the variables that were transferable differed between sampling seasons. Depth and substrate 

composition were the microhabitat variables I found to be transferable from 2019 to 2017; however, flow 

velocity may also have marginally transferability ( P< 0.15). Habitat suitability criteria for depth and flow 

velocity was found to be transferable from 2017 to 2019, while substrate composition and overhead cover 

were not transferable. Overhead cover displayed some transferability (P< 0.15). 
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 The transferability of HSC developed for age-0 Black Bass showed the most variation between 

sampling seasons. Habitat suitability criteria from 2017 to 2019 was found to be 75% transferable, but 

HSC from 2019 to 2017 was found to be 25% transferable. Only one variable, depth, was transferable 

from 2019 to 2017, with overhead cover being transferable to a significance of P < 0.15. However, three 

variables, depth, flow velocity, and overhead canopy cover were found to be transferable from 2017 to 

2019. In addition, the one variable that was not transferable in 2017, substrate composition, may have 

some transferability value (P< 0.15).  

Resource Selection Probability Functions 

 Sampling year impacted the likelihood of both Red Shiner and adult Black Bass presence but was 

not a significant predictor of presence for juvenile Common Carp, adult Common Carp, of juvenile Black 

Bass (Table 2.4). Depth was a significant variable in predicting the presence of all species groupings, 

except for adult Black Bass (GLM, odds 1.04, z760 = 0.05, P = 0.96; Table: 2.4). Substrate composition 

was the least predictive of all microhabitat variables included in this study.  

 The odds likelihood (Figure 2.4) of age-0 (juvenile) Common Carp presence declined per each 

one unit increase in depth (GLM, odds 0.004, z760 = -3.57, P < 0.001) and velocity (GLM, odds 0.008, 

z760 = -2.12, P < 0.034). Odds-likelihood of age-0 Common Carp presence was not related to sampling 

year (GLM, odds 0.302, z760 = -1.60, P = 0.110). The logistic regression was of moderate accuracy (AUC 

0.85) and fit (McFadden’s R2 = 0.19).  

 The odds likelihood (Figure 2.4) of adult Common Carp presence increased per each one unit 

increase to depth (GLM, odds 12.884, z760 = 3.70, P < 0.001) and overhead cover (GLM, odds 8.21, z760 = 

2.93, P = 0.003), but decreased with each unit increase to flow velocity (GLM, odds 0.007, z760 = -2.74, P 

= 0.006). Odds-likelihood of adult Common Carp presence was not related to sampling year (GLM, odds 

0.917, z760 = -0.21, P = 0.832). The logistic regression was of moderate accuracy (AUC 0.82) and fit 

(McFadden’s R2 = 0.16). 
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 The odds likelihood (Figure 2.4) of Red Shiner presence decreased per each one unit increase to 

depth (GLM, odds 0.004, z760 = -7.83, P < 0.001), but increased with each one unit increase to flow 

velocity (GLM, odds 4.633, z760 = 3.34, P = 0.001). Odds likelihood of Red Shiner presence was related 

to sampling year and declined from the 2017 sampling year to the 2019 sampling year (GLM, odds 0.436, 

z760 = -3.10, P = 0.002). The logistic regression was of moderate accuracy (AUC 0.82) with excellent fit 

(McFadden’s R2 = 0.21). 

 The odds likelihood (Figure 2.4) of age-0 (juvenile) Black Bass decreased per each one unit 

increase in depth (GLM, odds 0.026, z760 = 7.70, P < 0.001), velocity (GLM, odds 0.192, z760 = -3.37, P 

= 0.001), and overhead canopy cover (GLM, odds 0.336, z760 = -3.06, P = 0.002). Odds-likelihood of 

age-0 Black Bass presence was not related to sampling year (GLM, odds 0.917, z760 = 0.380, P = 0.701). 

Model accuracy (AUC 0.73) and fit (McFadden’s R2 0.11) were poor. 

 The odds likelihood (Figure 2.4) of adult Black Bass decreased with each one unit increase to 

overhead canopy cover (GLM, odds 0.146, z760 = -2.31, P = 0.021). Depth, flow velocity, and substrate 

composition were found to be unrelated to adult Black Bass presence. The odds-likelihood of Black Bass 

presence was related to sampling year and increased from the 2017 sampling year to the 2019 sampling 

year (GLM, odds 1.040, z760 = 1.810, P = 0.070). The model for adult Black Bass had the lowest accuracy 

(AUC 0.66) and worst fit (McFadden’s R2 0.04) of all species studied. 

DISCUSSION 

Interannual Variability in Habitat Utilization 

 My evaluation of microhabitat utilization by two fish species and one species complex inhabiting 

the Verde River indicates that microhabitat use and selection, and HSC is subject to interannual 

variability; however, this variability was minimal. Species are morphologically and behaviorally adapted 

to specific habitats, resulting in a predisposition to select for specific macrohabitat types that provide 

resources necessary to survive, grow, and reproduce, while limiting energy expenditures and exposure to 
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sources of mortality (Bonar and Mercado-Silva 2010; Teresa and Casatti 2013). While microhabitat 

utilization and selection displayed some variability, the use of macrohabitats remained similar across 

space and time within the Verde River; Red Shiner were found in riffles and runs, Common Carp were 

found in pools, and Black Bass were distributed through all macrohabitats. These macrohabitats share 

common microhabitat characteristics; riffles are shallow with increased flow velocities and larger 

substrate sizes, runs tend to be an intermediate between riffles and pools, and pools are deep with low 

flow velocities and smaller substrate types (Jowett 1993). Because of this, habitat selection for 

macrohabitat specialist species, those that disproportionately select for specific habitat types, is expected 

to remain within a range of conditions consistent with their preferred macrohabitats (Rosenfeld 2003; 

Craven et al. 2010).  

Observed variations in habitat associations were minimal and I argue that these results have little 

biologically significance (Williams et al. 1999). Red Shiner used deeper waters of reduced overhead 

cover in 2019, yet it is likely that this shift represents a change to the environment due to the spatial and 

temporal locations of surveys rather than a shifting of biological baselines. Surveys conducted in 2019 

occurred downstream of 70% of sampling units surveyed in 2017. In accordance with the river continuum 

concept, it is no surprise that overall depths increased and overhead cover was reduced as stream order 

increased (Vannot et al. 1980). Due to the turbidity of the Verde River, depth was evaluated using total 

depth rather than focal depth. It is possible, despite an observed “deepening” of overall depths used and 

selected for by this species, that these fish maintained the same focal position in the water column. Red 

Shiner selection of riffle and run macrohabitats, did however, remain remarkably similar in both 2017 and 

2019.  

Common Carp specialize in the use of slow flowing, relatively deep water (Jones and Stuart 

2007). I disproportionately found Common Carp to occupy pools, regardless of sampling year or location. 

Consistent with selection for pools, these fish used and selected for deep water of little-to-no, flow, 

resulting in no differences to Common Carp microhabitat use and selection, despite major differences in 
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sampling locations and sampling years.  It should be noted that limitations to our sampling prevented 

sampling in pools deeper than 1.5 m. Consequently, sampling of pools was concentrated along the stream 

margins in areas < 1.5 m, habitat types that tend to share microhabitat characteristics, such as small 

substrate particle sizes and low flow velocities. Imperfect sampling of pool environments may have 

underestimated Common Carp use of these deep pool environments. 

 Black Bass are generalist species and are likely to exploit habitats based on their availability 

rather than a biological predisposition for specific macrohabitat types (Remshard and Fisher 2009), 

resulting in interannual variation to habitat use, selection, and HSC. Alteration to age-0 Black Bass 

microhabitat utilization mirrored changes to the availability of microhabitats. Concurrent with age-0 

Black Bass microhabitat preferences shifting to deeper waters of slower flow velocity, larger substrate 

sizes, and reduced overhead cover; we found that the availability of habitats throughout the Verde River 

became deeper with slower water velocities, large substrates, and reduced cover from 2017 to 2019. 

These changes were likely due to the large flooding event that preceded 2019 sampling (Jenney, CH1) 

and differences to the spatial locations of sampling units. Age-0 Black Bass were distributed through all 

macrohabitat-types. This finding may suggest that the variation in microhabitat utilization observed 

within age-0 Black Bass is a product of sampling location and the availability of specific microhabitat 

characteristics. It should be noted that the grouping of age-0 Black Bass included three distinct species 

and one hybrid: Largemouth Bass, Smallmouth Bass, Redeye Bass, and hybrids of Smallmouth and 

Redeye Bass. The diversity of species within this grouping could be contributing to the broad range of 

microhabitat these fish were observed to use 

My analysis of fish microhabitat use, selection, and HSC suggests that the transferability of HSC 

to different spatial and temporal locations within a common river is tenable. However, my findings 

suggest that habitat associations developed at locations spread throughout a river system may have greater 

transferability to a single reach, than those developed in a single reach transfer to the overall river. This 

was evident for age-0 Black Bass, in which 75% of HSC was transferable from river access points to a 
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single river segment, yet only 25% of HSC displayed transferability when the relationship was reversed. 

Habitat data developed throughout a river system is likely to account for a broader range of microhabitat 

utilization than that which was developed in a single reach, as it is assumed that surveying throughout the 

whole river will capture additional variability that may be lost at a local scale. Generalist species are 

likely to utilize microhabitats proportional to their availability, as biological adaptations allow these 

species to exploit a variety of habitat-types rather than the narrow range of conditions exploitable by 

macrohabitat specialists. My findings suggest that defining habitat for generalist species would benefit 

from defining the broadest range of habitat conditions, which is achieved by sampling at multiple spatial 

locations, spread throughout a river system.  

Habitat suitability criteria remained 50% transferable for Common Carp and Red Shiner, two 

species considered macrohabitat specialists. Macrohabitat specialists are inherently less plastic in their 

habitat selection and utilization (Van Tienderen 1997; Teresa and Casatti 2013). As a result, it would be 

expected that HSC would have increased transferability, regardless of changes to habitat availability. The 

lack of transferability of depth was curious for Common Carp; however, this was a product of a 66.6% 

increase in the number of Common Carp juveniles captured in 2019 sampling. The grouping of both age-

0 and adult Common Carp, necessary to achieve an adequate sample size for the development of HSC, 

likely over-estimated the true depth preference of age-0 Common Carp and under-estimated the true depth 

preference of adult Common Carp. This was confirmed by the logistic regression model in which adult 

Common Carp and juvenile Common Carp were analyzed independently. Additionally, selection for 

substrate composition was not observed and it is likely that these fishes only select for substrates at 

discrete points in their life-history, specifically during spawning (Barret and Maughan 1995; Brouder 

2001; Minckley and Marsh 2009).  

If correcting for Common Carp depth utilization and assuming that substrate is not being selected 

for, the transferability of HSC for Common Carp increases to 100%. Red Shiner flow velocity failed to 

transfer from 2017 to 2019, not because a reduction of 0.02 m3/s to the lower range and a 0.05 m3/s upper 
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range is biologically meaningful, but rather due to large sample size resulting in statistical significance 

(Williams et al. 1999). Additionally, Red Shiner selection for overhead cover was broad in both 2017 

(14% - 96%) and 2019 (0% - 100%), suggesting no true selection despite achieving statistical significance 

in 2017. Because of these reasons, I posit that HSC developed for Common Carp and Red Shiner is 

highly transferable within a river system.  

Pooling of Stream-Specific HSC 

 As we navigate an uncertain environmental future defined by the diminishing availability of 

water resources (Poff 2007), the conservation and management of imperiled fishes depend on the ability 

to identify and understand fish microhabitat use in novel, variable environments (Al-Chokhachy and 

Budy 2007; Mannan and Steidl 2013). My data suggests that, despite variability to species-specific 

habitat use and the incomplete transferability of criterion between sampling locations and seasons, the 

interannual utilization of macro- and microhabitats remains relatively constant within a common river. 

Therefore, stream-specific habitat suitability criteria used to inform management has utility in years and 

spatial locations outside of which it was originally developed. This finding justifies the pooling of HSC 

developed over multiple seasons and locations. Based upon this logic, the pooling of HSC developed over 

multiple years and at different locations within the same river is likely to result in a broader definition of 

habitats utilized by a species. Expanding our understanding of the range of microhabitat conditions 

utilized by a species could provide insights into a species’ “real” habitat requirements and preferences in 

an inherently dynamic environment (Freeman et al. 1999).  

Limitations to Habitat Use-Availability Models 

My analysis of fish microhabitat utilization was limited to select nonnative fish species. However, 

evidence of native fishes shifting habitat associations in response to environmental variability, 

specifically predator load, is abundant in the desert Southwest (Rinne 1985, Rinne 1991, Dudley 1995). 

Further work examining variability in habitat use by native desert fishes over time and space is necessary. 
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Additionally, interannual habitat use was examined over a relatively short temporal period in which the 

major make-up of the fish community and distribution of macrohabitats remained similar. If the study 

period was expanded, this may no longer hold true.  

Management Implications 

The volatility of rivers within the desert Southwest is beneficial to native fish persistence (Jenney, 

CH1); however, it can be a problematic for managers, as the biological and environmental conditions of 

the river are subject to regular change, complicating management activities. This problem is compounded 

by the advance of human induced climate change and urbanization, which will continue to stress water 

resources and transform rivers (Sabo et al. 2010; Serrat-Capdevilla 2010; Ruhi et al. 2015; Rogosch et al. 

2019). Floods, droughts, variation in habitat availability, and alteration to the composition of the fish 

community are regular occurrences influencing the distribution and habitat use of the resident fish 

community. Management activities informed by HSC are rarely, if ever, conducted in the same year or 

spatial location in which HSC was originally developed, resulting in some level of uncertainty. 

Additionally, habitat studies are conducted at significant costs; conducting multiple studies within the 

same river system is not tenable (Freeman et al. 1999). My research is noteworthy as it identifies 

interannual variation in fish microhabitat use, selection, and HSC, yet concludes that HSC has utility 

informing management at different temporal and spatial locations within a river. This may allow for the 

targeting of known areas of species abundance and the extrapolation of that data to inform management at 

different spatial locations. 

Furthermore, my research stresses the utility of pooling stream-specific microhabitat-use data 

from multiple years to present a more holistic view of the range of conditions utilized by an individual 

fish species within a single river. As a corollary benefit, the pooling of habitat data will allow for 

increased sample sizes, thus reducing errors and bias inherent within microhabitat utilization studies 

(Thomas and Bovee 1993). An understanding of the full suite of microhabitat conditions selected for by 
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aquatic species will allow managers to project the future response of fishes to unprecedented climatic and 

environmental conditions (Mannan and Steidl 2013). 
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TABLES 

Table 2.1: Modified Wentworth Substrate Classification Scale (Bain and Stevenson 1999) 

 

 

Substrate type Particle Diameter Range 

(mm) 

Sample Code 

 

Boulder >256 5 

Cobble 64-256 4 

Pebble 16-63 3 

Gravel 2-15 2 

Sand 0.06-1 1 

Silt/Clay <0.059 0 

Bain and Stevenson 1999 
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Table 2.2: Comparison of the minimum, mean, and maximum HSC values developed in 2017 and 2019. 

*** represents significance of P ≤ 0.01, ** P ≤ 0.05, * ≤ 0.10. The difference in the minimum, mean, and 

maximum values from 2019 to 2017 is calculated for each species and microhabitat variable at the right 

of each table. 

Depth (m) 2017 HSC 2019 HSC Difference (2019 – 2017) 

Species Min  Mean Max P Min  Mean Max P Min Mean Max 

Common Carp 0.58 0.73 0.90 ** 0.32 0.67 0.99 *** -0.26 -0.06 0.09 

Red Shiner 0.23 0.31 0.40 *** 0.32 0.42 0.50 ** 0.09 0.11 0.10 

Black Bass (age-0) 0.28 0.41 0.51 *** 0.33 0.47 0.53 *** 0.05 0.06 0.02 

        

Flow Velocity 

(m3/s) 

2017 HSC 2019 HSC Difference (2019 – 2017) 

Species Min  Mean Max P Min  Mean Max P Min Mean Max 

Common Carp 0.00 0.09 0.07 *** 0.00 0.05 0.07 ** 0.00 -0.04 -0.01 

Red Shiner 0.15 0.37 0.52 ** 0.13 0.32 0.47 *** -0.02 -0.05 -0.05 

Black Bass (age-0) 0.13 0.25 0.35 *** 0.02 0.13 0.19 ** -0.11 -0.12 -0.16 

        

Substrate Comp. 2017 HSC 2019 HSC Difference (2019 – 2017) 

Species Min  Mean Max P Min  Mean Max P Min Mean Max 

Common Carp 0.00 2.66 4.60 N.S. 0.00 2.87 5.00 N.S. 0.00 0.21 0.40 

Red Shiner 2.30 2.96 3.70 ** 1.50 3.35 5.00 N.S. -1.20 0.39 1.30 

Black Bass (age-0) 1.20 2.23 3.00 ** 1.00 3.04 4.80 * -0.20 0.81 1.80 

        

Overhead Cover 2017 HSC 2019 HSC Difference (2019 – 2017) 

Species Min  Mean Max P Min  Mean Max P Min  Max 

Common Carp 0.33 0.40 0.48 *** 0.17 0.37 0.43 ** -0.16 -0.03 -0.06 

Red Shiner 0.14 0.66 0.96 ** 0.00 0.31 1.00 N.S. -0.14 -0.35 0.04 

Black Bass (age-0) 0.08 0.63 0.96 ** 0.15 0.32 0.48 ** 0.07 -0.31 -0.48 

        

 

  



61 

 

Table 2.3: Transferability of habitat suitability criteria. 2019 transferability indicates fitting HSC 

developed in 2019 to presence/absence data developed in 2017. 2017 transferability is fitting HSC 

developed in 2017 to presence absence data developed in 2019. A (+) means that there is transferability, 

significant at P ≤ 0.05, a (-) means that HSC criteria was not transferable. Original values represent 

whether HSC was significant for the year in which it was developed. T-scores and associated P-values are 

included for each species’ association with microhabitat variables. 

 

 

 2019 Transferability Original 

2017 p-

value 

2017 Transferability Original 

2019 p- 

value  t-score p-value Transferable? t-score p-value Transferable? 

Common Carp         

  Depth(m) 0.40 N.S. - + -0.65 N.S. - + 

  Velocity (m3/s) 3.43 < 0.01 + + 2.23 <0.05 + + 

  Substrate Comp 0.65 N.S. - - 0.64 N.S. - - 

  Overhead Cover 3.18 < 0.01 + + 12.19 <0.05 + + 

Red Shiner         

  Depth(m) 2.19 < 0.05 + + 5.76 <0.01 + + 

  Velocity (m3/s) 1.05 < 0.15 - + 4.63 <0.01 + + 

  Substrate Comp 1.96 < 0.05 + + -0.38 N.S. - - 

  Overhead Cover -0.63 N.S. - + -1.20 <0.15 - - 

Black Bass (age-0)         

  Depth(m) 2.46 < 0.01 + + 5.40 <0.01 + + 

  Velocity (m3/s) 0.16 N.S. - + 1.76 <0.05 + + 

  Substrate Comp -0.53 N.S. - + 1.22 <0.15 - + 

  Overhead Cover 1.16 < 0.15 - + 1.67 <0.05 + + 
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Table 2.4: Resource Selection Probability Function (RSPF), or the odds of individual species/age-class presence in relation to microhabitat 

features depth, flow velocity, substrate composition, overhead canopy cover, and sampling year. The logistic regression model was binomial, 

using a LOGIT link, and use-nonuse data. Back transformed coefficient estimates represent the odds likelihood of presence in relation to each 

covariate. Fish < 100 mm are classified as age-0 or juveniles (J) and fish > 100 mm are classified as adults (A). AUC values of ≥ 0.80 represents 

moderate model accuracy, with values ≥0.90 representing excellent model accuracy. McFadden’s R2 values of 0.15 – 0.20 represent moderate 

model fit, values of 0.20 – 0.40 represent excellent model fit.  

Species Age 

Clas

s 

n Depth P-

Depth 

Flow 

Velocity 

P- Flow 

Velocity 

Substrate 

Comp 

P-Substrate 

Comp 

Overhead 

Cover 

P- Overhead 

Cover 

Year P-

Year 

AU

C 

Psuedo-

R2 

Carp J 14 0.004 <0.001 0.008 0.034 1.070 0.766 0.740 0.782 0.302 0.110 0.85 0.19 

Carp A 34 12.884 <0.001 0.007 0.006 1.113 0.436 8.21 0.003 0.917 0.832 0.82 0.16 

Red Shiner A 106 0.004 <0.001 4.633 0.001 1.035 0.731 0.729 0.467 0.436 0.002 0.82 0.21 

Black Bass J 165 0.026 <0.001 0.192 0.001 0.893 0.118 0.336 0.002 1.079 0.701 0.73 0.11 

Black Bass A 23 1.040 0.963 0.558 0.579 1.118 0.505 0.146 0.021 2.402 0.070 0.66 0.04 
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FIGURES 

 

 

 

 
 

 

 

 

 

Figure 2.1: Map of sampling locations throughout the Verde River, Arizona for both 2017 and 2019 

sampling. Black circles show the general location of the 300 randomly located sampling units at access 

points sampled in 2017 (30 sampling units at each access point). White circles show the general location 

of the 90 fixed sampling units, 30 at each access point, surveyed in both 2017 and 2019. 292 sampling 

units were surveyed in 2019 within the area labeled ‘2019 Random Sampling’.   
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Figure 2.2: Side-by-side histograms of Common Carp utilization of microhabitat as it relates to depth, 

flow velocity substrate composition, and overhead canopy cover. 2019 survey data is shown in the top 

histogram (a.) with 2017 survey data shown in the bottom histogram (b.). Kruskal-Wallis P-values are 

shown within each histogram.  
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Figure 2.3: Side-by-side histograms of Red Shiner utilization of microhabitat as it relates to depth, flow 

velocity substrate composition, and overhead canopy cover. 2019 survey data is shown in the top 

histogram (a.) with 2017 survey data shown in the bottom histogram (b.). Kruskal-Wallis P-values are 

shown within each histogram.  
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Figure 2.4: Side-by-side histograms of Age-0 Black Bass utilization of microhabitat as it relates to depth, 

flow velocity substrate composition, and overhead canopy cover. 2019 survey data is shown in the top 

histogram (a.) with 2017 survey data shown in the bottom histogram (b.). Kruskal-Wallis P-values are 

shown within each histogram. 
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CHAPTER 3. HABITAT UTILIZATION OF FISHES WITHIN A NONNATIVE-DOMINATED 

RIVER OF THE DESERT SOUTHWEST  

INTRODUCTION 

Native fish of the desert Southwest are regarded as one of the most imperiled faunal groups 

globally (Turner and List 2007; Pool and Olden 2014). A legacy of nonnative species introductions aided 

by anthropogenic habitat alteration, has resulted in the collapse of many native fish populations 

(Minckley and Meffre 1987; Propst et al. 2008). Of 35 species endemic to the desert Southwest, > 80% 

are listed as extinct, endangered, threatened, or species of concern (Rinne 1994; Turner and List 2007). 

The persistence of these unique species is predicated on aggressive conservation efforts focused on 

advantaging native fishes through the maximization of favored habitat conditions, maintaining 

environmental flows mimicking a natural flow regime (Propst et al. 2008; Poff 2017), and mitigating the 

impact of nonnative fishes (Propst et al. 2015).   

Central to conservation efforts is an intimate knowledge of the habitat conditions that satisfy a 

species’ biological requirements while promoting their occupancy (Al-Chokhacky and Budy 2006; 

Mannan and Steidl 2013; Petre and Bonar 2017). Species are nonrandomly distributed throughout an 

environment (Teresa and Casatti 2013), selecting for discrete habitat units that maximize their fitness as it 

relates to survival, growth, fecundity, and reproduction (Rosenfeld and Hatfield 2006). Under an ideal 

free distribution model, “better” environments are assumed to promote species presence, and therefore, 

the maximization of these habitat-types will correlate to increased population abundance (Rosenfeld and 

Hatfield 2016). The corollary is that a reduction in favored habitat-types may push individuals to occupy 

suboptimal environments resulting in a reduction to individual fitness, and therefore, a reduction to 

population abundance and distribution (Thomas and Bovee 1993; Mannan and Steidl 2013; Davis and 

Wagner 2016; Petre and Bonar 2017).  

The quantity and quality of habitat in a fluvial environment is causally related to the quantity of 

water flowing through a stream channel at any given time (Rosenfeld and Hatfield 2016). Critical to the 
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conservation and restoration of resident fish communities is an understanding of the relationship between 

flow regime, habitat availability, and habitat use (Lytle and Poff 2004). Climate change, increasing 

human water demands, and the dominance of nonnative fishes are straining these relationships (Sabo et 

al. 2010; Serrat-Capdevilla et al. 2012; Ruhi et al. 2016). Climate change has transformed aquatic 

ecosystems, complicating conservation efforts as both fish and managers navigate an uncertain climatic 

and therefore, environmental future (Poff 2017). Climate models project that the desert Southwest will 

experience more frequent droughts of increased severity, less winter precipitation, and an increased air-

temperatures (Rajagopal and Gupta 2011; Serrat-Capdevilla et al. 2012; Jaeger et al. 2014; USGCRP 

2018; Rogosch et al. 2019). The cumulative impact may be an increase in stream drying events and a 25% 

reduction to overall stream flow by the year 2100 (Rajagopal and Gupta 2011; USGCRP 2018). Any 

reduction in stream flow would correlate to a reduction in the availability of, and connectivity between, 

suitable fish habitat (Rogosch et al. 2019). A contraction to the spatial extent of available habitat may 

reduce the availability of resources, limit species mobility, amplify the effect of abiotic stressors, and 

increase the occurrence of negative interspecies interactions with introduced fishes (Rinne 1994; 

Rosenfeld and Hatfield 2016). Habitat and trophic generalists, nonnative species dominate the fish 

community under altered conditions while native fishes have been observed to respond inversely (Rinne 

1991; Freeman and Arthington 2002; Olden et al. 2006).  

The conversion of arid-land river systems into lentic ecosystems benefits nonnative fishes, 

contributing to the reduction of native fish populations (Ruhi et al. 2015; Rogosch et al. 2019). The 

introduction of nonnative fishes is implicated in the decline of more than 70% of fish listed under the U.S. 

Endangered Species Act (U.S. Endangered Species Act of 1973; Tyus and Saunders 2000), and is the 

principal reason for the reduction of fishes native to the desert Southwest (Olden and Poff 2005). In the 

Colorado River Basin, more than 100 unique nonnative species have been introduced since 1900 with 

more than 50 establishing reproductive populations (Bonar et al. 2004; Schade and Bonar 2005; Rinne 

and Miller 2006). The establishment of nonnative fishes, the majority piscivorous (Sabo et al. 2010), has 



69 

 

resulted in the reduction and extirpation of native fishes (Kinsolving and Bain 1993; Ruhi et al. 2016). 

Nonnative fishes, with origins in more speciose environments are competitively superior to native fishes 

of the desert Southwest, potentially pushing these species from preferred environments (Douglas et al. 

1994). Attempts at salvaging the native ichthyofauna of the desert Southwest must focus on reducing the 

impacts of nonnative species; however, mechanical and chemical methods of control are often 

controversial. An alternative or complementary management strategy is to promote the availability of 

habitats preferentially utilized by native fishes while minimizing habitat conditions that advantage 

nonnative species (Gido and Propst 1999).  

The development of habitat suitability criteria (HSC) allows for microhabitat characteristics of an 

aquatic environment to be translated into indices of habitat quality, providing an important tool for 

modeling the availability of suitable and optimal habitats under a range of instream flow scenarios (Bovee 

1986; Thomas and Bovee 1993; Al-Chokhacky and Budy 2006; Bonar et al. 2010). HSC can identify the 

range of microhabitat conditions used and selected for by individuals of a species (Bovee 1986). This 

allows for inference concerning species-specific habitat utilization, providing a template for habitat 

restoration and conservation activities (Poff 2017). If we assume that the availability of suitable habitats is 

directly related to species abundance (Teresa and Casatti 2013), then these models have value in 

projecting the response of individual fish populations to an environment in flux (Neary and Rinne 1998).  

Microhabitat suitability models are of three varieties of increasing specificity that are 

differentiated by the methodology used in their development: type I, type II, and type III. Type I HSC is 

informed by expert opinion and/or a literature review of species-specific habitat use and are best used 

when instream captures are insufficient to developed in situ HSCs. Type II HSC is based upon 

observations of an individuals’ presence at a specific location and are commonly known as “utilization 

functions.” However, use is influenced by the current environmental conditions and is biased by the 

availability of useable environments at the time of observation. Type III HSC uses the observations of an 

individuals’ presence, incorporating the availability of microhabitat features to correct for the bias 
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inherent in type II criteria (Bovee 1986). Type III criteria has increased transferability to neighboring 

streams and allows for a comparison of use vs. availability, thus facilitating inference about species-

specific habitat selection. 

The Verde River of central Arizona is one of the largest remaining perennial waterways within 

the desert Southwest (Brouder et al. 2000; Averitt et al. 1994). Historically home to 12 native fish species, 

only 3 native fish species remain as part of the fish community (Gibson et al. 2015; Rogosh et al. 2019). 

Despite the reduction to native fish populations, the Verde River provides high quality habitat for native 

fish species including federally-designated critical habitat for the locally extirpated and regionally 

endangered Razorback Sucker Xyrauchen texanus, Spikedace Meda fulgida, and Colorado Pikeminnow 

Ptychocheilus lucius (USGS 2018). Owing to the river’s high-quality riparian and aquatic environments 

and unique scenic and cultural values, the Verde River was designated as Wild and Scenic under the Wild 

and Scenic Rivers Act of 1968 (U.S. Wild and Scenic Rivers Act of 1968). Within this designation, a 

priority was given to the protection and enhancement of native fish populations. Nonetheless, native fish 

populations have continued to decline (Rinne et al. 1998; Brouder et al. 2000; USGS 2018). To reverse 

this downward trajectory and effectively manage the fish fauna of this river in perpetuity, a knowledge of 

the habitats selected for by fish species of the Verde River is requisite (Averitt et al. 1994; Strakosh et al. 

2003; Bonar et al. 2010). 

I evaluated microhabitat-use and selection by native and nonnative fishes of the Verde River at 

summer baseflows by pooling habitat data from 2017 and 2019. Summer baseflow has been identified as 

the most critical point of survival as flows are at their annual minimum and resources are limited (Neary 

and Rinne 1998; Bonar et al. 2010). The objectives of my research were to (1) develop stream-specific 

(type-III) HSC for native and nonnative fishes of the Verde River, Arizona (2) develop type-I HSC for 

species in which insufficient captures prevented the development of type-III HSC, and (3) evaluate HSC 

developed for native and nonnative fishes to identify potential habitat overlaps that may contribute to an 

increase in interspecific conflict, detrimental to the native fishes of this river. Understanding native fish 
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habitat use and selection in the Verde River, and how this may motivate interactions with nonnative 

species, will be integral to informing efforts to conserve, enhance, and reestablish the unique and endemic 

fishes of the desert Southwest (Bovee 1986; Freeman et al. 1999; Stakosh et al. 2003; Bonar et al. 2010).  

METHODS 

Study site  

The Verde River flows for 274 km from its origins at Big Chino Wash (1325 masl) to its terminus 

at the confluence with the Salt River (402 masl; Averitt et al. 1994; Brouder et al. 2000; Bonar et al. 

2004; Ruhi et al. 2015; USGS 2018). The river forms the boundary between the Tonto, Coconino, and 

Prescott National Forests. The Verde River is part of the Gila River Basin, and at a larger scale, the Lower 

Colorado River Basin. For the first 200 km the Verde mainstem, hereafter referred to as the Upper Verde, 

is in free-flowing condition, at which point it is impounded by Horseshoe Reservoir (Averitt et al. 1994). 

This unobstructed condition has allowed for the retention of a relatively natural flow regime, which 

includes a variable and flashy hydrograph, periodic high magnitude flood events, and a bimodal 

distribution of precipitation (Averitt et al. 1994; USFS 2004; Serrat-Capdevilla et al. 2012). The major 

anthropogenic impacts to the Upper Verde River are climate change, livestock grazing, water diversions, 

and surface and groundwater pumping in support of agriculture and municipalities throughout the basin 

(Rinne et al. 1998). The Upper Verde River contains one of the few remaining native fish communities 

within Arizona (Rinne et al. 1998). Extant native species include the Roundtail Chub Gila robusta, 

Sonora Sucker Catostomus insignis, Desert Sucker Catostomus clarkii, Longfin dace Agosia 

chrysogaster, and Speckled Dace Rhinichthys osculus. Historically, natural populations of Razorback 

Sucker Xyrauchen texanus, Colorado Pikeminnow Ptychocheilus lucius, Spikedace Meda fulgida, Loach 

Minnow Rhinichthys cobitis, Gila Chub Gila intermedia, Gila Trout Oncorhynchus gilae, and Gila 

Topminnow Poeciliopsis occidentalis occ. resided within Verde River, but have not been observed 

recently. The fish community is dominated by a suite of nonnative species, including: Red Shiner 

Cyprinella lutrensis, Black Bass Micropterus spp., Common Carp Cyprinus carpio, Rainbow Trout 
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Oncorhynchus clarkii, catfish (Ictaluridae), and other members of the sunfish (Centrarchidae) and 

minnow (Cyprinidae) families.  

Data Collection: Type III and Type II HSC 

I used data collected by Nemec (2019) and Lee (2019) in June 2017 and surveyed using the same 

techniques in June 2019 in the Upper Verde River. Surveys were conducted during daylight (0700 hr to 

1700 hr) at baseflow, with flows ranging from 1.42 m3/s (50 CFS) to 1.70 m3/s (60 CFS; USGS Gage 

09506000).  

I collected fish over a particular habitat type using prepositioned areal electrofishing devices 

(PAEDs). Prepositioned areal electrofishing devices reduce fright bias, allow for multispecies analysis, 

and are useful in quantifying fish abundance as it relates to discrete microhabitat conditions (Bain et al. 

1985; Bovee 1986). I constructed PAEDs using two 1.5 m long, 1.3 cm diameter, steel pipes, separated by 

1.0 m, creating a 1.5 x 1.0 m rectangular frame. This frame was connected to a 15.24 m (50-ft), 12 gauge 

extension cord that was run downstream of the PAED and connected to a Sportsman 2,000/1,400 W 

gasoline powered portable generator (BuffaloTools, O’Fallon, Missouri). This generator supplied 120 V 

to each PAED frame, as measured by a multimeter. I placed the PAED frame on the streambed at random 

locations. I then allowed the PAED to sit undisturbed, while technicians remained out-of-sight for a 

minimum 11 min (Bain et al. 1985). Following the wait period, an operator energized the PAED unit for a 

minimum of 15 s or until otherwise signaled by the netter. Immobilized fish were netted by a technician 

that entered the stream, in stealth, from downstream of the PAED location. I identified captured fish to 

species and measured fish (TL) prior to releasing fish at, or near, their original capture location. 

In 2017, 300 sampling units were surveyed at river access points spread throughout the Upper 

Verde River (Lee 2019; Nemec 2019). In 2019, I sampled 292 sampling units at random locations 

throughout a discrete 33.8 km reach of the Upper Verde River than encompassed the “Scenic” section of 

the Wild and Scenic Verde River (Figure 3.1). Additionally, 90 sampling units (180 total) were located at 
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fixed locations and were sampling in both sampling years. All locations were recorded and identified 

using Garmin eTrex GPS units, accurate to 15 m, 95% of the time, with accuracy of 5 m common under 

normal conditions (GarminUSA). Overall, sampling units totaled 390 in 2017 and 382 in 2019, for a total 

of 772 sampling units over the two-year sampling period. 

In efforts to achieve an appropriate sample size of native fishes to develop habitat suitability 

criteria, I employed adaptive cluster sampling. This method has proven successful while sampling 

populations of animals that are rare with aggregation tendencies (Thompson 1990). When I captured adult 

native fish (> 100mm) through the normal sampling protocol, I added four additional sampling units in 

the immediate vicinity of the original fish capture location. I placed these additional sampling units 

upstream, downstream, left, and right (Thompson 1990) of the original PAED location, with 1.5 m 

between the original placement and the new grid placement. If the original survey location was against a 

bank, only three additional sampling units were added. I repeated this process when additional adult 

native fish were captured until no more adult native fish were caught. 

To quantify habitat use I measured depth, flow velocity, substrate composition, and overhead 

canopy cover within the PAED frame (Bovee 1986; Bonar et al. 2010; Nemec 2019; Lee 2019). I 

obtained habitat measurements regardless of whether fish were captured within the sampling unit, 

allowing for a habitat use-nonuse analysis. I measured depth using a 1.5 m USGS top-setting wading rod 

(Rickly Hydrological, Columbus, Ohio) and flow velocity at 60% of total depth using USGS pygmy flow 

meters with Aqua-CMD current meter digitizers or Marsh-McBirney electromagnetic flow meters (Hach 

Company, Loveland, Colorado). I placed a 1 m chain with markings every 10 cm at random locations 

within the PAED frame and estimated substrate size at each demarcation according to a modified 

Wentworth Scale (Table 3.1; Bain et al. 1985; Bovee 1986). I then averaged the ten substrate 

classifications to calculate one substrate score for each sampling unit (Bain et al. 1985). Next, I quantified 

overhead canopy cover using a spherical densiometer. I obtained overhead canopy cover measurements in 

four directions, upstream, downstream, towards the left bank, and towards the right bank, as described in 
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Lemmon (1956). Overhead cover was limited to overhead vegetation; cliff-faces, bridges, and other 

obstructions were not included in this analysis.  

My sampling was limited by stream depth as I was unable to consistently electrofish in waters 

exceeding 1.5 m in total depth. Furthermore, the netting of immobilized fish in deep water was 

complicated by poor visibility resultant of water turbidity. Therefore, I defined the sampling frame as 

waters less than 1.5 m in depth (Bower and Freeman 1998).  

Data Collection: Gill Nets 

 In efforts to sample pool macrohabitats that exceeded my electrofishing limit of 1.5 m in depth, I 

sampled using gill nets. Gill nets were placed at the deepest location in seven randomly selected pools in 

the “Scenic” section of the Verde River, from Beasley Flats to Childs River Access. I used the American 

Fisheries Society standard gill net (Bonar et al. 2009). Gill nets were stretched perpendicular to the river 

flow and allowed to soak for a maximum of 2 hr. The short set time was used to protect any native fishes 

captured as part of sampling. Captured fish were removed from the net, identified to the species level, 

measured (TL), and released as close to their capture location as possible. Following capture, depth was 

measured at three random locations along the gill net and substrate composition was estimated. Flow 

velocity was assumed to be 0.00 m3/s. Habitat data from gill net sampling was not used in the 

development of type III HSC; however, was used to inform and validate type I HSC.  

Data Collection: Type I HSC 

 For species in which sample sizes were insufficient to develop type II or type III HSC, I 

developed type I HSC, derived from a literature review of studies focused on fishes of the Gila River 

Basin. I assimilated minimum and maximum HSC values for depth, flow velocity, substrate composition, 

and overhead cover from past studies. I restricted my literature review to studies focused on rivers within 

the Gila River Basin, as I assumed rivers of the same basin to share similar characteristics as it concerns 

regional environmental and climatic stressors, including a common suite of introduced fishes. To estimate 
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Razorback Sucker microhabitat use, I included the Green and Yampa rivers (UT, CO), located outside of 

the Gila River Basin, to supplement limited in-basin studies. Sixteen individual publications were used in 

developing type-I HSC for fishes in which insufficient instream captures precluded the development type-

III HSC. 

Data Analysis: Type III HSC 

To develop stream-specific HSC, I pooled habitat-utilization data from both the 2017 and 2019 

sampling seasons to maximize sample sizes for individual species, as per methods outlined in Jenney 

(CH2). I developed HSC at the individual species-level for species in which captures exceeded 20 capture 

locations using a one-sided χ²-test to quantify microhabitat utilization and selection as it relates to depth, 

flow velocity, substrate composition, and overhead canopy cover (Bovee 1986). The dataset of available 

microhabitat conditions was generated from the set of 761 sampling units surveyed over the two-year 

period. I analyzed age-0 and adult fish individually, as fish of different size-classes are known to display 

ontogenetic shifts in microhabitat selection and preference (Lee and Suen 2013). Age-0 fishes were 

classified as fish < 100 mm TL (Pilger et al. 2010; Brouder 2001; Rees et al. 2005), and adults/ subadults 

were classified as those > 100 mm TL and will from hereafter be referred to as adult fishes (Griffith and 

Tiersch 1989; Brouder et al. 2000; Brouder 2001; Rees et al. 2005; Remshardt and Fisher 2009; Pilger 

2010). This separation by size-class was not done for Red Shiner; therefore, all Red Shiner were analyzed 

in one grouping, irrespective of size.  

Data Analysis: Habitat Use vs. Selection 

I sorted occupied microhabitat variables and identified the full range of these locations as useable 

habitat, which will hereafter be known as habitat use or habitat utilization. I identified the central 50% of 

occupied locations as optimal habitat. A one-sided χ²-test, using counts of occupied vs. unoccupied cells 

within the optimal habitat range was used to test the hypothesis that fish are nonrandomly distributed 

throughout the environment and select for  specific habitat types in greater proportion than those that are 
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available. If a statistically significant relationship was found (P ≤ 0.05), I defined this range as habitat 

selection (HSC). If no statistically significant relationship was found, the central 50% was incrementally 

expanded to the central 60%, 70%, and so on, of observations until significance was achieved (P ≤ 0.05). 

If significance was not achieved, I assumed no selection for the specific microhabitat variable and only 

habitat use and the optimal habitat range was reported. I removed 11 sampling units from the dataset used 

to develop habitat suitability criteria due to sampling error and/or the sites being outside of the established 

sampling frame. Fish captures from these locations were included in abundance and community 

composition data, but habitat data from these locations were excluded from the development of HSC. 

Data Analysis: Type-I HSC 

For species/ size-classes in which low captures (< 20 capture locations) prevented the 

development of type-III HSC, microhabitat suitability criteria were developed using a literature review 

that was further informed by instream observations. Instream observations for microhabitat variables 

depth, flow velocity, substrate composition, and overhead canopy cover were sorted from smallest to 

largest, and the central 50% and full range of observations were identified.  Next, minimum and 

maximum HSC values from previous studies within the Gila River Basin were compiled (Table 3.2). I 

calculated means of the upper and lower bounds for each microhabitat variable and compared these 

criteria to instream observations from the Verde River, where applicable. This method allowed for the 

calculation of generalized HSC that was further informed and validated by instream observations. HSC 

for species that were not captured as part of my sampling was derived exclusively from literature sources 

as per the methods above; however, without the additional instream observations. Other methods for 

developing generalized suitability curves exist, but due to a limited number of in-basin studies (Mäki-

Petäys et al. 2002), the compilation of mean upper- and mean lower-bounds to microhabitat suitability 

was the best predictor of generalized habitat suitability to inform habitat-use models within the Verde 

River. 

Data Analysis: Resource Probability Selection Functions 
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 I used a logistic regression model to develop resource selection probability functions (RSPFs) for 

all species in which sufficient instream captures allowed for such analysis (n = 5), with depth, flow 

velocity, substrate composition, and overhead cover as covariates. The response variable was binary, 

“use” if a species was detected or “nonuse” if the species was not detected within a sampling unit. Age-0 

(juvenile) and adult fishes were analyzed independently for all species except for Red Shiner. Model 

accuracy was reported using area under the curve modeling (AUC) and fit was evaluated using 

McFadden’s pseudo-R2 statistic. A minimum AUC value of 0.5 indicates no accuracy, with 1.0 

representing perfect accuracy between the data and the model. An AUC score of 0.7 – 0.8 would 

represent a model that is useful, despite being of moderate accuracy. Models with AUC scores greater 

than 0.80 would indicate exceptional accuracy (Fielding and Bell 1997). McFadden’s R2 scores were used 

to measure the fit of the model. A score of 0.20 – 0.40 would indicate an exceptional model fit 

(McFadden 1973; Veal and Zimmerman 1996). All analyses were completed using R Studio Version 

1.2.5033 (RStudio Team 2019). 

RESULTS 

I captured a total of 1,337 individual fishes of 10 species [7 nonnative | 3 native] at 762 unique 

sampling units, a catch per unit effort (CPUE) of 1.75 fish per sampling unit. Of these fishes, 472 were 

captured in 2017 (CPUE 1.21) and 856 were captured in 2019 (CPUE 2.30). The increase in fish 

abundance between years was exclusive to age-0 native fishes, Roundtail Chub Gila robusta, Sonora 

Sucker Catostomus insignis, Desert Sucker Catostomus clarkii, as well as the nonnative Red Shiner 

Cyprinella lutrensis, and may be related to flooding that occurred early in 2019 (Jenney 2020, CH1). The 

fish community included three native fish species, the Roundtail Chub, Sonora Sucker, and Desert 

Sucker, but was dominated by a suite of nonnative species including Black Bass Micropterus spp., Red 

Shiner Cyprinella lutrensis, Common Carp Cyprinus carpio, and Flathead Catfish Pylodictis olivaris. 

Black Bass were grouped as one species complex because of difficulty in differentiating species in field 

conditions due to hybridization between Smallmouth Bass, Redeye Bass, and Largemouth Bass (Jenney 
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and Peatman, unpublished). Over the two-year study period, native fish comprised 34% of the overall fish 

community with nonnative fishes comprising 66% of the Verde fish community. Captures of adult native 

fish were rare. Only twelve individuals total were captured, representing three species: Roundtail Chub, 

Sonora Sucker, and Desert Sucker. Adult native fish accounted for 0.9% (CPUE 0.02) of the overall catch 

(Figure 3.2). 

Type III HSC 

Type-III stream-specific habitat suitability criteria were developed for six species/age-classes 

including: age-0 Roundtail Chub, age-0 Sonora Sucker, age-0 Black Bass, adult Black Bass, adult 

Common Carp, and Red Shiner. I developed type-I HSC using a combination of literature review and use-

nonuse data from instream observations for age-0 Desert Sucker, adult Flathead Catfish, age-0 Common 

Carp, adult Roundtail Chub, adult Sonora Sucker, adult Desert Sucker, and Green Sunfish. I captured no 

Longfin Dace, Speckled Dace, Razorback Sucker, or Spikedace in my sampling; therefore, HSC for these 

species was derived exclusively from literature resources. 

Native and nonnative fishes displayed ontogenetic shifts in habitat utilization. Age-0 fishes 

occupied shallower habitats of lesser flow velocity, substrate size, and overhead cover as compared to 

their adult counterparts. Age-0 Roundtail Chub (< 100 mm TL) used depths ranging from 0.11 m to 1.15 

m with flow velocities ranging from 0.00 m3/s to 0.84 m3/s. Selection was for shallower than available 

depths of 0.33 m to 0.53 m and slow, but flowing waters of 0.06 m3/s to 0.32 m3/s (Table 3.3; Table 3.4). 

Age-0 Roundtail Chub used all substrate types with no apparent selection and used the full spectrum of 

overhead canopy cover from 0.00 to 1.00 with selection for moderate levels of canopy cover from 13% to 

54%. Age-0 Roundtail Chub were most often found in runs and riffles at the margins of macrohabitats, 

congregated along stream banks. Few fish were present in pool macrohabitats (Table 3.5).  

Age-0 Sonora Sucker used depths ranging from 0.11 m to 0.77 m with flow velocities of 0.00 

m3/s to 0.52 m3/s. Age-0 Sonora Sucker selected for depths of 0.33 m – 0.49 m and slow-to-moderate 
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flowing waters with velocity of 0.05 m3/s to 0.26 m3/s (Table 3.3; Table 3.4). These fish used substrates 

ranging from sand (1.0) to boulders (5.0) and used the full spectrum of overhead canopy cover. Selection 

for substrates of sand (1.2) to boulder (5.0) may be meaningful (P ≤ 0.10). Age-0 Sonora Sucker used 

overhead cover ranging from 0.00 to 1.00 but selected for low-to-moderate levels of overhead cover, from 

0.07 to 0.41. Roughly 60% of all age-0 Sonora Sucker were captured in runs, 30% were captured in pools, 

and 10% were captured in riffles (Table 3.5). 

Insufficient captures of Desert Sucker of any age-class prevented the development of type-III 

HSC for this native species, however, I was able to develop type-II HSC for age-0 Desert Sucker 

informed by fourteen captures at nine individual sampling locations. Age-0 Desert Sucker used depths 

ranging from 0.24 m to 0.54 m, with the optimal habitat (central 50% of all observations) occurring at 

depths of 0.32 m to 0.50 m. Additionally, these fish were captured at locations with flow velocities of 

0.01 m3/s to 0.42 m3/s with an optimal flow velocity of 0.06 m3/s to 0.21 m3/s (Table 3.3; Table 3.4). Age-

0 Desert Sucker utilized substrate from gravel (2.4) to cobble/boulder (4.6) and used overhead cover of 

0.10 to 0.60. The optimal range for age-0 Desert Sucker included substrate of gravel/pebble (2.9) to 

pebble (3.4) and overhead cover of 0.13 to 0.48. Age-0 Desert Sucker were collected predominantly in 

runs (Table 3.5). Fish were concentrated at the margins of these macrohabitat units. Insufficient captures 

of age-0 Desert Sucker prevented inference into habitat selection. 

Age-0 Black Basses used a broad range of depths from 0.10 m to 1.50 m and flow velocities of 

0.0 m3/s to 0.86 m3/s. Age-0 Black Bass selected for depths of 0.31 m to 0.53 m and flow velocity of 0.04 

m3/s to 0.28 m3/s (Table 3.3; Table 3.4). Age-0 Black Basses used a broad range of substrates ranging 

from silt (0.0) to boulder (5.0) with some evidence for selection  of silt (0.0) to boulder (4.8; P < 0.15). 

Age-0 Black Bass used the full spectrum of overhead cover from 0.00 to 1.00, with selection for overhead 

cover of 0.12 to 0.80. Age-0 Black Bass were found in all macrohabitat types, with 56% of captures 

occurring in runs, 32% of captures in pools, and 13% of captures in riffles (Table 3.5).  



80 

 

Adult Black Bass utilized a broad range of microhabitat conditions with significant selection for 

overhead cover. Adult Black Bass used depths of 0.13 m to 1.10 m and flows of 0.00 m3/s to 0.88 m3/s. 

Optimal adult Black Bass habitat occurred at depths of 0.43 m to 0.81 m and flow velocity of 0.02 m3/s to 

0.47 m3/s; however, selection could not be inferred (Table 3.3; Table 3.4). Adult Black Bass used a range 

of substrates with evidence of selection for moderately sized substrates of large gravel (2.6) to cobbles 

(4.1; P ≤ 0.10). Adult Black Bass were found to use a broad range of overhead cover from 0.00 to 1.00 

and selected for overhead cover values of 0.14 to 0.75. Black Bass were evenly distributed throughout 

runs and pools (41% each) and 18% of captures occurred in riffles (Table 3.5).  

Insufficient captures of adult Flathead Catfish prevented the development of type-III HSC; 

therefore, selection could not be determined and only use is reported. Adult Flathead Catfish used depths 

of 0.16 m to 0.81 m and flow velocities of 0.00 m3/s to 0.49 m3/s. The optimal range for Flathead Catfish 

occurred at depths of 0.32 m to 0.67 m and flow velocity of 0.03 m3/s to 0.33 m3/s (Table 3.3; Table 3.4). 

This species used sand/gravel (1.6) to boulder (5.0) substrates; however, 94% of all adult Flathead Catfish 

were captured over medium to large substrates, greater than pebbles (2.0). The optimal range of substrate 

was between cobble (4.0) to cobble/boulder (4.7). Adult Flathead Catfish use overhead canopy cover of 

0.20 to 0.99 with the optimal range being in areas with canopy cover of 0.46 to 0.80. These fish were 

predominately captured in riffles, with low but equal distribution in runs and pools (Table 3.5). Low 

captures and an absence of data concerning habitat use of age-0 Flathead Catfish prevented any 

investigation into juveniles of this species.  

Insufficient captures of Age-0 Common Carp prevented the development of type-III HSC, and 

therefore, only use is reported. Age-0 Common Carp used depths of 0.15 m to 0.70 m and flow velocities 

of 0.00 m3/s to 0.39 m3/s. The optimal range of age-0 Common Carp habitat occurred at depths of 0.23 m 

to 0.43 m and flows of 0.00 m3/s to 0.07 m3/s (Table 3.3; Table 3.4). The use of substrate was broad, from 

silt (0.0) to boulder (5.0) with an optimal range of sand (1.5) to pebble (3.5). Age-0 Common Carp used 



81 

 

overhead cover levels of 0.13 to 0.96,with the optimal range being from 0.30 to 0.41. All captures of age-

0 Common Carp occurred in run and pool macrohabitats (Table 3.5). 

Adult Common Carp used depths of 0.23 m to 1.15 m and flow velocities of 0.00 m3/s to 0.49 

m3/s; however, selected for depths of 0.63 m to 0.99 m and flows of 0.00 m3/s to 0.07 m3/s (Table 3.3; 

Table 3.4). Common Carp adults used a broad spectrum of substrate, from silt (0.0) to boulder (5.0) and 

overhead cover from 0.00 to 0.96 with no apparent selection for either microhabitat variable. We found 

some evidence of selection for substrates of sand (1.2) to cobble (4.0; P ≤ 0.10). Common Carp were 

found to primarily occupy pools. Common Carp that were located outside of pools were captured in slow 

flowing deep runs (Table 3.5).  

Red Shiner used depths of 0.11 m to 0.84 m and flow velocities ranging from 0.00 m3/s to 1.10 

m3/s, the fastest flow velocity observed in this study. The range of depths selected for by Red Shiner was 

narrow, from 0.29 m to 0.43 m. Red Shiner selected for moderate-to-fast flow velocities of 0.13 m3/s to 

0.51 m3/s (Table 3.3; Table 3.4). Red Shiner used a broad range of substrate types; however, selected for 

substrates ranging from sand (1.0) to boulder (5.0). Red Shiner used the full spectrum of available 

overhead cover without selection. Consistent with selection for relatively fast flow velocities, Red Shiner 

were overwhelming found to occupy riffle and run macrohabitat types (Table 3.5).  

Gill net sampling resulted in the capture of 33 fishes of three species: Sonora Sucker, Black Bass, 

and Common Carp (Table 3.6). Sonora Sucker and Common Carp were captured in one single pool 

(14.3% of gill nets) with mean depth of 3.25 m. The mean TL of Sonora Sucker was 506.00 mm with the 

largest specimen measuring at 520 mm. The mean TL of Common Carp captured in this single pool was 

398.85 mm with the largest Common Carp measured at 600 mm. Black Bass were captured in five of 

seven pools sampled (71.40%). Mean depth of Black Bass captures was 2.12 m. The depth of the deepest 

pool in which Black Bass were captured was 3.25 m. The mean TL of Black Bass captured was 331.27 

mm with the largest individual measured at 405 mm.  
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Type-I HSC 

Type-I HSC was developed for seven adult native species, and two adult nonnative species (Table 

3.8). Accounts of microhabitat utilization are derived from studies within the Gila Basin, apart from 

Razorback Sucker in which habitat use data from the Upper Colorado Basin was included to supplement 

limited in-basin studies.    

Microhabitat use data for Roundtail Chub was derived from seven studies of eight individual 

rivers within the Gila River Basin. Roundtail Chub used depths of 0.10 m to 3.1 m, flow velocities from 

0.00 m3/s to 0.96 m3/s, and substrates ranging from sand through boulder. Flow velocity of 0.96 m3/s was 

the flow at which Roundtail Chub failed within a swim test and does not represent useable habitats, and 

therefore, was removed from the mean calculation of HSC. Accounts of overhead canopy cover were 

limited and not reported. I defined HSC for adult Roundtail Chub as depths from 0.31 m to > 2.00 m and 

flow velocities of 0.00 m3/s to 0.26 m3/s. Adult Roundtail Chub used substrate of moderate size from 

gravel (2.0) to cobble (4.0; Table 3.3; Table 3.4). Reports of adult Roundtail Chub use or selection for 

specific ranges of overhead canopy cover were not available and were estimated from limited captures 

within my study. 

Adult Sonora Sucker microhabitat suitability data was derived from five studies of five individual 

streams and included one literature review. Adult Sonora Sucker used depths of 0.12 m to 1.12 m and 

flow velocities of 0.00 m3/s to 0.71 m3/s. Sonora Sucker used a broad range of substrates and low-to-

moderate levels of overhead cover, from sand (1.0) to cobble (5.0) and 0.00 to 0.43, respectively. I 

defined HSC for adult Sonora Sucker as depths of 0.17 m to > 2.00 m, flow velocities of 0.07 m3/s to 0.47 

m3/s, substrate composition of gravel (1.9) to cobble (4.0), and low-to-moderate levels of overhead cover, 

from 0.05 to 0.43 (Table 3.3; Table 3.4).  

Microhabitat use data for adult Desert Sucker was derived from 5 studies of six rivers and 

included one literature review. Adult Desert Sucker used depths of 0.15 m to 0.65 m, flow velocities of 
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0.00 m3/s to 0.98 m3/s, substrates from gravel to boulder, and overhead cover from 0.00 to 0.99. The flow 

velocity of 0.98 m3/s is the upper tolerable limit for this species and was not included in calculations of 

suitable habitat (Ward et al. 2003). I defined HSC to be depths of 0.24 m to > 2.00 m, flow velocities of 

0.14 m3/s to 0.53 m3/s, substrate from pebble (2.8) to cobble (4.3), and a broad range of overhead cover, 

from 0.09 to 0.88 (Table 3.3; Table 3.4).   

Microhabitat use data for Longfin Dace was derived from four studies of six rivers. Longfin Dace 

used depths of 0.08 m to 0.55 m, flow velocities of 0.00 m3/s to 0.74 m3/s, substrates from silt (0) to 

cobble (4), and overhead cover ranging from 0.01 to 0.84. I defined HSC as depths of 0.10 m to 0.41 m, 

flow velocities of 0.07 m3/s to 0.40 m3/s, substrate composition from sand (1.0) to pebble/cobble (3.7), 

and overhead cover from 0.18 to 0.58 (Table 3.3; Table 3.4).  

Microhabitat use data for Speckled Dace was derived from four studies of five rivers. Speckled 

Dace used depths ranging from 0.07 m to 0.53 m, flow velocities from 0.02 m3/s to 0.71 m3/s, substrates 

from gravel (2.0) to boulder (5.0), and overhead cover from 0.14 to 0.95. I defined HSC as depths of 0.11 

m to 0.32 m, flow velocities of 0.10 m3/s to 0.49 m3/s, substrate composition from gravel (2.3) to cobble 

(4.1), and overhead cover from 0.21 to 0.74 (Table 3.3; Table 3.4).  

Microhabitat use data for Spikedace was derived from six studies of seven individual rivers. 

Spikedace used depths of 0.06 m to 0.48 m, flow velocities of 0.00 m3/s to 0.85 m3/s, substrate 

composition of gravel (2.0) to cobble (4.0), with no accounts of overhead cover use. I defined HSC as 

depths of 0.09 m to 0.44 m, flow velocities of 0.22 m3/s to 0.71 m3/s, and substrate composition from 

gravel (2.3) to pebble/cobble (3.9). I was unable to define suitable levels of overhead cover due to the 

scarcity of this data in the literature (Table 3.3; Table 3.4).  

Microhabitat use data for the Razorback Sucker was derived from four studies focused on four 

individual rivers, two of which were outside of the Gila River Basin. Razorback Sucker used depths from 

0.18 m to > 2.00 m, flow velocities from 0.00 m3/s to 0.58 m3/s, substrates of silt (0.0) to cobble (4.0), 
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with no accounts of overhead cover use. I defined HSC for Razorback Sucker to be depths of 0.76 m to > 

2.00 m, flow velocities of 0.00 m3/s to 0.41 m3/s, substrate composition of silt (0.3) to sand/gravel (1.7), 

with no recommendations concerning suitable levels overhead canopy cover (Table 3.3; Table 3.4).   

Microhabitat use data for Green Sunfish was derived from two studies of two rivers within the 

Gila River Basin. Green Sunfish used depths ranging from 0.19 m to 0.82 m, flow velocities from 0.00 

m3/s to 0.20 m3/s, substrate ranging from silt (0.0) to boulder (5.0) and overhead cover from 0.01 to 0.31. 

I defined HSC as depths of 0.19 m to 0.68 m, flow velocities of 0.00 m3/s to 0.16 m3/s, substrates of sand 

(1.3) to cobble (4.3), and overhead canopy cover from 0.12 to 0.31 (Table 3.3; Table 3.4).  

Resource Selection Probability Functions 

Resource selection probability functions were developed for age-0 Roundtail Chub, age-0 Sonora 

Sucker, age-0 Desert Sucker, age-0 Black Bass, adult Black Bass, adult Flathead Catfish, age-0 Common 

Carp, adult Common Carp, and Red Shiner via use-nonuse data and a binomial logistic regression model. 

Results from the logistic model indicate microhabitat factors that predict species presence vary by species 

and age-class (Table 3.7).  

The odds of age-0 Roundtail Chub presence decreased per each one unit increase to depth (odds 

0.042, df = 760, two-sided P  < 0.01) and overhead cover (odds 0.111, df = 760, two-sided P  < 0.01). 

Some evidence exists that both flow velocity (odds 0.379, df = 760, two-sided P = 0.12) and substrate 

composition (odds 1.174, df = 760, two-sided P = 0.14) may influence the odds of age-0 Roundtail Chub 

presence. An AUC score of 0.74 and a McFadden’s R2 of 0.11 suggest moderate accuracy and a poor-to-

moderate model fit for age-0 Roundtail Chub. 

The odds of age-0 Sonora Sucker presence were related to all four microhabitat variables. The 

odds of Sonora Sucker presence decreased with each one unit increase to depth (odds 0.012, df = 760, 

two-sided P <0.01), flow velocity (odds 0.162, df = 760, two-sided P = 0.04), and overhead canopy cover 

(odds 0.037, df = 760, two-sided P <0.01). Odds of Sonora Sucker presence increased with each one unit 
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increase to substrate size (odds 1.419, df = 760, two-sided P = 0.02). The logistic model for age-0 Sonora 

Sucker was the best fitting of all native fishes investigated in the logistic regression analysis, achieving an 

AUC of 0.82 and a McFadden’s R2 of 0.20. 

The odds of age-0 Desert Sucker presence decreased with each one unit increase to depth (odds 

0.045, df = 760, two-sided P = 0.03). Flow velocity (odds 0.113, df = 760, two-sided P = 0.25), substrate 

composition (odds 1.405, df = 760, two-sided P = 0.18), and overhead canopy cover (odds 0.160, df = 

760, two-sided P = 0.15) were not significant predictors of age-0 Desert Sucker presence. Model accuracy 

was moderate-to-good as represented by an AUC of 0.82; however, fit was poor (McFadden’s R2  0.10).  

The odds of age-0 Black Bass presence decreased per each one unit increase to depth (odds 0.016, 

df = 760, two-sided P <0.01), flow velocity (odds 0.878, df = 760, two-sided P <0.01), and overhead 

cover (odds 0.487, df = 760, two-sided P = 0.03). Odds of age-0 Black Bass presence may also decrease 

with each one unit increase to substrate composition (odds 0.878, df = 760, two-sided P = 0.08). Model fit 

and accuracy were moderate, as represented by an AUC of 0.76 and a McFadden’s R2 of 0.13.  

The logistic model was unable to find relationships between the odds of adult Black Bass 

presence and any covariate entered in the model. Depth (odds 2.801, df = 760, two-sided P = 0.22), flow 

velocity (odds 2.773, df = 760, two-sided P = 0.25), substrate composition (odds 1.116, df = 760, two-

sided P = 0.52) and overhead canopy cover (odds 0.411, df = 760, two-sided P = 0.25) did not influence 

odds of adult Black Bass presence. This model was the poorest fit, with an AUC of 0.63 and a 

McFadden’s R2 of 0.02. 

The odds of adult Flathead Catfish presence increased per each one unit increase to both substrate 

size (odds 4.055, df = 760, two-sided P < 0.01) and overhead canopy cover (odds 16.281, df = 760, two-

sided P <0.01). Odds of presence decreased with each one unit increase in depth (odds 0.174, df = 760,  

two-sided P = 0.10). Flow velocity (odds 0.223, df = 760, two-sided P = 0.20) was not related to adult 



86 

 

Flathead Catfish presence. This model displayed good accuracy and fit with an AUC score of 0.86 and a 

McFadden’s R2 of 0.21. 

The odds of age-0 Common Carp presence declined with each one unit increase in depth (odds 

0.002, df = 760, two-sided P < 0.01) and flow velocity (GLM, df = 760, two-sided P = 0.03). Substrate 

composition (odds 1.062, df = 760, two-sided P = 0.82) and overhead canopy cover (odds 0.399, df = 

760, two-sided P = 0.42) were not related to age-0 Common Carp presence. Model accuracy was good 

(AUC 0.86) and model fit was moderate-to-good (McFadden’s R2 of 0.18). 

Odds of adult Common Carp presence increased with each one unit increase to depth (odds 8.671, 

df = 760, two-sided < 0.01) and overhead canopy cover (odds 4.393, df = 760, two-sided P = 0.02). Odds 

of Common Carp presence decreased with each one unit increase to flow velocity (odds 0.004, df = 760, 

two-sided P < 0.01). Substrate composition (odds 1.162, df = 760, two-sided P = 0.25) was not influential 

in predicting Common Carp presence.  This model was of moderate fit (AUC 0.81) and accuracy 

(McFadden’s R2 0.14). 

Odds of Red Shiner presence declined with each one unit increase to depth (odds 0.005, df = 760, 

two-sided P < 0.01) with some evidence suggesting a similar decline with each one unit increase to 

overhead canopy cover (odds 0.468, df = 760, two-sided P = 0.07). The odds of Red Shiner presence 

increased with each one unit increase to flow velocity (odds 3.287, df = 760, two-sided P = 0.01). This 

model displayed moderate-to-good accuracy (AUC 0.20) and a good fit (McFadden’s R2 0.20). 

DISCUSSION 

Species-Specific Type I and Type III HSC 

Habitat suitability criteria reveal relationships between individual species and instream habitat 

features providing information fundamental to the conservation and management of the imperiled fish 

fauna of the desert Southwest (Bovee 1986; Freeman et al. 1999; Al-Chokhachy and Budy 2007). My 

results indicate differential habitat use between species and ontogenetic differences in habitat use within 
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species. Additionally, my work identified habitat use overlaps between native and nonnative fishes that 

may be of consequence to the persistence of native species of this region.  

 I found age-0 Roundtail Chub (< 100 mm TL) to use and select for shallow waters with low-to-

moderate flow velocities, and no apparent selection for substrate composition. This is similar to the 

microhabitat utilization of age-0 Roundtail Chub within the Gila River, AZ (Besten and Propst 1999) and 

West Clear Creek, AZ, where age-0 Roundtail Chub utilized flow velocities of 0.00 m3/s to 0.40 m3/s and 

avoided depths of 1.00 m or deeper (Brouder et al. 2000; AZGFD 2015). However, this was notably 

shallower and slower than the habitats utilized by age-0 Roundtail Chub in Fossil Creek (0.9 m to 1.5 m 

in depth and 0.00 m3/s to 0.61 m3/s flow velocity), a major tributary of the Verde River, devoid of 

nonnative piscivores (Barrett and Maughan 1995). The observed shift to deeper and higher velocity 

habitats in Fossil Creek may be causally related to a difference in predator load (Bestgen and Propst 1989; 

Barrett and Maughan 1994; Brouder et al. 2000) and/or the physical availability of microhabitat 

conditions in Fossil Creek, a unique high gradient system with a distinct step-pool geomorphology not 

found in the Verde River (Barrett and Maughan 1995; Marks et al. 2009). Roundtail Chub may avoid 

deep water environments when predators are present (Power et al. 1985; Gilliam and Fraser 1987; Power 

1987; Bonar et al. 2010). I found age-0 Roundtail Chub to congregate along vegetated shorelines in riffles 

and runs with ample cover (Brouder et al. 2000; AZGFD 2015). The probability of fish presence declined 

as overhead canopy cover increased (Bestgen and Propst 1989; Brouder 2000); however, it is likely that 

age-0 Roundtail Chub use overhead cover in the form of vegetated stream banks (Brouder et al. 2000; 

AZGFD 2015). I did not observe a previously reported avoidance of boulder substrates (Barrett and 

Maughan 1995) . It is likely that fishes of a juvenile age-class are not selecting for a specific range of 

substrate composition.  

Age-0 Sonora Sucker (< 100 mm TL) were found to use deeper waters than observed in previous 

studies; however, utilization of environments with low-to-moderate flow velocity was consistent across 

studies. Age-0 Sonora Sucker HSC from the Verde River was similar to HSC developed on Tonto Creek 
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(0.22 to 0.42 m); however, these fish were found in shallower waters on the Blue River (0.13 m to 0.33 

m; Nemec 2019). The Blue River is a smaller system than the Verde River and available depths were 

constricted to a shallow range, as median available depth was less than 0.25 m (Nemec 2019). In contrast, 

the median available depth on the Verde River was > 0.50 m. A shift to deeper water environments on the 

Verde River may be a product of the availability of deeper waters. The upper range of preferred depths on 

both the Verde River (0.49 m) and Tonto Creek (0.42 m) was similar (Nemec 2019). Both systems have 

abundant nonnative piscivores and this similar upper limit may suggest that survival in deeper waters is 

compromised. Adult Sonora Sucker select for relatively calm water (Rinne 1992; Bonar et al. 2010), and 

this was observed in age-0 fish, as well. Age-0 Sonora Sucker selected flows of up to 0.35 m3/s (Rinne 

1992; Bonar et al. 2010; Nemec 2019). I found age-0 Sonora Suckers to be sympatric with age-0 

Roundtail Chub, age-0 Desert Sucker, and age-0 Black Bass, congregating along vegetated shorelines at 

the margins of macrohabitats; a presumed cover-seeking behavior (Brouder et al. 2000; AZGFD 2002). 

Age-0 Sonora Sucker used a broad range of substrate types with no observable selection, notwithstanding 

an apparent avoidance of silt. I observed selection for low-to-moderate levels of overhead cover; 

however, data from the Blue River indicates that these fish may utilize greater levels of overhead cover if 

it is available (Nemec 2019).  

Captures of Desert Sucker of both juvenile and adult age-classes were limited, preventing the 

development of Type-III HSC. The fourteen age-0 Desert Sucker that were captured at nine sampling 

locations used shallow waters with relatively high flow velocities. This is comparable to the range of HSC 

developed for Desert Sucker on Tonto Creek (Nemec 2019); however, was greater than HSC values for 

Eagle Creek and the Blue River. In these systems Desert Sucker selected for shallower waters up to 0.24 

m (Nemec 2019). A shift to deeper waters within the Verde River was also observed in age-0 Roundtail 

Chub and age-0 Sonora Sucker and may be a product of microhabitat availability. Additionally, age-0 

Desert Sucker used a broad range of flow velocity (0.00 m3/s – 0.64 m3/s), with an upper limit greater 

than that observed in age-0 Roundtail Chub, age-0 Sonora Sucker, and age-0 Black Bass. Adult Desert 
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Sucker can tolerate extreme flows, greater than 0.93 m3/s (Ward et al. 2003), and therefore, use of higher 

flow velocities in juveniles of this species is not unexpected. Age-0 Desert Sucker have been documented 

to use areas of moderate-to-large substrates from gravel (2) to cobble (4), and I identified a similar 

tendency on the Verde River with fish using gravel (2.4) to cobble/boulder (4.6; Nemec 2019). Desert 

Sucker were captured in areas with low-to-moderate levels of overhead cover. It is likely that these fish 

are utilizing vegetated stream banks as cover (AZGFD 2012). Desert Sucker are abundant in the Blue 

River, Tonto Creek, Eagle Creek, and Fossil Creek (Nemec 2019; Jenney unpublished) with populations 

sufficient to develop HSC; the relative absence of this species in this section of the Verde River may 

suggest survival is compromised within this larger river system. 

Captures of adult Roundtail Chub, Sonora Sucker, and Desert Sucker were insufficient to develop 

stream-specific type-III HSC; however, observations from the few fish that were captured appeared to 

mirror microhabitat utilization reported in the literature. Adult Roundtail Chub are associated with pool 

macrohabitats (Barber and Minckley 1966; Griffith and Tiersh 1989; Brouder et al. 2000; Minckley and 

Marsh 2009; Bonar and Mercado-Silva 2010). Griffith and Tiersch (1989) identified a linear relationship 

between pool depth and fish total length. This suggests that the largest Roundtail Chub use the deepest 

pools (Barber and Minckley 1966; Rinne 1992; Barrett and Maughan 1995; Brouder et al. 2000; Bonar et 

al. 2004; Rees et al. 2005; Minckley and Marsh 2009). Consistent with this finding, adult Roundtail Chub 

observed as part of our study were found in deep environments; however, in association with moderate 

flow velocity. Adult Roundtail Chub display diel movement patterns, migrating into swift-water riffles 

and runs to forage (Rees et al. 2005; Minckley and Marsh 2009). The diel use of fast-water environments 

may partially explain this species’ morphology and resultant swimming ability, as Roundtail Chub can 

tolerate flows of up to 0.96 m3/s (Barrett and Maughan 1995). Though these fish can tolerate, and even 

use elevated flows, my findings, consistent with previous research found Roundtail Chub to select slow-

to-moderate velocities of 0.04 m3/s to 0.22 m3/s (Rinne 1992; Barrett and Maughan 1994; Brouder et al. 
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2000; Bonar et al. 2010). Roundtail Chub used a variety of substrates displaying little to no selection for 

substrate type; however, may use boulders as a form of instream cover (Barrett and Maughan 1995).  

Adult Sonora Suckers display similar macrohabitat preferences to that of Roundtail Chub but 

while Roundtail Chub inhabit midwaters, Sonora Suckers are benthic omnivores (Rinne 1992; Arena et 

al. 2012). Consistent with previous studies, the few Sonora Sucker captured in my study were found in 

pool and run macrohabitats (Barber and Minckley 1966; Bonar et al. 2004; Minckley and Marsh 2009; 

Bonar et al. 2010; Bonar and Mercado-Silva 2010). I found adult Sonora Sucker to use depths up to 0.87 

m, deeper than the 0.60 m upper suitability limit reported in Cherry Creek (Bonar et al. 2010) and 0.37 m 

reported as generalized HSC for this species (Nemec 2019). Previous HSC was developed on smaller 

systems where the availability of greater depths was limited. Gill net sampling resulted in two additional 

Sonora Sucker captures. These fish were captured in a single pool with an overall depth greater than 3.00 

m. This suggests that these fish utilize pools of substantial depth, possibly as refuge habitats, and may 

also display aggregation behaviors (Minckley and Marsh 2009). Sonora Sucker were found to have the 

poorest swimming ability of the native species encountered within this study, unable to tolerate flows 

greater than 0.55 m3/s (Ward et al. 2003). This is consistent with this species’ avoidance of shallow, fast, 

turbulent areas (Barber and Minckley 1966); however, previous studies have defined the upper limit of 

suitable velocity at 0.50 m3/s, suggesting the potential to use faster waters (Bonar et al. 2010). Sonora 

Sucker display diel movement patterns, moving into deep riffles and runs to foraging while congregating 

in deep shaded pools during daylight hours (Minckley and Marsh 2009). I found adult Sonora Sucker to 

use a broad range of overhead canopy cover from 0.01 to 0.80. This contrasts with findings of previous 

studies that found Sonora Sucker to use low levels of overhead cover, from 0.05 to 0.43 (Nemec 2019). 

Low captures of adult Sonora Sucker prevented further investigation. 

Adult Desert Sucker are associated with fluvial habitats and are unable to persist in lentic 

environments without connectivity to riffles and runs (Booth and Hairston 2013). Captured adult Desert 

Sucker were found to use shallow-to-moderate depths; however, deeper than has previously been reported 
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(Rinne 1985; Rinne 1992; Bonar et al. 2010; Nemec 2019). Use of depth was similar to reports from the 

Gila River (Paroz et al. 2006). The Gila River is of comparable size to the Verde River. Desert Sucker 

have the greatest swimming ability of all native species within this study, able to resist flows greater than 

0.93 m3/s (Ward et al. 2003). This allows for foraging in shallow, high-velocity, and turbulent riffles of 

gravel-to-boulder substrates where Desert Sucker use a cartilaginous plate in their mouth to scrape algae 

and invertebrates from substrate surfaces (Ward et al. 2003; Bonar et al. 2004). An abundance of 

literature suggests that these fish require deeper waters during daylight hours and have been observed 

aggregating in deep, shaded pools (Minckley and Marsh 2009; AZGFD 2012; Booth and Hairston 2013). 

Adult Desert Sucker were captured in deep runs (Bonar et al. 2004) but evidence suggests they may use 

shallower depths when sympatric with other large-bodied species (Rinne 1985). Adult Desert Sucker used 

flow velocities of 0.19 m3/s to 0.63 m3/s, a range which exceeded previously developed HSC (Bonar et al. 

2010; Nemec 2019), but which remained well within the tolerable range for this species (Ward et al. 

2003). As fluvial obligates, existing in a narrow temperature range (Deacon et al. 1987; Bonar et al. 2010, 

AZGFD 2012), Desert Sucker are less equipped to survive in lentic conditions (Minckley and Marsh 

2009) and may be at greater risk from water deficits and a loss of connectivity. 

Age-0 Black Bass were consistently found to use shallow, slow velocity environments 

(Remshardt and Fisher 2009), sympatric with age-0 Roundtail Chub, age-0 Sonora Sucker, and age-0 

Desert Sucker. This finding is consistent with previous research that found juvenile bass to use shallower 

and slower waters than their adult counterparts (Edward et al. 1987; Navarro et al. 1994; Remshardt and 

Fisher 2009). While Remshardt and Fisher (2009) found age-0 Black Bass to select for waters up to 1.55 

m deep and flow velocities of 0.80 m3/s, my study found selection for shallower depths of lesser flow 

velocity. My findings are consistent with Groshens et al. (1993) from a small stream in Virginia and 

Barret and Maughan’s (1994) study in Wet Beaver Creek, Arizona. Age-0 Black Bass utilization of 

shallower depths than observed in Remshardt and Fisher (2009) may be a result of stream 

geomorphology, thermal regimes, or the availability of deep-water habitats. It should be noted that the 
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Remshardt and Fisher (2009) study took place in mesic environments of the Southeastern United States, 

an environment in stark contrast to the xeric environments of the Southwestern United States. Black Bass 

display plasticity in macrohabitat utilization with an ability to complete their full lifecycle in both lentic 

and lotic environments. Age-0 Black Bass selected for substrates of moderate size, ranging from gravel to 

cobble, but used a broad range, from sand to boulder (Navarro et al. 1994). Black Bass used the full range 

of available overhead canopy over. Remshardt and Fisher (2009) found age-0 Black Bass associated with 

high levels of instream cover, specifically woody debris.  

Adult Black Bass are considered habitat generalists with an ability to exploit a variety of micro- 

and macrohabitat types (Bonar et al. 2004; Gibson et al. 2015). My inability to develop HSC for Black 

Bass is likely due to plasticity in micro- and macrohabitat use characteristic of these species and/or my 

grouping of three distinct bass species into one species complex. Differential habitat use has been 

observed in Largemouth Bass, Smallmouth Bass, and Redeye Bass (Miller 1985; Olson et al. 2003; Bonar 

et al. 2004). Adult Black Bass were found to select for moderate-to-high levels of overhead cover (0.14 - 

0.75). Cover-seeking behavior is well documented in basses (Edwards et al. 1987; Remshardt and Fisher 

2009). Despite a tolerance for elevated flows, adult Black Bass are often found in areas with slow flow 

velocity (Edwards et al. 1987). My electrofishing sampling frame of  waters ≤ 1.5 m in depth likely 

limited my captures of adult Black Bass. Multiple large Black Bass (> 300 mm) were captured as part of a 

gill net survey at depths ranging from 1.15 m to 3.25 m, furthering evidence of an affinity for deep pools 

with little-to-no flow (Bonar et al. 2004; Arena et al. 2012). Adult Black Bass captured via gill netting 

(mean TL 326.6 mm) were, on average, 100 mm larger than Black Bass captured using PAEDs (mean TL 

201.1 mm; Edwards et al. 1983). Gear bias may partially influence these results, but nonetheless, my gill 

net sampling suggests that larger basses use deep, slow pools that were outside of the sampling frame 

used in the development of HSC. Black Bass are the primary piscivore on the Verde River (Bonar et al. 

2004) and abundant populations of these fish are likely to impact the survival and persistence of native 

fishes.   
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Limited captures of Flathead Catfish prevented the development of type-III HSC. Flathead 

Catfish use flowing waters with flow velocities of > 0.20 m3/s (Daugherty and Sutton 2005). Consistent 

with previous research, I observed Flathead Catfish to use areas of consistent flow with moderate-to-high 

levels of overhead cover (Daugherty ad Sutton 2005). Flathead Catfish were predominantly captured in 

riffles and runs (Bonar et al. 2004). This macrohabitat use is consistent with Flathead Catfish’s depth ratio 

of 0.10 (total depth / length), suggesting that large individuals use relatively shallow water in riverine 

conditions (Gaston et al. 2012). Concurrent with a use of fast, shallow environments, the central tendency 

of all captured Flathead was for large substrate, with fish using areas with pebbles, cobbles, and boulders 

(Munger et al. 1994). Flathead Catfish display seasonal patterns of habitat use, moving into deeper waters 

throughout the winter (Daugherty and Sutton 2005). My study focused exclusively on summer habitat use 

during baseflow conditions and failed to account for these seasonal patterns. Flathead Catfish that were 

captured as part of my research were small, < 260 mm TL; however, an individual of 920 mm was 

captured on the Verde River in the late 1980’s (Young and Marsh 1990), demonstrating the ability of this 

piscivore to reach extreme sizes (Munger et al. 1994) with the potential to impact the native fish 

community (Rinne 1994). 

Common Carp of both juvenile and adult age-classes select for low flow velocities and exist in 

great numbers in both lotic and lentic condition (Jones and Stuart 2007; Butler and Wahl 2010). Adult 

Common Carp were strongly associated with increases to depth; however, juvenile Common Carp 

displayed an inverse relationship with their presence associated with shallow and slow environments. The 

use of shallow, slow habitats outside of the main flow may be a predator avoidance strategy. Adult 

Common Carp are macrohabitat specialists that use areas of little-to-no flow, consistent with pools (Bonar 

et al. 2004; Koehn and Nicol 2014). Adult Common Carp selected for moderate depths (Jones and Stuart 

2007; Butler and Wahl 2010); however, evidence suggesting the use of  deeper habitats is abundant 

(Koehn and Nicol 2014). Twenty Common Carp were captured via gill net sampling, in which the 

average capture depth was 3.25 m. This gill net survey was completed in October when water 
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temperatures had declined by 10 C. Common Carp are known to congregate in deep water habitats in late-

fall and winter when water temperatures drop (Butler and Wahl 2010); therefore, these captures may not 

be indicative of summer habitat use. I found no association between adult Common Carp and substrate 

composition. Previous studies have found Common Carp to use small substrates in fluvial environments, 

typical of substrates found in pools (Butler and Wahl 2010). Interestingly, this same study found 

Common Carp to use larger substrates in reservoirs (Butler and Wahl 2010), which may be of importance 

at lower reaches of the Verde River in the immediate proximity of Horseshoe Reservoir. Furthermore, 

Common Carp may make seasonal migrations within the Verde River, utilizing Horseshoe Reservoir 

throughout the winter and moving into lotic habitats when water levels within the reservoir decrease 

(Butler and Wahl 2010).  

Red Shiner use flowing waters consistent with riffle and run macrohabitat types (Bonar et al. 

2004). Owing to their swimming abilities, Red Shiner can withstand flows  up to 0.78 m3/s (Ward et al. 

2003) and select for moderate-to-high flow velocities (Matthew and Hill 1979). I found Red Shiner to use 

faster flow velocities than what was reported on Cherry Creek, AZ, a smaller stream system (Bonar et al. 

2010). Consistent with the use of riffle and run macrohabitats, Red Shiner were found to select for 

shallow waters and a broad range of substrates (Bonar et al. 2010) but may select for deeper waters when 

large substrates are present. This contrasts with findings on Cherry Creek in which Red Shiner used silt 

through gravel (Bonar et al. 2010) and may be a product of microhabitat availability. Red Shiner display 

microhabitat use overlaps with age-0 Roundtail Chub, age-0 Sonora Sucker, age-0 Desert Sucker, Longfin 

Dace, Loach Minnow, Speckled Dace and Spikedace (Rinne 1991; Douglas et al. 1994; Brouder et al. 

2000). Red Shiner are competitively superior to native fishes and this may result in the harassment and 

displacement of these at-risk populations (Rinne 1991; Douglas et al. 1994). Additionally, Red Shiner 

predate on larval fishes (Ruppert et al. 1993; Douglas et al. 1994; Pilger et al. 2010). Red Shiner have 

been implicated in the decline of native fishes throughout the desert Southwest (Rinne 1991; Douglas et 

al. 1994; Rees et al. 2005; Minckley and Marsh 2009), and their expansion has been called the most 
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harmful to the survival and persistence of the native ichthyofauna (Rees et al. 2005; Minckley and Marsh 

2009; Lee 2019) 

Green Sunfish use slow-flowing pool and run macrohabitats of moderate depth but avoid 

midchannel habitats (Bonar et al. 2004; Gaston et al. 2012). Though only six adult Green Sunfish were 

captured as part of my study, the few observations were consistent with previous reports of habitat use. 

Green Sunfish use areas of moderate depth and low flow velocity; often associated with instream 

emergent vegetation (Werner and Hall 1977). Green Sunfish are ambush predators, adept at maneuvering 

among relatively dense cover (Gaston et al. 2012). Consistent with this foraging strategy, Green Sunfish 

were found to use near-shore environments < 1.0 m in depth with flows of < 0.10 m3/s (Werner and Hall 

1977; Gaston et al. 2012). Green Sunfish are often associated with substrate fines as a product of strong 

selection for environments of slow flow velocity (Bonar et al. 2010; Lee 2019). Associated with lentic 

environments, Green Sunfish are unable to resist elevated flow velocities, with swim failure occurring at 

0.46 m3/s (Ward et al. 2003). This may prevent or limit the natural dispersion of this species into 

upstream areas. The major flooding event of February 2019 may have disproportionately impacted Green 

Sunfish as they are unlikely to persist in violent, high magnitude flows (Minckley and Meffre 1987; 

Bestgen and Propst 1989; Eby et al. 2003).   

Longfin Dace, Speckled Dace, and Spikedace populations are limited on the Verde River, with 

the last known Spikedace observation in 1997 (Rinne 1992; Rinne and Miller 2006). All three dace 

species use riffle and run habitats of relatively shallow depths (0.10 m to 0.44 m; Rinne 1992; Douglas et 

al. 1994; Neary et al. 1996; Bonar et al. 2004; Paroz et al. 2006; Bonar et al. 2010). Additionally, these 

fishes have swimming abilities similar to that of Red Shiner, able to resist flows of  > 0.70 m3/s, and are 

often found utilizing flow velocities of 0.10 m3/s to 0.44 m3/s (Barber and Minckley 1966; Ward et al. 

2003; Bonar et al. 2010). All three species display habitat overlaps with Red Shiner (Douglas et al. 1994). 

This allows for habitat use and selection to be extrapolated from abundant data on Red Shiner habitat use, 

but simultaneously, complicates management efforts as Red Shiner have been directly implicated in the 
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decline of these species (Rinne and Miller 2006). Longfin Dace are more generalist in their behaviors 

than Speckled Dace and Spikedace, using sandy bottoms that maintain a slow, but steady flow (Fisher et 

al. 1981; Bonar et al. 2010). Additionally, Longfin Dace can exploit a variety of degraded habitats, a trait 

not seen in Speckled Dace or Spikedace. It should be noted that Longfin Dace, Speckled Dace, and 

Spikedace use slower and deeper waters when allopatric with Red Shiner but move into energetically 

taxing environments when sympatric with Red Shiner (Fisher et al. 1981; Rinne 1985; Rinne 1991; 

Douglas et al. 1994; Minckley and Marsh 2009).  

Wild reproductive populations of Razorback Suckers have not been observed within the Verde 

River since 1956 (Creef et al. 1992), nonetheless, the Verde River is critical habitat for this species and 

efforts to reestablish populations are ongoing (USFS 2004). This underscores the importance of defining 

HSC for this endangered species. In the Yampa and Green Rivers, 500 Razorback Sucker were captured 

in flat water sections of river, with fish observed using depths of < 2.0 m and flow velocities of < 0.50 

m3/s (Tyus and Karp 1989). The use of slow water environments, specifically deep runs and pools was 

also observed in a stocked population of Razorback Sucker on the Verde River (Bonar et al. 2004; Creef 

et al. 1992). On Fossil Creek, Razorback Sucker were observed at depths of 1.5 m to 2.7 m and flows of 

0.03 m3/s to 0.15 m3/s (Barrett and Maughan 1995). Water turbidity is greatly reduced on Fossil Creek 

and the use of deeper waters than observed in previous studies may be a cover seeking behavior. It should 

be noted that the population from Fossil Creek no longer exists and may suggest inadequate habitat 

conditions. Razorback Suckers are tolerant of elevated water velocities and have been collected in areas 

with flows > 0.50 m3/s (Tyus and Karp 1989; Creef et al. 1992). Additionally, this species uses gravel and 

cobble substrates with water velocities of up to 0.64 m3/s as spawning environments (Tyus and Karp 

1989). Extant and reproductive populations of Razorback Sucker persist in Lake Mead at the outflow of 

Muddy Creek. This suggests that Razorback Suckers can complete their full lifecycle in lentic 

environments (USFWS 2018). 

Habitat Overlaps 
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Fish of both native and nonnative origins displayed ontogenetic shifts in habitat utilization, with 

age-0 fish of different species displaying remarkable similarity in their use of microhabitat conditions 

(Figure 3.4; Navarro et al. 1994; Remshard and Fisher 2009; Gibson et al. 2015; Poff 2017). These fishes, 

both native and nonnative, utilized a constricted range of microhabitats that were shallower and slower, 

with smaller substrate composition, and reduced overhead canopy cover, often in association with 

vegetated shorelines outside of the main flow (Brouder et al. 2000; Bonar and Mercado-Silva 2010; 

AZGFD 2002; AZGFD 2012; AZGFD 2015). The density of small-bodied fishes coexisting in a narrow 

range of microhabitat conditions suggests that survival outside of this range is compromised, with 

previous studies reporting a compression of useable habitats as a response to introduced predators 

(Schlosser 1987; Douglas et al. 1994).  

Predation by nonnative fishes on larval and juvenile native fishes is the primary cause for the 

collapse of native fish communities in the desert Southwest (Clarkson et al. 2004; Hyatt 2004; Minckley 

and Marsh 2009). The use of shallow water habitats, consistent with conditions along stream margins, is 

likely a predator avoidance strategy (Schlosser 1987; Thomas and Bovee 1993; Remshard and Fisher 

2009). Shifts in habitat selection by native fishes in the presence of piscivores is well documented within 

streams of the desert Southwest. Barret and Maughan (1995) reported that the presence of bass in West 

Beaver Creek resulted in habitats becoming less suitable for juvenile Roundtail Chub causing a shift to 

suboptimal environments that were more energetically taxing. Brouder (2000) attributed differences in 

Roundtail Chub habitat utilization between West Clear Creek and the Verde River, two Arizonan rivers, 

to differences in the density of piscivores within each stream. Furthermore, Gila Chub, a native of 

southern Arizona, was observed to select for shallower waters of faster flow velocity when sympatric with 

Green Sunfish in Sabino Creek, utilizing deeper less energetically demanding habitats in their absence 

(Dudley and Matter 2000). Further substantiating the claim that the use of shallow habitats along stream 

margins is a predator avoidance strategy, Bestgen and Propst (1989) reported that, after a major flood 

disturbance in which the abundance of predators, namely centrarchids and ictalurids, was severely 
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reduced, age-0 Roundtail Chub utilized midchannel habitats of increased depth, a contrast to habitat-use 

prior to this flow event. Animals select specific habitats to meet resource requirements while limiting 

external sources of mortality. Predation risk is a known factor in habitat selection (Gilliam and Fraser 

1987; Thomas and Bovee 1993) and is likely to alter both the distribution and habitat use of fishes of 

vulnerable size-classes (Hugie and Dill 1994). The use of shallow water habitats by all fishes < 100 mm 

TL suggests this response is size dependent, irrespective of species or adaptive origin. A shift to 

suboptimal environments is likely to impact individual fitness and could inhibit the recruitment of year-

of-young native fishes into the reproductive population.  

 The crowding of small bodied fish < 100 mm TL within shallow-water refuge habitats is likely to 

increase the occurrence of negative interspecies interactions with nonnative species (Figure 3.4; Rinne 

1991; Gido and Propst 1999; Brouder et al. 2006; Minckley and Marsh 2009). Nonnative species, with 

origins in species rich environments of the Southeastern United States have specific adaptations allowing 

for their competitive dominance over native species with origins in the species-poor desert Southwest 

(Douglas et al. 1994). Observed habitat overlaps between age-0 native and age-0 nonnative fishes is likely 

to result in competition for space and resources (Rinne 1991; Brouder et al. 2006). Additionally, Black 

Bass become piscivorous within their first-year post-hatch (Valley and Bremigan 2002) and are likely to 

predate upon vulnerable age-0 native fishes (Schlosser 1987). If competition and predation are occurring, 

I would expect native fishes to be displaced from optimal habitats and pushed into suboptimal 

environments, impacting individual fitness (Gido and Propst 1999; Minckley and Marsh 2009; Petre and 

Bonar 2017). Within the Verde River itself, direct competition between the native Spikedace and a 

nonnative, Red Shiner, has been correlated to the rapid reduction of Spikedace populations (Rinne 1991; 

Douglas et al. 1994; Rinne 1994). Despite an abundance of circumstantial evidence, it should be noted 

that competition is exceedingly difficult to prove in field settings (Douglas et al. 1994; Gido and Propst 

1999); however, competition can be implied through a reduction in the population of one species, while in 
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the presence of another (Douglas et al. 1994). This appears to be the case for all native fish species within 

the Upper Verde River, AZ.  

Limitations to HSC Models 

The reduction, and in cases extirpation, of native fish populations has complicated the 

development of type-III, stream-specific, HSC. Previous HSC studies using similar methods have 

recommended the deployment of 250 – 300 sampling units to develop use-availability models; my study 

was unable to achieve necessary sample size for any adult native fish species (Bain et al 1985; Bovee 

1986; Thomas and Bovee 1993), despite doubling this recommended effort. In addition, the last wild 

Razorback Sucker was collected from the Peck’s Lake section of the Verde River in 1954 (Creef et al. 

1992) and Spikedace were last observed in 1997 (Rinne and Miller 2006). Developing stream specific 

HSC for potentially extirpated species is not possible, yet this data is necessary to inform restoration 

efforts. Therefore, it was necessary to use HSC from neighboring systems to infer HSC on the Verde 

River. However, habitat selection is subject to variability as selection is a behavioral response, shifting 

due to external forces, community composition, flow regime, thermal regime, and resource availability 

(Bovee 1986; Remshard and Fisher 2009; Bonar et al. 2010). The transference of HSC to a target stream 

outside of where it was originally developed is often problematic as conditions between sites are different 

(Williams et al. 1999; Strokosh et al. 2003; Nemec 2018). However, if sufficient populations of fishes do 

not exist in a target stream, sufficient sample sizes to develop type-III HSC cannot be achieved.  

Despite uncertainties, I argue in favor of using HSC developed within a common river basin to 

inform management targeted to a specific river within that basin. It is assumed that rivers within a shared 

basin are likely to have common environmental, climatic, and hydrological conditions that exert a similar 

selective force upon the resident fish community (USGCRP 2019). Utilizing HSC from related streams as 

a proxy for steam-specific HSC is likely the best estimator of fish habitat-use in a target system. 

Compiling the microhabitat use data from within the same basin is a useful estimator of the range of 

conditions utilized by a species when in situ populations do not support stream-specific studies. In 
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addition, statistical differences preventing the complete transference of HSC between streams are often 

biologically irrelevant (Williams et al. 1999; Rosenfeld 2003).  

 Minimizing bias within my study was paramount, however; I acknowledge that some biases may 

exist. It is possible that fish were spooked from holding locations (Bain et al, 1985; Al-Chokhachy and 

Budy 2007) and my sampling protocol likely underestimated the utilization of pools > 1.5 m in depth 

(Bower and Freeman 1998; Freeman et al. 1999). Though stealth was paramount in placing PAED units 

(Bain 1983), the act of placing the device in the river inherently spooks fish. This could result in a false-

negative if a fish is spooked from a PAED placement, or a false-positive if a fish is spooked into the 

shocking unit. In addition, my sampling frame did not extend below 1.5 m in total depth. Large-bodied 

fishes of both native and nonnative origin are known occupants of deep pool habitats (Bonar et al. 2004; 

Minckley and Marsh 2009; Gibson et al. 2015). Gill net sampling found numerous Common Carp, Black 

Bass, and two adult Sonora Suckers, underscoring the importance of these deep-water habitats by large 

individuals of various species (Jenney 2020, unpublished).  

Management Implications 

 I developed a combination of type-I and type-III HSC for native and nonnative fishes of a major 

river system of the desert Southwest. My approach of supplementing instream observations with 

conclusions from previous research to develop HSC for a community of fishes may be necessary in 

situations where habitat restoration is focused on rare and/or extirpated species with populations 

insufficient to develop stream-specific HSC (Bovee 1989).  

The identification of ontogenetic shifts within size-classes of native and nonnative fishes 

underscores the importance of tailoring conservation activities to address specific habitat needs limiting a 

population. Insufficient habitat at any one life-stage will impact overall population dynamics (Davis and 

Wagner 2016; Poff 2017). However, caution must be taken as my research identified significant overlaps 

in microhabitat use among species of native and nonnative origins. Management action focused on the 
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maximization of native fish habitat must consider the impact to the nonnative fish community and the 

potential for unintended consequences, as observed on the Gila River where increases to flow resulted in 

the range expansion of nonnative fishes (Prospt et al. 2008). It may also be possible that habitat is not 

limiting native fish populations (Clarkson et al. 2004). If this is the case, no amount of habitat restoration 

will result in the desired outcome if the limiting factor remains untreated.  
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TABLES 

Table 3.1: Modified Wentworth Substrate Classification Scale (Bain and Stevenson 1999) 

Substrate type Particle Diameter Range 

(mm) 

Sample Code 

 

Boulder >256 5 

Cobble 64-256 4 

Pebble 16-63 3 

Gravel 2-15 2 

Sand 0.06-1 1 

Silt/Clay <0.059 0 
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Table 3.2: Sources used for literature review to develop HSC for species in which instream captures were 

insufficient for the development of type-III HSC. The number of accounts may be greater than the 

number of references when a single study provided HSC from multiple streams. * represents a species 

that is native to the Verde River, AZ.  

Species HSC 

Accounts 

Reference 

Roundtail Chub* 8 Bestgen and Propst 1989; Rinne 1992; Barret and Maughan 1995; Bestgen and Propst 1999; Brouder 

2000; Paroz et al. 2006; Bonar et al. 2010; Bonar and Mercado-Silva 2010 

Sonora Sucker* 7 Rinne 1992; Paroz et al. 2006; Bonar et al. 2010; Bonar and Mercado-Silva 2010; Nemec 2018 

Desert Sucker* 7 Rinne 1992; Paroz et al. 2006; Bonar et al. 2010; Bonar and Mercado-Silva 2010; Nemec 2018;  

Longfin Dace* 6 Rinne 1992; Paroz et al. 2006; Bonar et al. 2010; Bonar and Mercado-Silva 2010; Nemec 2018 

Specked Dace* 6 Rinne 1992; Paroz et al. 2006; Bonar et al. 2010; Bonar and Mercado-Silva 2010; Nemec 2018 

Spikedace* 8 Rinne 1991; Rinne 1992; Douglas et al. 1994; Neary et al. 1996; Propst et al. 1996; Paroz 2006; 

Bonar and Mercado-Silva 2010 

Razorback Sucker* 4 Tyus 1987; Tyus and Karp 1989; Creef et al. 1992; Barret and Maughan 1995 

Common Carp (Juvenile) 3 Edwards and Twomey 1982; Jones and Stuart 2007; Butler and Wahl 2010  

Flathead Catfish 4 Lee and Terrell 1988; Young and Marsh 1990; Munger et al. 1994; Daughtery and Sutton 2005 

Green Sunfish 3 Stuber et al. 1982; Bonar et al. 2010;Lee 2018 

 *  = Native Species  
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Table 3.3: Microhabitat suitability criteria for the fishes of the Verde River. * Represents native species 

to the Verde River and † designates fishes not captured in my sampling. Type-I habitat suitability was 

developed through a literature review and, when possible, on-site captures. Type-III HSC was developed 

for species captured at ≥ 20 sites. Age class reported as Adult (A) (> 100 mm), juvenile (J) (< 100 mm), 

or not specified (N). 

 

 

   Depth (m) Velocity (m3/s) Substrate (Mod 

Wentworth) 

Cover (%) 

Species  

Age 

Criteria 

Type 

 

min 

 

max 

 

min 

 

max 

 

min 

 

max 

 

min 

 

max 

Roundtail Chub* J Type-III 0.33 0.53 0.06 0.32 1.00 5.00 0.13 0.54 

Roundtail Chub* A Type-I 0.31 2+ 0.00 0.26 2.00 4.00 0.16 0.54 

Sonora Sucker* J Type-III 0.33 0.49 0.05 0.26 1.20 5.00 0.70 0.41 

Sonora Sucker* A Type-I 0.17 2+ 0.07 0.47 1.96 3.96 0.05 0.43 

Desert Sucker* J Type-I 0.24 0.54 0.01 0.42 2.40 4.60 0.19 0.60 

Desert Sucker* A Type-I 0.24 2+ 0.14 0.53 2.75 5.00 0.09 0.88 

Longfin Dace*† N Type-I 0.10 0.41 0.07 0.40 1.00 3.70 0.18 0.58 

Speckled Dace*† N Type-I 0.11 0.432 0.10 0.49 2.28 4.14 0.21 0.74 

Spikedace*† N Type-I 0.09 0.44 0.22 0.71 2.30 3.90 NA NA 

Razorback Sucker*† A Type-I 0.76 2+ 0.00 0.41 0.33 1.67 NA NA 

Black Bass J Type-III 0.31 0.53 0.04 0.28 0.00 4.80 0.12 0.80 

Black Bass A Type-III 0.13 1.10 0.00 0.88 2.2 4.30 0.14 0.75 

Flathead Catfish J Type-I 0.69 0.81 0.01 0.42 3.1 5.00 0.10 0.60 

Flathead Catfish A Type-I 0.16 0.81 0.00 0.49 3.00 5.00 0.20 0.99 

Common Carp J Type-I 0.15 0.70 0.00 0.39 0.00 5.60 0.13 0.96 

Common Carp A Type-III 0.63 0.99 0.00 0.07 0.00 5.00 0.22 0.96 

Red Shiner N Type-III 0.29 0.43 0.13 0.51 1.00 5.00 0.00 1.00 

Green Sunfish A Type-I 0.19 0.68 0.00 0.16 1.30 4.30 0.12 0.31 
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Table 3.4: T-scores and P-values from chi-square analysis testing significance of stream-specific habitat 

suitability criteria ranges from Table 3.4. (N.S. = not significant | N.A. = insufficient observations to test 

for selection). * Represents native species and † designates fishes not captured in my sampling. Age class 

reported as Adult (A) (> 100 mm), juvenile (J) (< 100 mm), or not specified (N). 

    Depth (m) Velocity (m3/s) Substrate (Mod 

Wentworth) 

Cover (%) 

Species  

Age 

Criteria 

Type 

 

N 

 

t-score 

 

p-value 

 

t-score 

 

p-value 

 

t-score 

 

p-value 

 

t-score 

 

p-value 

Roundtail Chub* J Type-III 66 3.80 <0.01 2.37 <0.01 1.00 N.S. 2.34 <0.01 

Roundtail Chub* A Type-I 3 N.A. N.A. N.A. N.A. N.A. N.A. N.A. N.A. 

Sonora Sucker* J Type-III 39 3.90 <0.01 2.22 <0.05 1.50 <0.10 3.19 <0.01 

Sonora Sucker* A Type-I 5 N.A. N.A. N.A. N.A. N.A. N.A. N.A. N.A. 

Desert Sucker* J Type-I 9 N.A. N.A. N.A. N.A. N.A. N.A. N.A. N.A. 

Desert Sucker* A Type-I 4 N.A. N.A. N.A. N.A. N.A. N.A. N.A. N.A. 

Longfin Dace*† N Type-I 0 N.A. N.A. N.A. N.A. N.A. N.A. N.A. N.A. 

Speckled Dace*† N Type-I 0 N.A. N.A. N.A. N.A. N.A. N.A. N.A. N.A. 

Spikedace*† N Type-I 0 N.A. N.A. N.A. N.A. N.A. N.A. N.A. N.A. 

Razorback 

Sucker*† 

A Type-I 0 N.A. N.A. N.A. N.A. N.A. N.A. N.A. N.A. 

Black Bass J Type-III 166 5.01 <0.01 3.05 <0.01 1.20 N.S. 1.69 <0.05 

Black Bass A Type-III 22 0.12 N.S. 0.54 N.S. 1.60 <0.10 1.64 <0.05 

Flathead Catfish J Type-I 4 N.A. N.A. N.A. N.A. N.A. N.A. N.A. N.A. 

Flathead Catfish A Type-I 17 N.A. N.A. N.A. N.A. N.A. N.A. N.A. N.A. 

Common Carp J Type-I 11 N.A. N.A. N.A. N.A. N.A. N.A. N.A. N.A. 

Common Carp A Type-III 35 2.81 <0.01 3.35 <0.01 0.80 N.S. 0.79 N.S. 

Red Shiner N Type-III 106 7.52 <0.01 3.52 <0.01 2.20 <0.05 0.02 N.S. 

Green Sunfish A Type-I 6 N.A. N.A. N.A. N.A. N.A. N.A. N.A. N.A. 
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Table 3.5: Proportional distribution of fish species among macrohabitat types (Pool, Riffle, Run) in the 

Verde River, AZ. * Represents native species. Age class reported as Adult (A) (> 100 mm), Juvenile (J) 

(< 100 mm), or not specified (N). 

  Macrohabitat Type 

 

Species 

 

Age 

 

Riffle 

 

Run 

 

Pool 

Roundtail Chub* J 0.31 0.51 0.18 

Roundtail Chub* A 0.25 0.25 0.50 

Sonora Sucker* J 0.10 0.58 0.32 

Sonora Sucker* A 0.00 1.00 0.00 

Desert Sucker* J 0.10 0.70 0.20 

Desert Sucker* A 0.20 0.80 0.00 

Black Bass J 0.13 0.56 0.32 

Black Bass A 0.18 0.41 0.41 

Flathead Catfish J 0.60 0.20 0.20 

Flathead Catfish A 0.47 0.27 0.27 

Common Carp J 0.00 0.57 0.43 

Common Carp A 0.05 0.12 0.84 

Red Shiner N 0.53 0.36 0.11 
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Table 3.6: Captures of fishes via gill net sampling in seven randomly selected pools through the “Scenic” 

section of the Verde River. Gill net sets were for a maximum of 2 hr to prevent injury to native fishes. 

Gill Net Captures represent the number of pools, out of seven total, that a target species was captured in. 

Depth was measured at three locations across the gill net set and a mean was calculated. Depth was 

measured at three random locations along the gill nets and averaged to calculate a single depth 

measurement. 

 

Species  Gill Nets Captures N Mean TL (mm) Mean Depth (m) 

  Sonora Sucker 1/7 2 506.00 3.25 

  Black Bass 5/7 11 331.27 2.13 

  Common Carp 1/7 20 398.85 3.25 
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Table 3.7:  Resource selection probability functions for species captured in the Verde River. Back-

transformed coefficients (to the odds scale) for depth, flow velocity, substrate composition, and overhead 

canopy cover, with associated P-values from the logistic regression model (binary, LOGIT). AUC values 

≥ 0.80 represent an accurate model. McFadden’s R2  ≥ 0.15 suggests a useful model. * Represents a native 

species. 

 

 

 

Species 

 

Depth 

p-

Depth 

 

Flow 

Velocity 

p -  

Flow 

Velocity 

 

Substrate 

Comp. 

p -

Substrat

e Comp 

 

Overhead 

Cover 

p -

Overhead 

Cover 

 

AUC 

 

Psuedo 

R2 

Roundtail Chub 

<100mm* 

0.042 0.00 0.379 0.12 1.174 0.14 0.111 0.00 0.74 0.11 

Sonora Sucker 

<100mm* 

0.012 0.00 0.162 0.04 1.419 0.02 0.037 0.00 0.82 0.20 

Desert Sucker 

<100mm* 

0.045 0.03 0.113 0.25 1.405 0.18 0.160 0.15 0.82 0.10 

Black Bass 

<100mm 

0.016 0.00 0.214 0.00 0.878 0.08 0.487 0.03 0.76 0.13 

Black Bass 

Adult 

2.801 0.22 2.773 0.25 1.116 0.53 0.411 0.25 0.63 0.02 

Flathead Catfish 

Adult 

0.174 0.10 0.223 0.20 4.055 0.00 16.281 0.00 0.86 0.21 

Common Carp 

<100mm 

0.002 0.00 0.006 0.03 1.062 0.82 0.399 0.42 0.86 0.18 

Common Carp 

Adult 

8.671 0.00 0.004 0.00 1.162 0.25 4.393 0.02 0.80 0.14 

Red Shiner 0.005 0.00 3.287 0.01 1.116 0.25 0.468 0.07 0.82 0.20 

glm (Species ~ Depth (m) + Velocity (m3/s) + Substrate Composition + Overhead Cover, Family = Binomial) 
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FIGURES 

 
 

 

 

 

 

Figure 3.1: Map of sampling locations throughout the Verde River, Arizona for both 2017 and 2019 

sampling. Black circles show the general location of the 300 randomly located sampling units at access 

points sampled in 2017 (30 sampling units at each access point). White circles show the general location 

of the 90 fixed sampling units, 30 at each access point, surveyed in both 2017 and 2019. 292 sampling 

units were surveyed in 2019 within the area labeled ‘2019 Random Sampling’.   
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Figure 3.4: Boxplot analysis of microhabitat utilization of Age-0 (juvenile < 100 mm TL) fish, (a.) depth 

(b.) flow velocity (c.) substrate composition and (d.) overhead cover. Upper and lower whiskers extend to 

the 5th and 95th percentiles and the box represents the central 50% of observations with the vertical line 

showing the mean value.  
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Figure 3.5: Boxplot analysis of microhabitat utilization of Adult (> 100 mm TL) fish, (a.) depth (b.) flow 

velocity (c.) substrate composition and (d.) overhead cover. Upper and lower whiskers extend to the 5th 

and 95th percentiles and the box represents the central 50% of observations with the vertical line showing 

the mean value.  

  



112 

 

REFERENCES 

Al-Chokhachy, R. and P. Budy. 2007. Summer microhabitat use of fluvial bull trout in eastern Oregon 

streams. North American Journal of Fisheries Management 27: 1068 – 1081. 

Almedia, D, A. Almodovar, G.G. Nicola, B. Elvira, and G.D. Grossman. 2012. Trophic plasticity of 

invasive juvenile largemouth bass Micropterus salmoides in Iberian streams. Fisheries Research 

113. 1: 153 – 158.  

Arena, A., L.A. Ferry, and A.C. Gibb. 2012. Prey capture behavior of native vs. nonnative fishes: A case 

study from the Colorado River Drainage Basin (USA). J. Exp. Zool. 317: 103 - 116. 

Arizona Game and Fish Department (AZGFD). 2002. Catostomus insignis. Unpublished abstract 

compiled and edited by the Heritage Data Management System, Arizona Game and Fish 

Department, Phoenix, AZ. X pp. 

Arizona Game and Fish Department (AZGFD). 2012. Catostomus clarkii. Unpublished abstract compiled 

and edited by the Heritage Data Management System, Arizona Game and Fish Department, 

Phoenix, AZ. X pp. 

Arizona Game and Fish Department (AZGFD). 2015. Gila robusta. Unpublished abstract compiled and 

edited by the Heritage Data Management System, Arizona Game and Fish Department, Phoenix, 

AZ. X pp. 

Averitt, E., F. Steiner, R.A. Yabes, and D. Patten. 1994. An assessment of the Verde River Corridor 

Project in Arizona. Landscape and Urban Planning 28. 2-3: 161 – 178.  

Bain, M.B. and N.J. Stevenson. 1999. Aquatic habitat assessment: Common methods. American Fisheries 

Society, Bethesda, Maryland.  

Bain, M.B., J.T. Finn, and H.E. Booke. 1985. A quantitative method for sampling riverine microhabitats 

by electrofishing. North American Journal of Fisheries Management 5. 3B: 489 – 493. 

Bain, M.B., J.T. Finn, and H.E. Booke. 1985. Quantifying stream substrate for habitat analysis studies. 

North American Journal of Fisheries Management 5. 3B: 499 - 500.   



113 

 

Baltz, D.M. and P.B. Moyle. 1993. Invasion resistance to introduced species by a native assemblage of 

California stream fishes. Ecological Applications 3. 2: 246 – 255. 

Barber, W.E. and W.L. Minckley. 1966. Fishes of Aravaipa Creek, Graham and Pinal counties, Arizona. 

The Southwestern Naturalist 11. 3: 313 - 324.  

Barrett, P.J. and O.E. Maughan. 1994. Habitat preferences of Smallmouth Bass in a central Arizona 

stream. North American Journal of Fisheries Management 14. 1: 112 – 118. 

Barrett, P.J. and O.E. Maughan. 1995. Spatial habitat selection of Roundtail Chub (Gila robusta) in two 

central Arizona streams. The Southwestern Naturalist 40. 3: 301 - 307. 

Bestgen, K.R. and D.L. Propst. 1989. Distribution, status, and notes on the ecology of Gila robusta 

(cyprinidae) in the Gila River drainage, New Mexico. The Southwestern Naturalist 34. 3: 402 - 

412.  

Bonar, S.A. and N. Mercado-Silva. 2010. Aravaipa Canyon Wilderness Area, in the general adjudication 

of all rights to use water in the Gila River System and source, Arizona Supreme Court Case Nos. 

W1-W4. Environmental and Natural Resources Division. U.S. Department of Justice. 

Bonar, S.A., N. Mercado-Silva, and D. Rogowski. 2010. Habitat use by the fishes of a southwestern 

desert stream: Cherry Creek, Arizona. Arizona Cooperative Fish and Wildlife Research Unit, 

Fisheries Research Report 02-10, Tucson.  

Bonar, S.B., L.L. Leslie, and C.E. Velez. 2004. Influence of species, size class, environment, and season 

on introduced fish predation on native fishes in the Verde River System, Arizona. Fisheries 

Research Report 01-01. USGS. 

Booth, M. and N. Hairston. 2013. How mobile are fish populations? Diel movement, population turnover, 

and site fidelity in suckers. Canadian Journal of Fisheries and Aquatic Sciences 70: 666 - 677.  

Bovee, K.D. 1986. Development and evaluation of habitat suitability criteria for use in the instream flow 

incremental methodology. U.S. Fish and Wildlife Service, Biological Report 86. 7. Washington, 

D.C. 



114 

 

Bower, Z.H. and M.C. Freeman. 1998. Sampling effort and estimates of species richness based on 

prepositioned area electrofisher samples. North American Journal of Fisheries Management 18: 

144 - 153. 

Brouder, M.J. 2001. Effects of flooding on recruitment of Roundtail Chub, Gila robusta, in a 

Southwestern river. The Southwestern Naturalist 46. 3: 302 – 310.  

Brouder, M.J., D.D. Rogers, and L.D. Avenetti. 2000. Life history and ecology of the Roundtail Chub 

Gila Robusta, from two streams in the Verde River basin. AZGFD Research Branch. Technical 

Guidance Bulletin 3. Phoenix, AZ. 

Brouder, M.J., D.D. Rogers, and L.D. Avenetti. 2000. Life history and ecology of the Roundtail Chub 

Gila robusta, from two streams in the Verde River basin. AZGFD Research Branch. Technical 

Guidance Bulletin 3. Phoenix, AZ. 

Bunn, S.E. and A.H. Arthington. 2002. Basic principles and ecological consequences of altered flow 

regimes for aquatic biodiversity. Environmental Management 30. 4: 492 - 507. 

Burnham, K.P., D.R. Anderson, K.P. Huyvaert. 2010. AIC model selection and multimodal inference in 

behavioral ecology: some background, observations, and comparisons. Behavioral Ecology and 

Sociobiology 65. 23 – 35.  

Butler, S.E. and D.H. Wahl. 2010. Common carp distribution, movements, and habitat use in a river 

impounded by multiple low-head dams. Transactions of the American Fisheries Society 139: 

1121 – 1135. 

Clarkson, R.W., P.C. Marsh, and J.A. Stefferud. 2004. Conflicts between native fish and nonnative sport 

fish management in the Southwestern United States. Fisheries 30. 9: 20 – 27.  

Conover, W.J. 1980. Practical nonparametric statistics, John Wiley and Sons, New York. 

Craven, S.W., J.T. Peterson, M.C. Freeman, T.J. Kwak, and E. Irwin. 2010. Modeling the relations 

between flow regime components, species traits, and spawning success of fishes in warmwater 

streams. Environmental Management 46: 181 - 194.  



115 

 

Creef, E.D., R.W. Clarkson, and D.K. McGuinn-Robbins. 1992. Razorback sucker (Xyrauchen texanus) 

and Colorado Squawfish (Ptychocheilus lucius) reintroduction and monitoring, Salt and Verde 

rivers, Arizona, 1991-1992. Arizona Game and Fish Department. Phoenix, AZ 

Datry, T., S.T. Larned, and K. Tockner. 2014. Intermittent rivers: A challenge for freshwater ecology. 

BioScience 63. 3: 229 – 235. 

Daugherty, D.L. and T.M. Sutton. 2005. Seasonal movement patterns, habitat use, and home range of 

Flathead Catfish in the Lower St. Joseph River, Michigan. North American Journal of Fisheries 

Management 25: 256 – 269.  

Davis, A.D. and T. Wagner. 2016. Scale-dependent seasonal pool habitat use by sympatric wild brook 

trout and brown trout populations. Transactions of the American Fisheries Society 145. 888 - 902. 

Deacon, J.E., C. Hubbs, and B.J. Zahuranec. 1964. Some effects of introduced fishes on the native fish 

fauna of southern Nevada. Copeia 2: 384 – 388. 

Delibes, M., P. Gaona, and P. Ferreras. 2001. Effects of an attractive sink leading into maladaptive habitat 

selection. The American Naturalist 158. 3: 277 – 285. 

Douglas, M.E., P.C. Marsh, and W.L. Minckley. 1994. Indigenous fishes of Western North America and 

the hypothesis of competitive displacement: Meda fulgida (Cyprinidae) as a case study. Copeia 1: 

9 - 19. 

Dudley, R.K. and W.J. Matter. 2000. Effects of Green Sunfish Lepomis cyanellus on recruitment of Gila 

Chub (Gila intermedia) in Sabino Creek, Arizona. The Southwestern Naturalist 45. 1: 24 – 29.  

Eby, L.A., W.F. Fagan, and W.L. Minckley. 2003. Variability and dynamics of a desert stream 

community. Ecological Applications 13. 6: 1566 - 1579. 

Edwards, E.A. and K.A. Twomey. Habitat suitability index models: Common Carp. U.S. Dept. Int. Fish 

Wildl. Servo FWS/OBS82/10.12, 27 pp. 1982.  

Edwards, E.A., G. Gebhart, and O.E. Maughan. 1983. Habitat suitability information: Smallmouth Bass. 

U.S. Fish and Wildlife Service FWS/OBS-82/10.36 



116 

 

Fielding, A.H. and J.F. Bell. 1997. A review of methods for the assessment of prediction errors in 

conservation presence/absence models. Environmental Conservation 24. 1: 38 – 49. 

Fisher, S.G., D.E. Busch, and N.B. Grimm. 1981. Diel feeding chronologies in two Sonoran Desert 

stream fishes, Agosia chrysogaster (cyprinidae) and Pantosteus clarki (catostomidae). The 

Southwestern Naturalist 26. 1: 31 - 36.  

Fraser, G.S., K.R. Bestgen, D.L. Winkelman, and K.G. Thompson. 2019. Temperature- not flow- predicts 

native fish reproduction with implications for climate change. Transactions of the American 

Fisheries Society 148: 509 -527. 

Freeman, M.C. and P.A. Marcinek. 2006. Fish assemblage responses to water withdrawals and water 

supply reservoirs in piedmont streams. Environmental Management 38. 3. 425 – 450.  

Freeman, M.C., Z.H. Bowen, and K.D. Bovee. 1999. Transferability of habitat suitability criteria: 

Response to Comment. North American Journal of Fisheries Management 19: 626 - 628. 

Gaston, K.A., J.A. eft, and T.E. Lauer. 2012. Morphology and its effect on habitat selection of stream 

fishes. Proceedings of the Indiana Academy of Science 121. 1: 71 – 78.  

Gibson, P.P., J.D. Olden, and M.W. O'Neill. 2015. Beaver dams shift desert fish assemblages toward 

dominance by non-native species (Verde River, Arizona, USA). Ecology of Freshwater Fish 24: 

355 - 372. 

Gido, K.B. and D.L. Propst. 1999. Habitat use and association of native and nonnative fishes in the San 

Juan River, New Mexico and Utah. Copia 2: 321 – 332.  

Gido, K.B., D.L. Propst, J.D. Olden, and K.R. Bestgen. 2013. Multidecadal responses of native and 

introduced fishes to natural and altered flow regimes in the American Southwest. Can. J. Fish 

Aquatic Sci. 70: 554-64. 

Gilliam, J.F., and D.F. Fraser. 1987. Habitat selection under predation hazards: Test of a model with 

foraging minnows. Ecology 68. 6: 1856 - 1862. 

Griffith, J.S. and T.R. Tiersch. 1989. Ecology of fishes in Redfield Canyon, Arizona, with emphasis on 

Gila robusta intermedia. The Southwestern Naturalist 34. 1: 131 – 134.  



117 

 

Groshens, T.P. and D.J. Orth. 1993. An assessment of the transferability of habitat suitability criteria for 

Smallmouth Bass. Virginia Water Resources Research Center Bulletin 180.  

Hugie, D.M. and L.M. Dill. 1994. Fish and game: a game theoretic approach to habitat selection by 

predators and prey. Journal of Fish Biology. 45: 151 – 169.  

Hyatt, M.W. 2004. Assessment of Colorado Pikeminnow and Razorback Sucker reintroduction programs 

in the Gila River basin. Arizona Game and Fish Department. Phoenix Arizona. 

Jaeger, K.L., J.D. Olden and N.A. Pelland. 2014. Climate change poised to threaten hydrological 

connectivity and endemic fishes in dryland streams. PNAS 111. 38: 13894 – 13899. 

Jones, M.J. and IG. Stuart. 2007. Movements and habitat use of common Carp (Cyprinus carpio) and 

Murray Cod (Maccullochella peelii peelii) juveniles in a large lowland Australian river. Ecology 

of Freshwater Fish 16: 210 – 220. 

Jowett, I.G. 1993. A method for objectively identifying pool, run, and riffle habitats from physical 

measurements. New Zealand Journal of Marine and Freshwater Research 27: 241 – 248. 

Keating, K.A. and S. Cherry. 2004. Use and interpretation of logistic regression in habitat-selection 

studies. Journal of Wildlife Management 68. 4: 774 – 789.  

Kinsolving, A.D. and M.B. Bain. 1993. Fish assemblage recovery along a riverine disturbance gradient. 

Ecological Applications 3. 3: 531 - 544.  

Koehn, J.D. and S.J. Nicol. 2014. Comparative habitat use by large riverine fishes. Marine and 

Freshwater Research 64: 164 – 174.  

Kominoski, J.S., A. Ruhi, M.M Hagler, K. Petersen, J.L. Sabo, T. Sinha, A. Sankarasubramanian, and 

J.D. Olden. 2017. Patterns and drivers of fish extirpations in rivers of the American Southwest 

and Southeast. Global Change Biol. 24. 1175 – 1185.  

Lee, L. 2018. Habitat suitability criteria for nonnative species and relationships between fish populations 

and flow regime in four Arizona streams [master's thesis]. [Tucson (AZ)]: The University of 

Arizona. 



118 

 

Lee, L.A. and J.W. Terrell. 1987. Habitat suitability index models: Flathead Catfish. U.S. Fish and 

Wildlife Service Biological Report 82.  

Lemmon, P.E. 1956. A spherical densiometer for estimating forest overstory density. Forest Science 2. 1: 

314 - 320. 

Lytle, D.A. and N. L. Poff. 2004 Adaptation to natural flow regimes. Trends in Ecology and Evolution 

19. 2: 94 - 100. 

Mäki-Petäys, A., A. Huusko, J. Erkinaro, and T. Muotka. 2002. Transferability of habitat suitability 

criteria of juvenile Atlantic salmon Salmo salar. Canadian Journal of Fisheries and Aquatic 

Sciences 59: 218 - 228. 

Mannan, R.W and R.J. Steidl. 2013. Habitat. Wildlife Management and Conservation 229 – 245 

Marks, J.C., G.A. Haden, M. O’Neill, and C. Pace. 2010. Effects of flow restoration and exotic species 

removal on recovery of native fish: Lessons from a dam decommissioning. Restoration Ecology 

18: 934 - 943.  

Matthews, W.J. and L.G. Hill. 1979. Age-specific differences in the distribution of Red Shiners, Notropis 

lutrensis over physicochemical ranges. The American Midland Naturalist 101. 2: 366 - 372.  

McFadden, D. 1974. Conditional logit analysis of qualitative choice behavior. Pages 105-142 In P. 

Zarembka, ed., Frontiers in Econometrics, Academic Press, New York, New York. 

Miller, R.J. 1975. Comparative behavior of centrarchid basses. Pages 85 – 94 In R.H. Stroud and H. 

Clepper, editors. Black bass biology and management. Sport Fishing Institute, Washington, D.C. 

Minckley, M.L. and G.K. Meffe. 1987. Differential selection by flooding in stream-fish communities of 

the arid American Southwest. Community and Evolutionary Ecology of North American Stream 

Fishes 93 - 104.  

Minckley, W.L. and P.C. Marsh. 2009. Inland fishes of the greater southwest: Chronicle of a vanishing 

biota. The University of Arizona Press. Tucson, Arizona. 



119 

 

Moran, C.J., D.L. Ward, and A.C. Gibb. 2018. Key morphological features favor the success of nonnative 

fish species under reduced turbidity conditions in the Lower Colorado River Basin. Transactions 

of the American Fisheries Society 147: 948 – 958.  

Munger, C.R., G.R. Wilde, and B.J. Follis. 1994. Flathead catfish age and size at maturation in Texas. 

North American Journal of Fisheries Management 14. 2: 403 – 408. 

Navarro, J.E., D.J. McCauley, and A.R. Blystra. 1994. Instream flow incremental methodology (IFIM) 

for modeling fish habitat. Journal of Water Management Modeling R176 - 01. 

Neary, A.P., J.N. Rinne, and D.G. Neary. 1996. Physical habitat use by Spikedace in the Upper Verde 

River, Arizona. Hydrologic Water Resources Arizona Southwest. 27: 23 – 28. 

Nemec, Z. 2018. Development and evaluation of habitat suitability criteria for native fishes and 

assessment of the relationship among riparian areas and stream macrohabitat type and fish 

presence in four central Arizona streams [master’s thesis]. [Tucson (AZ)] The University of 

Arizona. 

Olden, J.D. and N.L. Poff. 2005. Long-term trends of native and non-native fish faunas in the American 

Southwest. Animal Biodiversity and Conservation 28. 75 – 89. 

Olden, J.D., N.L. Poff, and K.R. Bestgen. 2006. Life-history strategies predict fish invasions and 

extirpations in the Colorado River Basin. Ecological Monographs 76. 1: 25 - 40.  

Olson, M.H., B.P Young, and K.D. Blinkoff. 2003. Mechanisms underlying habitat use of juvenile 

Largemouth Bass and Smallmouth Bass. Transactions of the American Fisheries Society 132: 398 

– 405.  

Paroz, Y.M., D.L. Propst, and J.A. Stefferud. 2006. Long-term monitoring of fish assemblages in the Gila 

River drainage, New Mexico. Report to U.S. Fish and Wildlife Service and U.S. Bureau of 

Reclamation. New Mexico Department of Game and Fish, Santa Fe.  

Petre, S.J. and S.A. Bonar. 2017. Determination of Habitat Requirements for Apache Trout. Transactions 

of the American Fisheries Society 146: 1. 1-15. 



120 

 

Pilger, T.J., K.B. Gido, and D.L. Propst. 2010. Diet and trophic niche overlap of native and nonnative 

fishes in the Gila River, USA: implications for native fish conservation. Ecology of Freshwater 

Fish. 19: 300 – 321.  

Pipas, J.C. and F.J. Bulow. 1998. Hybridization between Redeye Bass and Smallmouth Bass in Tennessee 

streams. Transactions of the American Fisheries Society 127: 141 - 146.  

Poff, N.L. 2017. Beyond the natural flow regime? Broadening the hydro-ecological foundation to meet 

environmental flows challenges in a non-stationary world. Freshwater Biology 63: 1011 – 2021. 

Poff, N.L. 2017. Beyond the natural flow regime? Broadening the hydro-ecological foundation to meet 

environmental flows challenges in a non-stationary world. Freshwater Biology 63: 1011 – 2021. 

Pool, T.K. and J.D. Olden. 2014. Assessing long-term fish responses and short-term solutions to flow 

regulation in a dryland river basin. Ecology of Freshwater Fish 24: 56 - 66.  

Pool, T.K., A.L. Strecker, and J.D. Olden. 2013. Identifying preservation and restoration priority areas for 

desert fishes in an increasingly invaded world. Environmental Management 51: 631 – 641 

Power, M. 1987. Predator avoidance by grazing fishes in temperate and tropical streams: importance of 

stream depth and prey size. Pages 333-351 in W.C. Kerfood, and A. Sih, editors. Predation: direct 

and indirect impacts on aquatic communities. University Press of New England, Hanover, New 

Hampshire.  

Power, M.E., W.J. Matthews, and A.J. Stewart. 1985. Grazing minnows, piscivorous bass, and stream 

algae: dynamics of a strong interaction. Ecology 66: 1448 – 1456. 

Propst, D.L. and K.B. Gido. 2004. Responses of native and nonnative fishes to natural flow regime 

mimicry in the San Juan River. Transactions of the American Fisheries Society 133: 922 - 931.  

Propst, D.L., K.B. Gido, and J.A. Stefferud. 2008. Natural flow regimes, nonnative fishes, and native fish 

persistence in arid-land river systems. Ecological Applications 18. 5: 1236 - 1252. 

Propst, D.L., K.B. Gido, J.E. Whitney, E.I. Gilbert, T.J. Pilger, A.M. Monie, Y.M. Paroz, J.M. Wick, J.A. 

Monzingo, and D.M. Myers. 2015. Efficacy of mechanically removing nonnative predators from 

a desert stream. River Res. Applic. 31: 692 - 703. 



121 

 

Pulliam, H. R. 1988. Sources, sinks, and population regulation. American Naturalist 132: 652 – 661. 

Rahel, F.J. 2000. Homogenization of fish faunas across the United States. Science 288: 854 – 856 

Rajagopal, S. and H.V. Gupta. 2011. Assessing impacts of climate change in a semi-arid watershed using 

statistically downscaled IPCC climate output. University of Arizona. Tucson, Arizona. 

Rees, D.E., J.A. Ptacek, and W.J. Miller. 2005. Roundtail chub (Gila robusta robusta): A technical 

conservation assessment. USDS Forest Service, Species Conservation Project. Fort Collins, 

Colorado.  

Remshard, W.J. and W.L. Fisher. 2009. Effects of variation in streamflow and channel structure on 

smallmouth bass habitat in an alluvial stream. River Research and Applications 25: 661 - 674.  

Rinne J.N. and D. Miller. 2006. Hydrology, geomorphology, and management: implications for 

sustainability of native Southwestern fishes. Reviews in Fisheries Science 14. 1-2: 91 - 110.  

Rinne, J.N. 1985. Physical habitat evaluation of small stream fishes: point vs. transect, observation vs 

capture methodologies. Journal of Freshwater Ecology 3. 1: 121 - 131.  

Rinne, J.N. 1991. Habitat use by Spikedace, Meda fulgida (Pisces: Cryprinidae) in Southwestern streams 

with reference to probable habitat competition by Red Shiner, Notropis lutrensis (Pisces: 

Cyprinidae).  The Southwestern Naturalist 36. 1: 7 - 13. 

Rinne, J.N. 1992. Physical habitat utilization of fish in a Sonoran Desert stream, Arizona, southwestern 

United States. Ecology of Freshwater Fish 1: 35 - 41.  

Rinne, J.N. 1994. Declining southwestern aquatic habitats and fishes: are they sustainable? US Forest 

Service, Rocky Mountain Forest Range Experiment Station, General Technical Report. 247: 256 - 

265. 

Rinne, J.N. 2003. Native fishes: Their status, threats, and conservation, pp. 194 - 213. In: Hydrology, 

Ecology, and Management of Riparian Areas in the Southwestern United States (Folliott, P.F., 

M.B. Baker, L.F. Debano, and D.G. Neary, Eds.). Boca Raton, FL: Lewis Publishers. 



122 

 

Rinne, J.N., J.A. Stefferud, A. Clark, and P. Sponholtz. 1998. Fish community structure in the Verde 

River, Arizona, 1974-1997. Hydrology and Water Resources in Arizona and the Southwest 28: 75 

- 80. 

Rogers, R.J., B. Albrecht, H.E. Mohn, and R. Kegerries. 2019. Razorback Sucker Xyrauchen texanus 

studies on Lake Mead, Nevada and Arizona, 2017-2019 Annual Report. Bureau of Reclamation, 

Boulder City, Nevada. 

Rogosch, J.S., J.D. Tonkin, D.A. Lytle, D.M. Merritt, L.V. Reynolds, and J.D. Olden. 2019. Increasing 

drought favors nonnative fishes in a dryland river: evidence from a multispecies demographic 

model. Ecosphere 10. 4: 1 - 19. 

Rosenfeld, J. 2003. Assessing the habitat requirements of stream fishes: An overview and evaluation of 

different approaches. Transactions of the American Fisheries Society 132: 953 – 968. 

Rosenfeld, J. 2003. Assessing the habitat requirements of stream fishes: An overview and evaluation of 

different approaches. Transactions of the American Fisheries Society 132: 953 – 968. 

Rosenfeld, J.S. and T. Hatfield. 2006. Information needs for assessing critical habitat of freshwater fish. 

Canadian Journal of Fish and Aquatic Sciences 63: 83 – 698 

Ruhi, A, J.D. Olden, and J.L. Sabo. 2016. Declining streamflow induces collapse and replacement of 

native fish in the American southwest. Front Ecol Environment 14. 9: 465 - 472. 

Ruhi, A., E.E. Holmes, J.N. Rinne, and J.L. Sabo. 2015. Anomalous droughts, not invasion, decrease 

persistence of native fishes in a desert river. Global Change Biology 21. 1482 - 1496. 

Ruppert, J.B., R.T. Muth, and T.P. Nesler. 1993. Predation on fish larvae by adult red shiner, Yampa and 

Green Rivers, Colorado. The Southwestern Naturalist 38. 4: 397 – 399.  

Sabo, J.L., T.Sinha, L.C. Bowling, G.H.W. Schoups, W.W. Wallender, M.E. Campana, K.A. Cherkauer, 

P.L. Fuller, W.L. Graf, J.W. Hopmans, J.S. Kominoski, C. Taylor, S.W. Trimble, R.H. Webb, 

and E.E. Wohl. 2010. Reclaiming freshwater sustainability in the Cadillac Desert. Proceedings of 

the National Academy of Sciences of the United States of America 107: 21263 - 21270. 



123 

 

Schade, C.G. and S.A. Bonar. 2005. Distribution and abundance of nonnative fishes in streams of the 

Western United States. North American Journal of Fisheries Management 25: 1386 - 1394.  

Schlosser, I.J. 1987. The role of predation in age- and size-related habitat use by stream fishes. Ecology 

68. 3: 651 - 659 

Serrat-Capdevilla, A., J.B. Valdes, F. Dominguez, and S. Rajagopal. 2012. Characterizing the water 

extremes of the new century in the US South-West: A comprehensive assessment from state-of-

the-art climate model projections. International Journal of Water Resources Development 29. 2: 

151 - 171. 

Stefferud, J.A., K.B. Gido, and D.L. Propst. 2011. Spatially variable response of native fish assemblages 

to discharge, predators, and habitat characteristics in an arid-land river. Freshwater Biology 56: 

1403 - 1416.  

Stephens, P.A., W.J. Sutherland, and R.P. Freckleton. 1999. What is the Allee effect? Oikos 87. 1: 185 – 

190.  

Strakosh, T.R., R.M. Neumann, R.A. Jacobson. 2003. Development and assessment of habitat suitability 

criteria for adult brown trout in southern New England rivers. Ecology of Freshwater Fish 12: 265 

– 274.  

Stuber, R.J., G. Gebhart, and O.E. Maughan. 1982. Habitat suitability index models: green sunfish. U.S. 

Department of Interior Fish Wildlife Service FWS/OBS-82/10.15. 28pp. 

Teresa, F.B. and L. Casatti. 2013. Development of habitat suitability criteria for neotropical stream fishes 

and an assessment of their transferability to steams with different conservation status. Neotop. 

Ichthyol. 11: 395 – 402.  

Thomas, J.A. and K.D. Bovee. 1993. Application and testing of a procedure to evaluate transferability of 

habitat suitability criteria. Regulated Rivers: Research and Management 8: 285 - 294. 

Thompson, S.K. 1990. Adaptive cluster sampling. Journal of the American Statistical Association 85. 

414: 1050 – 1059 



124 

 

Turner, D.S. and M.D. List. 2007. Habitat mapping and conservation analysis to identify critical streams 

for Arizona's native fish. Aquatic Conservation: Marine and Freshwater Ecosystems 17: 737 - 

748. 

Tyus, H.M and C.A. Karp. 1989. Habitat use and streamflow needs of rare and endangered fishes, Yampa 

River, Colorado. U.S. Fish and Wildlife Service Biological Report 89: 1 – 27. 

Tyus, H.M. 1987. Distribution, reproduction, and habitat use of the Razorback Sucker in the Green River, 

Utah, 1979 – 1986. Transactions of the American Fisheries Society 116. 1: 111 – 116.  

Tyus, H.M. and J.F. Saunders III. 2000. Nonnative fish control and endangered fish recovery: Lessons 

from the Colorado River. Fisheries 25. 9: 17 – 24.  

U.S. Fish and Wildlife Service (USFWS). 1987. Native fish and wildlife; endangered species. Federal 

Register 32: 4001.  

U.S. Fish and Wildlife Service (USFWS). 2018. Species status assessment report for the Razorback 

Sucker Xyrauchen texanus. U.S. Fish and Wildlife Service, Mountain-Prairie Region (6), Denver, 

Colorado.  

U.S. Wild and Scenic Rivers Act of 1968. U.S. Law, 90-542; 16 U.S.C. 1271 et seq. 

USFS (U.S. Forest Service) 2004. Verde Wild and Scenic River Comprehensive River Management Plan. 

USFS Southwest Region, Albuquerque, N.M.  

USGCRP (U.S. Global Change Research Program). 2018. Impacts, Risks, and Adaptation in the United 

States: Fourth National Climate Assessment, Volume II. USGCRP, Washington, D.C. 

USGS (U.S. Geologic Survey). 2018. Assessment of environmental flows in the middle Verde River 

watershed, AZ. USGS. USGS, Washington, D.C.  

Valley, R.D. and M.T. Bremigan. 2002. Effects of selective removal of Eurasian Watermilfoil on Age-0 

Largemouth Bass piscivory and growth in southern Michigan lakes. Journal of Aquatic Plant 

Management 30. 79 – 87.  

Van Tienderen, P.H. 1997. Generalists, specialists, and the evolution of phenotypic plasticity in sympatric 

populations of distinct species. Evolution 51. 5: 1372 – 1380.  



125 

 

Vannote, R.L., G. W. Minshall, K.W. Cummins, J.R. Sedell, and C.E. Cushing. 1980. The river 

continuum concept. Canadian Journal of Fisheries and Aquatic Sciences 37. 1: 130 – 137. 

Vargha, A. and H.D. Delaney. 1998. The Kruskal-Wallis test and stochastic homogeneity. Journal of 

Educational and Behavioral Statistics 23. 2: 170 – 192.  

Veall, M.R., and K.F. Zimmerman. 1996. Psuedo-R2 measures for some common limited dependent 

variable models. Journal of Economic Surveys 10. 3: 1- 19. 

Ward, D.L. and C.R. Figiel Jr. 2012. Behaviors of Southwestern native fishes in response to introduced 

catfish predators. Journal of Fish and Wildlife Management 4. 2: 307 – 315. 

Werner, E.E. and D.J. Hall. 1977. Competition and habitat shift in two sunfishes (centrarchidae). Ecology 

58: 869 – 876.  

Williams, J.G, T.P. Speed, and W.F. Forrest. 1999. Comment: Transferability of Habitat Suitability 

Criteria. North American Journal of Fisheries Management 2: 623 – 625. 

Young, K.L. and P.C. Marsh. 1990. Age and growth of flathead catfish in southwestern rivers. California 

Fish and Game 76: 224 – 233.  

 

 

 

 

 

 


