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Abstract

State-and-transition models (STMs) are used in natural resource management to describe ecological site scale response to
natural and anthropogenic disturbances. STMs are primarily based for expert opinion and literature reviews, lacking analytical
testing to support vegetation community dynamics, thresholds, and state changes. We developed a unique approach, combining
ordination and permutation MANOVA (perMANOVA) with raw data interpretation, to examine vegetation data structure and
identify thresholds for a STM. We used a long-term monitoring dataset for an ecological site on the Santa Rita Experimental
Range, Arizona. Basal cover of perennial grasses and canopy cover of shrubs and cacti were measured on permanent transects
beginning in 1957. Data were grouped by drivers identified by the STM including species invasion, grazing, drought, and
mesquite treatment. Ordination by nonmetric multidimensional scaling described the structure of the data. PerMANOVA was
used to test for differences between groups of sample units. Analyses of combined key species (Lehmann’s lovegrass and
mesquite [Prosopis velutina Woot.]) and nonkey species patterns demonstrated an irreversible transition and occurrence of a
structural threshold due to Lehmann’s lovegrass invasion, as well as a short-term reversible transition (restoration pathway)
following mesquite treatment. Sensitivity analysis, in which key species were removed from the dataset, showed that the relative
composition of nonkey species did not differ between states previously defined by the key species. This apparent disconnect
between dynamics of key and nonkey species may be related to changes in the functional attributes that were not monitored
during this time series. Our analyses suggest that, for this ecological site, transition to a Lehmann’s lovegrass state occurs when
basal cover of this species exceeds 1–2%, which often occurs within 6 yr of its arrival. Evaluation of the restoration pathway
showed a recrossing of the threshold within 6 yr of treatment and when mesquite canopy cover exceeded 10%.
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INTRODUCTION

State-and-transition models (STMs) describe the community
dynamics of ecological sites and their response to natural and
anthropogenic impacts (Westoby 1980; Briske et al. 2008).
STMs are an effective means of communicating and synthesiz-
ing information about ecological sites, and land managers
perceive them as a tool to guide management decisions (Knapp
et al. 2011). STMs incorporate the concept of ecological
resilience and multiple stable states into a model for vegetation
changes (Peterson et al. 1998; Gunderson 2000), differing from
the Clementsian succession (range condition) model (Dykster-
huis 1949) that guided range management for much of the 20th
century. The range condition model identifies a single climax
plant community with an ‘‘in place community’’ moving either
toward or away from the climax community in a linear fashion
in response to grazing and drought (Dyksterhuis 1949). In
contrast, resilience-based STMs suggest that communities can
reach equilibrium in different, alternative stable states and
arrive there via feedback mechanisms (Gunderson 2000).

STMs are included in ecological site descriptions (ESDs) to
describe each site’s potential stable states. ESDs contain
information about soils, other physical characteristics, vegeta-
tion (both historic and current), and general ecological function
of an ecological site. Ecological sites are landscape units of

similar soils, topography, and associated vegetation types. They
have been adopted by land management agencies in the United
States, including the Natural Resource Conservation Service
(NRCS), the Bureau of Land Management, and the United
States Forest Service, as appropriate units for establishing
monitoring programs and assessing community changes, both
biotic and abiotic, on rangelands (Brown 2010).

States represent a stable suite of abiotic and biotic factors
that produce one or more vegetative community phases
(Westoby et al. 1989; Stringham et al. 2003; Briske et al.
2008; Bestelmeyer et al. 2009). Community phases are
connected by community pathways, which can be either
natural or management drivers that cause changes in commu-
nity phases within a state. Individual states are delineated by
thresholds. Transitions describe the drivers (i.e., changes in
climate or management) causing a state to cross a threshold
into an alternative stable state. Unlike community pathways,
transitions are reversible only with significant input of
management in the form of a restoration pathway. Restoration
pathways, when available, describe means of returning a site to
a more desirable state. Thresholds are crossed when the
feedback mechanisms maintaining a site in its current state
are altered sufficiently to exceed a site’s resilience and cause the
site to transition to an alternative state (Stringham et al. 2003).
Categorizing thresholds into two groups, structural and
functional thresholds, has been suggested to help clarify the
threshold concept and to improve the application of STMs
(Bestelmeyer 2006). Functional thresholds are crossed when
changes in ecological processes occur, and structural (compo-
sitional) thresholds are defined by changes in community
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composition. Most STMs report structural community charac-
teristics, and therefore focus on structural thresholds, because
they are more easily measured. However, including functional
attributes and thresholds (Bestelmeyer et al. 2009) allows
assessment of potential changes in ecological function of sites.

The length of time it may take for a transition to occur, to be
approached, and to be crossed will vary with ecological site,
climate, and management drivers. Friedel (1991) indicated that
once a threshold was crossed, returning to the previous state is
often not reversible on a practical time scale without
substantial intervention by land managers. Stringham et al.
(2003, p. 109) suggest the temporal scale for STMs be defined
by the ‘‘permanence of the current climatic regime.’’ The
incorporation of a practical temporal scale will provide land
managers an estimate of how long restoration activities will be
effective, how much time it may take for a threshold to be
recrossed following a restoration pathway, and an estimate of
length of time during or following disturbance for a threshold
to be approached and crossed.

STMs are expert-based estimates built on interpretation of
scientific literature, long-term systematic data, and field
observations (Twidwell et al. 2013). The majority of STMs
have not been validated. Using a long-term dataset from an
ecological site, we examine structural changes in community
composition due to climate, anthropogenic impacts, and
autogenic succession within the STM framework. We compare
empirically derived stable states and potential drivers to the
expert-based STM. We examine four potential drivers; grazing,
precipitation, shrub control, and invasion by non-native grass
species. Specifically, we identify state boundaries and thresh-
olds associated with the empirically derived states. We used
nonmetric multidimensional scaling (NMS) and permutation
MANOVA (perMANOVA) to evaluate structural changes in
the plant community. Additionally, these analytical techniques
allow us to examine the temporal scale of state changes.

METHODS

Study Area
This study was conducted using data from long-term vegetation
monitoring transects at Santa Rita Experimental Range (SRER)
located approximately 50 km south of Tucson, Arizona
(McClaran et al. 2010). Elevations on SRER range from 880
to 1 400 m and average annual precipitation ranges from 27 to
44 cm along the gradient. Precipitation is bimodally distributed
with the majority of precipitation events occurring during the
winter (December–March) and summer (July–September).

Ecological Site
There are 18 ecological sites on the SRER mapped by the
NRCS (http://ag.arizona.edu/SRER/data.html). We focused our
study on a single ecological site, Sandy Loam Upland (30–40
cm precipitation zone) (R041XC319AZ) in Major Land
Resource Area 41, Southeastern Arizona Basin and Range.
Sandy Loam Upland (SLU) ecological sites have a sandy loam
surface texture and deep and well-drained soils with an argillic
horizon common at a depth of approximately 30 cm
(R041XC319AZ). Historically SLU sites were dominated by

warm season grasses, but the plant communities of the SLU are
highly variable, with plant community composition and
production varying with yearly conditions, location, aspect,
and natural soil variability. SLU ecological sites at the SRER
have been invaded by a non-native grass, Lehmann’s lovegrass
(Eragrostis lehmanniana Nees), which was established on
SRER as a forage species in 1930s. In the 1970s and 1980s,
natural dispersion led to widespread establishment on SRER. In
addition, conversion of desert grasslands to shrubs can occur as
a function of changes in climate and management; SLU
ecological sites are susceptible to shrub invasion by velvet
mesquite (Prosopis velutina Woot.). In 1952, herbicide
treatment of mesquite was applied to several of the study sites
in an attempt to slow the conversion of SLU sites to shrub-
dominated states.

The current STM for the SLU describes six stable states,
associated transitions, and potential restoration pathways (Fig.
1). We evaluated the accuracy of three of the six identified
states in the STM: Historic Climax Plant Community (HCPC),
Mesquite-Lehmann, and Mesquite-Natives. We were not able
to evaluate the other three states (Natives-Mesquite eroded,
Dense Mesquite eroded, and Mesquite-Annuals) because the
long-term dataset does not include measures of annual species
or soil erosion. We investigated two of the transitions and
associated thresholds defined by the STM. Transition 1a is the
spread and establishment of Lehmann’s lovegrass that arrived
on these sites after 1972 (Angell and McClaran 2001). A
restoration pathway, mesquite removal (Transition 4b in Fig.
1), was applied to about a quarter of the study sites in 1957
(McClaran and Angell 2006, 2007). Additional drivers we
investigated were managerial (grazing) and climatic (drought as
measured by precipitation). To examine potential drivers of
plant community composition, we grouped sample units by the
potential drivers from the STM.

Vegetation
We used plant cover data collected on forty-six 30.5 m
permanent transects on SLU ecological sites between 1957
and 2009 (McClaran et al. 2010). Data were collected annually
from 1957 to 1966, every 3 yr from 1975 to 1981, and every 3
yr from 1991 to 2009 (http://ag.arizona.edu/SRER/data.html).
Basal cover by species was recorded as basal intercept in units
of 2.5 cm for perennial grasses. Canopy cover was recorded for
shrubs and cacti as the entire live crown intercept in 3.0 cm
units.

Grazing
We evaluated livestock grazing influence by assessing the
importance of grazing in the previous growing season and
grazing during the previous year. Samples were assigned to
groups based on if and when they were grazed during the
previous year.

Grazing systems and stocking rates at the SRER have varied
considerably over time, but utilization has remained , 50%
(Table 1 in Mashiri et al. 2008). Grazing is persistent, though,
in that 99% of the transects in our analysis had been grazed at
least once in the 3 yr prior to the sample used in the analysis.
Therefore, we used two comparisons to evaluate livestock
grazing influence on transitions. In the first, samples were
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assigned to groups based on the grazing regime of the year prior

to data collection: season-long grazing (29.4%), summer

grazing (34.7%), winter grazing (34.7%), or no grazing

(1.2%). In the second comparison units were assigned to

groups based simply on whether they were grazed or ungrazed

during the year of sampling. In this classification scheme, 70%

of transects were considered grazed.

Precipitation
SRER has precipitation data from 18 rain gages distributed

across the experimental range from 1922 to the present (http://

ag.arizona.edu/SRER/data.html). We used unique estimates of

precipitation for each sample unit based on Theissen polygon

interpolation of monthly values to account for the spatial

variability. The plant communities of the SLU ecological site

can fluctuate significantly with precipitation (R041XC319AZ).

Each sample unit was classified as wet, dry, or average

precipitation for the year (November–October) of data

collection, winter (November–March), and summer (April–

October). Classifications were based on annual and seasonal

averages determined from the 77 yr of rainfall data. Wet and

dry classifications of seasons were more than 1 standard

deviation (SD) above or below the mean; average years were

within 1 SD of the mean at each transect location.

Data Analysis
Vegetation composition derived from the transect data were

analyzed with two methods: 1) nonmetric multidimensional

scaling (NMS) using the relative Bray-Curtis distance measure

(McCune and Grace 2002) and 2) permutation (Monte Carlo)

MANOVA (perMANOVA) with the relative Bray-Curtis

distance measure using the method of Anderson (2001). Both

Figure 1. State-and-transition model for the Sandy Loam Upland Ecological Site in MRLA 41-3 (R041XC319AZ). 1a, Proximity to seed source,
introduction of seeds, possibly management related to perennial grass (64a4b52b2a1b1a3a3b3a3b) cover. 1b, Not known. Herbicide may remove
perennial exotics. 2a, Continuous heavy grazing (managing for annuals), persistent low perennial grass cover: 1) reduction of A horizon OM and litter,
compaction persistent, reduced infiltration, or 2) limited recruitment of grass. 2b, Proper grazing or no grazing, seeding or planting of native grasses, and
possible herbicide treatment of annuals, ripping and contouring. 3a, Continuous heavy grazing (managing for annuals) with drought; low grass cover
reduction of A horizon OM and litter, compaction sheet, rill, and gully erosion; persistent reduced infiltration and limited recruitment of grass. 3b,
Mechanical or herbicide treatment of shrubs, proper grazing or no grazing, seeding or planting of native grasses, maintenance treatments for shrubs, rill
and gully erosion control. 4a, Lack of fire but with proper grazing or no grazing. 4b, Mechanical or herbicide treatment of shrubs. 5, Continuous heavy
grazing with drought, compaction, sheet, rill, and gully erosion. 6, Continuous heavy grazing, severe soil surface erosion (sheet) resulting in loss of A
horizon to less than 4 inches thick. Site ID R041XC313AZ.

Table 1. PerMANOVA results comparing presence or absence (P/A) of Lehmann’s lovegrass and mesquite treatment using both the complete dataset and
modified datasets as part of sensitivity analyses.1

Comparison Dataset SS MS F P

Lehmann’s P/A Complete 12.3 12.3 31.2 0.0002

Lehmann’s P/A No Lehmann’s 5.4 5.4 1.3 0.0624

Mesquite treatment Complete 4.5 4.5 10.3 0.0002

Mesquite treatment No mesquite 0.43 0.43 1.54 0.087
1All perMANOVA runs were completed using a full factorial design with sample units stratified by year of data collection as well as STM drivers. Interaction between year and driver was not significant

(P . 0.05) for all perMANOVA runs. P/A indicates presence absence; SS, sum of squares; and MS, mean square.
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NMS and perMANOVA were implemented using PC-ORD
Version 5.19 software (McCune and Grace 2002). Using the
same distance measure, we are able to compare the results from
the two methods. Data were normalized using arcsine square
root transformation and relativized by species maximum cover
over the period of record because shrubs and grasses were
measured using different units (basal cover of perennial grasses
and canopy cover for shrubs and cacti). NMS is a robust
technique for the analysis of plant community data with the
ability to recover the compositional dimensions associated with
underlying environmental gradients (Minchin 1987; Clarke
1993). PerMANOVA tests differences among the multivariate
populations of two or more groups using Monte Carlo methods
(McArdle and Anderson 2001).

Options used in the NMS analysis were 1) a random starting
point, 2) 250 runs with real data, and 3) 250 runs with
randomized data. Selection of the best solution was based on
the highest dimensions with a reduction of five or more in the
stress of real data, a P�0.05 for the Monte Carlo test
comparing stress between the real data and a randomized
dataset, and final solutions with stress �25, number of
iterations , 200, and instability , 0.0005.

Sample units were catagorized using the potential drivers
from the STM, time and location. Seven different variables
were used to classify sample units: year of data collection,
presence or absence of mesquite treatment, grazed or ungrazed
during the year of data collection, previous year’s grazing
regime (season-long, summer grazing, winter grazing, or no
grazing), previous year’s precipitation (wet, dry, or average),
summer precipitation for the year of data collection (wet, dry,
or average), winter precipitation for the year of data collection
(wet, dry, or average), and presence or absence of Lehmann’s
lovegrass. This allowed us to examine the effects of the
potential drivers on plant community structure through
ordination. Driver effects are evident from clustering of
similarly treated units (i.e., mesquite treatment vs. no mesquite
treatment) (Field et al. 1982; Clarke and Warwick 1994; Scott
et al. 1994). By inspecting the NMS output, individual sample
units were identified from the different point clouds and the
margins of point clouds. We used the nontransformed cover
values to examine patterns and potential threshold values.

PerMANOVA was used to detect differences between the
multivariate populations of two or more groups using
permutation methods. Year of data collection was used as a
fixed factor (Andrew and Lilleskov 2009) with individual
transect ID included as a grouping variable. In this case we used
perMANOVA to determine the probability of the different
groups’ central locations and dispersions being significantly
different when grouped according to the experimental design.
We grouped sample units by Lehmann’s love grass presence or
absence, mesquite treated vs. nontreated, annual precipitation
(wet, dry, or average), summer precipitation (wet, dry, or
average), winter precipitation (wet, dry, average), previous
years precipitation (wet, dry, average), grazed or ungrazed for
the year of data collection, grazed or ungrazed the previous
year, and transect ID. When unequal group sizes were present,
we randomly selected sample units to have the maximum
number of sample units while retaining equal group sizes. Two
options were used for this analysis: 1) 4 999 (default PC-ORD
value) permutations of the data and 2) pairwise comparisons

(when applicable). Precision of P value increases with the
number of permutations (Anderson 2001) and between 1 000
and 5 000 is recommended. Pairwise comparisons were made
with a separate set of permutations using just the two groups
being compared. These were corrected for multiple compari-
sons using the Bonferroni correction at a¼0.05 to reduce the
probability of type I error.

We performed sensitivity analyses to determine if results
were driven by the key species or were manifest across the
nonkey species as well. To do so, we ran NMS and
perMANOVA with datasets from which key species, Lehmann’s
lovegrass and mesquite, were removed. If, following the
removal of key species, NMS and perMANOVA results showed
distinct clustering of sample units grouped by the removed
species (NMS) or significant P values (perMANOVA) then we
would assume that the composition of nonkey species was
being impacted by the presence of the key species.

RESULTS

Five of the seven drivers we examined did not produce
detectable patterns among the sample units when graphed in
three dimensions. Two drivers, the presence of Lehmann’s
lovegrass and mesquite treatment, showed clustering of sample
units and allowed us to graphically identify potential thresholds
(Figs. 2 and 3). Year of sampling was a significant factor
(P , 0.50) for all perMANOVA runs, including the sensitivity
analysis, indicating some significant differences within sample
units through time. Interaction between year of data collection
and STM drivers was never significant (P . 0.05), so year of
data collection and STM drivers were independent.

Grouping sample units by the presence or absence of
Lehmann’s lovegrass resulted in two distinct point clouds
(Fig. 2), and the factor was significant in perMANOVA (Table
1). This separation was not complete, however, because some
sample units classified as ‘‘Lehmann’s lovegrass Present’’ fell
within the ‘‘Lehmann’s lovegrass Absent’’ point cloud, and vice
versa. Examination of the nontransformed (raw) cover data for
each sample unit showed that those points classified as
Lehmann’s lovegrass Present that had less than 1% cover of
Lehmann’s lovegrass were more closely related to the
Lehmann’s lovegrass Absent class based on vegetation plant
communities’ characteristics. The cover values for the sample
units that were between the two point clouds, not falling
distinctly within either cloud, ranged from 1% to 2% cover.
Once Lehmann’s lovegrass increased above 2%, the sample
units were located well within the ‘‘Lehmann’s lovegrass
Present’’ point cloud. Combining the nontransformed cover
data with the locations of the sample units in ordination space,
we established a 1–2% threshold value for Lehmann’s lovegrass
basal cover for transition 1a (Fig. 1).

Pairing the nontransformed data with sample unit identifiers
showed there is a time lag between when Lehmann’s lovegrass
first appears and when it exceeds 1% basal cover in a given
sample unit. In general, Lehmann’s lovegrass did not exceed
1% basal cover until it had been documented for several years.
The median basal cover for first year the invasion was detected
on a transect was 0.6%, though it ranged from 0.02% to 5.4%
and exceeded 1% cover in the first year it was detected on 24%
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of transects. It is important to note that there was a 3-yr

sampling interval, and Lehmann’s lovegrass invasion could

have occurred anytime within the 3-yr interval.

The second STM driver that showed a significant effect on

the plant community was mesquite shrub control, as shown by

the significant perMANOVA result when the complete dataset

was analyzed (Table 1). Overlap between NMS point clouds

classified by mesquite treatment occurs, though (Fig. 3),

because of mesquite reinvasion. Many treated sites even

recrossed the 10% threshold of the STM. Once mesquite were

reestablished on the treated sites, it took an average of 5.5 yr to

exceed this threshold.

Our sensitivity analysis, removing of key species from the

dataset, produced NMS results with little clustering of sample

units (Fig. 4). This suggests that the relative composition of

nonkey species did not differ after Lehmann’s lovegrass arrived,

nor did it vary after the removal and subsequent return of

mesquite. When Lehmann’s lovegrass was removed from the

species matrix and perMANOVA repeated, the results grouping

sample units by year, and Lehmann’s lovegrass presence or

Figure 2. NMS output using all species from the Sandy Loam Upland grouped by Lehmann’s lovegrass presence or absence.
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absence were no longer significantly different (Table 1). When
mesquite was removed from the dataset and perMANOVA
repeated, results grouping sample units by mesquite treatment
were no longer significantly different (Table 1).

In addition to analysis of grouped sample units, individual
sample unit trends were investigated using the Bray-Curtis

distance matrix. Each sequential sample was compared to the
original sample for each of the 46 transects. Bray-Curtis
distance is between 0 and 1; a distance of 0 indicates the
samples are identical, and a distance of 1 indicates there are no
species shared between the original sample and the data
collected at the later dates. We selected several transects as

Figure 3. NMS output using all species from Sandy Loam Upland grouped by mesquite treatment.
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Figure 4. NMS output for sensitivity analysis, removing key species Lehmann’s lovegrass or mesquite from the data set.
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representative of common patterns found when all 46 transects

were compared (Fig. 5). Sites invaded either by Lehmann’s

lovegrass or mesquite moved away from the original sample at

a rapid rate; many sites invaded by Lehmann’s lovegrass had a

Bray-Curtis value of 1.

DISCUSSION

Using two multivariate analysis techniques, NMS and perMA-

NOVA, we identified two structural thresholds for the SLU

ecological site over a 52-yr period. At the beginning of the

dataset, mesquite was present on 15 of the 46 sites and

dominant (. 10% cover) on 11 of those 15 sites. Lehmann’s

lovegrass arrived in the data set in 1972, so at the same time

that mesquite was becoming dominant on many of the sites

Lehmann’s lovegrass was also becoming established (Mashiri et

al. 2008). The majority of sites (39 of 46) had transitioned to a

mesquite-Lehmann’s lovegrass state by the end of the analysis

period.

Mesquite removal is a suggested restoration pathway in the

STM; however, successful treatment may require more than

plant removal to reestablish ecological processes needed to

maintain resilience (Polyokov et al. 2010). Two lines of

evidence suggest that the single removal of mesquite did not

produce a functional change. First, the recrossing of the

mesquite structural threshold occurred within 5 yr of mesquite

reestablishment, which occurred on 7 of 10 treated sites.

Second, the relative composition of nonkey species did not

differ between treated and nontreated sample units (Fig. 4;

Table 1).

Figure 5. a, Bray-Curtis distance for four transects. Two (308 and 364) were never invaded by Lehmann’s lovegrass. The others (364 and 322) were
invaded by Lehmann’s, at samples 9 and 10, respectively. b, Bray-Curtis distance for four transects, two mesquite treated (308 and 374) and two
nontreated (322 and 442). Transect 442 was invaded by Lehmann’s lovegrass at sample 11. Transect 374 was invaded by Lehmann’s lovegrass at
sample 9.
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The transition from a non-Lehmann’s lovegrass to a
Lehmann’s lovegrass state occurred when the basal cover of
Lehmann’s lovegrass reached or exceeded 1–2% basal cover;
this occurred within 6 yr for 76% of the cases following the
first recorded arrival of the Lehmann’s lovegrass. One could
infer that the invasion by Lehmann’s lovegrass represents the
crossing of both structural and functional thresholds because
Lehmann’s lovegrass can alter plant establishment (Abbott and
Roundy 2003), change fire regimes (Anable et al. 1992), affect
hydrologic processes (Fraiser and Cox 1994; Moran et al.
2009), alter nutrient cycling (Williams and Baruch 2000), and
decrease faunal diversity (Bock et al. 1986). However,
additional field data and investigation are needed to test this
interpretation as the sensitivity analyses showed no difference
in the relative composition of nonkey species between lovegrass
invaded and noninvaded groups.

Our analysis showed that the return of mesquite to the
treated sites was highly variable among treated sites. The
threshold associated with Lehmann’s lovegrass invasion was
less variable. Examination of the Bray-Curtis distance metrics
for transects demonstrated the different patterns and variability
in transect response to the two STM drivers. The threshold
associated with Lehmann’s lovegrass is illustrated by transects
moving away from their preinvasion state quickly and
remaining in a similar state once Lehmann’s lovegrass invades
(Fig. 5). The mesquite removal restoration pathway is much
more diffuse, lacking the clear directional change associated
with the Lehmann’s lovegrass threshold (Figs. 4 and 5).

We found no support for state changes associated with the
other two potential drivers, grazing or precipitation. The lack
of change due to grazing is consistent with Mashiri et al.
(2008), who found no change in vegetation due to changes in
the grazing system at SRER over a 34-yr period. It may also be
consistent with the STM. All transects generally experienced
low intensity grazing, which could reduce perennial grass cover
(Transition 1a, Fig. 1), but only some of them transitioned to
the mesquite, Lehmann’s state, suggesting that other factors
(such as seed availability) are important for this transition. The
lack of ungrazed or heavily grazed samples, along with the lack
of information on annuals and degree of erosion, make it
impossible to test the other transitions and states.

Another study at SRER found precipitation and other
climatic variables to be significant drivers of changes in plant
community composition (Bagchi et al. 2012). This difference in
findings is most likely a function of the way transitions were
identified and described and the spatial scale of analysis. Some
of the transitions identified by Bagchi et al. (2012) might be
described as community pathways (Knapp et al. 2011). It is
important to distinguish between these and changes in
community phases with state changes, since confusion in the
application of STMs can come from misapplication of the
threshold concept (Knapp et al. 2011). Changes in community
phases are more frequently observed than transitions; however,
to validate STMs, thresholds should be identified and
quantified, as we have done in this study. In addition, Bagchi
et al. (2012) conducted their analysis at the landscape scale,
using data from multiple ecological sites across SRER, whereas
our analysis focused on a single ecological site. By definition
individual ecological sites have characteristic responses to

managerial and natural drivers, so validation of STMs should
be ecological site specific.

The only temporal scale currently associated with STMs is
the multidecadal, or longer, scale determined by the perma-
nence of a climatic regime (Stringham et al. 2003). The
addition of restoration pathways to the STM framework
increased the need to include a temporal scale specific to
restoration and/or management practices such as treatment of
mesquite. In this study we showed two examples of STM
transitions, one state change due to species invasion and one
restoration pathway. Understanding the short- and long-term
implications these transitions would be improved if a temporal
scale were included in the STM. Incorporating the 6-yr rate of
transition as a result of Lehmann’s lovegrass invasion and the
5-yr reestablishment rate of mesquite following herbecide
treatment into the STM identifies the potential windows of
opportunity for land managers to control these transitions.

IMPLICATIONS

With the increasing role of STMs in rangeland management,
there is a critical need to validate expert-based STMs with
empirical data (Twidwell et al. 2013). We found differences
between the current expert-based STM for SLUs and the states
and thresholds supported by the analysis of the long-term
dataset. Two ways of improving the current STM framework
for use as a decision support tool are to 1) incorporate a
temporal scale for thresholds to be approached and crossed and
2) provide a measurable indicator (i.e., percentage change in
species cover) of when a threshold has been crossed.
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