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ABSTRACT
In arid and semi-arid environments where surface water resources are scarce, the discharge of
treated wastewater into streams often supports or creates aquatic habitat and in many cases is
actively managed for environmental benefits. Although common across the world, there is a lack
of research on these novel effluent-fed systems and their impacts on aquatic ecology. This
dissertation presents a detailed case study of the lower Santa Cruz River near Tucson, Arizona,
USA, which is dependent upon effluent discharge for perennial baseflow. In this dissertation, I
examine 1) the general suitability of effluent to serve as habitat for aquatic invertebrates, 2) the
impacts of an artificial flow regime on fish stranding, 3) the prevalence and drivers of
microplastic pollution in the river, and 4) the role of natural and artificial disturbance in shaping
aquatic invertebrate communities at several locations along the river. The lower Santa Cruz
River supports a diverse aquatic invertebrate community (156 taxa) that is shaped by water
quality gradients, as well as artificial disturbance from daily flow intermittence and natural
disturbance from seasonal floods. Daily drying also impacts aquatic vertebrates: stranding of
mosquitofish is common in certain reaches of the river and is governed primarily by flow
recession rates during periods of reduced effluent input. Also, microplastic pollution from point
and non-point sources is ubiquitous throughout the river, and the abundances of this pollution in
the water column and riverbed sediment are affected by flooding. Despite the ubiquity of
microplastics in the river, only six percent of sampled mosquitofish had consumed microplastics
and no obvious health impacts were observed in those fish. This dissertation makes a novel and
timely contribution to urban stream ecology research with findings relevant to effluent-fed rivers
across arid and semi-arid regions of the globe. This research addresses many of the unique
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benefits and challenges of effluent discharge for aquatic ecosystem support, analyzes previously
unstudied phenomenon, and identifies knowledge gaps that require future research.
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CHAPTER 1
Introduction
Across the globe, freshwater resources and the ecosystems they support are increasingly
threatened by human uses and climate change (Vörösmarty et al. 2010; de Graff et al. 2019).
Urbanization is often linked to the degradation of aquatic habitat (Feminella & Walsh 2005; Gál
et al. 2019), but urbanization can also support and create novel habitat. The discharge of treated
wastewater into rivers and streams is common (Tchobanoglous et al. 2003), and in many cases
results in the impairment of stream ecosystems (Carey & Migliaccio 2009). However, in certain
circumstances this effluent discharge can provide ecological benefits (Bischel et al. 2013; Luthy
et al. 2015). In arid and semi-arid environments where surface water resources are scarce,
effluent often provides some of the only aquatic habitat available (Brooks et al. 2006; Hamdhani
et al. 2020), and in some cases is actively managed for ecosystem conservation and public
recreation (Bischel et al. 2013).
Although effluent supported rivers and streams are common across the world, there is a
relative lack of research on these novel systems and their impacts on aquatic ecology (Hamdhani
et al. 2020). There are obvious benefits of effluent such as the maintenance or (re)creation of
perennial flow in aridland ecosystems, but there are many challenges as well. For example,
effluent can cause eutrophication and altered water quality dynamics (Carey & Migliaccio 2009;
Hamdhani 2020), altered flow regimes (Halaburka et al. 2013; Eppehimer et al. 2020), and
pollution such as microplastics (Iyare et al. 2020; Eppehimer et al. 2021).
The Santa Cruz River is one example of a semi-arid river that is dependent upon effluent
discharge for perennial flows. The Santa Cruz River basin is located in southern Arizona, USA
and northern Sonora, Mexico and historically had sections of natural, perennial flow (Logan
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2002). Groundwater pumping and diversions turned the river into a largely ephemeral system in
the mid-1900’s, however effluent discharge has created artificial, perennial flow in certain
sections of the river (Webb et al. 2014).
In this dissertation, I present a detailed case study of the lower Santa Cruz River that
explored ecologically relevant dynamics and drivers of this system. In the following chapters, I
examine 1) the general suitability of effluent to serve as habitat for aquatic invertebrates, 2) the
impacts of an artificial flow regime on fish, 3) the prevalence and drivers of microplastic
pollution, and 4) the role of natural and artificial disturbance in shaping aquatic invertebrate
communities. This research addresses many of the unique benefits and challenges of effluent
discharge for aquatic ecosystem support, analyzes previously unstudied phenomena, and
identifies knowledge gaps that require future research.
First, in Chapter Two, I present an exploratory study of the river that provided baseline
data on the aquatic invertebrate community and some of the dynamics that influence its
composition. The goal of this work was to systematically document the aquatic invertebrate taxa
to a resolution previously not examined and to explore potential ecological drivers of community
structure. This study produced unexpected observations that led to the investigations presented in
subsequent chapters.
In Chapter Three, I present research that quantified artificial flow intermittence on the
river and its impact on fish. The goal of this chapter was to use this short, observational study to
highlight previously unreported artifacts of flow regime alterations in effluent-dependent rivers
that were identified in Chapter Two. This also included testing predictors of fish stranding during
diurnal drying events that occur when effluent inputs are reduced during times of reduced urban
water use.
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Next, Chapter Four presents a study on microplastic pollution in the lower Santa Cruz
River, which was inspired by the abundance of microplastics that was incidentally noted during
field and lab work for Chapter Two. The aim of this study was to provide the first research on
microplastic dynamics in an effluent-dependent river. This study quantified aquatic microplastic
pollution, and the consumption of microplastics by mosquitofish, across a longitudinal gradient
and during two periods: baseflow and post-flood. It also modeled abiotic predictors of
microplastic trends.
Finally, in Chapter Five I present an analysis of monthly aquatic invertebrate data
collected across a ~20 km reach of the river. The goal of this study was to expand on the
invertebrate community dynamics first identified in Chapter Two by specifically incorporating
invertebrate drift and both natural, seasonal flood disturbance and artificial, daily flow
intermittence within predictive models of invertebrate community metrics.
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CHAPTER 2
Evaluating the potential of treated effluent as novel habitats for aquatic invertebrates in
arid regions
In this study, I examined the potential of treated effluent to create aquatic invertebrate
habitat in the lower Santa Cruz River near Tucson Arizona, USA. Aquatic invertebrates were
sampled on two dates at 10 sites across a ~40 km portion of the river supported by the Agua
Nueva Water Reclamation Facility and the Tres Rios Water Reclamation Facility. This sampling
effort identified 92 invertebrate taxa, and linear mixed-effects models revealed a strong positive
relationship between dissolved oxygen and taxonomic richness and a strong negative relationship
between stream drying and invertebrate density. It illustrated that effluent supports a diversity of
invertebrates, including numerous sensitive taxa. However, water quality impairments were
observed close to the effluent outfalls, and the artificial flow regime causes daily flow
intermittence in the downstream-most reaches of the lower Santa Cruz. This study identified
phenomena such as diurnal stream drying and microplastic pollution that led to investigations in
the subsequent chapters. See Appendix A for the full article.
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CHAPTER 3
Daily flow intermittence in an effluent-dependent river: impacts of flow duration and
recession rate on fish stranding
Stemming from the identification of altered flow regimes and daily drying in Chapter
Two, this study was launched to quantify flow intermittence and document impacts to fish. Over
a 12-week period on a ~4 km reach of lower Santa Cruz River supported by the Agua Nueva
Water Reclamation Facility, flow intermittence was quantified with trail cameras and fish
strandings were observed with weekly surveys. Three hundred and twenty-three fish strandings
were recorded, and generalized linear models indicated that flow recession rate was a positive
predictor of fish stranding. See Appendix B for the full article.
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CHAPTER 4
Impacts of baseflow and flooding on microplastic pollution in an effluent-dependent
aridland river in the USA
Initial aquatic invertebrate sampling from Chapter Two revealed obvious microplastic
pollution in the river. However, the prevalence and dynamics of microplastics were unknown. In
this study, I examined microplastic concentrations in the water column, in benthic sediment, and
in the stomachs of mosquitofish at 10 sites along a ~40 km stretch of the lower Santa Cruz River
supported by the Agua Nueva and Tres Rios Water Reclamation Facilities. Sampling occurred
during two time periods: baseflow (effluent only) and post-flood (following urban runoff). In
total, across both sampling periods, we detected microplastics in 95% of water column samples,
99% of sediment samples, and 6% of mosquitofish stomachs. Generalized linear mixed-effects
models revealed that flow status (baseflow vs post-flood) was the only significant predictor of
microplastic presence and concentrations suggesting that non-point sources of microplastics may
be more important contributors than point sources like effluent. See Appendix C for the full
article.

23

CHAPTER 5
Natural and artificial disturbance shapes aquatic invertebrate communities in an effluentdependent aridland river
Following from the results of the exploratory aquatic invertebrate study, Chapter 5
examines invertebrate communities in relation to disturbance. Aquatic invertebrates were
sampled monthly from July 2017 to June 2018 at six sites across a ~20 km portion of the river
supported by the Tres Rios Water Reclamation Facility, and community structure was examined
in the context of natural flood events and unnatural flow intermittence events. This sampling
effort identified 156 invertebrate taxa across sites and sampling dates, representing a 70%
increase in the number of taxa detected compared to the shorter-term study of Chapter Two.
Generalized linear mixed-effects models illustrated that flood magnitude was negatively related
to invertebrate richness, density, and EPT relative abundance, and drying intensity was a
negative predictor of invertebrate density and sensitive taxa relative abundance, and a positive
predictor of tolerant taxa relative abundance. See Appendix D for the full article.
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CHAPTER 6
Conclusion
In this dissertation I provide evidence illustrating that discharge of high quality, treated
wastewater into an aridland river creates habitat that supports a surprisingly diverse aquatic
invertebrate community. Effluent of lower quality would likely result in less diversity. However,
my research also illustrates some challenges of this effluent discharge despite its Class A+
quality, including altered water quality dynamics, microplastic pollution, and altered flow
regimes including daily flow intermittence.
In the initial exploratory study (Chapter Two), I found a diverse aquatic invertebrate
community in the lower Santa Cruz River, which was higher than expected given other studies
on effluent streams (Canobbio et al., 2009; Halaburka et al., 2013; Arce et al., 2014; Burdon et
al., 2016). Modeling invertebrate metrics with abiotic factors showed that dissolved oxygen was
the strongest predictor and was positively associated with taxa richness. This supports previous
research that showed effluent discharge is often a source of oxygen stress (Hamdhani 2020) and
can shape invertebrate communities based on oxygen tolerance (Bunzel et al. 2013; Arnon et al.
2015). This study also documented how diurnal fluctuations in effluent discharge often create
flow intermittence in downstream reaches, a phenomenon previously described only by
Halaburka et al. (2013). Modeling revealed that this artificial drying in the lower Santa Cruz
River lowered aquatic invertebrate densities. Direct comparisons to other studies are unavailable
as this is the first research to examine the impacts of daily flow intermittence on aquatic
invertebrates.
I was intrigued by the potential impacts of this artificial flow intermittence on other biota,
so Chapter Three examined effluent discharge patterns’ impact on fish and is the first study to do
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so. I documented large variability in day-to-day drying intensity as well as large variability in
fish strandings, including fish mortality, when flows receded. Models illustrated that both flow
duration prior to drying and flow recession rate were positive predictors of fish stranding, factors
which control recolonization potential and escape potential, respectively. These results aligned
with previous research on hydropeaking-caused flow intermittence in regulated rivers (Bradford
et al. 1995; Irvine et al. 2015). Because the endangered Gila topminnow is present in the lower
Santa Cruz River, this fish mortality on daily time scales is an important consideration for river
management.
The microplastics study presented in this dissertation (Chapter Four) was the first to
document microplastic pollution in an effluent-dependent stream. Microplastics are known to be
common in rivers and streams and their abundances are influenced by urban runoff and treated
effluent discharge (Moore et al. 2011; Rech et al. 2014; Horton et al. 2017; Rochman 2018). I
illustrated that benthic sediment microplastic fiber concentrations decreased following floods,
while fragment concentrations increased in the water column. These trends are intuitive
considering the dominant sources and transport mechanisms of different types of microplastics
(Ballent et al. 2016; Almroth et al. 2017; Hoellein et al. 2019). However, the models did not
detect a distance deposition gradient as predicted. Although unexpected, other studies have also
failed to find correlations between microplastic abundances and distances from potential sources
(Estahbanati & Fahrenfeld 2016; Rodrigues et al. 2018). I also documented the consumption of
microplastic by mosquitofish, which at its highest represented 10% of fish sampled. Recent
studies have reported much higher proportions of microplastic consumption in natural rivers:
45% (Peters & Bratton 2016), 72% (O’Connor et al. 2020), and 98% (Simmerman & Wasik
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2019). More research is needed to identify trends in fish consumption in effluent-dependent
rivers and its potential long-term impacts to fish health.
Finally, in Chapter Five, I revisited aquatic invertebrates with a year-long study that
encompassed both natural disturbance from seasonal flooding and artificial disturbance from
daily flow intermittence that varied in intensity seasonally. This greater sampling effort
identified >60% more taxa than Chapter Two, confirming that effluent can support a large
diversity of aquatic invertebrates. Disturbance has long been known to impact lotic ecosystems
and alter taxonomic composition of invertebrate communities (Resh et al. 1988), and my models
indicated that it does in the Santa Cruz River as well. Floods in the lower Santa Cruz River
decreased invertebrate richness density, which is in accordance with studies throughout the globe
(McMullen & Lytle 2012), and artificial flow intermittence decreased invertebrate density,
which confirmed the trend identified in Chapter Two. Invertebrate richness proportions in the
drift were similar to studies on natural, desert rivers (Holanov 1984). However, drifting
invertebrates in the Santa Cruz River were dominated by midges (Chironomidae), whereas
natural, desert rivers in Arizona have reported that mayflies (Ephemeroptera) are the dominant
members of the drift (Gray & Fisher 1981; Holanov 1984). A dominance of tolerant taxa (e.g.
midges) may limit recolonization and establishment of sensitive taxa, potentially slowing overall
shifts in community structure (Barrett et al. 2021).
This dissertation makes a novel and timely contribution to urban stream ecology research.
Although this research revolves around the lower Santa Cruz River, my findings are relevant to
effluent-receiving rivers across the globe (Hamdhani et al. 2020) As natural surface water
becomes more scarce, effluent-supported rivers and streams will become more common and
more valuable. In arid and semi-arid regions of the world, effluent has and will continue to be
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managed for environmental purposes (Brooks et al. 2006; Bischel et al. 2013; Luthy et al. 2015).
Continued research is needed to better understand the benefits and unique challenges of effluentsupported aquatic ecosystems.
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Abstract
Increasing anthropogenic demands for freshwater have altered many aquatic systems, including
the drying of formerly perennial streams. The discharge of treated effluent has returned perennial
flow in some of these streams, especially in arid and semi-arid regions, but the ability of treated
effluent to support diverse aquatic communities is poorly understood. We examined the potential
of treated effluent to create aquatic invertebrate habitat using the effluent-dependent Santa Cruz
River in southern Arizona, USA as a case study. We identified 92 invertebrate taxa across our 10
sampling sites and 2 sampling dates. Community composition was primarily shaped by water
quality but also by stream drying (on daily time scales) and benthic substrate. Specifically,
Linear Mixed-Effects models revealed a strong positive relationship between dissolved oxygen
and taxonomic richness and a strong negative relationship between stream drying and
invertebrate density. Although there are unique challenges to biota in effluent-dependent
systems, our results suggest that treated wastewater could be managed to augment or recreate
aquatic habitats that have been otherwise diminished or lost.
Key words: effluent, wastewater, stream ecology, urban ecology
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Introduction
As anthropogenic demand for freshwater continues to grow, alterations to natural lotic
ecosystems will become more severe and environmental consequences more pronounced
(Bischel et al., 2013; de Graff et al., 2019). However, there are artificial sources of water that can
support these important habitats. The discharge of treated effluent into stream systems is a
common practice across the globe (Tchobanoglous et al., 2003) and has created or augmented
baseflow in many streams in arid and semi-arid regions (Brooks et al., 2006; Bischel et al., 2013;
Luthy et al., 2015). However, the extent to which the physical and chemical properties of treated
effluent can support aquatic communities is not well understood.
Previous research on water quality in effluent-fed streams has identified many challenges
to ecological communities (Hamdhani et al. 2020). For example, nutrient loading from
wastewater treatment plants can lead to toxic levels of ammonia (Monda et al., 1995; Aristi et al.,
2015) and is a common cause of eutrophication (Martí et al., 2009; Bischel et al., 2013). In turn,
eutrophication reduces dissolved oxygen and may affect aquatic communities more strongly than
nonpoint sources of pollution (Carey & Migliaccio 2009). Effluent discharge also can alter
thermal regimes by increasing stream temperatures (Kinouchi et al., 2007; Plumlee et al., 2012),
which could extirpate thermally sensitive taxa and result in decreased levels of dissolved oxygen.
In addition to these water quality issues, effluent inputs can change the natural flow
regime (e.g. magnitude, frequency, and timing of flows) of a system (Bischel et al., 2013).
Specifically, effluent discharge volume follows a cyclic pattern based on daily water use, which
can result in artificial, diurnal pulses (Chesner & Pai, 1981; Butler & Graham, 1995; Enfinger &
Stevens, 2006). However, it is not currently known how these impacts might translate to aquatic
ecosystems. In streams that depend entirely on effluent for baseflow, diurnal discharge
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fluctuations can result in daily drying events in reaches downstream of wastewater treatment
plants; such drying is likely to affect aquatic biodiversity in those reaches (Datry, 2012; Datry et
al., 2014).
Without knowledge of the potential ecological benefits of discharging effluent into
streams, water managers may choose one of many competing uses, resulting in reductions or
elimination of “environmental” flows from effluent (Brooks et al., 2006; Bischel et al., 2013).
Treated effluent is not only discharged into streams, but also has a wide variety of uses including
agricultural irrigation and industrial cooling (Plumlee et al., 2012). As a result, there is a need to
assess the biological and ecological value of effluent-dependent streams and to develop
biological monitoring criteria for these unique systems (Boyle & Fraleigh, 2003).
In this case study, we examined aquatic invertebrate communities, and how they vary
with water quality and flow conditions, in the effluent-dependent Santa Cruz River in southern
Arizona, USA. Historically, portions of the Santa Cruz River had naturally perennial flow, but
they became ephemeral in the 1930s due to diversions and extensive groundwater pumping
(Logan, 2002). Discharge from wastewater treatment plants has provided a new source of
perennial flow in two reaches of the river near the city of Tucson (Johnson et al., 2015). Our
research aim was to identify the primary factors shaping aquatic invertebrate community
structure in these effluent-dependent reaches to better understand the ability of effluent systems
to support biota. We expected that richness, density, and composition of invertebrate
communities would be driven by a combination of water quality and flow intermittence unique to
effluent systems. Specifically, we hypothesized that taxonomic richness, invertebrate density,
and relative abundances of sensitive taxa would be positively correlated with dissolved oxygen
and negatively correlated with ammonia concentrations and stream drying. We also hypothesized
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that the relative abundances of tolerant taxa would be positively correlated with ammonia
concentrations, and stream drying, and negatively correlated with dissolved oxygen levels. As
effluent-dependent streams become more common globally (Bischel et al., 2013), there is a need
to understand their potential management as anthropogenic aquatic habitat.

Materials and Methods
Site description
The Santa Cruz River Basin comprises 22,000 km2 of southern Arizona, USA and
northern Sonora, Mexico (Webb et al., 2014). The climate of the basin is characterized by hot
summers (mean July temperature ± SD: 30 ± 1.0°C) and moderately cool winters (mean January
temperature ± SD: 11 ± 1.6°C). The annual mean precipitation for this region is low (~300 mm),
and rainfall is bimodal: August and December are the wettest (mean ± SD: 54 ± 35.2 mm and 24
± 26.3 mm, respectively), and May and June are the driest (mean ± SD: 4 ± 6.3 mm and 6 ± 9.6
mm, respectively) (data time range: 1948–2018, provided by NOAA NCDC Climate Data Online
[http://ncdc.noaa.gov/]).
The present-day lower Santa Cruz River is now ephemeral, with groundwater levels
approximately 80 m below the streambed (Carlson et al., 2011). However, perennial surface flow
occurs at two reaches that are supported by effluent (Fig. 1). The shorter of the two perennial
study reaches (~5 km long) is supported by the Agua Nueva Water Reclamation Facility (WRF),
which was constructed in 1951, upgraded in 2013, and discharges ~30 million liters of effluent
into the river each day (Sonoran Institute, 2017). The larger of the two reaches (~30 km long) is
supported by the Tres Ríos WRF, which was built in 1978, upgraded in 2013, and discharges
~115 million liters of effluent into the river each day (Sonoran Institute, 2017). Since 2014, both
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WRFs have discharged high quality, tertiary-treated (as opposed to primary or secondary)
effluent into the river (Dong et al., 2015; Johnson et al., 2015). Discharge from these WRFs
exhibits strong diurnal fluctuations due to changes in water usage within the service area. As a
result, flows increase and decrease two-fold within a typical 24-hour period (Fig. 2). In addition
to flow from the WRFs, both study reaches experience seasonal floods, which can surpass 280
m3/s, from precipitation runoff. Multiple large floods can occur during the summer monsoon
season (July–September), but heavy winter rains (December–March) may also cause flooding
(Fig. 2). Our two study reaches are separated by ~1.5 km of ephemeral channel and are only
connected during floods. Stream depth in these reaches typically varies from 0.1 to 1 m and
width from 4 to 10 m; dominant substrates include sand, gravel, and cobble.

Data collection
We measured basic water quality and substrate parameters and collected aquatic
invertebrates from 10 sites along the two effluent-dependent reaches of the lower Santa Cruz
River (Fig. 1). We sampled in two different months: December 2017 and April 2018. Sampling
events occurred at least 44 days after high-flow events (>2.5 m3/s) to reduce confounding
influences from flood disturbances. Sampling sites were spaced an average of 3.89 km (±1.12
SD) apart and occurred where public land access allowed. While most sampling sites have
perennial flow, our downstream-most sites in the Tres Ríos reach experience intermittent flow
during dry or warm seasons (Fig. 1). We sampled all sites during the “low-flow” portion of each
sampling date, as determined by the timing of the lowest effluent discharge volume from the
WRFs.
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We measured the following water quality parameters at each site: dissolved oxygen
(DO) (mg/L) (Apera Instruments AI480 DO850 probe), pH, temperature (°C), total dissolved
solids (TDS) (mg/L), conductivity (μS/cm) (Apera Instruments SX823-B multiprobe), salinity
(ppt) (Apera Instruments Salt20 meter), and ammonia (NH3 mg/L), nitrate (NO3 mg/L), and
phosphate (PO4 mg/L) measured in triplicate (YSI 9300 Photometer). At each site, we also
sampled invertebrates along a 150 m reach following the reach-wide benthic sampling protocol
(Ode et al., 2016). Briefly, this method creates a composite sample from 11 kicks (0.09 m2 each,
using 500 μm D-net) in various habitats (e.g. riffles, runs, pools) in proportion to their
occurrence across the 150 m reach, for a total area sampled of 1.08 m2 per site reach. We made
visual estimates of substrate size and composition (e.g. silt, sand, gravel, pebble, cobble) in each
area sampled. We also collected edge samples using 500 μm D-nets. Edge samples were a
composite of five sweeps (covering ~0.33 m2 each) through submerged vegetation along the
banks; the five sweeps were spaced roughly equally along the 150 m reach. Edge samples were
qualitative in nature and were used to detect taxa that may have been missed in the reach-wide
benthic samples. For richness analyses, we combined taxa lists from edge and benthic samples to
determine total taxonomic richness for each reach. We preserved all samples in 95% ethanol and
enumerated and identified individuals to the most practical taxonomic level, which was usually
genus for insects and family or order for non-insects. Numerous keys were used for these
identifications including Hungerford, 1948; Cook, 1974; Merritt et al., 2008; Westfall & May,
1996; Larson et al., 2000; Needham et al., 2000; Thorp & Covich 2009; and Andersen et al.,
2013, among others.
Finally, we used a combination of data from two US Geological Survey (USGS) stream
gages (09486500 and 09486520, 15 min resolution) combined with time-lapse photography of
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staff gages (using trail cameras, 30 min resolution) to quantify drying regimes. Staff gages and
trail cameras were placed at all sites along the Tres Ríos reach that did not have USGS gages.
We ground-truthed gages to ensure zero discharge was accurate. Preliminary observations
showed that the sites furthest from the Tres Ríos WRF experienced repeated drying, which might
influence invertebrate communities. Although the downstream-most portion of the Agua Nueva
reach experienced flow intermittence, our two sites on this reach were perennial.

Data analysis
We quantified the total richness and density of aquatic invertebrates at each reach, as well
as relative abundances of individual taxa and of two broad categories of taxa: (1) Gastropods,
Oligochaeta, and Diptera (GOLD), which include many tolerant species, and (2) Ephemeroptera,
Plecoptera, and Trichoptera (EPT), which are generally sensitive (Mandaville, 2002; Buffagni, et
al., 2006; Chang et al., 2014). For each sampling date, we used linear regression to examine
longitudinal changes with increasing distance from WRFs in these taxa, as well as in water
quality parameters, including dissolved oxygen, temperature, pH, TDS, conductivity, and
concentrations of ammonia, nitrate, and phosphate. Significance of linear regression was
determined by alpha = 0.05. To test our hypotheses, we used Linear Mixed-Effects (LME)
models to determine if six invertebrate metrics (total taxonomic richness, density, and relative
abundances of GOLD, Ephemeroptera, Trichoptera, and combined EPT) could be predicted by
two abiotic variables: dissolved oxygen and number of hours that the reach was dry in the week
before sampling. To account for potential confounding influence of benthic substrate
composition (Williams & Mundie, 1978; Quinn & Hickey, 1990), we also included proportion of
fine sediment (silt and sand combined) as a third predictor in our models. Although we measured
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additional abiotic variables, overfitting concerns with our small sample size (n=19) prevented us
from using all variables as potential predictors in the models—we chose these three abiotic
variables based on their known importance in shaping aquatic invertebrate communities.
LME models were run in the statistical program R (version 3.5.1: R Core Team, 2019)
with the package ‘nlme’ (Linear and Nonlinear Mixed Effects Models, version 3.1: Pinheiro et
al., 2019) (Pinheiro & Bates, 2000). Relative abundances of GOLD, Ephemeroptera, Trichoptera,
and combined EPT were logit transformed as was fine sediment composition to improve
normality. Each of the six invertebrate metrics was then modeled using dissolved oxygen
concentration (DO), hours dry in the week before sampling (Drying), and logit transformed %
fine sediment (Fine Sediment) as predictors with sampling site (Site) as a random factor:
[invertebrate metric] ~ DO + Drying + Fine Sediment, random = Site. Using the ‘dredge’
function within R package ‘MuMIn’ (Multi-Model Inference, version 1.43: Bartón, 2019), we
used Akaike information criterion corrected for small sample size (AICc) to identify and rank the
best model(s) to explain each invertebrate metric (Anderson & Burnham, 2002; Burnham &
Anderson, 2004). An estimation of variance explained by each model was reported using pseudo,
conditional R2 values, hereafter referred to as pseudo R2 (Nakagawa & Schiezelzeth, 2013;
Nakagawa et al., 2017). Pseudo R2 values were obtained by using the ‘rsquared’ function within
R package ‘piecewiseSEM’ (Piecewise Structural Equation Modeling, version 2.1: Lefcheck &
Freckleton, 2016).
Variation in community composition across the 10 sites and 2 sampling dates was
visualized with non-metric multidimensional scaling (NMDS) in PC-ORD version 5.0 (McCune
& Mefford, 1999), with Bray-Curtis distance as the measure of community dissimilarity. Prior to
NMDS analyses, we square-root transformed taxon abundances to reduce the influence of highly
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abundant taxa and removed taxa that only occurred in a single sample unit (McCune & Grace,
2002). Relationships between measured environmental variables and NMDS axes were assessed
using Pearson’s correlation coefficients. We also assessed Pearson’s correlation coefficients
between taxon abundances and NMDS axis values to describe the gradients in community
composition visualized by the ordination. Finally, we tested for differences in community
composition between the two sampling dates using multi-response permutation procedure
(MRPP: Mielke & Berry, 2001).

Results
Environmental variables
In both the Agua Nueva and Tres Ríos reaches, water temperature was warm on both
sampling dates (18–28°C), with temperatures at sites further from the WRFs usually higher in
April and lower in December (Table 1). Dissolved oxygen was more variable in April (4.3–10.8
mg/L) than December (6.7–9.0 mg/L) but was often lowest near the effluent outfalls. The pH
(7.6–8.8) was slightly basic and was consistently lowest near the WRFs regardless of sampling
date. No clear longitudinal trends were apparent with TDS, conductivity, nitrate, or phosphate
(Table 1), and salinity varied little among sites (range: 5 to 6 ppt). The only significant
longitudinal model for water quality was for ammonia, which decreased with distance from
effluent outfall in the Tres Ríos reach in December (R2 = 0.59, p = 0.026). Finally, benthic
substrate varied among sampling sites. Fine substrate composition (silt and sand) ranged from
30–50% in the Agua Nueva reach and from 10–70% in the Tres Ríos reach. Sites 2, 3, and 9 had
≥50% fine substrate. The greatest proportion of cobble substrate occurred at sites 5 and 6 and
ranged from 20–40%.
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USGS gage records showed that baseflow in the Tres Ríos reach fluctuated daily from
0.7 to 1.6 m3/s near the outfall and from 0 to 0.6 m3/s 27 km downstream (Figs. 2, 3). As a result
of daily fluctuations in discharge from the Tres Ríos WRF, the three farthest downstream sites
were seasonally intermittent. Our time-lapse photography revealed that these three sites
experienced drying events in the week prior to both December and April sampling. Drying
(hours/day) was more severe in April than December, and was highest at the downstream-most
site, 30 km from the Tres Ríos WRF (Fig. 4). Drying across these three intermittent sites ranged
from a mean of 1.0 (± 0.9 SD) hour/day in December to a mean of 9.3 (± 6.3 SD) hours/day in
April, with the downstream-most site drying for 17.0 hours/day. Extended dry periods at the
downstream-most site prevented us from measuring water quality or sampling aquatic
invertebrates at that site in April.

Invertebrate density and richness
In the longer Tres Ríos reach (sites 3–10), the lowest invertebrate densities for both
sampling dates occurred at sites that experienced drying prior to sampling (Fig. 5a). No clear
longitudinal trends were seen with densities in the Tres Ríos reach. At the two sites in the Agua
Nueva WRF reach, densities were higher near the outfall. The LME model indicated that density
was negatively related to DO, drying, and the proportion of fine sediment across our sites
(pseudo R2 = 0.68, weight = 1.000) (Table 2).
In both reaches, taxonomic richness was lowest at the sites closest to the WRF outfall,
regardless of season (Fig. 5b). The highest richness observed overall (43 taxa) was at our farthest
downstream site (30 km from Tres Ríos WRF) in December. The highest richness in April (38
taxa) was observed at 19 km, our farthest downstream site without flow intermittence (Fig. 5b).
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In the Agua Nueva reach, site richness values (25–34 taxa) were within the range of those found
in the longer Tres Ríos reach. AICc selection revealed two models explaining taxonomic
richness with AICc ∆<2. In the highest performing model (pseudo R2 = 0.78, weight = 0.650)
dissolved oxygen was positively related to richness, and in the second model (pseudo R2 = 0.80,
weight = 0.350) a positive relation to dissolved oxygen was selected again as well as a negative
relationship with fine sediment composition (Table 2).

Invertebrate community composition
Eighty-seven invertebrate taxa were identified from the longer Tres Ríos reach, and 50
taxa were found in the shorter Agua Nueva reach (see Appendix 1). The most diverse orders
were Diptera (41 taxa), Coleoptera (16 taxa), and Odonata (13 taxa). Chironomidae was the most
diverse family with a total of 23 taxa. EPT taxa included the mayflies Callibaetis,
Camelobaetidius, and Fallceon, and the caddisflies Helicopsyche, Hydroptila, Nectopsyche,
Protoptila, and Smicridea; no stoneflies were found. All eight EPT taxa were observed in the
Tres Ríos reach, but only Callibaetis, Fallceon, and Hydroptila were found in the shorter Agua
Nueva reach. Across all sites and dates, the dominant taxa by relative abundances were
Polypedilum, Chironomidae (29%), Fallceon, Baetidae (18%), Rheotanytarsus, Chironomidae
(12%), and Simulium, Simuliidae (8%).
The combined relative abundances of EPT taxa varied from 2% to 67% across all
samples, and values were generally lower in the Agua Nueva reach than in the longer Tres Ríos
reach (Fig. 6c). With rankings by AICc ∆<2, our EPT relative abundance model was positively
correlated with dissolved oxygen (pseudo R2 = 0.22, weight = 0.365), however the intercept
performed best (weight = 0.635) suggesting that our measured environmental parameters
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included in the model were not strongly influential (Table 2). The relative abundance of
Trichoptera varied between sampling dates, with an average of 15% (± 22% SD) in December
and 4% (± 5% SD) in April. This relative abundance displayed a unimodal trend in December
peaking at ~10 km downstream from the outfall (Fig. 6b). In our Trichoptera model rankings,
relative abundance was negatively correlated with fine sediment (pseudo R2 = 0.45, weight =
0.495), but the intercept performed best (weight = 0.505) indicating our model predictors were
not strongly influential (Table 2). Relative abundances of Ephemeroptera generally increased
with distance from the WRFs in December; however, they exhibited a unimodal trend with a
peak of 63% at 19 km downstream of the Tres Ríos WRF in April (the last site before flow
intermittence began) (Fig. 6a). Our Ephemeroptera model performed poorly: no predictors were
selected (Table 2).
GOLD relative abundances were highest close to the outfalls and at sites that dried in the
week prior to sampling. Two km downstream of the Tres Ríos WRF, GOLD relative abundances
were 97% in December and 89% in April (Fig. 6d) and tended to decrease with increasing
distance downstream, except in April when values sharply increased beginning at 24 km
downstream of the WRF (at sites that experienced an average of 8.39 hours dry per day in the
week prior to sampling). The highly tolerant genus Chironomus (Chironomidae) was only
present within 5 km of the WRF outfalls. Its relative abundances ranged from 6 to 20% in
December and 0 to 11% in April. For the GOLD relative abundance model, dissolved oxygen
was negatively correlated (pseudo R2 = 0.21, weight = 0.417), but the intercept performed best
(weight = 0.583) once again suggesting that our predictors were not strongly influential (Table
2).
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NMDS ordination revealed overall community differences among all samples and
sampling dates (Fig 7.; stress = 0.15, final instability = 0.00001, p = 0.004, R2 = 0.80). Axis 1
described a gradient from samples with abundant Chironomidae (e.g. Polypedilum,
Rheotanytarsus), oligochaetes, and broad-shouldered water striders (Rhagovelia) to samples with
abundant water scavenger beetles (Tropisternus) (Table 3). Axis 2 described a gradient from
samples with abundant caddisflies (Smicridea), moths (Petrophila), mayflies (Camelobaetidius),
damselflies (Ischnura), and true flies (e.g. Hemerodromia, Cladotanytarsus) to samples
dominated by true flies (Dolichopodidae, Ceratopogonidae, Forcipomyia, Culicoides), snails
(Physidae), water boatmen (Trichocorixa), and ostracods (Table 4). Axis 1 was positively
correlated with the distance downstream from the outfalls (r = 0.71), while axis 2 was negatively
correlated with the percent of cobble substrate and positively correlated with the percent of fine
substrate (r = -0.59 and 0.58, respectively). Immediately below both WRFs, community
composition shifted positively along axis 1 and negatively along axis 2, exhibiting lower
abundances of some Chironomidae taxa and higher abundances of more sensitive taxa, such as
Ephemeroptera and Trichoptera. However, this trend reversed itself ~8 km downstream of the
Tres Ríos WRF, before shifting back far to the positive along axis 1 and 2, at sites >16 km
downstream of the WRF. Sites furthest from the Tres Ríos WRF experienced drying in the week
preceding sampling (Fig. 7), and community samples from these reaches were characterized by
higher abundances of lentic taxa (e.g. snails (Physidae), water boatmen (Trichocorixa): Table 4).
MRPP results indicated that community composition did not vary significantly between the two
sampling dates (A = 0.03, p = 0.06).

Discussion

49

Our case study builds on a growing but still relatively small body of literature (Hamdhani
et al. 2020, e.g. Boyle & Fraleigh, 2003; Halaburka et al., 2013; Arnon et al., 2015) examining
the ecological impacts of discharging treated effluent into streams. We documented a relatively
high diversity of invertebrates in the lower Santa Cruz River, considering that 100% of its
baseflow comes from effluent. Our results indicate that invertebrate communities in this river are
primarily shaped by water quality (i.e. dissolved oxygen) but also by drying and sediment
composition. Although there are unique challenges to biota in effluent-dependent systems, our
results suggest that treated wastewater could be managed to augment or recreate aquatic habitats
that have been otherwise diminished or lost.

Invertebrate taxa
We identified 92 invertebrate taxa from our sampling efforts, which was higher than
anticipated given findings from previous studies in other effluent-dominated streams. When
adjusted for taxonomic resolution, average taxonomic richness in the lower Santa Cruz River
was 1.5 - 6 times higher than those observed from effluent-fed streams in California and Europe
(Canobbio et al., 2009; Halaburka et al., 2013; Arce et al., 2014; Burdon et al., 2016). However,
Ortiz & Puig (2007) identified a taxa richness range in a Spanish effluent-fed stream that was
similar to what we observed in the lower Santa Cruz. Furthermore, Boyle & Fraleigh (2003)
reported richness values in the effluent-dependent upper Santa Cruz River (70 km south of our
study sites) similar to those we observed in the lower Santa Cruz. There are no naturally
perennial reaches of the Santa Cruz that can serve as reference sites for these various effluentdependent reaches, but comparisons with two perennial rivers (San Pedro River and Babocomari
River) 100 km southeast of our study river may be informative. Bogan et al. (2013) found similar
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levels of reach-scale richness (35–45 taxa) when they sampled a similar benthic area (~1 m2) in
reaches of these rivers. These findings suggest that at least some reaches of the effluentdependent Santa Cruz River approach the richness levels of natural rivers in the region.
Chironomidae were numerically dominant in the Santa Cruz River, and oligochaetes were
ubiquitous, as has been observed in other arid effluent-fed streams (Boyle & Fraleigh, 2003;
Ortiz & Puig, 2007; Canobbio et al., 2009). Effluent-fed streams may favor invertebrates with
short lifespans and high reproductive rates, as is typical of species of Chironomidae and
Oligochaeta (Ortiz & Puig, 2007). However, oligochaetes represented only 6% of the total
abundance we observed in the Santa Cruz River. In contrast, oligochaetes were the most
abundant taxon (55% relative abundance) in an Israeli effluent-dominated stream (Arnon et al.,
2015) and are often among the most dominant taxa in effluent-fed systems globally (Hamdhani
et al., 2020). Oligochaetes may be less dominant in the Santa Cruz River due to a combination of
competition from abundant Chironomidae (Brinkhurst & Kennedy, 1965; Martin et al., 2007)
and the relative lack of fine benthic sediment in some of our study sites (Marshall &
Winterbourn, 1979; Lin & Yo, 2008).
We found eight EPT taxa in the lower Santa Cruz River, with at least some
Ephemeroptera or Trichoptera occurring in all of our study reaches. Some previous studies
reported zero EPT taxa in effluent-fed reaches (e.g. in a small, high-quality effluent stream in
California: Halaburka et al., 2013). In an effluent-fed stream in Israel, Ephemeroptera only
appeared after significant improvements to water quality were made (Plecoptera and Trichoptera
were not present in the region: Arnon et al., 2015). In the Santa Cruz River, EPT were dominated
by genera in the families Baetidae and Hydropsychidae, similar to observations from an effluentfed stream in Italy (Canobbio et al., 2009). No Plecoptera were found in the Santa Cruz River,
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despite Mesocapnia arizonensis (Baumann & Gaufin) (Capniidae) being abundant in tributaries
to the lower Santa Cruz and tolerant of stream drying (Bogan, 2017). The elevated temperatures
of effluent may be inhospitable to Plecoptera (Boyle & Fraleigh, 2003; Plumlee et al., 2012).

Factors shaping community structure
Given taxonomic differences in pollution tolerance (Bonada et al., 2006), water quality
dynamics play a large role in shaping invertebrate communities in effluent-dominated streams.
Nutrient loading from treated wastewater (Carey & Migliaccio, 2009; Plumlee et al., 2012) can
result in lower dissolved oxygen levels close to effluent outfalls, as we observed in the Santa
Cruz River. However, nutrient cycling, photosynthesis, and greater air diffusion from turbulence
work to increase dissolved oxygen levels downstream of outfalls (Boyle & Fraleigh, 2003).
These gradients in dissolved oxygen can result in strong community gradients in effluent-fed
systems. Although we did not observe a longitudinal dissolved oxygen gradient, we only found
the low oxygen-tolerant midge Chironomus close to outfalls, where oxygen levels were lowest,
as has been reported in similar studies (Boyle & Fraleigh, 2003; Arnon et al., 2015). Farther
downstream from outfalls, taxa with higher oxygen needs (e.g. EPT) became more abundant. In
fact, dissolved oxygen was a positive predictor of taxonomic richness in the Santa Cruz River,
and it exhibited the strongest relationship of all our models (Table 2). Effluent discharge is
known to be a source of oxygen stress and can shape invertebrate communities based on oxygen
tolerance (Bunzel et al, 2013). By limiting a diversity of taxa and subsequently reducing
competition, low dissolved oxygen levels could increase overall invertebrate density. For
example, dissolved oxygen was a negative predictor of invertebrate density in our models (Table
2) and was likely influenced by high abundances of tolerant Chironomidae.
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Although water quality improved downstream from effluent outfalls in the lower Santa
Cruz, reaches furthest from outfalls experienced flow intermittence. Stream drying is known to
strongly shape aquatic invertebrate community structure both regionally and globally (Bogan et
al., 2013; Datry et al., 2014). In our study, communities at sites that experienced drying were
characterized by higher abundances of water scavenger beetles (Tropisternus), which have some
resistance to desiccation (Velasco & Millán, 1998) and are strong aerial dispersers (Bogan &
Boersma, 2012). The relative abundances of GOLD taxa also increased in intermittent sites
compared to perennial sites just upstream (Fig. 6d), most likely due to the ability of many
dipterans (e.g. Chironomidae) to recolonize quickly each day via drift (Davies, 1976; Bruno et
al., 2013). Relative abundances of EPT declined in drying reaches (Fig. 6b), which is
unsurprising as many EPT taxa are not resistant to desiccation (del Rosario & Resh, 2000; Datry,
2012).
No previous studies have examined the effect of complete stream drying and rewetting on
daily time scales, so we can only look to broader literature on stream drying to make
comparisons with our data. In general, increased duration of stream drying results in decreases of
both invertebrate density and taxonomic richness (Fritz & Dodds, 2004; Datry, 2012; Datry et
al., 2014). Also, ephemeral wetlands have been shown to have lower taxonomic richness and
higher proportions of taxa with short life cycles and high dispersal abilities than adjacent,
permanent wetlands (Boda et al., 2018). In the Santa Cruz River, LME models revealed a
negative influence of drying on invertebrate density, which is not surprising considering the
limits of recolonization on sub-daily time scales. However, stream drying did not appear to affect
the other five aquatic invertebrate metrics we tested. This unexpected result may be an artifact of
our small sample size (n=19) and methods, as our sites did not have a balanced drying gradient
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but rather were highly skewed towards perennial flow. Future studies in effluent-dependent
streams should examine invertebrate community changes across a broad range of daily drying
intensities.
Finally, benthic substrate has long been known to influence invertebrate community
composition (Williams & Mundie, 1978; Quinn & Hickey, 1990). Our models revealed a
negative relationship of both taxonomic richness and overall invertebrate density with fine
sediment composition, as well as a negative relationship with Trichoptera relative abundance
(Table 2). Additionally, NMDS ordination revealed that taxa such as caddisflies (Smicridea),
mayflies (Camelobaetidius), and aquatic moths (Petrophila) were positively associated with
larger cobble substrate, while taxa such as ostracods, biting midges (Ceratopogonidae,
Forcipomyia), and water boatmen (Trichocorixa) were associated with finer sediment (Table 4).
Our observations are in accordance with other studies that have noted how fine sediments may
limit taxonomic and functional diversity in effluent-fed streams (Arnon et al., 2015; Mor et al.,
2019).

Management implications and research needs
Effluent-fed streams are modified habitats that present challenges for environmental
managers who want to support diverse ecosystems. First, the type of effluent and level of
dilution in the receiving stream is an essential factor to consider, as the biotic impacts of effluent
can change with composition, treatment standards, and dilution rates (Martí et al., 2009;
Grantham et al., 2012; Mezzanotte et al., 2013; Burdon et al., 2016). Our study represents a
scenario in which there is zero dilution of high-quality effluent for the majority of the year. Our
limited results, and those of Boyle & Fraleigh (2003), suggest that the length of effluent-
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dependent streams in arid climates could be an important consideration for sensitive invertebrate
taxa. Small-volume (i.e. shorter) effluent-dependent streams may be fundamentally limited in
their ability to support sensitive taxa due to limited natural remediation of excess nutrients and
low dissolved oxygen levels. Second, when effluent comprises 100% of baseflow in streams,
diurnal patterns in effluent discharge result in daily stream drying in downstream-most reaches,
making these portions less hospitable to many aquatic taxa. Engineering mechanisms are
available to depress the magnitude of these diurnal fluctuations (e.g. constructed wetlands:
Brown et al., 2011), but the cost may be prohibitive for many utilities. Although not a focus of
this study, effluent can be a point source of contaminants of emerging concern, including
pesticides (Bunzel et al., 2013), pharmaceutical byproducts (Dong et al., 2015; Grabicova et al.,
2015), and microplastics (Ziajahromi et al., 2016; Foley et al., 2018), all of which can be
detrimental to aquatic biota. These issues should be weighed when considering potential
management options. Finally, biomonitoring programs need to be developed for these unique
streams. Metrics developed to monitor natural streams may not work effectively in effluent-fed
systems as water quality is often dramatically different and appropriate reference sites may be
unavailable (Boyle & Fraleigh 2003; Brooks et al., 2006).
With population growth and climate change, natural streams face great uncertainty
(Dudgeon et al., 2006; de Graff et al., 2019). However, effluent supplies will increase with
continued urban growth (Martí et al., 2009), and this additional treated wastewater could be
managed to augment or recreate aquatic habitat where natural flow has diminished or been lost
(Brooks et al., 2006; Martí et al., 2009; Bischel et al., 2013). Despite potential shortcomings (e.g.
water quality and flow dynamics), effluent should receive more research attention as a potential
tool of aquatic conservation in our era of global change.
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Figures

Fig 1 Map of study area of the lower Santa Cruz River with the black dotted line indicating
ephemeral reaches, the solid blue line indicating perennial effluent flow, and the solid orange
indicating seasonally intermittent effluent flow. Sampling locations are denoted by open circles,
and the locations of the water reclamation facilities (WRFs) and USGS gages are labeled
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Fig 2 Lower Santa Cruz River hydrographs from April 2017 to March 2018, with discharge
measured in cubic meters per second (log transformed). The blue line is data from USGS gage
#09486500 at Cortaro Road (Site 3), 2 km downstream from the effluent outfall, and the orange
line is data from USGS gage #09486520 (Site 9), 27 km downstream from the effluent outfall.
Summer monsoon precipitation events are responsible for peak flows observed in both reaches in
July and August. Inset a is a detailed hydrograph of the week prior to our December sampling
period, and inset b is the week prior to our April sampling period
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Fig 3 Paired photos illustrating the fluctuations in discharge in the lower Santa Cruz River within
a 24-hour period. Photos a and b illustrate the daily high flow and low flow periods,
respectively, of a perennial reach near the effluent outfall of the Tres Ríos WRF (Site 4). Photos
c and d illustrate high and low flow periods, respectively, in an intermittent reach 24 km
downstream of the effluent outfall (Site 8)
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Fig 4 Drying duration measured in hours per day at our three most downstream sites (8–10) with
locations denoted by color, as measured in the week prior to a December sampling and b April
sampling
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Fig 5 a Invertebrate density (individuals/m2) and b total taxonomic richness at sampling sites
with increasing distance downstream from the Tres Ríos WRF outfall. December samples are
denoted by the color blue and April samples with orange. The black outlines on some data points
identify sites that experienced drying within the week prior to sampling
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Fig 6 Relative abundance (%) of a Ephemeroptera, b Trichoptera, c combined EPT taxa, and d
combined GOLD taxa at sampling sites with distance downstream from Tres Ríos WRF outfall
on the x axis. December denoted by the color blue and April with orange. The black outline
indicates sites that experienced drying within the week prior to sampling

72

Fig 7 NMDS plot of all invertebrate samples with blue identifying December and orange April
and with dotted lines denoting the Agua Nueva reach and the Tres Ríos reach with solid lines.
Locations of the outfalls are indicated with the corresponding WRF label, arrows indicate the
direction of flow along the longitudinal gradient. Black outlines on the three sample points on the
right side of the plot indicate flow intermittence at those sites in the week prior to sampling
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Table 1: Water quality measurements from 10 sites along the lower Santa Cruz River with December in shaded columns and April in
unshaded columns. These sites include effluent from two separate WRFs at varying distances downstream from the effluent outfall
(Distance) and include dissolved oxygen (DO), temperature (Temp), pH, TDS, conductivity, ammonia concentration (Ammonia),
nitrate concentration (Nitrate), and phosphate concentration (Phosphate). No values are available for Site 10 in April as it was dry
during the sampling effort.

Site

WRF

Distance
(km)

DO

Temp

(mg/L)

(°C)

pH

TDS

Conductivity

Ammonia

Nitrate

Phosphate

(mg/L)

(μS/cm)

(mg/L)

(mg/L)

(mg/L)

1

Agua

0.3

6.8

5.7

26

27

7.6

7.6

785

836

1105

1178

3.17

0.76

0.95

2.72

1.18

1.98

2

Agua

4

7.1

4.3

18

28

7.9

7.7

828

848

1167

1194

5.01

1.23

4.95

6.13

0.61

2.87

3

Tres

2

6.7

5.4

25

25

7.9

7.6

844

796

1188

1121

0.24

0.20

1.48

1.99

3.63

5.67

4

Tres

5

8.2

7.7

23

25

8.2

8.0

840

799

1183

1125

0.25

0.04

1.82

2.02

3.67

5.20

5

Tres

10

7.7

8.7

22

24

8.1

8.2

842

800

1185

1124

0.11

0.09

1.35

1.73

3.70

5.47

6

Tres

16

8.9

10.8

22

24

8.4

8.5

845

800

1189

1127

0.13

0.04

1.81

1.16

3.70

5.67

7

Tres

19

8.9

8.7

22

28

8.6

8.6

843

806

1187

1133

0.07

0.09

1.29

3.79

3.43

5.60

8

Tres

24

6.9

9.5

22

27

8.8

8.7

839

803

1182

1132

0.07

0.01

2.02

1.89

3.53

5.13

9

Tres

27

8.5

7.2

22

30

8.6

8.4

829

806

1182

1135

0.10

0.06

1.34

2.54

3.50

5.07

10

Tres

30

9.0

NA

21

NA

8.4

NA

836

NA

1168

NA

0.12

NA

1.46

NA

3.57

NA

Table 2: Summary of Akaike’s Information Criterion, corrected for small sample size (AICc), for Linear Mixed-Effects models
explaining variation in total taxonomic richness (Richness), invertebrate density (Density), Logit transformed Ephemeroptera relative
abundance (Ephemeroptera), Logit transformed Trichoptera relative abundance (Trichoptera), Logit transformed EPT relative
abundance (EPT), and Logit transformed GOLD relative abundance (GOLD) with explanatory variables dissolved oxygen (DO), total
hours dry in the week before sampling (Drying), and Logit transformed fine sediment composition (Fine Sediment) with sampling site
as a random factor in the model. Only models with ∆AICc < 2 are summarized. Inclusion of a predictor variable and its direction are
noted by +/–. In some instances, the intercept performed best (no predictors were selected). As estimators of variance explained
pseudo, conditional R2 values (R2) are reported for models that included predictors. Weight is scaled from 0 to 1 and estimates the
probability that a model is best among all others considered.

Model
Richness

Density

R2

Rank

DO

0.78

1

+

0.80

2

+

0.68

1

−

Drying

−

Fine Sediment

df

logLik

AICc

∆AICc

Weight

4

-51.105

113.067

0.000

0.650

−

5

-49.847

114.309

1.242

0.350

−

6

-143.214

305.428

0.000

1.000

Ephemeroptera

1

3

-34.215

76.030

0.000

1.000

Trichoptera

1

3

-38.989

85.577

0.000

0.505

4

-37.380

85.617

0.040

0.495

3

-32.304

72.208

0.000

0.635

0.45
EPT

2

−

1

75

0.22
GOLD

2

+

1
0.21

2

−

76

4

-31.229

73.315

1.106

0.365

3

-32.190

71.981

0.000

0.583

4

-30.899

72.654

0.673

0.417

Table 3: Pearson’s correlation coefficients between taxon abundances and NMDS ordination axis
1. Only taxa with | r | ≥ 0.5 are reported.

Taxon

Axis 1 r

Polypedilum

-0.83

Rhagovelia

-0.68

Rheotanytarsus

-0.66

Thienemanniella cf. xena

-0.55

Oligochaeta

-0.52

Tropisternus lateralis

0.50
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Table 4: Pearson’s correlation coefficients between taxon abundances and NMDS ordination axis
2. Only taxa with | r | ≥ 0.5 are reported.

Taxon

Axis 2 r

Smicridea

-0.77

Petrophila

-0.70

Ischnura

-0.58

Hemerodromia

-0.56

Cladotanytarsus

-0.55

Camelobaetidius

-0.53

Ferrissia

-0.51

Dolichopodidae

0.50

Ceratopogonidae

0.50

Forcipomyia

0.55

Trichocorixa calva

0.56

Physidae

0.57

Culicoides

0.57

Ostracoda

0.60
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Supplemental Materials
Appendix 1: A complete list of the taxa identified from 10 sites along the lower Santa Cruz River
in December 2017 and April 2018.

Type

Order

Family

Taxon

Insect

Coleoptera

Dryopidae

Helichus

Dytiscidae

Copelatus chevrolati Aubé
Hygrotus
Laccophilus fasciatus Aubé
Liodessus obscurellus (Le Conte)
Thermonectus nigrofasciatus (Aubé)
Thermonectus succinctus (Aubé)

Elmidae

Microcylloepus

Haliplidae

Peltodytes disperses Roberts

Hydraenidae

Gymnocthebius

Hydrophilidae

Enochrus pygmaeus (Fabricius)
Hydrophilus triangularis Say
Tropisternus lateralis (Fabricius)
Tropisternus mexicanus Laporte de Castelnau

Diptera

Ceratopogonidae

Atrichopogon
Bezzia / Palpomyia
Ceratopogon
Culicoides
Forcipomyia
Probezzia

Chironomidae

Chironomus
Cladopelma
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Cladotanytarsus
Corynoneura
Cricotopus-Orthocladius
Cryptochironomous
Cryptotendipes
Dicrotendipes
Eukiefferiella
Larsia
Nilotanypus
Orthocladiinae
Paramerina
Parasmittia
Pentaneura
Polypedilum
Psuedochironomus
Rheotanytarsus
Tanypus
Tanytarsus
Thienemanniella cf. xena
Thienemannimyia group
Tvetenia bavarica group
Dolichopodidae

Dolichopodidae

Empididae

Hemerodromia

Ephydridae

Ephydridae

Muscidae

Limnophora

Psychodidae

Maruina
Pericoma

Sciomyzidae

Sciomyzidae
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Ephemeroptera

Simuliidae

Simulium tribulatum (Zetterstedt)

Tabanidae

Chrysops

Tipulidae

Limonia / Ormosia

Baetidae

Callibaetis
Camelobaetidius
Fallceon

Hemiptera

Belostomatidae

Belostoma flumineum Say

Corixidae

Trichocorixa calva (Say)

Naucoridae

Ambrysus occidentalis La Rivers

Notonectidae

Notonecta indica Linnaeus

Veliidae

Mesovelia
Microvelia
Rhagovelia

Lepidoptera

Crambidae

Petrophila

Odonata

Aeshnidae

Anax

Calopterygidae

Hetaerina

Coenagrionidae

Argia
Ischnura
Telebasis

Gomphidae

Erpetogomphus
Progomphus

Libellulidae

Brechmorhoga
Libellula
Perithemis

Trichoptera

Glossosomatidae

Protoptila

Helicopsychae

Helicopsyche

Hydropsychidae

Smicridea

Hydroptilidae

Hydroptila
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Non-Insect

Leptoceridae

Nectopsyche

Amphipoda

Hyalellidae

Hyalella

Cladocera

Cladocera

Cladocera

Collembola

Collembola

Collembola

Copepoda

Copepoda

Copepoda

Gastropoda

Planorbidae

Ferrissia

Lymnaeidae

Lymnaeidae

Physidae

Physidae

Hirudinea

Hirudinea

Hirudinea

Oligochaeta

Oligochaeta

Oligochaeta

Ostracoda

Ostracoda

Ostracoda

Sarcoptiformes

Trhypochthoniidae

Mucronothrus

Trombidiformes

Hygrobatidae

Hygrobates
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Daily flow intermittence in an effluent-dependent river: impacts of flow duration and
recession rate on fish stranding
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Abstract
Treated wastewater, also known as effluent, is discharged into streambeds where it can augment
or create aquatic habitat in arid regions. However, discharge fluctuations can result in daily
stream drying and rewetting. In this study, we documented flow intermittence and resulting fish
stranding and mortality over a 12-week period on an effluent-dependent reach of the lower Santa
Cruz River in Tucson, Arizona, USA. We hypothesized that fish stranding would be positively
related to duration of flow prior to drying (increased recolonization potential) and flow recession
rates (increased stranding likelihood). Using trail cameras, we monitored drying duration and
extent along a 2.1 km reach of river known to experience flow intermittence and counted
stranded fish once a week. Drying extent varied widely (range: 0-1.88 km) and averaged 0.79 km
± 0.14 SE. We observed a total of 323 fish strandings across the 12 weeks (range: 0-74
individuals per day; mean: 26.9 ± 8.3 SE). Ninety-nine percent of observed fish were Poeciliidae
(63% of which were fry), including non-native western mosquitofish (Gambusia affinis).
Recession rate was a positive predictor for the daily stranding count of poeciliids (p = 0.008).
Flow duration was not significant (p = 0.100) but was included in the top model (R2 = 0.782). As
urban development continues, discharge of effluent into rivers and streams will become more
common throughout the world. Continued research is needed to understand the benefits and
challenges presented by these effluent-driven flow regimes, including their impacts on aquatic
taxa.
Key words: mosquitofish, drying, wastewater, urban ecology
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Introduction
Wastewater treatment plants often discharge effluent into rivers and streams, which can
create or augment aquatic habitat– often with net benefit (Luthy et al., 2015; Hamdhani et al.,
2020). However, these inputs can change the natural flow regimes (e.g. magnitude, frequency,
and timing of flows) in receiving streams (Bischel et al., 2013). The volume of effluent created
by modern wastewater treatment plants follows a cyclical pattern based on daily municipal water
use, which often results in effluent discharge occurring in artificial, diurnal pulses (Chesner &
Pai, 1981; Butler & Graham, 1995; Enfinger & Stevens, 2006). In locations where effluent is not
buffered by natural baseflow, these diurnal fluctuations can result in flow intermittence in
downstream-reaches, with stream drying and rewetting occurring on daily time scales (Halaburka
et al., 2013; Eppehimer et al., 2020). But how do aquatic biota, such as fish, respond to this
artificial flow intermittence?
Fish stranding from flow intermittence is a natural phenomenon in many streams and can
reduce diversity and abundances in fish communities (Davey and Kelly, 2007). In some streams,
rates of fish stranding have increased dramatically due to anthropogenic activities and
modifications (Nagrodski et al., 2012). For example, discharge fluctuations due to hydropeaking
from hydropower dams frequently result in fish stranding (Cushman, 1985; Bradford et al., 1995;
Irvine et al., 2015). The prevalence of fish stranding from hydropeaking suggests that discharge
fluctuations in effluent-dependent streams also could be a significant source of fish stranding.
However, fish stranding from effluent discharge fluctuations has not previously been studied
(Nagrodski et al., 2012).
In this study, we documented flow intermittence and resulting fish stranding and
mortality on an effluent-dependent reach of the lower Santa Cruz River in Tucson, Arizona,
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USA. The river’s flow is generally ephemeral, but two reaches have perennial flow due to
effluent from water reclamation facilities (also known as wastewater treatment plants). Although
most of the lengths of these effluent-supported river reaches are perennial, the downstream-most
portions often experience daily flow intermittence due to diurnal fluctuations in effluent
discharge (Eppehimer et al., 2020), making it possible for fish to become stranded when the
water recedes. Fish species in the Santa Cruz River include western mosquitofish (Gambusia
affinis), green sunfish (Lepomis cyanellus), black bullhead (Ameiurus melas), and common carp
(Cyprinus carpio), all non-native, as well as the native and endangered Gila topminnow
(Poeciliopsis occidentalis) (Sonoran Institute, 2020). We hypothesized that fish stranding would
be a function of recolonization potential during flowing periods combined with the potential to
escape during drying and therefore could be modeled using flow duration (recolonization
potential) and flow recession rate (escape potential). Specifically, we hypothesized that fish
stranding would be positively related to both duration of flow prior to drying and flow recession
rates during drying events.

Methods
Site description
This study was conducted on a section of the lower Santa Cruz River supported by
discharge from the Agua Nueva Water Reclamation Facility (ANWRF) in a largely urban
portion of Tucson, AZ (Fig. 1). Since 2013, ANWRF has been discharging high quality, tertiarytreated effluent into the river (Dong et al., 2015; Johnson et al., 2015). Runoff from precipitation
also contributes to flow during some parts of the year, but only for hours to days at a time
(Eppehimer et al., 2020). Our study focused on a 2.1 km section of the river known to experience
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flow intermittence with drying and rewetting on daily time scales, located ~6 km downstream of
the effluent outfall at ANWRF (Fig. 1). In the intermittent study reach, channel width averaged
~18 m, and when flowing the depth ranges from 0.1 to 0.5 m. In-channel substrate was mainly
characterized by a mixture of coarse- and fine-grained sand, and dominant macrohabitat types
were flatwaters and small, shallow pools found at the river's edge. The majority of the riverbed
lacked instream aquatic vegetation. Cottonwood (Populus), horsetail (Equisetum), mesquite
(Prosopsis), buffelgrass (Cenchrus ciliaris), and bermuda grass (Cynodon dactylon) were the
dominant types of vegetation lining the banks.

Data collection
To quantify the flow regime in our study reach across the 12-week study period, we used
a combination of existing data and trail camera deployment. We obtained effluent discharge data
(1-hour resolution) from ANWRF and daily precipitation data recorded by NOAA rain gage
US1AZPM0148 near our study reach (NOAA NCDC) for the entire study period. We
documented flow intermittence at five locations in the study reach, spaced ~0.5 km apart (Fig. 1)
with time lapse photography (30-min resolution) from five trail cameras (Moultrie model 550).
Cameras were originally deployed in November 2019 to quantify the timing of maximum daily
drying extent to determine the optimal time of day fish surveys should occur (see below).
Cameras remained deployed until the final fish survey, which occurred on 25-April 2020. SD
cards were collected from the trail cameras on a weekly basis, and photos were manually viewed
and binary coded as representing wet or dry states in the river channel (Fig. 2).
Beginning on 8-February 2020 and ending on 25-April 2020, we documented fish
stranding and mortality with weekly visual surveys. These surveys were conducted on Saturday
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mornings beginning at ~11:00am MST, a time of reliable low water based on known drying
patterns revealed by the trail cameras during their initial deployment. The survey team would
locate and record the coordinates of the wetted front of the river and the time of day, and then
begin the survey moving downstream from that point along the dry riverbed. One observer
would look for dead and/or stranded fish in the downstream left half of the channel while a
second observer would survey the downstream right half of the channel. When fish were
encountered, their taxonomic identifications and life stages (fry vs. adult) were recorded and the
location was documented with a handheld GPS device. Fish were aggregated into ~2 m
longitudinal sections of the river (i.e. if multiple fish were found stranded within 2 m of one
another, they were all given the same GPS location). Visual surveys ended at the farthest
downstream camera location (Fig. 1), and the survey time and total distance were noted.
Stranded fish documented by surveyors were recorded as being either dead or alive.
When fish were observed alive and stranded, they were additionally placed into one of two
categories: “may die” or “will die”. These designations were made depending on how far
stranded fish were from the wetted front and an estimated probability of flow return prior to
mortality. These estimates were based on preliminary analyses of trail camera photos, which
showed that refuge pools typically dried within < 30 to 60 min of being disconnected from the
receding flow front. Fish that were categorized as “alive but may die” and “alive but will die”
had an estimated >60 and >90% chance of mortality, respectively. Dead fish were not collected
but rather left in place. Double counting observed mortalities between surveys was precluded by
the seven-day period between surveys, during which daily flows would wash fish carcasses
downstream, and extreme desiccation would be apparent if the same mortalities were
encountered again.
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Outside of these formal surveys, we also recorded incidental observations of fish
mortalities (e.g. after the survey ended at the downstream most point and observers walked back
up the channel to the start). We also recorded any observations of stranded aquatic reptiles,
amphibians, and aquatic invertebrates in the drying reaches. These observations were qualitative
in nature and were not included in statistical analyses, but are useful for developing future
research ideas.

Data analysis
Using trail camera data, we were able to estimate extent of drying, site-specific duration
of drying, site-specific duration of flow prior to drying, and reach-scale average flow recession
rate for each survey date (i.e. total recession distance / total elapsed recession time). To test our
hypothesis, we used a Generalized Linear Model (GLM) to determine if duration of flow prior to
drying (Duration) and rate of flow recession (Recession) could predict stranding of poeciliid
fishes (western mosquitofish and Gila topminnow): Stranding ~ Duration + Recession. We
modeled poeciliid fishes because their abundances were high enough to allow for model
construction (see Results below). We did not model western mosquitofish and Gila topminnow
separately because their fry (i.e. early life stage) cannot be distinguished in the field, and even
adults are difficult to distinguish when they have desiccated (as frequently occurs during
stranding). To account for skew in poeciliid stranding counts, we used a Poisson distribution. We
ran the model in the statistical program R (version 3.5.1: R Core Team 2019) with the package
‘glmmTMB’ (Generalized Linear Mixed Model Thematic Model Builder, version 1.0.2.1;
Brooks et al., 2017).
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We validated the model using R package ‘DHARma’ (Residual Diagnostics for
Hierarchical (Multi-Level / Mixed) Regression Models, version 0.3.2.0; Hartig, 2020) by testing
and verifying overdispersion, outliers, and normality of residuals. We detected overdispersion
and corrected the standard errors using a quasi-GLM (Zuur et al., 2009). Using the ‘dredge’
function within R package ‘MuMIn’ (Multi-Model Inference, version 1.43; Bartón, 2019), we
used Akaike Information Criterion corrected for small sample size (AICc) to identify and rank
the best model iteration(s) to explain poeciliid stranding (Anderson & Burnham, 2002; Burnham
& Anderson, 2004). True AIC values are not generated with a quasi-approach, so deviance,
dispersion, and log-likelihood were manually calculated for the quasi model and compared to the
regular Poisson model for use in model selection by AICc.

Results
Across our 78-day study period, effluent discharge from ANWRF averaged 0.83 m3/s ±
0.4 SD and ranged from 0.09-2.02 m3/s. Flows typically varied diurnally by a factor of two (Fig.
3). Daily drying extent varied widely (range: 0-1.88 km) and averaged 0.79 km ± 0.14 SE (Fig.
4; Table 1). Daily drying intensity, calculated as the cumulative number dry hours across all five
cameras, averaged 6.9 hr ± 1.2 SE (range: 0-12.5 hr) (Table 1). The average daily dry:wet
duration ratio across our intermittent study reach was 0.27. Rainfall occurred on 13 days during
the study period with a range of 0.01-0.67 mm/d (Fig. 3), and runoff from rainfall prevented
stream drying from occurring during two of 12 fish survey dates: 22-February and 21-March
(Fig. 4; Table 1).
Across all 12 surveys, we observed a total of 323 stranded fish. One hundred three fish
(32%) were confirmed mortalities, 52 fish (16%) were categorized as “will die”, and 168 fish
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(52%) were categorized as “may die”. Over 99% of stranded fish were Poeciliidae, and 63% of
those poeciliids were fry (Fig. 5A; Table 1). Most poeciliids were likely western mosquitofish,
which have high abundances throughout the lower Santa Cruz River (Sonoran Institute, 2020).
The number and location of poeciliid strandings varied greatly week to week (range: 0-74
individuals per day; mean: 26.9 ± 8.3 SE; Fig. 4). Finally, we also observed the mortality of two
individual green sunfish (Fig. 5B; Table 1).
Our GLM performed well (R2 = 0.782) and revealed a positive, significant relationship
between poeciliid stranding and flow recession rate (p = 0.008, 95% confidence interval: 1.45 –
10.49; Table 2; Fig. S1). Although duration of flow prior to drying was not significant (p =
0.100, 95% confidence interval: 1.00 – 1.01; Table 2), its importance as an explanatory variable
was emphasized with our information-theoretic approach to model selection. Comparisons of all
predictor combinations resulted in a single model with ∆AICc<2, which included both flow
duration and recession rate as positive predictors (model weight=1.00; Table 3).
Outside of the standard survey times, we encountered additional stranding mortalities
during field visits. These observations included four additional green sunfish, as well as two
black bullhead (Fig. 5C). On the 25-April 2020 survey, we also observed and tracked a spiny
softshell turtle (Apalone spinifera; nonnative) which had traversed (>1 km) along the dry
riverbed following the receding flow upstream (exhibiting positive rheotaxis: Fig. 5D). In
preliminary observational periods, we also observed the stranding of a bullfrog tadpole
(Lithobates catesbeianus; nonnative) in July 2019, and we observed a mass stranding of
poeciliids on 18-September 2019 in which >200 individuals died in a single refuge pool. Finally,
during each survey when drying occurred we observed the stranding of aquatic insects, including
dragonfly and damselfly nymphs (Odonata: Gomphidae, Libellulidae, and Coenagrionidae) and
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mayfly larvae (Ephemeroptera: Baetidae). Aquatic invertebrates were not targeted in this study,
so their rates of stranding are unknown. However, we routinely encountered >500 mayfly
mortalities on any given survey date when flow intermittence occurred.

Discussion
To the best of our knowledge, ours is the first study to document fish stranding and
mortality due to diurnal flow intermittence in an effluent-dependent stream, adding to our
nascent understanding of the unique ecology of these systems (Hamdhani et al., 2020). Both
duration of flow prior to drying and flow recession rate were positive predictors of poeciliid
stranding on the lower Santa Cruz River (Tables 2, 3). Large week-to-week variability in the
extent and intensity of drying as well as large variability in observed fish (Fig. 4; Table 1)
certainly impacted the predictive power of our model, and may have obscured the significance of
flow duration, for example. Furthermore, accurate counting of stranding fish is difficult
(Nagrodski et al., 2012), as surveyors can fail to detect small fish (especially fry) and predation
and scavenging of stranded fish can occur prior to surveys (Tramer, 1977). For example, we
observed tracks and have trail camera evidence of javelina, coyote, bobcat, and heron utilizing
the river during both wet and dry conditions. In fact, one stranded black bullhead was partially
consumed, demonstrating that scavenging of stranded fish occurred in our study reach.
Flow recession rate was a positive predictor of poeciliid stranding and exhibited the
strongest significance and largest magnitude in our model (Tables 2; 3; Fig. S1). Escape behavior
during flow recession in natural streams has been noted in multiple regions and fish species. For
example, Davey and Kelley (2007) documented that fish actively migrate upstream to reliable
refuges in a New Zealand stream when drying occured in downstream reaches. However, faster
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rates of flow recession can limit this escape potential (Davey et al., 2006). In an experimental
setting, Bradford et al. (1995) found that the rate of dewatering was positively correlated with
stranding rates of salmonids. However, another study reported that flow recession rates below
hydropeaking dams were not significantly correlated with fish stranding (Irvine et al., 2015).
Some of the potential impacts of flow recession rate are no doubt context specific. Davey et al.
(2006) reported that fish behavioral responses to rates of dewatering varied not only by species,
but also by stream substrate – suggesting that coarser sediments may provide interstitial refugia
during surface drying. However, our intermittent study reach was dominated by sand and has no
hyporheic zone, thus eliminating any potential for interstitial refugia during flow recession.
In addition to flow recession rates, flow duration prior to drying also was a positive
predictor of poeciliid stranding in our study (Tables 2, 3). Fish recolonization in streams is often
due to random diffusion away from areas of high density, as well as foraging movements that
can vary species to species, but the potential for recolonization tends to increase over time
(Sheldon & Meffe, 1995; Davey & Kelly, 2007). For example, in an experimental study, fish
density increased with time following the return of flow in a stream (Sheldon & Meffe, 1995).
Therefore, it is intuitive that a longer time period for recolonization after drying in the Santa
Cruz River would lead to more fish stranding when our study reach dried again. Irvine et al.
(2015) found that duration of flow inundation prior to drying was a positive predictor of fish
stranding on dammed Canadian rivers that experience flow fluctuations from hydropeaking.
Additionally, in stream drying recolonization experiments, fish abundance and richness levels
have been observed to reach their original pre-drying levels within 40 days (Peterson & Bayley,
1993; Lonzarich et al., 1998). Given that relatively long timeframe, it is likely that fish
abundance and richness in intermittent reaches of the Santa Cruz River, which experience daily
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drying events, will remain lower than those in upstream perennial reaches that are closer to
effluent outfalls.
Nearly 100% of our observed fish strandings and mortalities were poeciliids, the majority
of which were likely western mosquitofish. Western mosquitofish are a small-bodied fish
(typically 1–5 cm in length) that prefer shallow water (8–15 cm depth) and forage near the
surface (Pyke, 2005). In general, fish recolonization rates in streams are proportional to species
abundances (Sheldon & Meffe, 1995), so it is no surprise that mosquitofish were observed most
frequently given they are the most abundant fish in the lower Santa Cruz River (Sonoran
Institute, 2020). Furthermore, western mosquitofish are known to be fast colonizers and disperse
widely in response to habitat disturbance and habitat creation (Rehage & Sih, 2004; Pyke, 2005).
Mosquitofish are relatively slow swimmers and prefer calm water (Casterlin & Reynolds, 1977).
In lotic systems, mosquitofish are more likely to follow the flow and colonize downstream
reaches than they are to swim upstream (Rehage & Sih, 2004). The behaviors and swimming
abilities that promote the movement of mosquitofish downstream with the return of flow, may
also limit their ability to escape upstream when drying begins. These factors may have resulted
in high mortality of mosquitofish, despite the fact that smaller fish are usually considered to be
less susceptible to stranding than larger-bodied fish (Quinn & Buck, 2001). Furthermore, 63% of
the poeciliids we observed in this study were fry. Early life stages of fish are more susceptible to
stranding (Neitzel & Becker, 1985) due to their poor swimming abilities (Dabrowski et al., 1986)
which further limit escape upstream.
Daily flow intermittence patterns similar to what we observed on the lower Santa Cruz
River could have larger consequences beyond individual mortalities. Even if fish survive flow
intermittence, there are a variety of potential sub-lethal impacts that can occur during stranding
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and reduce the overall fitness of individuals (Nagrodski et al., 2012). These impacts include
energy expenditure for escape, reduced foraging times (Stradmeyer et al., 2008), and adverse
metabolic effects of hypoxia when trapped in isolated pools (Sabo et al., 1999; Evans, 2007).
Also, depending on the extent and frequency of drying, mass mortality events could create
genetic bottlenecks in small populations. Below some dams, between 60 and 83% of juvenile
salmonids in a given population became stranded by flow recession (Bradford et al., 1995;
Saltveit et al., 2001). Despite these concerns, the long-term population level impacts of fish
mortality from anthropogenic stranding remains unstudied (Nagrodski et al., 2012).
Flow intermittency in the lower Santa Cruz River also directly affected biota other than
fish, including amphibians and reptiles. We observed a spiny softshell turtle exhibiting positive
rheotaxis drought escape behavior for >1 km of drying riverbed (Fig. 5D), and this likely caused
a significant expenditure of its resources. Similar positive rheotaxis behaviors have been
observed for multiple species of aquatic invertebrates during flow recession in naturally
intermittent streams in Arizona (Lytle et al., 2008). Although we did not observe positive
rheotaxis in aquatic invertebrates in the Santa Cruz River, we did observe large-scale mortalities
of mayflies during every observed drying period. In another effluent-dependent reach of the
lower Santa Cruz River, similar diurnal stream drying events were shown to negatively impact
aquatic invertebrate densities (Eppehimer et al., 2020). It remains unstudied what the larger
population and ecosystem level implications of daily stream drying are – and whether stranded
aquatic organisms could represent a significant energy flux to riparian ecosystems when they are
scavenged by terrestrial animals (Nagrodski et al., 2012).

Conclusions
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Modern wastewater treatment plants typically produce effluent with pronounced, diurnal
fluctuations (Enfinger & Stevens, 2006). In rivers and streams that depend on effluent discharge
for baseflow, these fluctuations will result in daily flow intermittency in downstream-reaches.
Our study documented fish stranding and mortality as a result of this daily drying and found
poeciliid stranding to be positively related to flow duration and flow recession rates. Endangered
Gila topminnow have been recently documented near our ANWRF study reach (Sonoran
Institute, 2020), and they likely would be as prone to stranding and mortality as their poeciliid
relatives, the western mosquitofish. As their abundance in the lower Santa Cruz River increases,
likelihood of Gila topminnow stranding and mortality in intermittent reaches will also increase.
Although our case study is specific to the lower Santa Cruz River, these findings have
broader implications in effluent-dominated streams throughout the world, especially in arid and
semi-arid regions (Hamdhani et al., 2020). As urban growth and water use increase, and
treatment technology becomes more common, effluent-dominated streams and their unnatural
flow regimes will become more prevalent (Martí et al., 2006). Management options do exist for
reducing effluent fluctuations and corresponding flow intermittence, including the use of
retention basins and artificial wetlands prior to discharge into rivers (Brown et al., 2011). These
options could help effluent releases better mimic the natural flow regimes that native fishes in
arid regions depend upon (Arthington & Balcombe, 2011). Increasingly, effluent is being used as
a conservation tool that can augment and create aquatic habitat and has even facilitated the
reintroduction of endangered species, such as the Gila topminnow (Brooks et al., 2006; Bischel
et al., 2013; Luthy et al., 2015). Continued research is needed to understand both the benefits and
challenges presented by effluent-driven flow regimes, including their impacts on native and nonnative aquatic taxa.
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Figures

Figure 1: Map showing the study area of the lower Santa Cruz River supported by effluent
discharge from the Agua Nueva WRF in Tucson, AZ. Solid black, solid gray, and dotted lines
denote perennial, intermittent, and ephemeral flow, respectively. Open circles show camera
locations.
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Figure 2: Trail camera photos from the same location illustrating A) drying and B) rewetting of
the intermittent study reach on lower Santa Cruz River. Photos were taken within 30 minutes of
each other on 11-Dec 2019.
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Figure 3: Hydrograph showing discharge (m3/s) from the Agua Nueva WRF into the lower Santa
Cruz River in blue corresponding to the primary vertical axis. Precipitation (mm/d) recorded by
nearby NOAA rain gage US1AZPM0148 is in orange corresponding to the secondary vertical
axis. Black arrows denote weekly surveys during the February–April 2020 study period.

106

Figure 4: Drying extent and poeciliid stranding in the intermittent reach of the lower Santa Cruz
River supported by the Agua Nueva WRF during our 12 consecutive weekly observations. Solid
blue lines indicate flow and dotted blue lines indicate drying extent. Survey starting location is
indicated with a black rectangle, asterisks denote precipitation runoff, and red circles show the
locations of observed poeciliids, with the size of the circle proportional to the number of fish.
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Figure 5: Photo examples of A) poecilid, B) green sunfish, C) black bullhead found dead from
stranding, and D) trail camera photo of a spiny softshell turtle following the receding flow in the
lower Santa Cruz River.
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Tables
Table 1: Summary of observations from 12 consecutive weekly surveys of the intermittent reach
on the lower Santa Cruz River beginning 8-February 2020 and ending 25-April 2020. Length of
drying in km (Extent), cumulative dry hours across the intermittent study reach in hours
(Intensity), and reach scale flow recession rate in km/hr (Recession) were documented with our 5
trail cameras. Observed stranding counts are listed for poeciliid and green sunfish (Sunfish).
Drying

Stranding

Week

Date

Extent (km)

Intensity (hr)

Recession (km/hr)

Poeciliid

Sunfish

1

8-Feb

0.78

4.0

0.356

3

0

2

15-Feb

1.34

11.5

0.776

69

0

3

22-Feb

0

0

NA

0

0

4

29-Feb

1.88

12.5

1.339

74

0

5

7-Mar

0.78

4.5

0.178

27

1

6

14-Mar

0.78

5

0.356

10

1

7

21-Mar

0

0

NA

0

0

8

28-Mar

0.78

7

0.712

66

0

9

4-Apr

0.78

8.5

0.712

21

0

10

11-Apr

0.78

11.5

0.712

41

0

11

18-Apr

0.78

10.5

0.712

2

0

12

25-Apr

0.78

7.5

0.356

8

0
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Table 2: Summary of variance adjusted Poisson GLM results explaining variation in poeciliid
stranding with predictors duration of flow prior to drying (Duration) and rate of flow recession
(Recession). Results include incidence rate ratios (Estimates) with corresponding 95%
confidence intervals (CI) and p values (p) and model Nagelkerke pseudo R2. Bold indicates
significant p values of predictors (α ≤ 0.05).
Poeciliid Stranding
Predictors

Estimates

CI

p

(Intercept)

1.21

0.55 – 2.65

0.636

Duration

1.00

1.00 – 1.01

0.100

Recession

3.91

1.45 – 10.49

0.008

Observations
Psuedo-R2

76
0.782
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Table 3: Summary of model selection criteria based on Akaike’s Information Criterion corrected
for small sample size (AICc) for the variance adjusted Poisson Generalized Linear Model
explaining variation in poeciliid stranding with predictor variables duration of flow prior to
drying (Duration) and rate of flow recession (Recession), ∆AICc<2. Inclusion of a variable and
its direction are noted by +/–. Weight is scaled from 0 to 1 and estimates the probability that a
model is best among all others considered.

Rank

Duration

Recession

df

logLik

AICc

∆AICc

Weight

1

+

+

3

-295.715

597.763

0.000

1.000
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Supplemental Material

Supplemental Figure 1: Variance adjusted Poisson Generalized Linear Model-predicted poeciliid
stranding as a function of estimated flow recession rate (km/hr) with gray shaded area
representing the 95% confidence interval.
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Supplemental Table 1: Observations of poeciliid stranding (Count) and location with
corresponding duration of flow prior to drying in hours (Duration), flow recession rate in km/hr
(Recession), and Distance from upstream stable flow in km
Duration

Recession

Distance

Week

Date

Count

Latitude

Longitude

(hr)

(km/hr)

(km)

1

8-Feb

2

32.3290500

-111.07686

48.0

0.356

0.044

1

8-Feb

1

32.3287500

-111.07673

48.0

0.356

0.009

2

15-Feb

6

32.3279587

-111.06919

143.0

0.776

0.000

2

15-Feb

6

32.3280442

-111.06989

143.0

0.776

0.000

2

15-Feb

7

32.3280731

-111.07002

143.0

0.776

0.000

2

15-Feb

4

32.3281445

-111.07051

140.5

0.776

0.000

2

15-Feb

2

32.3281499

-111.07060

140.5

0.776

0.000

2

15-Feb

2

32.3281859

-111.07061

140.5

0.776

0.000

2

15-Feb

1

32.3283377

-111.07100

140.5

0.776

0.000

2

15-Feb

33

32.3278893

-111.07031

140.5

0.776

0.000

2

15-Feb

5

32.3279830

-111.07364

140.5

0.776

0.000

2

15-Feb

1

32.3281530

-111.0743

140.5

0.776

0.000

2

15-Feb

1

32.3282369

-111.07583

140.5

0.776

0.000

2

15-Feb

1

32.3297628

-111.07785

140.5

0.776

0.000

4

29-Feb

1

32.3282002

-111.07170

118.0

1.339

0.154

4

29-Feb

4

32.3281050

-111.07270

118.0

1.339

0.046

4

29-Feb

62

32.3279010

-111.07311

118.0

1.339

0.003

4

29-Feb

5

32.3282000

-111.07320

118.0

1.339

0.053
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4

29-Feb

1

32.3283018

-111.07570

21.5

1.339

0.258

4

29-Feb

1

32.3285012

-111.07630

21.5

1.339

0.322

5

7-Mar

2

32.3299084

-111.07797

23.5

0.178

0.544

5

7-Mar

1

32.3301248

-111.07822

20.5

0.178

0.578

5

7-Mar

6

32.3302475

-111.07832

20.5

0.178

0.597

5

7-Mar

1

32.3307611

-111.07877

20.5

0.178

0.669

5

7-Mar

5

32.3306093

-111.07873

20.5

0.178

0.652

5

7-Mar

2

32.3304484

-111.07861

20.5

0.178

0.634

5

7-Mar

1

32.3309130

-111.07912

20.5

0.178

0.706

5

7-Mar

1

32.3309450

-111.07932

20.5

0.178

0.735

5

7-Mar

1

32.3311589

-111.07938

20.5

0.178

0.742

5

7-Mar

1

32.3304815

-111.07930

20.5

0.178

0.677

5

7-Mar

2

32.3310861

-111.07932

20.5

0.178

0.732

5

7-Mar

4

32.3312413

-111.07950

20.5

0.178

0.759

5

7-Mar

1

32.3314688

-111.07960

20.5

0.178

0.776

6

14-Mar

2

32.3291168

-111.07697

71.5

0.356

0.414

6

14-Mar

3

32.3292299

-111.07714

71.5

0.356

0.434

6

14-Mar

5

32.3302733

-111.07834

46.0

0.356

0.599

8

28-Mar

16

32.3302928

-111.07829

20.0

0.712

1.673

8

28-Mar

11

32.3304686

-111.07858

20.0

0.712

1.706

8

28-Mar

1

32.3305302

-111.07871

20.0

0.712

1.722

8

28-Mar

9

32.3316657

-111.07963

20.0

0.712

1.915

8

28-Mar

3

32.3291602

-111.07698

21.0

0.712

1.498
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8

28-Mar

6

32.3288004

-111.07673

21.0

0.712

1.459

8

28-Mar

1

32.3286448

-111.07645

21.0

0.712

1.435

8

28-Mar

2

32.3282468

-111.07584

21.0

0.712

1.360

8

28-Mar

2

32.3282205

-111.07539

21.0

0.712

1.334

8

28-Mar

7

32.3282341

-111.07524

21.0

0.712

1.318

8

28-Mar

6

32.3282511

-111.07463

23.5

0.712

1.270

8

28-Mar

2

32.3281689

-111.07404

23.5

0.712

1.215

9

4-Apr

1

32.3304047

-111.07837

21.0

0.712

0.578

9

4-Apr

1

32.3311348

-111.07917

21.0

0.712

0.722

9

4-Apr

1

32.3312764

-111.07942

21.0

0.712

0.742

9

4-Apr

3

32.3287786

-111.07668

23.5

0.712

0.367

9

4-Apr

11

32.3286828

-111.07650

23.5

0.712

0.349

9

4-Apr

4

32.3286998

-111.07643

23.5

0.712

0.349

10

11-Apr

1

32.3281207

-111.07583

18.5

0.712

1.384

10

11-Apr

5

32.3281893

-111.07588

18.5

0.712

1.384

10

11-Apr

2

32.3282179

-111.07614

18.5

0.712

1.416

10

11-Apr

15

32.3283312

-111.07617

18.5

0.712

1.416

10

11-Apr

1

32.3287182

-111.07662

18.5

0.712

1.480

10

11-Apr

1

32.3289035

-111.07649

18.5

0.712

1.496

10

11-Apr

2

32.3291205

-111.07696

18.5

0.712

1.545

10

11-Apr

1

32.3291350

-111.07710

18.5

0.712

1.545

10

11-Apr

1

32.3293466

-111.07739

18.5

0.712

1.593

10

11-Apr

2

32.3296087

-111.07771

18.5

0.712

1.625
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10

11-Apr

2

32.3282740

-111.07566

18.5

0.712

1.368

10

11-Apr

2

32.3281125

-111.07556

18.5

0.712

1.368

10

11-Apr

2

32.3282695

-111.07478

22.0

0.712

1.287

10

11-Apr

4

32.3278915

-111.07355

22.0

0.712

1.158

11

18-Apr

1

32.3276837

-111.07601

19.0

0.712

1.400

11

18-Apr

1

32.3307549

-111.07888

18.0

0.712

1.786

12

25-Apr

3

32.3284349

-111.07620

20.0

0.356

0.306

12

25-Apr

1

32.3288185

-111.07662

20.0

0.356

0.370

12

25-Apr

1

32.3292650

-111.07715

20.0

0.356

0.434

12

25-Apr

1

32.3292857

-111.07735

20.0

0.356

0.466

12

25-Apr

1

32.3301580

-111.07825

18.5

0.356

0.579

12

25-Apr

1

32.3308048

-111.07883

18.5

0.356

0.676
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Abstract
Effluent discharge from wastewater treatment plants can be a substantial source of microplastics
in receiving water bodies including rivers. Despite growing concern about microplastic pollution
in freshwater habitats, the literature has not yet addressed effluent-dependent rivers, which derive
100% of their baseflow from effluent. The objective of this study was to document and explore
trends in microplastic pollution within the effluent-dependent lower Santa Cruz River near
Tucson, Arizona (USA). We examined microplastic concentrations in the water column and
benthic sediment and microplastic consumption by mosquitofish (Gambusia affinis) at 10 sites
along a ~40 km stretch of the lower Santa Cruz River across two time periods: baseflow (effluent
only) and post-flood (effluent immediately following urban runoff). In total, across both
sampling periods, we detected microplastics in 95% of water column samples, 99% of sediment
samples, and 6% of mosquitofish stomachs. Flow status (baseflow vs post-flood) was the only
significant predictor of microplastic presence and concentrations in our models. Microplastic
fragment concentrations in the water column were higher post-flood, microplastic fiber
concentrations in benthic sediment were lower post-flood, and mosquitofish were more likely to
have consumed microplastics post-flood than during baseflow. The additional microplastics
detected after flooding was likely due to a combination of allochthonous material entering the
channel via runoff and bed scour that exhumed microplastics previously buried in the riverbed.
Effluent-dependent urban streams are becoming increasingly common; more work is needed to
identify microplastic pollution baselines and trends in effluent rivers worldwide.

Key words: wastewater, plastic, sediment, water column, fish, flood, urban ecology
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1. Introduction
Microplastic pollution is a ubiquitous phenomenon of the Anthropocene and is
increasingly studied. Primary microplastics are those in their original form, such as microbeads
in personal care products, and secondary microplastics are created from the breakdown of larger
plastics, such as fibers from synthetic clothing, fragments from larger polymers, and film from
plastic bags (Helm 2017). Rivers and streams, especially those in urban drainages, can be major
transport pathways for primary and secondary microplastics originating from point sources (e.g.
wastewater treatment plants) and non-point sources (e.g. urban runoff) (Moore et al. 2011; Rech
et al. 2014; Horton et al. 2017a; 2017b; Rochman 2018). Microplastics have known associations
with organic chemicals, which could facilitate the transport of toxic substances in aquatic
environments (Wang et al. 2018). Once in freshwater and marine environments, microplastics
can be ingested by fish and invertebrates, in some cases with negative individual- or populationlevel impacts as well as potential consequences for the food web as a whole (Foley et al. 2018;
Rochman 2018; Simmerman and Wasik 2019).
Effluent discharge from wastewater treatment plants can be a substantial source of
microplastics in receiving water bodies, despite the fact that the majority of microplastics are
removed during the treatment process (Ziajahromi et al. 2016). A meta-analysis by Iyare et al.
(2020) showed average microplastic reductions of 72, 88, and 94% after primary, secondary, and
tertiary treatment stages, respectively. In mesic regions, baseflow in rivers helps to dilute effluent
inputs and reduce the density of microplastics in receiving waters. However, in effluentdependent rivers, which are common in arid and semi-arid regions, there is no dilution of
incoming microplastics because base flow is 100% treated wastewater (Hamdhani et al. 2020).
Given this setting, the density of microplastics in effluent-dependent rivers could be much higher
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than in other types of streams. Despite this concern, the growing literature about microplastic in
freshwater habitats has not yet addressed effluent-dependent rivers.
Microplastic concentrations in rivers are thought to be controlled not only by point and
non-point source loading but also by a suite of factors including hydrological and
geomorphological characteristics. For example, precipitation runoff is not only associated with
non-point source microplastic loading (Zhang et al. 2017) but resulting flood flows can impact
microplastic concentrations in the benthos (Hurley et al. 2018). Deposition and remobilization
rates impact microplastic concentrations in both the water and benthic sediment and are
controlled by a combination of flow velocity, distance traveled, and microplastic shape, among
others (Ballent et al. 2016; Hoellein et al. 2019). Also, changes in substrate composition can
impact microplastic retention in the benthos (Tibbetts et al. 2018; Blair et al. 2019).
The objective of this study was to document and explore trends in microplastic pollution
within the effluent-dependent lower Santa Cruz River near Tucson, Arizona (USA). The lower
Santa Cruz River is largely urban and is supported by two wastewater treatment plants, which
provide 100% of the river’s flow for large portions of the year. Along this effluent flow, the river
has substantial changes to substrate composition and flow velocities. Additionally, heavy
precipitation causes large amounts of urban runoff and flooding in the river channel during some
parts of the year. Rivers with similar effluent-dependent baseflow and flashy runoff-derived
floods are found in arid and semi-arid regions of the United States and around the world
(Hamdhani et al. 2020), so we believe that the Santa Cruz River can serve as an informative case
study for many other systems.
We examined microplastic concentrations in the water column and benthic sediment
along effluent flow in the lower Santa Cruz River, which covers a relatively large spatial scale
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(~40 km). We sampled at 10 sites across two time periods: baseflow (effluent only) and postflood (effluent baseflow immediately after urban runoff). We also examined microplastic
consumption by western mosquitofish (Gambusia affinis), hereafter referred to as mosquitofish.
Specifically, we explored how microplastic consumption by these fish differed between the two
time periods. We expected that microplastic concentrations in water and benthic sediment would
be influenced by distance from the effluent outfalls, flow velocity, and flow status (baseflow vs
post-flood). Specifically, we hypothesized that 1) increasing distance from outfalls would reduce
microplastic concentrations in both the water column and sediment due to longitudinal
deposition, and 2) increasing flow velocity would increase concentrations in the water column
and decrease concentrations in sediment. We also hypothesized that 3) flooding would increase
concentrations of microplastics in the water column due to mobilization of plastics from nonpoint sources and decrease concentrations in sediment due to scour and remobilization of
plastics. Finally, we hypothesized that 4) consumption of microplastics by mosquitofish would
be higher in the post-flood period and higher among larger fish, owing to feeding rates and gape
size.

2. Materials and Methods
2.1. Site description
The Santa Cruz River flows through a 22,000 km2 basin in southern Arizona, USA, and
northern Sonora, Mexico (Webb et al. 2014). The mean annual precipitation for this basin is
relatively low (~300 mm), and rainfall is bimodal with monsoons in August and winter rains in
December making them the wettest months. May and June are the driest months (data time
range: 1948-2018, provided by NOAA NCDC Climate Data Online [http://ncdc.noaa.gov/]).
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Although it historically supported sections with perennial flow, the present-day lower
Santa Cruz River is ephemeral, and groundwater levels are 45 m below the surface near Tucson,
Arizona (Carlson et al. 2011). However, effluent discharge from local water reclamation
facilities (WRF; also known as wastewater treatment plants) supports perennial surface flow in
two discrete reaches (Fig. 1). The upstream, shorter reach (~5 km long) is supported by the Agua
Nueva WRF, which discharges ~30 million liters of effluent into the river each day (Sonoran
Institute 2017). The longer downstream reach (~30 km long) is supported by the Tres Ríos WRF,
which discharges ~115 million liters of effluent each day (Sonoran Institute 2017). Following
upgrades in late 2013, both facilities have been producing and discharging tertiary-treated
effluent into the river (Dong et al. 2015; Johnson et al. 2015). In addition to effluent baseflow,
large floods often occur during the summer monsoon season (July-September) and less
commonly during winter rains (December-March) (Fig. 2). The two study reaches are typically
separated by ~1.5 km of dry riverbed but are connected during floods. During baseflow, the river
typically varies in depth from 0.1 to 1 m and in wetted width from 4 to 10 m. These effluentdependent reaches begin in urbanized areas and transition to rural and agricultural landscapes
farther downstream (Fig. 1). Upstream from the study reaches, the Santa Cruz River is ephemeral
for > 80 km where perennial effluent flow is encountered again in the upper portions of the river
basin. This ephemeral stretch is dry for the majority of the year but flows in response to heavy
precipitation runoff.

2.2. Data collection
We sampled for microplastics and collected mosquitofish from 10 sites along the lower
Santa Cruz River (Fig. 1) on December 9th, 2017 and July 12th, 2018. Sampling sites were spaced
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an average of 3.9 km (±1.1 SD) apart and were selected based on public land access. Sampling
dates were selected to represent two distinct flow types: baseflow (December) and post-flood
(July). Our baseflow sampling occurred after a long period of 100% effluent flow (110 days). In
contrast, post-flood sampling occurred ~28 hours after peak discharge from the first flood of the
monsoon season that was large enough to mobilize sediment throughout the channel (≥100 m3/s).
Sampling occurred as soon as the flood receded to typical baseflow discharge and the river was
safe to access (Fig. 2). Although day to day variation in microplastic loading can occur, Conley
et al. (2019) found no seasonal variation in effluent microplastic concentrations at wastewater
treatment plants.
To assess microplastic concentrations in the water column, we collected 1 L water grabs
from the thalweg at 0.6x depth using distilled water-rinsed glass mason jars (Barrows et al. 2017;
Green et al. 2018). Four replicate water grabs were collected at each site and date (total n=76;
four jars were broken during transport). Drift net samples were collected but not included in this
study due to concerns of organic matter clogging, which results in inaccurate estimates
(Muehlbauer et al. 2017). The thalweg flow velocity at each site was recorded with a calibrated
Marsh McBirney model 201D electromagnetic flow meter (Hatch Company, Loveland) by
averaging three readings from the center of the channel measured at 0.6x total depth. To assess
microplastics concentrations in benthic sediments, we collected ~0.23 L of sediment to an
approximate depth of 5 cm using a Rickley Hydrological steel sediment core sampler (5 cm
diameter). Five replicate sediment samples were taken at each site and date and spanned the river
cross section to account for potential variation in benthic substrate size and composition (total n
=100). We measured cross-sectional flow velocity by taking 20 flow readings equally spaced
across the width of the river measured at 0.6x total depth. Sediment samples were stored in
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distilled water-rinsed glass mason jars. Proportion of fine substrate (grain size < 4.75 mm) in
each core sample was measured in the lab. We also used field controls at each site to account for
and quantify potential microplastic contamination from atmospheric deposition and handling
practices. Controls consisted of a rinsed and distilled water-filled glass mason jar that was held
open to the air for the same amount of time that microplastic samples from that site were open to
the atmosphere (~20 seconds).
Finally, we sampled mosquitofish because they are the most abundant fish in the lower
Santa Cruz River, and their abundances are high throughout the entirety of the flowing river.
Mosquitofish have similar morphology, life history, and foraging ecology to the co-occurring
endangered native fish, the Gila topminnow (Poeciliopsis occidentalis) (Minckley 1999; Pyke
2005). We collected mosquitofish by sampling all available habitats (e.g. riffles, pools) within
100 m of the water and sediment sampling locations at each site. We used 0.25-in. mesh seines
and 0.25-in. mesh dip nets. The resulting mosquitofish were placed in a bucket for identification
verification, and 80 mosquitofish per site and date were preserved in ~95% ethanol. Throughout
the field campaign, care was taken to reduce potential plastic contamination. Whenever possible,
glass and metal materials were used as substitutes for plastic, and all clothing worn was 100%
cotton.

2.3. Laboratory Processing
Microplastic sample processing protocols were adapted from Masura et al. (2015) and
McCormick et al. (2014) and (2016). Water grabs were homogenized and poured into a
graduated beaker to record the volume to the nearest 5 mL. Water samples were then vacuum
pump-filtered through a 47 mm diameter, 1.6 μm pore size Whatman glass fiber filter that was
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divided into quadrants to facilitate subsequent microplastic enumeration. Depending on silt
content, multiple filters were used for some samples. Filters were removed using forceps, placed
in tin weighing boats, covered with aluminum foil, and dried at 75 ºC for 12 hours.
Sediment samples were dried in their collection mason jars, covered with aluminum foil,
at 75 ºC for at least 12 hours. Samples were considered dewatered when their weights stabilized,
typically after 36 hours. Weights were then recorded to the nearest 0.1 g using an Ohaus Scout
electronic balance (Ohaus Corporation, Parsippany). Each sample was mixed to ensure
homogenization, and a 50 – 70 g subsample was collected, which was fractionated using stacked
sieves (4.75 mm and 0.33 mm) and rinsed thoroughly with distilled water. Material retained on
the 4.75 mm sieve was dried and weighed to estimate the proportion of coarse sediment
(specifically pebble) in the subsample. Material retained on the 0.33 mm sieve (fine sediment
and microplastics from the entire subsample) then underwent an 11.7 M Zinc Chloride (ZnCl2;
1.6 g/mL) density separation in a glass funnel covered by aluminum foil (Zobkov and Esiukova
2017; Rodrigues et al. 2018b). Sediment particles were allowed to settle for at least 60 minutes.
Solids were released and discarded from the separator, and the remaining solution and material
was vacuum pump filtered through a 47 mm diameter, 1.6 μm pore size Whatman glass fiber
filter. Depending on silt content, multiple filters were used for some samples. These filters were
removed using forceps, placed in tin weighing boats, covered with aluminum foil, and dried at 75
ºC for 12 hours. Control samples underwent the same process described above. Water grab and
sediment samples contained little organic matter, so we did not use a digestion stage in our
processing.
After drying, filters from the water, sediment, and control samples were examined using
dissecting microscopes at 10 – 45x magnification. The lower size threshold of microplastic
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detection in water samples was conservatively estimated as 200 μm as determined by
identification training with known microplastic sizes. The lower threshold for sediment samples
was 330 μm as determined by our sieve size. Observed microplastics were categorized into the
four major types (fiber, fragment, film, and bead; Helm 2017) using identification protocols from
Hidalgo-Ruz et al. (2012) and were enumerated. These identification methods, which utilized
visual and tactile strategies, mitigate false positive identification in larger (> 100 μm)
microplastics (Karlsson et al. 2020).
We randomly selected 20 mosquitofish per sampling site and date for diet analysis
(N=400 fish analyzed). We identified sex based on gonopodia and classified the fish as female,
male, or unknown, and gravid females were noted. We measured total length (TL) to nearest 0.5
mm and weight to the nearest 0.001 g for each fish. To account for length and weight changes
from preservation in ethanol, we used a separate, random subset of mosquitofish (N=34) for
comparisons of fresh TL and weight to preserved TL and weight after 4 months in ethanol (see
Supplemental Information). Mosquitofish used for diet analysis were preserved approximately 4
months. There are no known impacts of ethanol preservation on ingested microplastics
(Courtene-Jones et al. 2017). We excised and opened the stomachs from preserved fish and used
distilled water to rinse stomach contents into a glass Petri dish. Using a 10 – 45x dissecting
microscope, stomach contents were identified and enumerated using previous described
protocols for the water grabs and sediment samples. Microplastics found in the stomach were
categorized into fiber, fragment, film, and bead. The lower size threshold of microplastic
detection in fish stomachs was conservatively estimated as 200 μm.

2.4. Quality Control
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Controls were processed using the density separation and filtration protocols described
previously. To minimize microplastic contamination in the laboratory, glass and metal materials
were used as substitutes for plastic, the work space and materials were washed before each
procedure, all density separations and filtering occurred under a laminar flow hood, filters were
always covered except during readings, and all technicians wore white 100% cotton clothing. To
limit the potential for contamination during the uncovered filter readings, white/clear fibers were
not counted as they could have been cotton fibers shed from technician clothing. Similarly,
microplastic counts from the controls (collected at each site) were subtracted from the counts of
the water and sediment samples taken at those respective locations and dates. Four individuals
read the filters (water, sediment, and control) and underwent the same training on the detection,
identification, and enumeration of microplastics prior to beginning work on this study following
guidance from Hidalgo-Ruz et al. (2012), Helm (2017), and Karlsson et al. (2020). Each filter
was counted three times by at least two separate individuals on separate dates. These replicate
readings were blind (no prior knowledge of previous counts) and aimed to reduce potential
observer bias. Mean variance was 18%, and the median count for each microplastic type was
selected as the final value for each filter. We acknowledge that our methods did not include
plastic composition confirmation with spectroscopy, so potential for misidentification exists.
However, our identification protocols (Hidalgo-Ruz et al. 2012; Helm 2017) were shown by
Karlsson et al. (2020) to yield zero false positives in size ranges 300 μm or greater. We also
acknowledge that given our sieve sizes we excluded smaller microplastic sizes, which could not
be reliably identified by our methods. Therefore, the estimates presented in this study do not
reflect concentrations of smaller size ranges including nanoplastics (Enfrin et al. 2020).
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2.5. Data Analysis
We quantified the concentrations of microplastics by type (fiber, fragment, film, and
bead) in both the water column (No./L) and benthic sediment (No./Kg dry weight) and recorded
microplastics found in the stomach of each mosquitofish. Microplastic pellets and beads are
often combined into a “pellet” category (Helm 2017), however, in this study no true pellets were
observed. To test our hypotheses, we used Generalized Linear Mixed Models (GLMMs; Bolker
et al. 2009) to determine (1) if distance from effluent outfall (distance), thalweg flow velocity
(velocity), and flow status (baseflow vs post-flood) impacted microplastic concentrations in the
water column; (2) if distance, cross-sectional flow velocity, and flow status affected
concentrations in the benthic sediment; and (3) if microplastic concentrations in the water
column, velocity, fish length, and flow status affected whether or not mosquitofish consumed
microplastic. We included proportion of fine substrate (see Laboratory Processing) in our
sediment models to account for potential differences in concentration based on grain size (Ling
et al. 2017). We also included effluent source (WRF) as a predictor in the models to account for
treatment differences between the Agua Nueva and Tres Rios WRFs. Agua Nueva utilizes 20 μm
tertiary disk filtration prior to effluent discharge but Tres Rios does not (Molly Renner, Pima
County Wastewater Reclamation, pers. comm.). Finally, our models also included sampling site
as a random factor to account for potential bias from repeated measures. Models were run in the
statistical program R (version 3.5.1: R Core Team 2019) with the package ‘glmmTMB’
(Generalized Linear Mixed Model Thematic Model Builder, version 1.0.2.1; Brooks et al. 2017).
To account for zero inflation, we used a Tweedie distribution log link family for both the water
column and sediment microplastic concentrations, and we used a binomial logit link family for
the presence/absence of microplastic consumption by the fish (Shono 2008; Bonat and
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Kokonendji 2017). We validated our models using R package ‘DHARma’ (Residual Diagnostics
for Hierarchical (Multi-Level / Mixed) Regression Models, version 0.3.2.0, Hartig 2020) by
testing and verifying zero inflation, overdispersion, outliers, and normality of residuals.

3. Results
3.1. Overview
We observed microplastics fibers, fragments, film, and beads in both water column and
sediment samples, but only fibers, fragments, and film were found in mosquitofish stomachs
(Fig. 3). In total, across both sampling periods, we detected microplastics in 95% of water
column samples, 99% of sediment samples, and 6% of mosquitofish stomachs. Microplastic
fragment concentrations in the water column were higher post-flood, fiber concentrations in
benthic sediment were lower post-flood, and fish were more likely to have consumed
microplastics post-flood than during baseflow (Fig. 4). Flow status (baseflow vs post-flood) was
the only significant predictor of microplastic concentrations and presence. In sediment samples,
we also inadvertently documented microplastics incorporated into the cases of caddisfly pupae
(Fig. 1S; Hydropsychidae, Smicridea), which are benthic macroinvertebrates common in the
river (Eppehimer et al. 2020). However, aquatic macroinvertebrates were not targeted in this
study, so the prevalence of this phenomenon is unknown. Control samples only contained fibers,
which ranged in abundance from 0 – 7 with a mean of 2.5 ± 0.4 SE (No./sample). These
observed fiber counts from site- and date-specific controls were subtracted from the
corresponding water and sediment samples.

3.2. Water column microplastic
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We observed an average microplastic concentration of 19.5 ± 2.2 SE (No./L) in the water
column across all samples. Fibers were the most common type observed and were present in 88
and 100% of the samples collected during baseflow and post-flood, respectively. Fiber
concentrations remained similar in both sampling periods averaging 18.4 ± 6.3 SE (No./L)
[range: 0 – 99.9] during baseflow and 16.5 ± 1.9 SE (No./L) [range: 0.3 – 50.7] post-flood (Figs.
5a, 2S). Fragment concentrations increased from baseflow to post-flood from a mean of 1.2 ± 0.3
SE (No./L) [range: 0 – 6.8] to 3.6 ± 0.7 SE (No./L) [range: 0 – 19.0] (Figs. 5b, 3S). We observed
fragments in 49% of baseflow water samples and 80% of post-flood samples. Microplastic film
and beads in the water column were rare in both baseflow and post-flood samples (Fig. 2SA).
Film was observed in 10% of baseflow water samples (mean: 0.1 ± 0.1 SE (No./L) [range: 0 –
1.9]) and 26% of post-flood samples (mean: 0.3 ± 0.1 SE(No./L) [range: 0 – 2.0]). Finally, no
beads were observed in baseflow water samples, but beads were present in 9% of post-flood
samples at low concentrations (mean: 0.1 ± 0.1 SE No./L). Thalweg flow velocity at our
sampling sites ranged from 0.12 – 1.30 m/s across both sampling periods with a mean of 0.55 ±
0.05 SE m/s in the baseflow sampling and 0.57 ± 0.04 SE m/s in post-flood sampling.
Concentrations of fibers, film, and beads in the water column were not related to any of
our hypothesized predictors (distance from effluent outfall, thalweg flow velocity, effluent WRF
source, or flow status). However, fragment concentrations were significantly higher in post-flood
samples compared to baseflow (p = <0.001, 95% confidence interval: 0.76-1.78; Table 1; Fig.
5b). Fragment concentrations were not correlated with distance, thalweg flow velocity, nor WRF
source.

3.3. Benthic sediment microplastic
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We observed an average microplastic concentration of 246.9 ± 30.5 SE (No./Kg) across
all benthic sediment samples. Fibers were found in 94% of baseflow samples and 82% of postflood samples. Fiber concentrations were higher in baseflow samples (mean: 228.3 ± 51.0 SE
(No./Kg) [range: 0 – 2394.4]) than post-flood samples (mean: 88.0 ± 13.9 SE (No./Kg) [range: 0
– 392.2]) (Figs. 5c, 4S). Fragments concentrations were slightly higher in baseflow sediment
samples (mean: 43.9 ± 6.9 SE (No./kg) [range: 0 – 151.2]) than in post-flood samples (mean:
32.3 ± 7.6 SE (No./Kg) [range: 0 – 288.5]) (Figs. 5d, 5S). Fragments were observed in 74 and
62% of baseflow and post-flood sediment samples, respectively. Film and beads were relatively
rare in the sediment samples (Fig. 2SB). During baseflow, film was observed in 14% of samples
with a mean of 4.2 ± 1.5 SE (No./Kg) [range: 0 – 99.4]. In post-flood conditions, film was
observed in 18% of samples and averaged 4.7 ± 1.5 SE (No./Kg) [range: 0 – 39.8]. Finally, beads
were observed in 6% and 0% of baseflow and post-flood samples, respectively. During baseflow
sampling, bead concentrations averaged 1.1 ± 0.6 SE (No./Kg) [range: 0 – 19.0]. Across both
periods, average cross-sectional flow velocity ranged from 0.10 – 1.10 m/s with a mean of 0.45 ±
0.04 SE m/s and 0.41 ± 0.03 SE m/s during baseflow and post-flood, respectively. Fractional
proportion of fine sediment in benthic sediment samples ranged from 0.14 – 1.00 across both
sampling periods with a mean of 0.74 ± 0.04 and 0.69 ± 0.03 during baseflow and post-flood,
respectively.
Benthic sediment concentrations of fragments, film, and beads were not related to any of
our hypothesized predictors (distance from effluent outfall, cross-sectional flow velocity, effluent
WRF source, flow status, and fine sediment proportion). However, concentrations of
microplastic fibers in benthic sediment samples were significantly lower post-flood than during
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baseflow (p = <0.001, 95% confidence interval: -1.34 – -0.55; Table 2) (Fig. 5c). Fiber
concentrations were not related to distance, flow velocity, WRF source, nor fine sediment.

3.4. Mosquitofish consumption of microplastics
Microplastic fiber, fragment, or film was present in 1.5% and 10% of mosquitofish
stomachs during baseflow and post-flood, respectively. However, we never observed more than
one microplastic piece per fish. During baseflow, only three individuals were found with fibers.
Of these three mosquitofish, two were identified as female and one with unknown sex, and they
had an average TL of 41.4 ± 8.2 SE mm. In post-flood samples, we observed 20 individuals with
microplastics: 17 with fibers, 2 with film, and 1 with a fragment (Fig. 6). Of these 20 fish, 15
were identified as female (nine of which were gravid) and five male, and they had an average TL
of 33.3 ± 1.2 SE mm. During post-flood sampling, gravid females and females in general were
slightly overrepresented in microplastic consumption (75% female, of which 60% were gravid)
when compared to their proportion in the sample population (see Supplemental Information).
Flow status was the only significant predictor of microplastic consumption (p = < 0.001, 95%
confidence interval: 1.21 – 4.01; Table 3).

4. Discussion
4.1. Water column microplastic
As we predicted, microplastic fragment concentrations in the water column increased
from baseflow to post-flood (Fig. 5b). Fragments represented 6.0% and 17.6% of total observed
water column microplastics in the baseflow and post-flood periods, respectively. Surprisingly,
however, we found that fragment concentrations were not predicted by distance from the effluent
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outfalls or flow velocity, nor did our models reveal significant relationships between these
factors and any other type of microplastic. Microplastic fragments are secondary plastics and are
most often associated with anthropogenic litter/debris (Helm 2017). These plastics are present in
wastewater but also are transported into rivers during urban runoff events (Liu, F. et al. 2019;
Pinon-Colin et al. 2020). For example, microplastic concentrations in the water column of a
Chinese river were orders of magnitude larger following precipitation runoff (Zhang et al. 2017).
In that study, the authors found that fragment concentrations increased over 17,000%. Our
observed increased was much smaller (200%), but our smaller basin drainage area, land use/land
cover, and sample timing are important covariates. For example, our post-flood samples were
collected ~28 hours after peak discharge, so any large, momentary increases in plastic
concentration would likely have moved through the system or been deposited in the flood plain
prior to our sampling. Although we did not quantify concentrations in runoff, we assume that
urban runoff contributed to the increased microplastic fragments we observed in the water
column. Additionally, flood flows in ephemeral, upstream portions of the river may also
remobilize microplastics deposited in dry stretches of the riverbed and transport them
downstream to our perennial study sites. Research is needed to quantify and identify the
proportional contributions of microplastics from point and non-point sources in effluentdependent rivers.
Fiber concentrations in the water column were high during both of our sampling periods
(Fig. 5a). Fibers are often the most abundant type of microplastic in rivers (Dris et al. 2015;
Kapp and Yeatman 2018; Lenaker et al. 2019; Wang et al. 2021) and are usually associated with
the washing of synthetic clothes (Prata 2018), which can shed large amounts of fibers into
wastewater (Almroth et al. 2017). In our study, fibers comprised 93 and 80% of microplastics in
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the water during baseflow and post-flood sampling, respectively. These proportions are nearly
double those reported from rivers in the northwestern and midwestern USA (45-58%; Kapp and
Yeatman 2018; Lenaker et al. 2019). Unlike fragments, fiber concentrations did not appreciably
change from baseflow to post-flood. The mechanisms behind this are unknown, but we speculate
it could be due to loading rates from effluent. Given that baseflow in the lower Santa Cruz River
is 100% effluent, which is derived in part from several hundred thousand urban residents
washing their clothes, it is not surprising that fiber concentrations were consistently high in
absolute and relative abundances (Conley et al. 2019). In conventional tertiary treatment, fibers
have been shown to have a lower removal rate (71%) when compared to other types such as
fragments (97%) (Ren et al. 2020), which could explain the dominance of fibers in our samples.
Fibers are also the most common type mobilized and deposited by atmospheric transport (Liu, C.
et al. 2019), which could influence concentrations in this urban river.
Contrary to our predictions, WRF source, flow velocity, and distance from effluent
outfalls showed no effect on microplastic concentrations in the water column. Considering the
Agua Nueva WRF utilizes tertiary disk filtration (20 μm pore size), we expected that
microplastic concentrations at baseflow would be lower in samples collected below this WRF
than in those collected below the Tres Rios WRF (Fig. 1). However, this was not the case and
leads to speculation about additional benefits of disk filtration compared to traditional treatment
methods, as well as speculation about the significant influence of urban non-point sources of
microplastics, even during baseflow conditions. Future work identifying both influent and
effluent concentrations with disk filtration as well as attempts to quantify various nonpoint
sources (e.g. atmospheric deposition, tributary runoff) are needed.
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Following floods, urban runoff enters the river from myriad locations, so longitudinal
patterns downstream of WRF outfalls might be expected to be obscured. But during baseflow
conditions, we expected that at least some microplastic deposition would occur over the 30 km of
effluent flow. Indeed, experimental studies have shown that microplastics have different
deposition rates determined by density, shape, and biofilm colonization, with fibers having
longer transport lengths than denser fragments (Hoellein et al. 2019). So, it is surprising that we
failed to find a longitudinal pattern in the effluent-dependent Santa Cruz River. It is possible that
our spatial resolution (~4 km between sites) was too large to detect deposition gradients.
However, work by Hoellein et al. (2017) examining microplastic abundance (>300 μm) in an
urban stream receiving effluent found no distance trends on a smaller scale (0.8 km resolution, 2
km max distance). Our findings are in line with studies from streams that receive effluent but are
not dependent upon it for baseflow, which found no clear distance trends related to discharge
locations (Estahbanati and Fahrenfeld 2016: particle size > 125 μm, fibers excluded; Rodrigues
et al. 2018a: particle size > 55 μm). It is likely that a suite of complex, site- and reach-specific
interactions influence deposition rates (Hoellein et al. 2019) and a complex network of non-point
sources influence concentrations, thus obscuring broader longitudinal patterns. For example,
effluent discharge in the Santa Cruz River has pronounced diurnal fluctuations (Eppehimer et al.
2020), which may alter concentrations and deposition rates on an hourly time scale (Watkins et
al. 2019). Much more research, including field experiments, is needed to understand the factors
controlling microplastic transport in the water column of rivers receiving effluent. This should
include examination of plastics smaller than 330 μm with known compositions and densities.

4.2. Benthic sediment microplastic
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As we predicted, concentrations of microplastics in sediment were lower post-flood than
during baseflow (Fig. 5c) but only for fibers, and no other explanatory factors were significant in
the models. Microplastic fibers may be disproportionally subject to bed scour during floods.
Fibers typically have longer transport lengths and are subject to less biofilm colonization, while
fragments with jagged edges are more likely to resist remobilization (Hoellein et al. 2019). Bed
scour can be quite significant in the Santa Cruz River during flooding, with transport and
deposition of sediment documented at both reach (Duan et al. 2015) and river network (Meixner
et al. 2009) scales during flooding. Furthermore, the amount of sediment mobilized increases
exponentially with flow magnitude (Cheng 2002), and all of these factors suggest large-scale
remobilization and long-distance transport of benthic microplastics during floods. For example,
microplastic concentrations in the sediment of an English river decreased 70% due to bed scour
during an extreme flood (Hurley et al. 2018). Additionally, Nel et al. (2018) reported greater
concentrations of microplastics in sediment during low- versus high-flow conditions in a South
African river with a flow regime similar to that of the Santa Cruz. In our study, sediment
microplastic concentrations were 55% lower in post-flood compared to baseflow samples, but
these sampling periods were separated by six months and a > 100 m3/s flood, so we must be
cautious in making direct comparisons with studies that occurred on different time scales with
different flood magnitudes.
Given that microplastics exhibit different deposition rates (Hoellein et al. 2019), we were
surprised that there was no correlation between microplastic concentrations in the sediment and
either flow velocity or distance from effluent outfall, especially during our baseflow sampling
following 110 days without runoff or floods. Other studies have found that higher flow velocities
tend to result in lower microplastic concentrations in sediment (Ballent et al. 2016; Zhang et al.
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2017), but it is possible that our baseflow velocities (range: 0.12 – 1.30 m/s) were not fast
enough to dislodge microplastics in the sediment. Other studies have also failed to find any
longitudinal patterns below effluent outfalls and speculated that complexities of nonpoint sources
and variable hydrodynamics are likely responsible (Klein et al. 2015: particle size > 63 μm;
Rodrigues et al. 2018a: particle size > 55 μm; Nel et al. 2018: particle size > 63 μm; Tibbetts et
al. 2018: particle size > 63 μm). More research is needed to identify how plastics from a spectra
of shapes, sizes, and densities interact with the flow regimes specific to many effluent-dependent
rivers that include daily fluctuations in discharge as well as seasonal flooding.
Finally, the proportion of fine sediment (particles between 0.33 and 4.75mm) in our
benthic samples did not affect microplastic concentrations, despite the fact that changes in
interstitial space could influence attenuation rates of microplastic. Tibbetts et al. (2018) and Blair
et al. (2019) identified the potential for microplastic association with fine benthic sediment of
UK rivers, and Ling et al. (2017) found a positive relationship between microplastic abundances
and the proportion of fine sediment in a marine setting off the coast of Australia. However, other
marine and coastal studies have observed no trends related to sediment grain size (Nor and
Obbard 2014; Alomar et al. 2016). In streams that lose surface flow to infiltration like the Santa
Cruz River (Webb et al. 2014), grain size and subsequent infiltration rates could potentially
influence microplastic concentrations in river sediment and the depths to which they can travel.
For instance, microplastics have been found below the subsurface in hyporheic zones of rivers
(Frei et al. 2019). Future work is needed to identify concentrations at various depth strata in the
sediment and to identify potential correlation with infiltration rates.

4.3. Mosquitofish consumption of microplastics
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Flow status was the only significant predictor of microplastic consumption by
mosquitofish, with higher consumption rates in post-flood compared to baseflow fish (Table 3;
Fig. 6). The fact that microplastic consumption was higher post-flood but showed no relation to
plastic concentrations in the water, flow velocity, or fish size indicates that other variables are at
play. Although not measured in this study, we suspect that turbidity may have influenced
consumption rates. Mosquitofish are visual predators that typically feed on aquatic insect larvae
(Pyke 2005). Increased turbidity during and after floods could result in mosquitofish
misidentifying larger microplastics as prey or incidentally consuming plastics via indiscriminate
foraging behavior. The role turbidity plays in consumption trends remains unstudied and
deserves further attention. Fibers were the most common type of microplastic observed in
mosquitofish, similar to observations from goldfish in a Chinese lake (Yuan et al. 2019) and
roach in the River Thames in England (Horton et al. 2018). But this raises the question: can fish
see and intentionally consume fibers? We suspect that in rivers the answer is no, and that fibers
are consumed incidentally (Peters and Bratton 2016). However, given that we observed
caddisflies with microplastics in their cases (Fig. S1), it is possible that at least some
consumption by mosquitofish was secondary and reflected a trophic transfer of microplastics.
Tibbetts et al. (2018) first documented plastics in caddisfly cases in a UK river, and suggested
that given the high biomass of caddisflies they have the ability to impact microplastic retention
and transfer rates. Recent studies have reported microplastics in 50-100% of macroinvertebrates
sampled from USA and UK streams (Windsor et al. 2019; Simmerman and Wasik 2019).
Additionally, Nel et al. (2018) and Akindele et al. (2020) found that midge larvae in the genus
Chironomus ingested microplastics. This genus is common in the Santa Cruz River (Eppehimer
et al. 2020) and other effluent-fed streams (Gower and Buckland 1978; Boyle and Fraleigh 2003;
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Arnon et al. 2015) and could serve as a conduit for food web transfers of plastics. Future studies
on fish consumption of microplastics in effluent-dependent rivers would benefit from tandem
aquatic invertebrate sampling to test for potential trophic connections.
Based on mosquitofish metabolic rates in warm water, the microplastic pieces we
observed in mosquitofish likely pass through the fish within 3 – 4 hours (Pyke 2005). As a result,
our data show a snapshot of microplastic consumption, which at its highest was only observed in
10% of sampled mosquitofish. Numerous studies report much higher proportions of fish with
microplastics, including 45% of sunfish in a Texas river (Peters and Bratton 2016), 72% of trout
in an Irish river (O’Connor et al. 2020), and 98% of trout in a Wisconsin river (Simmerman and
Wasik 2019). The relative lack of microplastics in mosquitofish could be due to the
mosquitofish’s small size (and corresponding feeding rates and gape limitation) when compared
to larger bodied fishes. Peters and Bratton (2016) and Horton et al. (2018) found positive
correlations between fish size and microplastic consumption, but other studies like ours have
found none (Simmerman and Wasik 2019; O’Connor et al. 2020). Foraging ecology also is likely
to influence microplastic consumption (Zhang 2017; McNeish et al. 2018); mosquitofish
typically feed at or near the surface (Pyke, 2005). Benthic fishes in the lower Santa Cruz River,
such as catfish or carp, may ingest more microplastic than mosquitofish. Finally, we visually
quantified microplastic under 45x magnification, so we failed to detect very small (< 200 μm)
microplastics in their stomachs. Future studies examining plastic consumption by small fish
would benefit from spectroscopy identification and enumeration of plastic types and sizes to
examine potential influences of plastic morphology on consumption and to detect small plastics
potentially missed in this study.
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4.4. Conclusions
To our knowledge, this is the first study on microplastic pollution in an effluentdependent river. We found that microplastics are abundant in both the water column and benthic
sediment and that mosquitofish do ingest microplastic, albeit at relatively low rates. The
concentrations and occurrences of these plastics are strongly influenced by floods. Although we
did not use spectroscopy to identify and quantify plastic composition (Song et al. 2015), we
believe that our estimated microplastic concentrations are conservative due to our lower size
thresholds. As stated previously, misidentification of nonplastics for microplastics in this study is
possible. However, using the identification methods employed in our study, Karlsson et al.
(2020) found zero false positives in pieces 300 μm or greater when confirmed with FTIR.
Increasingly, recent studies are incorporating size classes much smaller than 330 μm in their
analyses and given the vast variability in the methods published in microplastic literature
(Koelmans et al. 2017), care should be taken with direct comparisons of this study to future
studies with different size classes. More work is needed to assess the non-point sources that
many studies identify as significant contributors of microplastic pollution, and more work is
needed to identify microplastic pollution baselines and trends in effluent rivers worldwide. As
natural streams in arid and semi-arid climates become increasingly scarce, effluent-supported
urban streams will become more common (Martí et al. 2009), and their value as conservation
habitat will grow accordingly (Brooks et al. 2006; Bischel et al. 2013; Luthy et al. 2015). More
information on microplastic pollution and its ecological impacts is needed to inform
environmental managers and wastewater engineers about best strategies for utilizing effluent as a
resource.
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Figures

Fig 1 Map of study area of the lower Santa Cruz River with the black dotted line indicating
ephemeral reaches, the solid black line indicating effluent flow, and grey shading showing urban
landscape. Sampling locations are denoted by open circles, and the locations of the water
reclamation facilities (WRFs) are labeled
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Fig 2 Lower Santa Cruz River hydrograph from October 2017 to August 2018 with discharge
measured in cubic meters per second (log scale). Data is from USGS gage #09486500 at Cortaro
Road (Site 3). Vertical dashed lines indicate sampling dates on December 9th, 2017 and July 12th,
2018
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Fig 3 Photos illustrating the observed microplastic types collected in the lower Santa Cruz River:
A fiber, B, fragment, C film, and D bead. Horizontal scale bar ≈ 0.5 mm
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Fig 4 Conceptual diagram illustrating significant microplastic abundance changes in the water
column, benthic sediment, and mosquitofish consumption in the lower Santa Cruz River during
baseflow and post-flood sampling
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Fig 5 Microplastic concentrations of A water column fibers (No./L), B water column fragments
(No./L), C benthic sediment fibers (No./Kg), D benthic sediment fragments (No./Kg) averaged
from all sites in the effluent baseflow and post-flood sampling periods, respectively. White
denotes fibers, and gray denotes fragments. Error bars represent standard error, and asterisks
show significant changes in concentration
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Fig 6 Observed microplastic consumption by mosquitofish (number of individuals) in the
effluent baseflow and post-flood sampling periods (n=200). White, gray, and black denote fiber,
fragment, and film, respectively. No beads were observed
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Tables
Table 1: Summary of GLMM results explaining variation in microplastic concentrations (No./L) in the water column by type (fiber,
fragment, film, and bead) with predictors distance from outfall (Distance), Velocity, water reclamation facility source (WRF), and
sampling period: baseflow/post-flood (Flow Status) with sampling site as a random factor in the model. Results include Beta estimates
(Estimates) with corresponding 95% confidence intervals (CI) and p values (p) as well as within site residual variance (σ2), between
site variance (τ00), and intra-class correlation coefficient (ICC) for the random factor. Bold indicates significant p values of predictors
(α ≤ 0.05).
Fiber

Fragment

Predictors

Estimates

CI

p

Estimates

CI

(Intercept)

2.02

1.15 – 2.90

<0.001

0.10

-0.70 – 0.90

Distance

0.01

-0.02 – 0.05

0.493

0.01

Velocity

0.18

-0.85 – 1.20

0.735

WRF

0.46

-0.64 – 1.55

Flow Status

0.05

-0.36 – 0.47

Film
p

Bead

Estimates

CI

p

Estimates

CI

p

0.802

-3.21

-5.46 – -0.97

0.005

-32.54

-3.1e6 – 3.1e6

1.000

-0.02 – 0.04

0.347

0.03

-0.03 – 0.10

0.328

-0.01

-0.17 – 0.15

0.892

-0.82

-1.88 – 0.24

0.127

0.57

-1.78 – 2.93

0.632

-2.59

-9.37 – 4.20

0.455

0.411

0.15

-0.74 – 1.04

0.740

0.35

-0.22 – 1.96

0.787

-0.94

-4.81 – 2.93

0.635

0.794

1.27

0.76 – 1.78

<0.001

0.87

-2.17 – 2.87

0.119

32.51

-3.1e6 – 3.1e6

1.000

Random Effect: Site
σ2

0.57

0.71

1.87

3.23

τ00

0.13

0.00

0.00

0.00

ICC

0.19

NA

NA

NA

Non-zero Observations

71

48

13

3

Total Observations

76

76

76

76
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Table 2: Summary of GLMM results explaining variation in microplastic concentrations (No./Kg) in benthic sediment by type (fiber,
fragment, film, and bead) with predictors distance from outfall (Distance), cross sectional velocity (Velocity), water reclamation
facility source (WRF), sampling period: baseflow/post-flood (Flow Status), and fine sediment relative abundance (Fine Sediment)
with sampling site as a random factor in the model. Results include Beta estimates (Estimates) with corresponding 95% confidence
intervals (CI) and p values (p) as well as within site residual variance (σ2), between site variance (τ00), and intra-class correlation
coefficient (ICC) for the random factor. Bold indicates significant p values of predictors (α ≤ 0.05).
Fiber

Fragment

Film

Bead

Predictors

Estimates

CI

p

Estimates

CI

p

Estimates

CI

p

Estimates

CI

p

(Intercept)

5.34

4.36 – 6.33

<0.001

3.92

2.76 – 5.08

<0.001

2.10

0.25 – 3.96

0.026

3.26

-1.54 – 8.05

0.183

Distance

0.02

-0.02 – 0.06

0.319

-0.03

-0.07 – 0.02

0.248

0.01

-0.05 – 0.08

0.721

-0.05

-0.41 – 0.31

0.782

Velocity

0.43

-1.00 – 1.87

0.553

-0.50

-2.08 – 1.09

0.539

-0.25

-2.91 – 2.42

0.856

-0.89

-10.85 – 9.07

0.862

WRF

-0.24

-1.23 – 0.75

0.629

-0.20

-1.40 – 0.99

0.740

-1.36

-2.93 – 0.21

0.090

-0.75

-8.20 – 6.71

0.845

Flow Status

-0.94

-1.34 – -0.55

<0.001

-0.31

-0.72 – 0.11

0.149

0.12

-0.72 – 0.97

0.779

-22.13

-5.4e4 – 5.4e4

0.999

Fine Sediment

-0.36

-1.29 – 0.57

0.446

0.66

-0.23 – 1.55

0.30

-1.55 – 2.15

0.752

-3.39

-8.49 – 1.72

0.194

0.143

Random Effect: Site
σ2

0.64

0.70

1.75

3.52

τ00

0.10

0.24

0.00

0.00

ICC

0.13

0.25

NA

NA
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Non-zero Observations

88

68

16

3

Total Observations

100

100

100

100
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Table 3: Summary of GLMM results explaining variation in observed microplastic consumption
by mosquitofish (presence/absence) with predictors microplastic concentration in the water
column (Plastic Concentration), Velocity, mosquitofish TL (Fish TL), and sampling period:
baseflow/post-flood (Flow Status) with sampling site as a random factor in the model. Results
include Beta estimates (Estimates) with corresponding 95% confidence intervals (CI) and p
values (p) as well as within site residual variance (σ2), between site variance (τ00), and intra-class
correlation coefficient (ICC) for the random factor. Bold indicates significant p values of
predictors (α ≤ 0.05).
Mosquitofish Consumption
Predictors

Estimates

CI

p

(Intercept)

-6.10

-8.71 – -3.48

<0.001

Plastic Concentration

-0.03

-0.09 – 0.03

0.343

Velocity

0.96

-1.02 – 2.94

0.343

Fish TL

0.05

-0.00 – 0.10

0.068

Flow Status

2.61

1.21 – 4.01

<0.001

Random Effect: Site
σ2

3.29

τ00

0.00

ICC

NA

Non-zero Observations

23

Total Observations

400
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Supplemental Material
Comparisons of pre- and post-ethanol preservation lengths (mm) and weights (g) of mosquitofish
showed strong, linear correlations (see Supplemental Equations). When adjusted for ethanol
preservation, sampled mosquitofish ranged in total length from 18.8 – 57.9 mm with an average
of 37.8 ± 0.6 SE mm in the effluent baseflow season and ranged from 10.6 – 54.8 mm with an
average of 30.4 ± 0.6 SE mm in the post-flood season. Preservation adjusted fish weight ranged
from 0.149 – 1.803 g with an average of 0.536 ± 0.03 SE g during baseflow sampling and ranged
from 0.041 – 1.859 g with an average of 0.350 ± 0.02 SE g during post-flood sampling.
Mosquitofish were identified as 88.5% female (6.2% of which were gravid), 10.5% male, and
1% unknown during baseflow sampling in December, and 63.5% female (44.2% of which were
gravid), 29.5% male, and 7% unknown during the post-flood sampling in July.
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Equations
1

2

3

["#$%&'( (*+(,+&-$&'*+ '+ .$&,-] ~ 1'%&$+(, + 3,#*('&4 + 567 + 8,$%*+, -$+:*; = 8'&,, =$;'#4
= &.,,:', (#'+? = log)
["#$%&'( (*+(,+&-$&'*+ '+ %,:';,+&] ~ 1'%&$+(, + 3,#*('&4 + 567 + 8,$%*+ + 7'+, 8,:';,+&, -$+:*;
= 8'&,, =$;'#4 = &.,,:', (#'+? = log)
[='%ℎ "#$%&'( (*+%E;"&'*+] ~ F#$%&'( G*+(,+&-$&'*+ + 3,#*('&4 + 7'%ℎ HI + 8,$%*+, -$+:*;
= 8'&,, =$;'#4 = J'+*;'$# (#'+? = logit)

Mosquitofish Fresh Weight = 0.011 + 1.3782 (Preserved Weight), R2 = 0.997
Mosquitofish Fresh TL = 1.3396 + 1.0279 (Preserved TL), R2 = 0.980
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Fig 1S Photo of caddisfly pupae collected from the lower Santa Cruz River with microplastic
incorporated into their cases. A with a yellow fragment, and B with a blue fragment (in filament
form). Horizontal scale bar ≈ 0.5 mm
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Fig 2S Microplastic concentrations in A water column (No./L) and B sediment (No./Kg)
averaged from all sites in the effluent baseflow and post-flood sampling periods, respectively.
White denotes bead, and gray denotes film. Error bars represent standard error.
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Fig 3S Concentrations of microplastic fibers in the water column (No./L) at eight sites along the
lower Santa Cruz River downstream from the Tres Rios WRF. Black circles denote baseflow
sampling and grey triangles denote post-flood sampling. Error bars represent standard error
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Fig 4S Concentrations of microplastic fragments in the water column (No./L) at eight sites along
the lower Santa Cruz River downstream from the Tres Rios WRF. Black circles denote baseflow
sampling and grey triangles denote post-flood sampling. Error bars represent standard error
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Fig 5S Concentrations of microplastic fibers in the sediment (No./Kg) at eight sites along the
lower Santa Cruz River downstream from the Tres Rios WRF. Black circles denote baseflow
sampling and grey triangles denote post-flood sampling. Error bars represent standard error
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Fig 6S Concentrations of microplastic fragments in the sediment (No./Kg) at eight sites along the
lower Santa Cruz River downstream from the Tres Rios WRF. Black circles denote baseflow
sampling and grey triangles denote post-flood sampling. Error bars represent standard error
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Abstract
Urbanization contributes to the impairment and loss of freshwater streams; however,
urbanization can also augment natural systems and create novel habitat with artificial flows. In
arid and semi-arid climates, effluent discharge into rivers is often understood to provide netpositive benefits, but the ecological impacts of these artificial flows remain understudied. The
objective of this study was to examine trends in, and drivers of, aquatic invertebrate communities
in the effluent-dependent lower Santa Cruz River near Tucson, Arizona, USA. We sampled
aquatic invertebrate communities at six sites over a 12-month period along a ~20 km reach of the
river that experiences both natural seasonal floods and artificial daily flow intermittence (i.e.
drying). We hypothesized that aquatic invertebrates would be primarily shaped by both of these
types of disturbance. We identified a relatively diverse community of 156 taxa, including 14
genera of Ephemeroptera and Trichoptera. As predicted, generalized linear mixed models
revealed flood magnitude was negatively related to invertebrate richness, density, and EPT
(Ephemeroptera, Trichoptera, Plecoptera) relative abundance. Drying intensity was a negative
predictor of invertebrate density and EPT relative abundance, and a positive predictor of GOLD
(Gastropoda, Oligochaeta, Diptera) relative abundance. Finally, relative abundances of
invertebrate taxa in the drift were positively related to their relative abundances in the benthos
for both EPT and GOLD and had the largest estimates of any predictors in our models. Our
research confirms that effluent can support a large diversity of aquatic invertebrate taxa
including numerous sensitive taxa. Our work also illustrates the complexities and interactions of
flow regime in shaping invertebrate communities of effluent rivers. As in natural streams, fast
recolonization via drift aides in resilience following disturbance, but continued dominance of
tolerant taxa may limit long-term recolonization and restoration. Despite their challenges and
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shortcomings, effluent-dependent systems like the lower Santa Cruz River will continue to grow
in ecological importance as they represent growing proportions of available surface water in arid
regions of the world.

Key words: wastewater, flow regime, flood, flow intermittence, urban ecology
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Introduction
Increasing population growth, urbanization, and climate change are putting growing
pressure and uncertainty on natural streams across the globe (Dudgeon et al., 2006; de Graff et
al., 2019). Freshwater scarcity is not only a driver of geopolitical instability and human conflict
but also a driver of accelerating losses of ecosystem function and biodiversity (Vörösmarty et al.
2010). While urbanization contributes to the impairment and loss of freshwater streams,
urbanization can also augment natural systems and create novel habitat with artificial flows.
Treated wastewater discharge into rivers and streams is a common practice due to its utility as a
waste conveyance mechanism (Tchobanglous et al. 2003). Although often unintentional, this
effluent discharge has supported and created aquatic habitat in regions where surface water is
exceedingly scarce (Brooks et al. 2006). Increasingly, effluent is being recognized for its
potential use as a conservation tool, including providing habitat for endangered species (Bischel
et al. 2013; Luthy et al. 2015).
However, there are ecological issues associated with effluent-supported habitat
(Hamdhani et al. 2020). Depending on the level of wastewater treatment and the level of dilution
by natural flow in receiving waters, effluent can increase the nutrient load, cause eutrophication,
and negatively impact aquatic communities (Carey & Migliaccio 2009; Martí et al. 2009; Aristi
et al. 2015; Eppehimer et al. 2020). Effluent is a known point source of pollution and
contaminants of emerging concern, such as pharmaceutical byproducts (Dong et al. 2015;
Grabicova et al. 2015) and microplastics (Iyare et al. 2020; Eppehimer et al. 2021). Effluent
discharge also alters the natural flow regimes of receiving streams, especially in systems that
have no natural baseflow (Bischel et al. 2013). Specifically, effluent discharge is often produced
in diurnal pulses (Chesner & Pai 1981; Butler & Graham 1995; Enfinger & Stevens 2006). In
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streams with little to no dilution, these diurnal fluctuations result in flow intermittence in
downstream reaches, with stream drying and rewetting occurring on daily time scales (Halaburka
et al. 2013; Eppehimer et al. 2020).
The objective of this study was to examine trends in, and drivers of, aquatic invertebrate
communities in the lower Santa Cruz River near Tucson, Arizona, USA. Portions of the lower
Santa Cruz River historically had perennial flow, but subsequently became ephemeral due to
anthropogenic water use in the first half of the 20th century (Logan 2002; Webb et al. 2014).
However, treated wastewater discharge from water reclamation facilities (WRFs; also referred to
as wastewater treatment plants), has created perennial effluent flow in discrete reaches (Johnson
et al. 2015). Previous research on the lower Santa Cruz River has documented a relatively high
diversity of aquatic invertebrates that are affected by water quality issues in upstream reaches
and daily flow intermittence in downstream reaches (Eppehimer et al. 2020). However, at times,
invertebrate diversity still reached high levels at intermittent sties, suggesting the importance of
rapid drift recolonization in shaping the invertebrate communities. Finally, in addition to effluent
baseflow, the lower Santa Cruz River also receives seasonal precipitation runoff, which can
result in large, channel-altering floods. Studies on this river can be broadly informative as rivers
with similar flow regimes are found throughout arid and semi-arid regions of the world
(Hamdhani et al. 2020).
Disturbance is recognized as a primary regulator of aquatic invertebrate communities in
river systems, which alters the abiotic environment and shapes the composition of taxa (Resh et
al. 1988; Lake 2000; Ward & Tockner 2001). For example, flow intermittence can result in the
desiccation and mortality of aquatic invertebrates, and large floods can kill and displace them
through benthic scour. Areas of high disturbance often have low diversity and are dominated by
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taxa that have resistant or resilient traits including recolonization potential (Connell 1978; Ward
& Tockner 2001). The lower Santa Cruz River experiences both artificial flow intermittence on
daily time scales and natural floods on seasonal scales, which likely shape the aquatic
invertebrate communities.
We sampled aquatic invertebrates over a 12-month period along a ~20 km reach of the
lower Santa Cruz River. We hypothesized that aquatic invertebrate richness, density, and
community composition would be primarily shaped by flow disturbances. Specifically, we
hypothesized that artificial drying and natural flooding would decrease overall taxonomic
richness and density of aquatic invertebrates as well as the relative abundance of sensitive taxa,
while simultaneously leading to increases in the relative abundances of tolerant taxa that quickly
can recolonize disturbed reaches. We also assessed the impact of dissolved oxygen (DO) and the
proportion of fine sediment. Based on our knowledge from a previous study in the system
(Eppehimer et al. 2020), we predicted that DO would be positively related to taxonomic richness
and negatively related to density, and we predicted that fine sediment proportion would be
negatively related to richness and density. Finally, we hypothesized that the relative abundances
of invertebrate taxa living on benthic surfaces in the river could also be explained by their
respective drift rates, with the expectation that drift is the primary recolonization mechanism
following disturbances in the lower Santa Cruz River.

Methods
Site Description
The Santa Cruz River basin drains 22,000 km2 of southern Arizona, USA and northern
Sonora, Mexico and is situated within the semi-arid climate of the Sonoran Desert (Webb et al.
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2014). Annual precipitation is typically low (~300 mm) and results from intense, yet isolated
summer monsoons (Jul-Sep) and lighter winter rains (Dec-Feb) (data time range: 1948-2018,
provided by NOAA NCDC Climate Data Online [http://ncdc.noaa.gov/]). However, effluent
discharge from WRFs near Tucson, Arizona provides artificial baseflow in certain sections of the
river. Discharge from the Tres Rios WRF supports a ~30 km stretch of the lower Santa Cruz
River (Fig. 1). This WRF has been in operation for decades, but beginning in late 2013, this
effluent has received tertiary treatment prior to discharge (Dong et al. 2015). Discharge from
Tres Rios WRF averaged ~1.15 m3/s but had pronounced diurnal fluctuations (Fig. 2; Eppehimer
et al. 2020). Seasonal floods from precipitation runoff also contributed to river flow and often
exceed 100 m3/s (Fig. 2). During effluent baseflow conditions, the river typically varied in depth
from 0.1 to 1 m and in wetted width from 4 to 10 m. This effluent-dependent reach originated in
an urbanized area but transitions to rural and agricultural landscapes farther downstream. Willow
(Salix), mesquite (Prosopsis), salt cedar (Tamarix), horsetail (Equisetum), cattail (Typha),
buffelgrass (Cenchrus ciliaris), and bermuda grass (Cynodon dactylon) were the dominant types
of vegetation lining the banks.

Data Collection
We sampled aquatic invertebrates and measured water quality parameters and substrate
from six sites along the lower Santa Cruz River, which receives effluent discharge from the Tres
Rios WRF (Fig. 1). Our sampling sites were spaced 4.0 km (±1.4 SD) apart and occurred where
public land access allowed, with the first sampling location 9.8 km downstream from the effluent
outfall. Site locations were selected based on data from Eppehimer et al. (2020), which
documented flow intermittence in downstream reaches of the river. Three of the locations were
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perennial (Sites 1-3), and three experience seasonal flow intermittence (Sites 4-6). We sampled
monthly from Jul-2017 to Jun-2018 with sampling typically occurring on the weekend closest to
the first day of the month, or when river stage had returned to baseflow conditions in the event of
flooding during the normal sampling time at the beginning of the month.
At each site, we measured DO (mg/L) (Apera Instruments AI480 DO850 probe), pH,
temperature (°C), total dissolved solids (TDS) (mg/L), and conductivity (μS/cm) (Apera
Instruments SX823-B multiprobe). Due to the potential for changes in water quality from “high”
and “low flow” conditions resulting from discharge fluctuations and from ambient air
temperature and photosynthesis changes, water quality measurements were taken in the morning
and afternoon at each site and averaged. We collected aquatic invertebrates along 150 m reaches
following the reach-wide benthic sampling protocol (Ode et al. 2016), which creates a composite
sample from 11 kicks (0.09 m2 each, using 500 μm D-net) resulting in a total area sampled of
0.99 m2 per site. Across each sampled reach, we made qualitative, visual estimates of substrate
size and percent composition (e.g. silt, sand, gravel, pebble, cobble). We also collected edge
samples using 500 μm D-nets, which were a composite of five sweeps through submerged, bank
vegetation (covering ~0.33 m2 each) and were spaced roughly equally along the 150 m reach. We
used edge samples to detect taxa that may have been missed in the reach-wide benthic samples,
and we combined edge and benthic richness to determine total taxonomic richness for each
reach. Both reach-wide benthic and edge samples were collected during “low flow” conditions at
each site. Finally, to determine invertebrate drift rates we collected drift samples using 30 x 45
cm 330 μm mesh drift nets. Drift data was collected from a 10-month subset of the total
sampling period beginning in Jul-2017 and ending in Apr-2018. Drift nets sampled the entire
water column in the channel thalweg, and set times ranged from 2-15 min depending on detritus
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accumulation, which could clog the nets (Muehlbauer et al. 2017). Drift net samples were taken
during “high flow” conditions at each site, when drift rates would be at their highest. Flow
velocity was averaged from measurements recorded on both sides of the drift net at 0.6x total
depth using a calibrated Marsh McBirney model 201D electromagnetic flow meter (Hatch
Company, Loveland). Discharge passing through the net was calculated from average flow
velocity and wetted drift net area. We preserved all invertebrate samples in 95% ethanol and
enumerated and identified individuals to the most practical taxonomic level, which was usually
genus for insects and family or order for non-insects. Taxonomic keys used for identifications
included: Hungerford 1948; Cook 1974; Merritt et al. 2008; Westfall & May 1996; Larson et al.
2000; Needham et al. 2000; Thorp & Covich 2009; and Andersen et al. 2013.
Finally, we measured flow conditions using a combination of USGS stream gages and
trail cameras. Discharge measurements (15-min resolution) were downloaded from two US
Geological Survey (USGS) stream gages: 09486500 (2 km downstream from the effluent
discharge) and 09486520 (Site 5; 27 km downstream; Fig. 1). This discharge data allowed us to
determine the timing and magnitude of floods. We also used trail cameras (Moultrie model 550)
paired with staff gages at each site to take time lapse photography (30-min resolution)
documenting river stage—allowing us to document the timing and duration of drying events in
the three intermittent reaches. Photos were manually viewed and binary coded as representing
wet or dry states in the river channel.

Data Analysis
We quantified the total taxonomic richness and density of aquatic invertebrates at each
site and month, as well as relative abundances of informative taxa including two broad categories
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of taxa: 1) Ephemeroptera, Plecoptera, and Trichoptera (EPT), which are generally sensitive
(Mandaville, 2002; Buffagni, et al., 2006; Chang et al., 2014), and 2) Gastropods, Oligochaeta,
and Diptera (GOLD), which include many tolerant species. We also quantified invertebrates in
the drift from our 10-month period of drift sampling. Total abundances of aquatic invertebrates
in the drift samples were standardized by discharge and are subsequently referred to simply as
abundance (Musetta-Lambert et al. 2019). We also calculated the relative abundances of
individual taxa, and of EPT and GOLD, in the drift samples. To test our hypotheses, we used
generalized linear mixed models (GLMMs; Bolker et al. 2009) to determine if 1) total reachlevel taxonomic richness and density were affected by disturbances from drying and floods as
well as by other known, important covariates: water quality and benthic substrate; and 2) if
relative abundances of EPT and GOLD taxa could be predicted by their relative abundances in
the drift as well as disturbance from drying and floods. We measured many biotic and abiotic
variables, however, overfitting concerns prevented us from using all variables as potential
predictors in the models— so we chose variables based on their known importance in shaping
aquatic invertebrate communities. Specifically, we modeled total taxonomic richness (Richness)
and invertebrate density (individuals/m2; Density) with the following predictors: dissolved
oxygen in mg/L (DO), proportion of silt and sand in the benthos (Fine Sediment), cumulative
hours dry in the week prior to sampling (Drying), and peak discharge magnitude (m3/s) in the
two weeks prior to sampling (Flood). Sampling site and sampling month were included as
random factors in the model (to account for potential variance unexplained by our predictors).
Our GLMM describing richness used a Poisson distribution with log link function, and our
GLMM describing density used a negative binomial distribution quadratic parameterization with
log link function. Also, using our 10-month drift data subset, we modeled the relative
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abundances of EPT and GOLD in our benthic composite sample with the following predictors:
relative abundance of EPT and GOLD taxa in the drift, Drying, and Flood. Similarly, Sampling
site and month were included as random factors in the model, and the model was fit using a
Gaussian distribution and logit link function. We ran all models in the statistical program R
(version 3.5.1: R Core Team 2019) with the package ‘glmmTMB’ (Generalized Linear Mixed
Model Thematic Model Builder, version 1.0.2.1; Brooks et al. 2017).
We validated our models using R package ‘DHARma’ (Residual Diagnostics for
Hierarchical (Multi-Level / Mixed) Regression Models, version 0.3.2.0; Hartig 2020), in which
we tested for overdispersion, outliers, deviance, and normality of residuals. Also, using the
‘dredge’ function within R package ‘MuMIn’ (Multi-Model Inference, version 1.43; Bartón
2019), we used Akaike Information Criterion corrected for small sample size (AICc) to identify
and rank the best model iteration(s) to explain richness, density, and the relative abundances of
EPT and GOLD taxa (Anderson & Burnham 2002; Burnham & Anderson 2004).

Results
Abiotic Factors
Water temperature averaged 23.77°C (± 0.59 SE; range: 14.15-33.5°C) across all sites
and dates. Temperatures were lowest in Dec-2017 and Jan-2018 (winter) and highest in Jul and
Aug-2017 (summer). There were no clear longitudinal trends, however, temperatures were often
lower at sites farther downstream during winter. DO averaged 7.82 mg/L (± 0.16 SE; range:
3.95-10.25 mg/L; Table 1). There were no clear seasonal nor longitudinal trends. See Hamdhani
(2020) for a detailed, monthly water quality report for the lower Santa Cruz River concurrent
with this study. Proportion of fine substrate averaged 0.66 ± 0.03 SE (Table 1). Site-specific
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sediment composition did vary overtime, but Sites 5 and 6 typically had the greatest proportions
of sand and silt, and Sites 1 and 2 typically had the greatest proportions of pebble and cobble.
Peak discharge magnitudes in the two weeks prior to sampling averaged 11.11 m3/s (±
7.64 SE; range: 1.47-93.73 m3/s; Table 1) across the entire study. Numerous large floods (>100
m3/s) were recorded in Jul-2017, a single large flood occurred in Aug-2017, and one small flood
(~19 m3/s) occurred in Feb-2018 (Fig. 2). Sites 1-3 had perennial effluent flow and never dried;
however, sites 4-6 experienced seasonal changes in drying intensity with drying and wetting
often on daily time scales. Drying intensity tended to increase with distance downstream from
the effluent outfall, as well as with increasing ambient air temperature (Fig. 3). The proportion of
time that intermittent sites were dry versus flowing was lowest in the winter and highest in the
summer (Fig. 3). Across our study period, Sites 4-6 were dry an average of 22 hours in the week
prior to sampling (± 5.69 SE; range: 0-124.5 hr; Table 1). Due to extensive drying, we were
occasionally unable to be measure water quality or sample invertebrates at Sites 5 and 6 (Table
1). For example, prior to monsoon precipitation, Site 6 was dry for the entire month of Jun-2017.

Invertebrate density and richness
Over our 12-month study period, aquatic invertebrate density varied greatly, ranging
from 43 to 11,566 ind./m2 (mean: 2,187 ind./m2 ± 278 SE; Fig. 4A, B). The lowest densities
across all sites were observed in Aug-2017, with only 136 ind./m2 (± 28 SE; Fig 4B). Our highest
observed density, at Site 1 in Oct-17, was dominated by Chironomidae: Polypedilum and
Rheotanytarsus. In our GLMM explaining variation in density (marginal R2 = 0.296; conditional
R2 = 0.714), both disturbance metrics were significant negative predictors (drying: p = 0.029;
flood: p = 0.001; Table 3). DO and fine sediment predictors were not significant. AICc selection
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of model predictors produce a single model with ∆AICc<2, and both drying and flood were
negative predictors (Weight=1.000; Table S1).
Total taxonomic richness at each site averaged 33 (± 1 SE) and ranged from 17 (Site 1,
Aug-2017) to 53 (Site 6, Oct-2017) (Fig. 5A, B). Richness tended to increase with distance
downstream (Fig. 5A). Across all sites, average taxonomic richness was lowest in Aug-2017 and
highest in Oct-2017 (Fig. 5B). Our GLMM explaining variation in taxonomic richness (marginal
R2 = 0.236; conditional R2 = 0.650), identified flood magnitude as a significant, negative
predictor (p = 0.018; Table 3). No other variables were significant. Model selection by AICc
produced two model versions with ∆AICc<2, which both contained flood as a negative predictor.
The top model (Weight = 0.671) also selected DO as a positive predictor, which had a p value of
0.056 in our GLMM (Tables 3; S1). Using our 10-month subset, taxonomic richness in the
benthos in common with drift samples (i.e. the ratio of taxa from benthic samples that were also
found in the drift) averaged 0.54 (± 0.02 SE) with a range of 0.06 to 0.88 (Fig. 5C, D). There
were no clear longitudinal or seasonal patterns in shared richness ratios.

Invertebrate community composition
We identified a total of 156 aquatic invertebrate taxa from our lower Santa Cruz River
sampling sites (Table S3). The most diverse orders were Diptera (52 taxa) and Coleoptera (32)
representing 33 and 12% of total diversity, respectively. Diptera (true fly) richness was
dominated by the family Chironomidae (62%), and Coleoptera (beetle) richness was dominated
by Dytiscidae (41%). The order Ephemeroptera (mayfly) was dominated by Baetidae, which
represented > 99.9% of all mayfly abundance. Mayfly taxa included Apobaetis, Callibaetis,
Camelobaetidius, Fallceon, Caenis, and Tricorythodes. Mayfly were present in every benthic
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sample (relative abundance range: 0.004 – 0.840). Average relative abundance of mayflies was
highest at Site 4 and lowest at Site 1 (Fig. 6A), and there were no clear seasonal trends (Fig. 6B).
Average relative abundance of mayflies in the drift was 0.16 (± 0.02 SE; Table 2). There were no
clear longitudinal trends in Ephemeroptera drift (Fig. 8A). Trichopterans (caddisflies) included
Culoptila, Protoptila, Helicopsyche, Smicridea, Hydroptila, Nectopsyche, and Oecetis. The
genus Smicridea accounted for 70% of total caddisfly abundance. Caddisflies were present in
every sample (relative abundance range: 0.001 – 0.720). Average relative abundance of
caddisflies was highest at Site 1 and tended to decrease with distance downstream (Fig. 6C).
Caddisflies exhibited a bimodal seasonal pattern with high abundances in the winter and summer
(Fig. 6D). The winter peak (Nov-2017 – Feb-2018) was dominated by Smicridea, and the
summer peak (Jul-2017 and Jun-2018) was dominated by Smicridea at Site 1 and Protoptila at
downstream sites. Caddisfly drift rates were low at all sites across all 10 months (Fig. 8B). The
average drift relative abundance was 0.05 (± 0.01 SE; Table 2). No Plecopterans (stoneflies)
were collected in our sampling efforts.
EPT relative abundance (combined Ephemeroptera and Trichoptera) averaged 0.37 (±
0.03 SE) across all sampling sites, ranged from 0.03 – 0.85, and was consistently lowest at Sites
5 and 6 (Fig. 7A). There were no clear seasonal trends (Fig. 7B). EPT relative abundance in the
drift averaged 0.22 (± 0.02 SE) and was typically highest at Site 2 (Table 2; Fig. 8C). Using a
10-month subset, our GLMM explaining variation in EPT benthic relative abundance (marginal
R2 = 0.844; conditional R2 = 0.868), identified EPT drift relative abundance as positive predictor
(p = 0.008; Table 4). Disturbance variables (drying and flood) were not significant. In our
information theoretic approach to model selection, three iterations had ∆AICc<2 (Table S2). EPT
drift was a positive predictor in all three, and the top model also include both drying and flood as
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negative predictors. Model convergence issues on final iterations prevented corresponding
weights from being calculated.
Across all benthic samples, GOLD composition was 7% Gastropoda, 7% Oligochaeta,
and 86% Diptera. Of total dipteran abundance, 73% were in the family Chironomidae, which
was dominated by Polypedilum and Rheotanytarsus (54 and 21% of Chironomidae abundance,
respectively). Average GOLD relative abundance was 0.57 (± 0.03 SE), ranged from 0.11 – 0.94,
and was typically highest at Sites 5 and 6 (Fig. 7C). There were no clear seasonal trends (Fig.
7D). GOLD relative abundance in the drift was consistently high averaging 0.67 (± 0.03 SE)
(Table 2; Fig. 8C). In our GLMM explaining variation in a 10-month subset of GOLD benthic
relative abundance (marginal R2 = 0.875; conditional R2 = 0.875), both GOLD drift relative
abundance (p = 0.001) and hours dry in the week prior to sampling (p = 0.049) were positive
predictors (Table 4). Flood was not significant. Model selection by AICc revealed one top model
with ∆AICc<2, in which both GOLD drift relative abundance and drying were positive
predictors (Weight = 1.000, Table S2).

Discussion
Overview
Our hypotheses about the role of disturbances were partially supported. In our models,
flood magnitude was a negative predictor of invertebrate richness and density and was selected
by AICc as a negative predictor of EPT relative abundance (Tables 3; S2). Drying intensity was
a negative predictor of invertebrate density, a positive predictor of GOLD relative abundance,
and was selected by AICc as a negative predictor of EPT relative abundance (Tables 3; 4; S2).
Drift relative abundance had a positive relationship with both EPT and GOLD relative
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abundances in the benthos and had the largest beta estimates of any predictors in our models
(Table 4). Contrary to our hypotheses, however, we saw no significant effect of drying on
taxonomic richness, and flood magnitude did not affect EPT or GOLD relative abundances.
Surprisingly, dissolved oxygen and proportion of fine sediment were not statistically significant
predictors of overall richness and density, but our model selection approach did include DO as a
positive predictor of invertebrate richness (Table S1).

Invertebrate Taxa
Our average richness levels were at least 2x higher than other studies on effluent streams
when standardized by taxonomic resolution (Canobbio et al. 2009; Halaburka et al. 2013; Arce et
al. 2014; Burdon et al. 2016). Water quality dynamics unique to effluent systems, such as higher
temperatures (Kinouchi et al. 2007), higher nutrient levels (Monda et al. 1995), and lower
dissolved oxygen (Carey & Migliaccio 2009), can limit the diversity of aquatic invertebrates and
promote dominance by more tolerant taxa (Hamdhani et al. 2020). In our study, Chironomidae
was the most abundant taxon representing 63% of total abundance, which is similar to other
effluent streams (Boyle & Fraliegh 2003; Canobbio et al. 2009). These effluent systems may
favor taxa like chironomids, which are generally pollution-tolerant and multivoltine (Ortiz &
Puig 2007). However, recent experiments have shown that removal of abiotic stress alone may
not be enough for full recovery if the invertebrate community is dominated by tolerant taxa.
Barrett et al. (2021) found that dominance of tolerant taxa can slow the recolonization of
sensitive taxa, and therefore slow the recovery of formerly impaired streams. Thus, the
abundance of chironomids in the Santa Cruz River may reflect a ‘legacy’ effect of prior water
quality impairment issues (Sonoran Institute 2017) and may serve to limit the ability of more
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intolerant taxa to numerically dominate the modern community in the river, especially given the
prevalence of disturbance, which could promote rapidly recolonizing taxa like Chironomidae
(see Flooding and drying disturbance).
Although no Plecoptera were found- potentially due to the elevated stream temperatures
of effluent (Plumlee et al. 2012; Eppehimer et al. 2020)- we did identify 14 genera of
Ephemeroptera and Trichoptera. In a global review, Hamdhani et al. (2020) found that EPT
richness decreased with effluent additions. The relatively high EPT richness in our study is most
likely explained by the high quality of the effluent in the Santa Cruz River, which undergoes
tertiary treatment and meets Class A+ standards. However, other streams receiving effluent of
comparable water quality have reported a complete absence of EPT taxa (Halaburka et al. 2013).
Similar to observations by Cannobio et al. (2019), our EPT taxa were dominated by Baetidae and
Hydropsychidae. Fallceon and Smicridea were most numerically abundant of the mayflies and
caddisflies, respectively, and both are known to more tolerant genera in their orders (Blinn &
Ruiter 2006; Carlisle et al. 2007). Baetidae are bi- and multivoltine (Poff et al. 2006), and
correspondingly we saw no discernible pattern in their relative abundances over our 12-month
study. However, there was a strong seasonal pattern in Trichoptera abundance, which appeared
to be bimodal (Fig. 6D). The smaller summer peak in Trichopteran relative abundance was
driven by both Protoptila and Smicridea, but the larger winter peak was dominated by
Smicridea. Species in the genus Protoptila are univoltine (Poff et al. 2006) and their abundances
peak in the summer in the southwestern USA (Houghton & Stewart 1998), similar to what we
observed in the Santa Cruz River. According to Poff et al. (2006), Smicridea are also univoltine.
However, we observed a bivoltine abundance pattern in the Santa Cruz River, suggesting the
potential for life cycle differences in warmer and thermally-stable effluent-dependent rivers. The
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topic of potential life history changes in effluent-dominated streams deserves further research
attention.

DO and Fine Substrate
Oxygen stress in effluent-dominated streams is known to form gradients in aquatic
invertebrate communities (Bunzel et al. 2013). In our models, DO was selected as a positive
predictor of invertebrate richness. This finding supports a previous study that examined a longer,
~30 km reach of the lower Santa Cruz River during two different months, which found the
relationship between DO and richness to be the strongest of all biotic and abiotic interactions
(Eppehimer et al. 2020). That study also found that DO was a negative predictor of invertebrate
density due to the proliferation of low DO tolerant taxa, such as some Chironomidae. Our
models did not detect a similar effect in this study, potentially due to a truncated oxygen gradient
resulting from not sampling sites closest to the effluent outfall. For example, Hamdhani (2020)
found that the lowest DO levels in the lower Santa Cruz River were consistently near effluent
outfalls. Benthic substrate composition, including the dominance of fine sediment, is known to
shape invertebrate communities in natural streams (Quinn & Hickey 1990) and effluentdominated streams (Arnon et al. 2015; Mor et al. 2019), however we failed to detect an effect of
fine sediment on richness nor density in this study.

Flooding and drying disturbances
Disturbance has long been recognized as a primary driver of invertebrate communities in
streams (Resh et al. 1988; Ward & Tockner 2001). Repeated disturbance events can eliminate
resident taxa that are less mobile or have relatively long life cycles (Resh et al. 1988). For
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example, in a Spanish, semi-arid stream, frequent disturbance led to communities with smallersized and multivoltine taxa (Díaz et al. 2008). Floods are an important disturbance that are
natural to the Santa Cruz River. During large magnitude events in the Santa Cruz River, benthic
flood scour can be extensive at both small and large spatial scales (Meixner et al. 2009; Duan et
al. 2015). Our study sites experienced repeated, large magnitude floods in Jul and Aug-2017,
which were shown to reduce both invertebrate richness and density. A global meta-analysis by
McMullen and Lytle (2012) found that floods often reduce invertebrate abundance by half and
found that the impacts typically remain significant for at least 10 days post-flood. Flood
magnitude was also selected as an important negative predictor in our EPT relative abundance
model. In a desert montane stream in SE Arizona, not only did floods decrease overall richness
by ~33%, but Ephemeroptera were temporarily removed from the system following the
disturbance (Lytle 2000). In another Arizona desert stream, flash floods similarly decreased
invertebrate densities, but these disturbances did not impact community composition at annual
time scales (Boulton et al. 1992). Overall, our results suggest that flooding impacts in effluentdependent streams are similar to those observed from natural streams.
Flow intermittence is another disturbance known to shape invertebrate community
structure (Bogan et al. 2013; Datry et al. 2014), and studies of natural streams have found that
seasonal drying reduces invertebrate richness and densities (Boulton, 2003; Lake, 2003; Datry
2012; Datry et al. 2014). However, the lower Santa Cruz River is the only stream we know of
where the impacts to aquatic invertebrates of drying on daily time scales have been assessed. For
example, Eppehimer et al. (2020), found that drying was a negative predictor of aquatic
invertebrate density. Furthermore, in a different reach of the lower Santa Cruz River (~30 km
upstream from our sampling locations), repeated drying events due to temporary losses of

190

effluent inputs decreased the taxonomic richness of dragonflies (Bogan et al. 2020). Unlike
those studies, however, we failed to detect a drying effect on overall taxonomic richness levels.
But drying intensity did increase the relative abundance of GOLD in our study and was an
important negative predictor of EPT relative abundance. The significant influence of drying on
these specific taxa may be due to the fact that many EPT taxa are not resistant to desiccation
(Datry 2012), and many GOLD taxa can quickly colonize and thrive following disturbance (Resh
et al. 1988).

Recolonization and community structure
Resilience of aquatic invertebrate communities to disturbance is governed by
recolonization, and in lotic systems, drift is often the most important method of recolonization
(Resh et al. 1988). Aquatic invertebrate drift is complex and varies based on biotic variables such
as taxa specific morphology/behavior, food availability, and competition, as well as abiotic
variables such as flow velocity, substrate type, and temperature (Brittain & Eikeland 1988). In
our study, relative abundances of EPT and GOLD in benthic samples were positively correlated
with their drift abundances, as has been observed in other studies (Hildebrand 1974; Kennedy et
al. 2014). On average, we found that 54% of benthic richness was shared by the drift in the lower
Santa Cruz River with little average difference between sites, very similar to what was reported
from a natural Arizona stream (53%: Holanov 1984).
The relative abundances of GOLD taxa in the drift were consistently high in our samples,
and many of these taxa are known to have high abundances in the drift and to be the first to
recolonize (Boulton 2003; Kennedy et al. 2014). This propensity for rapid recolonization by drift
may partly explain why the relative abundances of GOLD taxa actually increased with drying—
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because they are the taxa most likely to rapidly recovery via drift. In contrast, Ephemeroptera
only represented ~25% of drift relative abundances on average and varied little across months.
These observations are in contrast to those from two natural streams in Arizona, which found
that Ephemeroptera were most abundant in the drift during the summer and varied dramatically
throughout the year. Both Gray and Fisher (1981) and Holanov (1984) reported Ephemeroptera
representing 86% of drift abundance. These differences in average and seasonal drift dynamics
may be explained in part by altered thermal regimes in effluent-fed systems that mute seasonality
in factors like flow and water temperature (Plumlee et al. 2012). Finally, although
Ephemeroptera did not dominate the drift in the Santa Cruz River, the most abundant mayfly
taxon in both drift and benthic samples was Fallceon, which is known for its propensity to drift
(Poff et al. 2006). This propensity to drift, and Fallceon’s overall numerical dominance in the
EPT group in samples from the Santa Cruz, could help explain why we didn’t observe an impact
of flooding on EPT relative abundances (i.e. rapid drift recolonization by Fallceon likely helped
to ‘rescue’ values of the overall EPT category).
The lower Santa Cruz River’s twofold magnitude diurnal fluctuations could impact drift
rates. In the Colorado River, hydropeaking with similar twofold fluctuations was the primary
controller of invertebrate drift with Chironomidae drift positively related to discharge and
Simuliidae drift negatively related to discharge (Kennedy et al. 2014). In other regulated rivers,
Perry and Perry (1986) found that drift rates remained fairly stable during both high and low
flows, but that drift rates were positively related to periods of increasing and decreasing
discharge. However, repeated flow fluctuations at daily scales have been shown to decrease
recolonization rates via drift overtime (Irvine 1985; Perry & Perry 1986). More research is
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needed to examine the drivers of invertebrate drift rates in effluent-dependent streams that
experience artificial, daily fluctuations in discharge.
Given the Santa Cruz River’s unique history, dispersal and recolonization at larger time
scales are important processes to consider in understanding its invertebrate fauna. The river was
dry for decades before perennial flow returned with effluent discharge in the 1950s (Webb et al.
2014). Initial effluent quality was poor and resulted in highly impaired communities for many
years (Sonoran Institute 2017), until pre-discharge nutrient removal began in late 2013 (Johnson
et al. 2015). The river also is isolated from other perennial streams by at least 20 km, meaning
that recolonization by invertebrates can occur only via long-distance aerial dispersal or
catastrophic drift during large floods. Accordingly, the most diverse orders that we observed
(Diptera and Coleoptera) are known for their strong dispersal abilities, especially in arid regions
(Stevens et al. 2007, Bogan & Boersma 2012). In particular, many of these taxa are strong aerial
dispersers, and aerial dispersal is known to be the primary colonization pathway for desert
streams (Gray & Fisher 1981). Megaloptera were notably absent from the lower Santa Cruz,
despite dobsonfly (Corydalidae) larvae being present in perennial tributaries upstream (Boyle &
Fraleigh 2003). This absence may be due to the poor aerial dispersal abilities of dobsonflies
(Penny 1993, Liu 2012). Given the lower Santa Cruz River’s isolation and relatively recent
improvements to water quality, invertebrate colonization is likely still occurring (Bogan et al.
2020). Long time scales are often needed for community recovery in highly disturbed streams
(Parkyn & Smith 2011).

Conclusions
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Our study on the effluent-dependent lower Santa Cruz River adds to a relatively small
body of literature on the ecological impacts of effluent discharge (Hamdhani et al. 2020). Our
research confirms that effluent can support a diversity of aquatic invertebrate taxa, including
numerous sensitive taxa. Our work also confirms the findings of others (e.g. Canobbio et al.
2008), which illustrate the complexities and interactions of flow regime and water quality
dynamics in shaping invertebrate communities of effluent rivers. Altered water quality and both
natural and artificial disturbances (seasonal floods and daily flow intermittence) were important
drivers of aquatic invertebrates in our study system. As observed in natural streams, fast
recolonization via drift facilitated resilience in the Santa Cruz River following disturbances, but
continued dominance of tolerant taxa (e.g. GOLD) may limit long-term recolonization and
restoration (Barrett et al. 2021). More research is needed to document long-term community
dynamics and continued recolonization of streams like the Santa Cruz River in which water
quality improvements have been made recently or where discharge has recently begun. Future
research is also needed to better understand the effects of diurnal discharge fluctuations on
invertebrate communities, which have the potential to impair river ecosystems at a variety of
scales through a variety of mechanisms (Kennedy et al. 2014; Kennedy et al. 2016).
As this novel, effluent habitat become more common, management efforts will actively
include these effluent resources as conservation tools (Bischel et al. 2013; Luthy et al. 2015).
Continued research at larger scales is needed to provide managers with the best strategies for
maximizing environmental benefits. Despite the challenges and shortcomings inherent to
effluent, effluent derived systems like the lower Santa Cruz River will continue to grow in
ecological importance as they represent growing proportions of available surface water in
urbanized, arid regions of the world.

194

Acknowledgements
This study was completed as part of DE Eppehimer’s PhD dissertation at the University of
Arizona and was supported by funding from the University of Arizona, Arid Lands Resource
Sciences, the Graduate and Professional Student Council, WateReuse Arizona, Southern Arizona
Environmental Management Society, and the Lincoln Institute's Babbitt Dissertation Fellowship
Program. We thank student technicians Pablo Rocha, Bailey Dilgard, Elizabeth Cook, Matt
Murphey, Alex Klug, Brandon Enger, Deanna Kulbeth, and Cody Walsh for their field and lab
contributions. Gary Deen and the Pima County Flood Control District provided access to field
sites. The lower Santa Cruz River is the traditional homeland of the Tohono O’odham.

195

References
Andersen, T., P. S. Cranston & J. H. Epler. (Eds.), 2013. Chironomidae of the Holarctic Region:
Keys and Diagnoses. Larvae. Scandinavian Entomology.
Anderson, D. R. & K. P. Burnham, 2002. Avoiding pitfalls when using information-theoretic
methods. The Journal of Wildlife Management 66: 912–918.
Arce, E., V. Archaimbault, C. P. Mondy & P. Usseglio-Polatera, 2014. Recovery dynamics in
invertebrate communities following water-quality improvement: taxonomy-vs trait-based
assessment. Freshwater Science 33(4): 1060–1073.
Aristi, I., D. Schiller, M. Arroita, D. Barceló, L. Ponsatí, M. J. García‐Galán, S. Sabater, A.
Elosegi & V. Acuña, 2015. Mixed effects of effluents from a wastewater treatment plant
on river ecosystem metabolism: subsidy or stress?. Freshwater Biology 60(7): 1398-1410.
Arnon, S., N. Avni & S. Gafny, 2015. Nutrient uptake and macroinvertebrate community
structure in a highly regulated Mediterranean stream receiving treated
wastewater. Aquatic Sciences 77(4): 623–637.
Barrett, I. C., A. R. McIntosh, C. M. Febria, & H. J. Warburton, 2021. Negative resistance and
resilience: biotic mechanisms underpin delayed biological recovery in stream restoration.
Proceedings of the Royal Society B 288(1947).
Bartoń, K., 2019. MuMIn: Multi-Model Inference. R package version 1.43.15. URL:
https://CRAN.R-project.org/package=MuMIn.
Bischel, H. N., J. E. Lawrence, B. J. Halaburka, M. H. Plumlee, A. S. Bawazir, J. P. King, J. E.
McCray, V. H. Resh & R. G. Luthy, 2013. Renewing urban streams with recycled water
for streamflow augmentation: hydrologic, water quality, and ecosystem services
management. Environmental Engineering Science 30(8): 455–479.

196

Blinn, D. W. & D. E. Ruiter, 2006. Tolerance values of stream caddisflies (Trichoptera) in the
lower Colorado River Basin, USA. The Southwestern Naturalist 51(3): 326-337.
Bogan, M. T. & K. S. Boersma, 2012. Aerial dispersal of aquatic invertebrates along and away
from arid-land streams. Freshwater Science 31(4): 1131–1144.
Bogan, M. T., K. S. Boersma & D. A. Lytle, 2013. Flow intermittency alters longitudinal
patterns of invertebrate diversity and assemblage composition in an arid-land stream
network. Freshwater Biology 58(5): 1016–1028.
Bogan, M. T., D. E. Eppehimer, H. Hamdhani, & K. Hollien, 2020. If you build it, they will
come: rapid colonization by dragonflies in a new effluent-dependent river reach. PeerJ 8,
e9856.
Bolker B. M., M. E. Brooks, C. J. Clark, S. W. Geange, J. R. Poulsen, M. H. H. Stevens, J. S. S.
White, 2009. Generalized linear mixed models: a practical guide for ecology and
evolution. Trends in Ecology & Evolution 24(3): 127-135.
Boulton, A. J., 2003. Parallels and contrasts in the effects of drought on stream
macroinvertebrate assemblages. Freshwater Biology 48(7): 1173-1185.
Boulton, A. J., C. G. Peterson, N. B. Grimm & S. G. Fisher, 1992. Stability of an aquatic
macroinvertebrate community in a multiyear hydrologic disturbance regime. Ecology
73(6): 2192-2207.
Boyle, T. P. & H. D. Fraleigh Jr, 2003. Natural and anthropogenic factors affecting the structure
of the benthic macroinvertebrate community in an effluent-dominated reach of the Santa
Cruz River, AZ. Ecological Indicators 3(2): 93–117.
Brittain, J. E. & T. J. Eikeland, 1988. Invertebrate drift—a review. Hydrobiologia 166(1): 77-93.

197

Brooks, B. W., T. M. Riley & R. D. Taylor, 2006. Water quality of effluent-dominated
ecosystems: ecotoxicological, hydrological, and management considerations.
Hydrobiologia 556(1): 365–379.
Brooks M.E., K. Kristensen, K. J. Benthem, A. Magnusson, C. W. Berg, A. Nielsen, H. J. Skaug,
M. Maechler, B. M. Bolker, 2017 glmmTMB Balances Speed and Flexibility Among
Packages for Zero-inflated Generalized Linear Mixed Modeling. The R Journal 9(2):
378-400.
Bruno, M. C., A. Siviglia, M. Carolli & B. Maiolini, 2013. Multiple drift responses of benthic
invertebrates to interacting hydropeaking and thermopeaking waves. Ecohydrology 6(4):
511–522.
Buffagni, A., Erba, S., Cazzola, M., Murray-Bligh, J., Soszka, H. & P. Genoni, 2006. The STAR
common metrics approach to the WFD intercalibration process: Full application for
small, lowland rivers in three European countries. In The ecological status of European
rivers: evaluation and intercalibration of assessment methods, 379–399. Springer,
Dordrecht.
Bunzel, K., M. Kattwinkel & M. Liess, 2013. Effects of organic pollutants from wastewater
treatment plants on aquatic invertebrate communities. Water Research 47(2): 597–606.
Burdon, F. J., M. Reyes, A. C. Alder, A. Joss, C. Ort, K. Räsänen, J. Jokela, R. I. Eggen & C.
Stamm, 2016. Environmental context and magnitude of disturbance influence traitmediated community responses to wastewater in streams. Ecology and Evolution 6(12):
3923–3939.
Burnham, K. P. & D. R. Anderson, 2004. Multimodel inference understanding AIC and BIC in
model selection. Sociological Methods & Research 33: 261–304.

198

Butler, D. & N. J. D. Graham, 1995. Modeling dry weather wastewater flow in sewer
networks. Journal of Environmental Engineering 121(2): 161–173.
Canobbio, S., V. Mezzanotte, U. Sanfilippo & F. Benvenuto, 2009. Effect of multiple stressors
on water quality and macroinvertebrate assemblages in an effluent-dominated
stream. Water, Air, and Soil Pollution 198: 359–371.
Carey, R. O. & K. W. Migliaccio, 2009. Contribution of wastewater treatment plant effluents to
nutrient dynamics in aquatic systems: a review. Environmental Management 44(2): 205–
217.
Carlisle, D. M., M. R. Meador, S. R. Moulton II & P. M. Ruhl, 2007. Estimation and application
of indicator values for common macroinvertebrate genera and families of the United
States. Ecological Indicators 7(1): 22-33.
Chang, F. H., Lawrence, J. E., Rios-Touma, B. & V. H. Resh, 2014. Tolerance values of benthic
macroinvertebrates for stream biomonitoring: assessment of assumptions underlying
scoring systems worldwide. Environmental Monitoring and Assessment 186(4): 2135–
2149.
Chesner, W. H. & M. Pai, 1981. Hourly diurnal flow variations in publicly-owned wastewater
treatment facilities. EPA-600/S2-81-218. U.S. Environmental Protection Agency.
Connell, J. H., 1978. Diversity in tropical rain forests and coral reefs. Science 199(4335): 13021310.
Constantz, J., 1998. Interaction between stream temperature, streamflow, and groundwater
exchanges in alpine streams. Water resources research, 34(7): 1609-1615.

199

Constantz, J., A. E. Stewart, R. Niswonger & L. Sarma, 2002. Analysis of temperature profiles
for investigating stream losses beneath ephemeral channels. Water Resources Research,
38(12): 52-1.
Cook, D. R, 1974. Water mite genera and subgenera. Memories of the American Entomological
Institute 21: 1–860.
Datry, T., 2012. Benthic and hyporheic invertebrate assemblages along a flow intermittence
gradient: effects of duration of dry events. Freshwater Biology 57(3): 563–574.
Datry, T., S. T. Larned, K. M. Fritz, M. T. Bogan, P. J. Wood, E. I. Meyer & A. N. Santos, 2014.
Broad-scale patterns of invertebrate richness and community composition in temporary
rivers: effects of flow intermittence. Ecography 37: 94–104.
Davies, B. R, 1976. The dispersal of Chironomidae larvae: a review. Journal of the
Entomological Society of Southern Africa 39(1): 39–62.
de Graaf, I. E., T. Gleeson, L. R. van Beek, E. H. Sutanudjaja & M. F. Bierkens, 2019.
Environmental flow limits to global groundwater pumping. Nature 574(7776): 90–94.
Díaz, A. M., M. L. S Alonso & M. R. V. A. Gutiérrez, 2008. Biological traits of stream
macroinvertebrates from a semi-arid catchment: patterns along complex environmental
gradients. Freshwater Biology 53(1): 1-21.
Dong, B., A. Kahl, L. Cheng, H. Vo, S. Ruehl, T. Zhang, S. Synder, A. E. Sáez, D. Quanrud &
R. G. Arnold, 2015. Fate of trace organics in a wastewater effluent dependent
stream. Science of the Total Environment 518: 479–490.
Duan, J. G., K. Asadi, C. Yu & B. Yang, 2015. Santa Cruz River monitoring and sediment
transport study. Technical Report. Department of Civil Engineering and Engineering
Mechanics, University of Arizona.

200

Dudgeon, D., A. H. Arthington, M. O. Gessner, Z. I. Kawabata, D. J. Knowler, C. Lévêque, R. J.
Naiman, A. Prieur-Richard, D. Soto, M. L. J. Staissny & C. A. Sullivan, 2006.
Freshwater biodiversity: importance, threats, status and conservation
challenges. Biological Reviews 81(2): 163–182.
Enfinger, K. L. & P. L. Stevens, 2006. Sewer Sociology–The Days of Our (Sewer)
Lives. Proceedings of the Water Environment Federation, WEFTEC Dallas, Texas, USA
2006: 6962–6974.
Eppehimer, D. E., H. Hamdhani, K. D. Hollien & M. T. Bogan, 2020. Evaluating the potential of
treated effluent as novel habitats for aquatic invertebrates in arid regions. Hydrobiologia
847(16): 3381-3396.
Eppehimer, D. E., H. Hamdhani, K. D. Hollien, Z. C. Nemec, L. N. Lee, D. M. Quanrud & M. T.
Bogan, 2021. Impacts of baseflow and flooding on microplastic pollution in an effluentdependent aridland river in the USA. Environmental Science and Pollution Research. (In
Press)
Grabicova, K., R. Grabic, M. Blaha, V. Kumar, D. Cerveny, G. Fedorova & T. Randak, 2015.
Presence of pharmaceuticals in benthic fauna living in a small stream affected by effluent
from a municipal sewage treatment plant. Water Research 72: 145–153.
Gray, L. J. & S. G. Fisher, 1981. Postflood recolonization pathways of macroinvertebrates in a
lowland Sonoran Desert stream. American Midland Naturalist, 249-257.
Halaburka, B. J., J. E. Lawrence, H. N. Bischel, J. Hsiao, M. H. Plumlee, V. H. Resh & R. G.
Luthy, 2013. Economic and ecological costs and benefits of streamflow augmentation
using recycled water in a California coastal stream. Environmental Science &
Technology 47(19): 10735–10743.

201

Hamdhani, H., 2020. Water quality, ecology, and evaluation of a rapid algae monitoring
technique in human-controlled water bodies. (Doctoral dissertation, University of
Arizona, Tucson, USA).
Hamdhani, H., D. E. Eppehimer & M. T. Bogan, 2020. Release of treated effluent into streams:
A global review of ecological impacts with a consideration of its potential use for
environmental flows. Freshwater Biology.
Hartig, F., 2020. DHARMa: Residual Diagnostics for Hierarchical (Multi-Level / Mixed)
Regression Models. R package version 0.3.2.0. https://CRAN.Rproject.org/package=DHARMa.
Hildebrand, S. G., 1974. The relation of drift to benthos density and food level in an artificial
stream. Limnology and Oceanography 19(6): 951-957.
Holanov, S. H., 1984. The effects of current speed and food on non-catastrophic drift with
reference to the ecology of Aravaipa Creek, Arizona. (Doctoral dissertation, University of
Arizona, Tucson, USA).
Houghton, D. C. & K. W. Stewart, 1998. Seasonal flight periodicities of six microcaddisflies
(Trichoptera, Hydroptilidae, Glossosomatidae) in the Brazos River, Texas, with notes on
larval biology. Entomological News 109: 103-109.
Hungerford, H. B., 1948. The Corixidae of the Western Hemisphere (Hemiptera). The University
of Kansas Science Bulletin 32: 5–827.
Irvine, J. R., 1985. Effects of successive flow perturbations on stream invertebrates. Canadian
Journal of Fisheries and Aquatic Sciences 42(12): 1922-1927.

202

Iyare, P. U., S. K. Ouki & T. Bond, 2020. Microplastics removal in wastewater treatment plants:
a critical review. Environmental Science: Water Research & Technology 6(10): 26642675.
Johnson, B. R., J. Phillips, G. Smith & J. Sherlock, 2015. Using Step-Feed to Improve Secondary
Effluent Ammonia Control. Proceedings of the Water Environment Federation,
WEFTEC, Chicago, Illinois, USA, 2015: 2784–2796.
Kennedy, T. A., C. B. Yackulic, W. F. Cross, P. E. Grams, M. D. Yard & A. J. Copp, 2014. The
relation between invertebrate drift and two primary controls, discharge and benthic
densities, in a large regulated river. Freshwater Biology 59(3): 557-572.
Kennedy, T.A., J. D. Muehlbauer, C. B. Yackulic, D. A. Lytle, S. W. Miller, K. L. Dibble, E. W.
Kortenhoeven, A. N. Metcalfe & C. V. Baxter, 2016. Flow management for hydropower
extirpates aquatic insects, undermining river food webs. BioScience 66(7): 561-575.
Kinouchi, T., H. Yagi & M. Miyamoto, 2007. Increase in stream temperature related to
anthropogenic heat input from urban wastewater. Journal of Hydrology 335: 78–88.
Larson, D. J., Y. Alarie & R. E. Roughley, 2000. Predaceous diving beetles (Coleoptera:
Dytiscidae) of the Nearctic Region, with emphasis on the fauna of Canada and Alaska.
NRC Research Press.
Lake, P. S., 2000. Disturbance, patchiness, and diversity in streams. Journal of the North
American Benthological Society 19(4): 573-592.
Lake, P. S., 2003. Ecological effects of perturbation by drought in flowing waters. Freshwater
Biology 48(7): 1161-1172.

203

Liu, X., F. Hayashi, C. A. Viraktamath & D. Yang, 2012. Systematics and biogeography of the
dobsonfly genus Nevromus Rambur (Megaloptera: Corydalidae: Corydalinae) from the
Oriental realm. Systematic Entomology 37(4): 657-669.
Logan, M. F, 2002. The lessening stream: an environmental history of the Santa Cruz River.
University of Arizona Press, Tucson, USA.
Luthy, R. G., D. L. Sedlak, M. H. Plumlee, D. Austin & V. H. Resh, 2015. Wastewater-effluentdominated streams as ecosystem-management tools in a drier climate. Frontiers in
Ecology and the Environment 13(9): 477–485.
Lytle, D. A., 2000. Biotic and abiotic effects of flash flooding in a montane desert stream. Archiv
für Hydrobiologie, 85-100.
Mandaville, S. M., 2002. Benthic macroinvertebrates in freshwaters: Taxa tolerance values,
metrics, and protocols. Nova Scotia: Soil & Water Conservation Society of Metro
Halifax.
Martí, E., J. L. Riera & F. Sabater, 2009. Effects of wastewater treatment plants on stream
nutrient dynamics under water scarcity conditions. In Water scarcity in the
mediterranean (pp. 173–195). Springer, Berlin, Heidelberg.
McMullen, L. E. & D. A. Lytle, 2012. Quantifying invertebrate resistance to floods: A globalscale meta-analysis. Ecological Applications 22(8): 2164-2175.
Meixner, T., E. Shamir & J. G. Duan, 2009. Surface flow, sediment transport and water quality
connections in the lower Santa Cruz River, Arizona. Technical report, US EPA Region
IX.
Merritt, R. W., K. W. Cummins & M. B. Berg, 2008. An Introduction to the Aquatic Insects of
North America. 4th Edition. Kendall Hunt Publishing, Iowa, USA.

204

Monda, D. P., D. L Galat & S. E. Finger, 1995. Evaluating ammonia toxicity in sewage effluent
to stream macroinvertebrates: I. A multi-level approach. Archives of Environmental
Contamination and Toxicology 28(3): 378–384.
Mor, J. R., S. Dolédec, V. Acuña, S. Sabater & I. Muñoz, 2019. Invertebrate community
responses to urban wastewater effluent pollution under different hydro-morphological
conditions. Environmental Pollution 252: 483–492.
Muehlbauer, J. D., T. A. Kennedy, A. J. Copp, T. A. Sabol, 2017. Deleterious effects of net
clogging on the quantification of stream drift. Canadian Journal of Fisheries and Aquatic
Sciences 74(7): 1041-1048.
Musetta-Lambert, J., D. Kreutzweiser & P. Sibley, 2019. Influence of wildfire and harvesting on
aquatic and terrestrial invertebrate drift patterns in boreal headwater streams.
Hydrobiologia, 834(1): 27-45.
Needham, J. G., M. J. Westfall Jr & M. L. May, 2000. Dragonflies of North America. Scientific
Publishers, Inc..
Ode, P. R., A. E., Fetscher & L. B. Busse, 2016. Standard operating procedures for the collection
of field data for bioassessments of California wadeable streams: Benthic
macroinvertebrates, algae, and physical habitat. California State Water Resources Control
Board Surface Water Ambient Monitoring Program: Sacramento, USA.
Ortiz, J. D. & M. A. Puig, 2007. Point source effects on density, biomass and diversity of benthic
macroinvertebrates in a Mediterranean stream. River Research and Applications 23(2):
155–170.
Parkyn, S. M. & B. J. Smith, 2011. Dispersal constraints for stream invertebrates: setting realistic
timescales for biodiversity restoration. Environmental Management 48(3): 602-614.

205

Penny, D. E., 1993. The phylogenetic position of Chloroniella peringueyi (Megaloptera:
Corydalidae) and its zoogeographic significance. Entomological News 104: 17-30.
Perry, S. A. & W. B. Perry, 1986. Effects of experimental flow regulation on invertebrate drift
and stranding in the Flathead and Kootenai Rivers, Montana, USA. Hydrobiologia
134(2): 171-182.
Plumlee, M. H., C. J. Gurr & M. Reinhard, 2012. Recycled water for stream flow augmentation:
Benefits, challenges, and the presence of wastewater-derived organic
compounds. Science of the Total Environment 438: 541–548.
Poff, N. L., J. D. Olden, N. K. Vieira, D. S. Finn, M. P. Simmons & B. C. Kondratieff, 2006.
Functional trait niches of North American lotic insects: traits-based ecological
applications in light of phylogenetic relationships. Journal of the North American
Benthological Society 25(4): 730-755.
Quinn, J. M. & C. W. Hickey, 1990. Magnitude of effects of substrate particle size, recent
flooding, and catchment development on benthic invertebrates in 88 New Zealand
rivers. New Zealand Journal of Marine and Freshwater Research 24(3): 411–427.
R Core Team, 2019. R: A language and environment for statistical computing. R Foundation for
Statistical Computing, Vienna, Austria. URL: https://www.R-project.org/.
Resh, V. H., A. V. Brown, A. P. Covich, M. E. Gurtz, H. W. Li, G. W. Minshall, S. R. Reice, A.
L. Sheldon, J. B. Wallace & R. C. Wissmar, 1988. The role of disturbance in stream
ecology. Journal of the North American Benthological Society 7(4): 433-455.
Sonoran Institute, 2017. A living river: Charting wetland conditions of the lower Santa Cruz
River 2016 water year. [https://sonoraninstitute.org/files/Living-River-Charting-WetlandConditions-of-the-Lower-Santa-Cruz-River-2016-Water-Year-1.pdf].

206

Stevens, L. E., J. T. Polhemus, R. S. Durfee & C. A. Olson, 2007. Large mixed-species dispersal
flights of predatory and scavenging aquatic Heteroptera and Coleoptera, northern
Arizona, USA. Western North American Naturalist 67(4): 587-593.
Tchobanoglous, G., F. L. Burton & H. D. Stensel, 2003. Wastewater engineering: treatment and
reuse. McGraw Hill: New York, USA.
Thorp, J. H. & A. P. Covich. Eds, 2009. Ecology and classification of North American
freshwater invertebrates. Academic Press.
Vörösmarty, C. J., P. B. McIntyre, M. O. Gessner, D. Dudgeon, A. Prusevich, P. Green, S.
Glidden, S. E. Bunn, C. A. Sullivan, C. R. Liermann, & P. M. Davies, 2010. Global
threats to human water security and river biodiversity. Nature, 467(7315): 555-561.
Ward, J. V., & K. Tockner, 2001. Biodiversity: towards a unifying theme for river ecology.
Freshwater Biology 46(6): 807-819.
Webb, R. H., J. L. Betancourt, R. R. Johnson, R. M. Turner & B. L. Fontana, 2014. Requiem for
the Santa Cruz: an environmental history of an Arizona river. University of Arizona
Press: Tucson, USA.
Westfall, M. J. & M. L. May, 1996. Damselflies of North America. Vol. 649. Scientific
Publishers: Gainesville, USA.

207

Figures

Figure 1: Map of study area of the lower Santa Cruz River with the black dotted line indicating
ephemeral reaches, the solid blue line indicating perennial effluent flow, and the solid orange
indicating seasonally intermittent effluent flow. Sampling locations are denoted by open circles,
and the location of the water reclamation facility (WRF) and USGS gages are labeled
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Figure 2: Lower Santa Cruz River hydrographs from June 2017 through June 2018, with
discharge measured in cubic meters per second (log transformed). The blue line is data from
USGS gage #09486500, which is 2 km downstream from the effluent outfall, and the orange line
is data from USGS gage #09486520 (Site 5), 27 km downstream from the effluent outfall. Black
arrows denote the timing of aquatic invertebrate sampling. Summer monsoon precipitation
events are responsible for peak flows observed in July and August.
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Figure 3: Drying duration measured in percent per month at our three most downstream sites: 4,
5, and 6 in light grey, dark grey, and black, respectively.
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Figure 4: A) Mean invertebrate density (individuals/m2) in the lower Santa Cruz River with
distance downstream from the effluent outfall; error bars represent standard error. B) Monthly
invertebrate density with color denoting site. Due to drying, some sites were unable to be
sampled and are therefore missing from the figure.
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Figure 5: A), B) total taxonomic richness and C), D), proportion of total taxonomic richness
shared by drift samples in the lower Santa Cruz River. Plots A) and C) show mean values at each
site with distance from effluent outfall on the x axis and error bars representing standard error.
Plots B) and D) show monthly values with color denoting site. Due to drying, some sites were
unable to be sampled and are therefore missing from the figure, and drift net samples represent a
10-month subset, which do not include May and June.
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Figure 6: Relative abundances of A), B) Ephemeroptera and C), D) Trichoptera taxa from the
lower Santa Cruz River. Plots A) and C) show mean relative abundance at each site with distance
from effluent outfall on the x axis and error bars representing standard error. Plots B) and D)
show monthly relative abundance with color denoting site. Due to drying, some sites were unable
to be sampled and are therefore missing from the figure.
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Figure 7: Relative abundances of A), B) EPT taxa and C), D) GOLD taxa from the lower Santa
Cruz River. Plots A) and C) show mean relative abundance at each site with distance from
effluent outfall on the x axis and error bars representing standard error. Plots B) and D) show
monthly relative abundance with color denoting site. Due to drying, some sites were unable to be
sampled and are therefore missing from the figure.
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Figure 8: Mean relative abundances of A) Ephemeroptera, B) Trichoptera, C) EPT, and D)
GOLD taxa in drift samples from the lower Santa Cruz River. Distance from the effluent outfall
is listed on the x axis and error bars represent standard error.
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Tables
Table 1: Summary of abiotic measurements from 12 monthly aquatic invertebrate surveys of six
sites along the lower Santa Cruz River beginning 1-February 2017 and ending 2-June 2018. Site
distance from WRF outfall (Distance), Dissolved Oxygen (DO), proportion of silt and sand in
sampled benthos (Fine Sediment), cumulative hours dry in the week prior to sampling (Drying),
and peak flow magnitude (m3/s) in the two weeks prior to sampling (Flood) are listed below.
Some sites were dry during the sampling period, and therefore include no data.
Site
Date

1-Jul-17

8-Aug-17

2-Sep-17

30-Sep-17

1

2

3

4

5

6

Distance (km)

9.8

15.6

19.3

24.3

26.7

30.0

DO (mg/L)

6.10

7.70

5.40

8.90

NA

NA

Fine Sediment

0.65

0.65

0.75

1.00

NA

NA

Drying (hr)

0.0

0.0

0.0

33.5

NA

NA

Flood (m3/s)

1.47

1.47

1.47

1.47

NA

NA

DO (mg/L)

6.15

6.60

6.50

6.20

6.50

NA

Fine Sediment

0.33

0.20

0.75

1.00

1.00

NA

Drying (hr)

0.0

0.0

0.0

0.0

0.0

NA

Flood (m3/s)

93.73

93.73

93.73

93.73

93.73

NA

DO (mg/L)

6.40

6.40

7.55

7.60

6.70

7.80

Fine Sediment

0.40

0.66

1.00

0.90

0.90

0.70

Drying (hr)

0.0

0.0

0.0

0.0

1.5

11.5

Flood (m3/s)

3.62

3.62

3.62

3.62

3.62

3.62

DO (mg/L)

5.95

6.65

7.30

7.85

7.40

8.20

Fine Sediment

0.50

0.40

0.60

1.00

0.90

0.95

Drying (hr)

0.0

0.0

0.0

3.5

32.0

74.0

Flood (m3/s)

2.21

2.21

2.21

2.21

2.21

2.21
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4-Nov-17

2-Dec-17

6-Jan-18

3-Feb-18

3-Mar-18

31-Mar-18

5-May-18

DO (mg/L)

5.70

8.20

9.00

9.95

8.45

NA

Fine Sediment

0.50

0.66

1.00

0.90

1.00

NA

Drying (hr)

0.0

0.0

0.0

13.5

57.0

NA

Flood (m3/s)

1.87

1.87

1.87

1.87

1.87

NA

DO (mg/L)

7.30

8.25

8.60

7.90

8.55

8.95

Fine Sediment

0.60

0.60

1.00

1.00

1.00

0.70

Drying (hr)

0.0

0.0

0.0

0.0

0.0

0.0

Flood (m3/s)

2.31

2.31

2.31

2.31

2.31

2.31

DO (mg/L)

6.50

8.00

8.00

8.00

8.00

8.00

Fine Sediment

0.70

0.60

0.70

0.60

1.00

0.70

Drying (hr)

0.0

0.0

0.0

0.0

5.0

0.0

Flood (m3/s)

2.14

2.14

2.14

2.14

2.14

2.14

DO (mg/L)

7.65

10.20

9.75

9.70

8.90

9.30

Fine Sediment

0.30

0.30

0.60

0.60

0.80

0.70

Drying (hr)

0.0

0.0

0.0

0.0

20.0

0.0

Flood (m3/s)

1.98

1.98

1.98

1.98

1.98

1.98

DO (mg/L)

6.95

9.60

9.40

8.80

8.30

9.05

Fine Sediment

0.50

0.40

0.60

0.50

0.80

0.70

Drying (hr)

0.0

0.0

0.0

0.0

27.0

50.5

Flood (m3/s)

18.89

18.89

18.89

18.89

18.89

18.89

DO (mg/L)

7.40

10.25

8.80

9.65

8.15

NA

Fine Sediment

0.30

0.20

0.30

0.40

0.80

NA

Drying (hr)

0.0

0.0

0.0

10.0

57.0

NA

Flood (m3/s)

1.83

1.83

1.83

1.83

1.83

NA

DO (mg/L)

6.25

8.85

7.30

8.35

7.40

3.95

Fine Sediment

0.70

0.00

0.50

0.50

0.90

0.80

Drying (hr)

0.0

0.0

0.0

0.0

57.0

124.5

Flood (m3/s)

1.63

1.63

1.63

1.63

1.63

1.63
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2-Jun-18

DO (mg/L)

5.95

8.60

8.20

8.80

7.70

NA

Fine Sediment

0.50

0.50

0.40

0.40

0.90

NA

Drying (hr)

0.0

0.0

0.0

6.5

75.5

NA

Flood (m3/s)

1.61

1.61

1.61

1.61

1.61

NA
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Table 2: Summary of 10-month aquatic invertebrate drift data from six sites along the lower
Santa Cruz River beginning 1-February 2017 and ending 31-March 2018. Site distance from
WRF outfall (Distance), aquatic invertebrate drift abundance standardized by discharge
(Abundance), and relative abundances of Ephemeroptera, Trichoptera, combined EPT, and
combined GOLD. Some sites were dry during the sampling period, and therefore include no
data.
Site
Date

1

2

3

4

5

6

9.8

15.6

19.3

24.3

26.7

30.0

28658

30909

10448

165594

NA

NA

Ephemeroptera

0.25

0.13

0.06

0.66

NA

NA

Trichoptera

0.03

0.03

0.07

0.00

NA

NA

EPT

0.28

0.16

0.13

0.66

NA

NA

GOLD

0.54

0.82

0.80

0.18

NA

NA

Abundance

1107

5925

390

1428

8721

NA

Ephemeroptera

0.20

0.20

0.40

0.06

0.07

NA

Trichoptera

0.02

0.06

0.00

0.06

0.01

NA

EPT

0.22

0.26

0.40

0.12

0.08

NA

GOLD

0.60

0.56

0.33

0.61

0.79

NA

Abundance

4429

77733

6282

31470

81693

38436

Ephemeroptera

0.05

0.03

0.04

0.01

0.01

0.01

Trichoptera

0.00

0.00

0.00

0.00

0.00

0.00

EPT

0.05

0.03

0.04

0.01

0.01

0.01

GOLD

0.93

0.96

0.94

0.98

0.97

0.92

28907

74768

8547

41941

61417

132982

0.17

0.26

0.13

0.03

0.16

0.05

Distance (km)
1-Jul-17

8-Aug-17

2-Sep-17

30-Sep-17

Abundance

Abundance
Ephemeroptera
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4-Nov-17

2-Dec-17

6-Jan-18

3-Feb-18

3-Mar-18

Trichoptera

0.00

0.00

0.01

0.00

0.00

0.00

EPT

0.17

0.26

0.13

0.03

0.16

0.05

GOLD

0.82

0.72

0.81

0.93

0.81

0.90

Abundance

9431

5666

6066

49888

124666

NA

Ephemeroptera

0.05

0.22

0.05

0.48

0.28

NA

Trichoptera

0.20

0.24

0.13

0.01

0.00

NA

EPT

0.25

0.46

0.18

0.49

0.28

NA

GOLD

0.71

0.32

0.59

0.32

0.57

0.54

Abundance

3421

9670

3767

61803

61943

21396

Ephemeroptera

0.25

0.18

0.05

0.25

0.31

0.23

Trichoptera

0.06

0.41

0.08

0.13

0.04

0.01

EPT

0.31

0.59

0.13

0.38

0.35

0.24

GOLD

0.59

0.35

0.59

0.32

0.57

0.54

Abundance

3780

7129

6069

18434

44142

24651

Ephemeroptera

0.10

0.48

0.11

0.17

0.15

0.25

Trichoptera

0.05

0.08

0.05

0.08

0.30

0.04

EPT

0.15

0.56

0.16

0.25

0.45

0.29

GOLD

0.64

0.31

0.64

0.52

0.50

0.56

Abundance

8252

11777

5365

21543

47993

3441

Ephemeroptera

0.42

0.17

0.15

0.05

0.02

0.07

Trichoptera

0.03

0.02

0.03

0.04

0.07

0.12

EPT

0.45

0.19

0.18

0.09

0.09

0.19

GOLD

0.50

0.79

0.64

0.68

0.41

0.57

16823

28666

8962

10733

87229

71428

Ephemeroptera

0.10

0.17

0.21

0.17

0.04

0.04

Trichoptera

0.05

0.10

0.01

0.02

0.01

0.01

EPT

0.15

0.27

0.22

0.19

0.05

0.05

GOLD

0.75

0.67

0.56

0.75

0.93

0.85

Abundance
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31-Mar-18

Abundance

27192

28959

16062

42419

143211

NA

Ephemeroptera

0.05

0.32

0.31

0.06

0.02

NA

Trichoptera

0.01

0.14

0.01

0.01

0.01

NA

EPT

0.06

0.46

0.32

0.07

0.03

NA

GOLD

0.91

0.52

0.64

0.86

0.92

NA
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Table 3: Summary of GLMM results explaining variation in total taxonomic richness (Richness)
and invertebrate density (individuals/m2; Density) with predictors dissolved oxygen in mg/L
(DO), proportion of silt and sand in the benthos (Fine Sediment), cumulative hours dry in the
week prior to sampling (Drying), and peak flow magnitude (m3/s) in the two weeks prior to
sampling (Flood) with sampling site and sampling month as random factors in the model. Results
include Beta estimates (Estimates) with corresponding 95% confidence intervals (CI) and p
values (p) as well as within site/month residual variance (σ2), between site/month variance (τ00),
and intra-class correlation coefficient (ICC) for the random factors. Both marginal and
conditional pseudo R2 values are listed. Bold indicates significant p values of predictors (α ≤
0.05).
Richness

Density

Predictors

Estimates

CI

p

Estimates

CI

(Intercept)

3.192

2.790 – 3.594

<0.001

7.486

5.570 – 9.402

<0.001

DO

0.041

-0.001 – 0.082

0.056

0.035

-0.164 – 0.234

0.729

Fine Sediment

0.047

-0.168 – 0.262

0.666

-0.076

-1.265 – 1.110

0.900

Drying

0.000

-0.002 – 0.002

0.955

-0.011

-0.021 – -0.001

0.029

Flood

-0.003

-0.006 – -0.001

0.018

-0.023

-0.037 – -0.009

0.001

Random Effects:
σ2

0.02

0.36

τ00 Site

0.01

0.29

τ00 Month

0.01

0.24

ICC

0.54

0.59

66

66

Marginal R2

0.236

0.296

Conditional R2

0.650

0.714

N

222

p

Table 4: Summary of GLMM results explaining variation in combined EPT and GOLD relative
abundances with predictors: respective drift relative abundance (Drift), cumulative hours dry in
the week prior to sampling (Drying), and peak flow magnitude (m3/s) in the two weeks prior to
sampling (Flood) with sampling site and sampling month as random factors in the model. Results
include Beta estimates (Estimates) with corresponding 95% confidence intervals (CI) and p
values (p) as well as within site/month residual variance (σ2), between site/month variance (τ00),
and intra-class correlation coefficient (ICC) for the random factors. Both marginal and
conditional pseudo R2 values are listed. Bold indicates significant p values of predictors (α ≤
0.05).
EPT

GOLD

Predictors

Estimates

CI

p

Estimates

CI

p

(Intercept)

-0.778

-1.228 – -0.327

0.001

-1.071

-1.847 – -0.296

0.007

Drift

1.918

0.500 – 3.335

0.008

1.847

0.728 – 2.965

0.001

Drying

-0.018

-0.037 – 0.000

0.056

0.017

0.000 – 0.034

0.049

Flood

-0.006

-0.016 – 0.004

0.210

-0.001

-0.009 – 0.008

0.871

Random Effects:
σ2

0.04

0.04

τ00 Site

0.01

0.00

τ00 Month

0.00

0.00

ICC

NA

NA

N

55

55

Marginal R2

0.844

0.875

Conditional R2

0.868

0.875
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Supplemental material
Supplemental Table 1: Summary of Akaike’s Information Criterion, corrected for small sample
size (AICc), for GLMMs explaining variation in total taxonomic richness (Richness) and
invertebrate density (Density) with explanatory variables Dissolved Oxygen (DO), proportion of
silt and sand in the benthos (Fine Sediment), cumulative hours dry in the week prior to sampling
(Drying), and peak flow magnitude (m3/s) in the two weeks prior to sampling (Flood) with
sampling site and sampling month as random factors in the model. Only models with ∆AICc < 2
are summarized. Inclusion of a predictor variable and its direction are noted by +/–. Weight is
scaled from 0 to 1 and estimates the probability that a model is best among all others considered.

Model
Richness

Rank

DO

1

+

Fine Sediment

Drying

2
Density

1

−
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Flood

df

logLik

AICc

∆AICc

Weight

−

6

-202.984

419.393

0.000

0.671

−

5

-204.907

420.814

1.421

0.329

−

6

-552.825

1119.073

0.000

1.000

Supplemental Table 2: Summary of Akaike’s Information Criterion, corrected for small sample
size (AICc), for GLMMs explaining variation in combined EPT and GOLD relative abundances
with predictors: respective drift relative abundance (Drift), cumulative hours dry in the week
prior to sampling (Drying), and peak flow magnitude (m3/s) in the two weeks prior to sampling
(Flood) with sampling site and sampling month as random factors in the model. Only models
with ∆AICc < 2 are summarized. Inclusion of a predictor variable and its direction are noted by
+/–. Weight is scaled from 0 to 1 and estimates the probability that a model is best among all
others considered. In some instances, the values are not available (NA) due to model
convergence issues in certain iterations.

Model
EPT

GOLD

Rank

Drift

Drying

Flood

df

logLik

AICc

∆AICc

Weight

1

+

−

−

7

12.098

-7.813

0.000

NA

2

+

5

9.291

-7.357

0.456

NA

3

+

−

6

9.997

-6.244

1.569

NA

4

NA

NA

NA

NA

NA

NA

NA

1

+

+

6

12.639

-11.527

0.000

1.000

NA
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Supplemental Table 3: A complete list of the taxa identified from six sites along the lower Santa
Cruz River in monthly sampling from Jul-2017 through Jun-2018.
Type

Order

Family

Taxon

Insect

Coleoptera

Dryopidae

Dryops arizonensis
Helichus striatus
Postelichus

Dytiscidae

Agabus
Copelatus chevrolati
Desmopachria mexicana
Hygrotus
Laccophilus fasciatus
Laccophilus vacaensis
Liodessus obscurellus
Neobidessus pulloides
Neoclypeodytes cinctellus
Neoporus
Thermonectus nigrofasciatus
Thermonectus sibleyi
Thermonectus succinctus

Elmidae

Microcylloepus

Haliplidae

Peltodytes dispersus

Heteroceridae

Heteroceridae

Hydraenidae

Gymnocthebius
Ochthebius

Hydrophilidae

Berosus infuscatus/fraternus
Berosus salvini
Berosus stylifer

Enochrus pygmaeus
Helocharus
Helophorus
Hydrophilus triangularis
Tropisternus affinis
Tropisternus lateralis
Tropisternus mexicanus

Diptera

Hydroscaphidae

Hydroscapha

Ceratopogonidae

Bezzia / Palpomyia
Ceratopogon
Culicoides
Forcipomyia
Probezzia

Chironomidae

Apedilum
Apsectrotanypus
Chironomus
Cladopelma
Cladotanytarsus
Corynoneura
Cricotopus trifascia
Cricotopus-Orthocladius
Cryptochironomous
Dicrotendipes
Eukiefferiella
Larsia
Nanocladius
Nilotanypus
Orthocladiinae

227

Paramerina
Parametriocnemus
Paraphaenocladius
Parasmittia
Pentaneura
Polypedilum spp.
Psectrocladius
Psuedochironomus
Rheocricotopus
Rheotanytarsus
Saetheria cf.
Tanypus
Tanytarsus
Thienemanniella cf. fusca
Thienemanniella cf. xena
Thienemannimyia group
Tvetenia bavarica group
Culicidae

Culex

Dolichopodidae

Dolichopodidae

Empididae

Hemerodromia

Ephydridae

Ephydridae

Limoniidae

Ormosia

Muscidae

Limnophora

Psychodidae

Maruina
Pericoma

Sciomyzidae

Sciomyzidae

Simuliidae

Simulium tribulatum

Stratiomyidae

Euparyphus / Caloparyphus
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Nemotelus
Stratiomys
Tabanidae

Chrysops
Tabanus

Ephemeroptera

Baetidae

Apobaetis
Callibaetis
Camelobaetidius
Fallceon

Hemiptera

Caenidae

Caenis

Leptohyphidae

Tricorythodes

Belostomatidae

Belostoma flumineum
Lethocerus medius

Corixidae

Corisella edulis
Ramphocorixa notudacephala
Ramphocorixa rotundocephela
Trichocorixa calva

Hebridae

Merragata

Hydrometridae

Hydrometra

Mesoveliidae

Mesovelia

Naucoridae

Ambrysus occidentalis
Pelocoris

Nepidae

Ranatra quadridentata

Notonectidae

Buenoa albida
Buenoa arizonis
Buenoa margaritacea
Notonecta indica
Notonecta unifasciata

Veliidae

Microvelia
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Rhagovelia
Lepidoptera

Crambidae

Elophila
Petrophila

Odonata

Aeshnida

Anax

Calopterygidae

Hetaerina

Coenagrionidae

Argia
Enallagma
Ischnura
Telebasis

Gomphidae

Erpetogomphus
Progomphus

Lestidae

Archilestes

Libellulidae

Brechmorhoga
Libellula
Micrathyria
Orthemis ferruginea
Perithemis intensa
Sympetrum

Trichoptera

Glossosomatidae

Culoptila
Protoptila

Helicopsychae

Helicopsyche

Hydropsychidae

Smicridea

Hydroptilidae

Hydroptila

Leptoceridae

Nectopsyche
Oecetis

Non-Insect

Amphipoda

Hyalellidae

Hyalella

Anthoathecata

Hydridae

Hydra

Cladocera

Cladocera

Cladocera
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Collembola

Collembola

Collembola

Copepoda

Copepoda

Copepoda

Decapoda

Cambaridae

Cambaridae

Gastropoda

Lymnaeidae

Galba

Physidae

Physa

Planorbidae

Ferrissia
Planorbella

Hirudinea

Hirudinea

Hirudinea

Isopoda

Isopoda

Isopoda

Megadrile Oligochaeta

Megadrile Oligochaeta

Megadrile Oligochaeta

Microdrile Oligochaeta

Microdrile Oligochaeta

Microdrile Oligochaeta

Nematomorpha

Nematomorpha

Nematomorpha

Ostracoda

Ostracoda

Ostracoda

Platyhelminthes

Platyhelminthes

Platyhelminthes

Sarcoptiformes

Hydrozetidae

Hydrozetes

Trhypochthoniidae

Mucronothrus

Arrenuridae

Arrenurus

Hygrobatidae

Hygrobates

Lebertiidae

Lebertia

Sperchontidae

Sperchon

Trombidiformes
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